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CIMARRON CORPORATION

P.0. BOX 315 @ CRESCENT, OK 73028

August 5, 2003

Mr. Kenneth Kalman

Low-Level Waste & Decommissioning Projects Branch
Division of Waste Management

Office of Nuclear Materials Safety & Safeguards

U. S. Nuclear Regulatory Commission

Washington, D.C. 20555

Re:  Docket No. 70-925; License No. SNM-928
Information on Immobilization of Uranium in Groundwater

Dear Mr. Kalman:

Cimarron Corporation (Cimarron) is providing the attached information to NRC for evaluation of
our plans to immobilize uranium in groundwater at the Cimarron facility. This information was
provided to NRC by ARCADIS informally in April, 2003.

This information consists of a summary section, in which Mr. Harrington (ARCADIS) explains
how the content of each paper fits in with the technology Cimarron proposes to use to remediate
groundwater in Burial Area #1. Each referenced paper is included behind tabs bearing the author’s
name.

Cimarron plans to submit a work plan for the remediation of groundwater in Burial Area #1, most
likely as an addendum to the NRC-approved site Decommissioning Plan, in the near future. That
work plan will reference a number of these papers, which we trust will aid you in your review. If
you have questions or comments, please call me at 405-282-5680 (Cimarron) or 918-223-2522
(Cushing).

Sincerely,
W
Manager, Planning and Regulatory Compliance

Xc: D. Blair Spitzberg, NRC Region IV
Saba Tahmassebi, DEQ

NM@ |
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Abdeouas, A., W. Lutze, W. Gong, E. Nuttall, B. Strietelmeier, and B. Travis. 2000.
Biological reduction of uranium in groundwater and subsurface soil. Science
of the Total Environment, 25: 21-35.

This paper documents the benefits of excess iron sulfide formation on uranium

stability. They show that with sufficient excess of iron sulfide that uranium is stable

even in groundwater that contains saturated dissolved oxygen.

Abdelouas, A., W. Lutze, and H. Nuttall. 1998. Chemical reations of uranium in
ground water at a mill tailings site. Journal of Contaminant Hydrology,
34:343-361.

This paper documents the uranium conditions that are the baseline chemistry

conditions for all of the Abdelouas papers. These papers are important because they

show what might be observed if a column study were to be run for Cimarron.

Column studies have been performed in this case, in several cases by ARCADIS (for

NFS, for Sweetwater, and for Fernald) and they all show the same general trend that

the Abdelouas papers show.

Abdelouas, A., W. Lutze, and H. Nuttall. 1999. Oxidative dissolution of uraninite
precipitated on Navajo sandstone. Journal of Contaminant Hydrology,
36:353-375.

This paper documents that mackinawite (the primary iron sulfide initially formed by

sulfate reducing bacteria) provides uranium stability. They show that uranium less

than 4 ug/L (3 pCi/L) is maintained if sufficient mackinawite is formed.

Abdelouas, A., Y. Lu, W. Lutze, E. Nuttall. 1988. Reduction of U(VI) to U(IV) by
indigenous bacteria in contaminated ground water. Journal of Contaminant
Hydrology 35: 217-233.

This paper shows that bacteria directly reduce uranium and sulfate separately, that

uranium is precipitated to concentrations less than 1 ug/L by bacteria, and that this

Part of a bigger picture



ARCAD'S Reference List

31 July 2003

reaction is rapid in soil columns.

Casas, L., J. De Pablo, J. Gimenez, M. Torrero, J. Bruno, E. Cera, R. Finch, and R.
Ewing. 1998. The role of pe, pH, and carbonate on the solubility of UO,
and uraninite under nominally reducing conditions. Geochimica et
Cosmochimica Acta, 62, 2223-2231.

This paper shows that the solubility of uraninite, the uranium mineral formed by

bacteria in the bioremediation process, is very low (log Ky, = -8.5). This solubility is

consistent with the low concentrations of dissolved uranium measured in our

treatment experience and in the work performed by Abdelouas and others.

Chang, Y., A. Peacock, P. Long, J. Stephen, J. McKinley, S. Macnaughton, A.
Hussain, A. Saxton, and D. White. 2001.Diversity and Characterization of
Sulfate-Reducing Bacteria in Groundwater at a Uranium Mill Tailings Site.
Applied and Environmental Microbiology, 67: 3149-3160.

This paper shows that naturally occurring sulfate reducing bacteria are commonly

found in subsurface environments contaminated with uranium. While a wide variety

of different strains were identified, the activity of the bacteria to reduce sulfate and

reduce uranium was widespread.

Ferris, F., R. Hallberg, B. Lyhven, and K. Pedersen. 2000. Retention of strontium,
cesium, lead and uranium by bacterial iron oxides from a subterranean
environment. Applied Geochemistry, 15: 1035-1042.

This paper documents strong sorption of uranium on bacterial iron oxides formed in

a subterranean environment. These same iron oxides would be formed at the

interface of oxygen-containing water and the iron sulfides in the groundwater at

Cimarron after the bioremediation process has been implemented. As the oxygen in

the water consumes the iron sulfides formed in the ARCADIS bioremediation

process, fresh iron oxides will form, and these iron oxides have a very strong affinity

for uranium.
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Fruchter, J.S., C.R. Cole, M.D. Williams, V.R. Vermeul, J.E. Amonette, J.E.
Szecsody, J.D. Istok, M.D. Humphrey. 2000. Creation of Subsurface
Permeable Treatment Zone for Aqueous Chrome Contamination Using In
Situ Redox Manipulation. GWMR Spring 2002:66-77.

This paper documents the transformation of ferric iron oxides in situ into reduced

iron minerals by creating reducing conditions in situ. They also show that this

process continues to scavenge dissolved oxygen for many years when a sufficient
amount of iron is deposited in situ. They apply this process to chromium remediation

(where chromium has some analogous properties to uranium).

Giammar, Daniel E., and Janet G. Hering. 2001. Time Scales for Sorption —
Desorption and Surface Precipitation of Uranyl on Goethite. Evironmental
Science Technology.

This paper shows removal of oxidized uranium on goethite is a rapid reaction,

achieving equilibrium in most cases in minutes to hours. This is important for the

Cimarron aquifer, where goethite is likely to form at the redox front where

groundwater that contains oxygen reacts with the iron sulfides ARCADIS creates in

the aquifer during the bioremediation process. Goethite is another iron mineral that

shows sorptive capacity for uranium.

Harrington, James M., In situ treatment of metals in mine workings and materials.
2002. Tailings and Mine Waste 251-261

This paper documents a variety of instances where the ARCADIS process was

implemented for remediation of metals in situ. Several case studies are presented

showing stabilization of metals can be achieved in full scale implementation of

reducing conditions by injection of organic carbon. This paper also identifies the

factors that affect the permanence of treatment in an in situ treatment system.

Hartog, N., J. Griffioen, P. Van Bergen, and C. Van Der Weijden. 2001.

Determining the reactivity of reduced components in Dutch aquifer
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sediments. Impacts of Human Activity on Groundwater Dynamics,
Publication no 269.
This paper is an example of how iron sulfides and organic matter are a redox buffer
in situations where oxidizing solutions are infiltrating into reduced aquifer materials.
It is an example of how mass balances can be obtained by comparing bulk
concentrations of these reduced materials with oxidizing inputs from infiltrating

groundwater to predict long-term aquifer removal of oxygen and nitrate.

Lack, J., S. Chaudhuri, S. Kelly, K. Kemner, S. O’Connor, and J. Coates. 2002.
Immobilization of Radionuclides and Heavy Metals through Anaerobic Bio-
oxidation of Fe (II). Applied and Environmental Microbiology, 68: 2704-
2710.

This paper documents the removal of uranium in groundwater by the in situ

Jormation of ferric iron. This is part of the long-term stability process at Cimarron,

where ferric iron oxides will be formed as groundwater that contains oxygen is

infiltrating into the zone with uranium and iron sulfides. Particularly note the last
paragraph in the paper: “selective anaerobic bio-oxidation of Fe(ll) added to the
environment may be an effective means of capping off and completing the attenuation
of heavy metals and radionuclides in a reducing environment, allowing the system to
revert to an oxic state while preventing remobilization of previously reduced and

immobilized heavy metals and radionuclides.”

Leventhal, J and E. Santos. 1981. Relative importance of organic carbon and sulfide
sulfur in a Wyoming roll-type uranium deposit. Open File Report (US
Geological Survey) 81-580.

This paper provides results from a study of a naturally-occurring uranium ore body

that shows that iron sulfide is the primary mechanism maintaining uranium in a

stable form in a subsurface environment.

Lovley, D., E. Phillips, Y. Gorby, and E. Landa. 1991. Microbial reduction of
uranium. Nature, 350, 413-416.
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This paper is the first paper to document that uranium can be reduced and
precipitated by microorganisms, and suggests that this could form the basis of a

bioremediation process.

Martin, T., and H. Kempton. 2000. In Situ Stabilization of Metal-Contaminated
Groundwater by Hydrous Ferric Oxide: An Experimental and Modeling
Investigation. Environmental Science and Technology, 34, 3229-3234,

This is another paper that documents that iron oxides formed in place can provide an

efficient process to scavenge metals from groundwater. This paper is an elegant

description of why these oxides, formed along a flow path in groundwater, are likely

to be more efficient in situ than can even be demonstrated in column studies.

Moyes, Lesley, N., Richard H. Parkman, John M. Charnock, David J, Vaughn,
Francis R. Livens, Colin R. Hughes, and Anna Braithwaite. Uranium uptake
from aqueous solution by interaction with goethite, lepidocrocite, muscovite,
and mackinawite: An X-ray absorption spectroscopy study. Environmental
Science Technology 2002. 34, 1062-1068.

This paper documents the very strong sorptive capacity of mackinawite (iron sulfide)

for uranium, and why this mineral is so much stronger than even iron oxides (such as

goethite) for uranium removal.

Patterson, Ronald R., and S. Fendorf. Reduction of Hexavalent Chromium by
Amorphous Iron Sulfide. Environmental Science Technology. 1997 37,
2039-2044.

This paper documents how amorphous iron sulfide (the form initially formed during

sulfate reduction) is a very reactive mineral, reacting with and reducing dissolved

metals (in this case, chromium) to insoluble forms. It is a good paper discussing the

usefulness of iron sulfide as a reactive mineral in remediation systems for metals.

Page:
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Pauwels, H., W. Kloppmann, J. Foucher, A. Martelat, and V. Fritsche. 1998. Field
tracer test for denitrification in a pyrite-bearing schist aquifer. Applied
Geochemistry, 13: 767-778.

This is another paper that shows the usefulness of even very old iron sulfides for

rapidly reacting with nitrate and oxygen to support reduction of these oxygen

sources. This process forms the basis for why ARCADIS proposes to use iron

sulfides to maintain an aquifer in a reduced form for 1000s of years.

Spear, J., L. Figueroa, and B. Honeyman. 2000. Modeling Reduction of U (VI)
under Variable Sulfate Concentrations by Sulfate-Reducing Bacteria.
Applied and Environmental Microbiology, 66: 3711-3721.

This paper documents why sulfate reducing bacteria are a logical bacterial group for

uranium bioremediation. The capacity of these bacteria to reduce uranium even

when sulfate concentrations are very high means that uranium will be reduced in an
aquifer even if large quantities of sulfate are also being injected to create an iron

sulfide matrix.

Wersin, Paul, M. F. Hochella Jr., P. Persson, G. Redden, J. O. Leckie, and D. W.
Harris. Interaction between aqueous uranium (VI) and sulfide minerals:
Spectroscopic evidence for sorption and reduction. Geochimica et
Cosmochimica Aeta, 1994, Vol. No. 58 13, pp 2829-2843.

This paper shows that iron sulfides are reactive with dissolved uranium, reducing the

uranium to insoluble forms and creating stable and insoluble uranium minerals.

This is important for preventing any mobility of uranium downgradient of the zone

where oxygen might initially make uranium soluble. The downgradient IRZ

containing high concentrations of iron sulfide will thereby act as a removal

mechanism for any uranium mobilized upgradient.
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Biological reduction of uranium in groundwater and
subsurface soil

Abdesselam Abdelouas®*, Werner Lutze®, Wéiliang Gong?,
Eric H. Nuttall®, Betty A. Strietelmeier®, Bryan J. Travis®
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Abstract

Biological reduction of uranium is one of the techniques currently studied for in situ remediation of groundwater
and subsurface soil. We investigated U(VI) reduction in groundwaters and soils of different origin to verify the
presence of bacteria capable of U(VID) reduction. The groundwaters originated from mill tailings sites with U
concentrations as high as 50 mg/], and from other sites where uranium is not a contaminant, but was added in the
laboratory to reach concentrations up to 11 mg/1. All waters contained nitrate and sulfate. After oxygen and nitrate
reduction, U(VI) was reduced by sulfate-reducing bacteria, whose growth was stimulated by ethanol and trimesaphos-
phate. Uranium precipitated as hydrated uraninite (UQ,-xH,0). In the course of reduction of U(VI), Mn(IV) and
Fe(III) from the soil were reduced as well. During uraninite precipitation a comparatively large mass of iron suifides
formed and served as a redox buffer. If the excess of iron suifide is large enough, uraninite will not be oxidized by
oxygenated groundwater. We show that bacteria capable of reducing U(VI) to U(IV) are ubiquitous in nature. The
uranium reducers are primarily sulfate reducers and are stimulated by adding nutrients to the groundwater. © 2000
Elsevier Science B.V. All rights reserved.

Kevwords: Uranium; Bioremediation; Groundwater; Uraninite; Iron sulfide; Indigenous bacteria; Speciation; Redox buffer

* Corresponding author. Tel.: +1-505-272-7271; fax: +1-505-272-7304.
E-mail address: badria@unm.edu (A. Abdelouas)
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1. Introduction

Biological reduction of uranium has been pro-
posed as a technique for uranium removal from
groundwaters via reductive precipitation (Kauff-
man et al., 1986; Francis et al., 1991. 1994; Lovley
et al., 1991, 1993; Gorby and Lovley, 1992; Lovley
and Phillips, 1992a.b; Barnes and Cochran, 1993;
Lovley, 1995; Phillips et al., 1995; Barton et al,,
1996; Uhrie et al, 1996; Tucker et al., 1996,
1998a,b; Hard et al., 1997; Ganesh et al., 1997,
Abdelouas et al.,, 1998a, 1999a,b). These authors
showed that aqueous uranium can be reduced by
a variety of microorganisms including iron- and
sulfate-reducing bacteria and in some cases by
denitrifying bacteria. The product of uranium re-
duction is uraninite, UO,, a highly insoluble min-
eral under reducing conditions (Langmuir, 1978;
Parks and Pohl, 1988). In nature, reduction of
U(VD in anoxic marine sediments is the most
important sink of dissolved uranium (e.g. Cochran
et al, 1986; Klinkhammer and Palmer. 1991).
Reduction of U(VI) in the subsurface environ-
ment lead to the formation of uranium ore de-
posits (Jensen, 1958; Hosteler and Garrels, 1962;
Taylor, 1979; Maynard, 1983). Uraninite and
pitchblende, both nominally UO,, are the princi-
pal ore minerals in many ore deposits (Rich et al.,
1977; Kimberley, 1979). Natural uraninite is fairly
stable over geological time. For instance, 2 bil-
lion-year-old uranium ore deposits are known in
Oklo (Gabon) (Gauthier-Lafaye and Weber, 1989;
Gauthier-Lafaye et al., 1989, 1996, 1997; Nagy et
al., 1991; Bros et al., 1993). The stability of urani-
nite at the Oklo deposits was sustained by the
presence of siderite (FeCO,), pyrite (FeS,) and
organic matter in the form of bitumen, which
consumed the oxygen supplied by infiltrating
groundwater (Blanc, 1995; Janeczek, 1999). Abde-
louas et al. (1999a) reported that oxidation of
biologically reduced uranium increased with in-
creasing ratio of dissolved oxygen/uraninite. In
the present work we study the effect of iron
sulfide /uraninite ratio on U(IV) oxidation.

A recent study (Quinton et al., 1997) showed
that among the groundwater cleanup technologies
— pump and treat, permeable reactive barrier

with zero-valent iron granular filings, and a
biobarrier, intrinsic or engineered in situ biore-
mediation — the latter is the most cost-effective.
In situ bioremediation consists of the activation
of indigenous microbial populations to degrade or
precipitate the contaminants (National Research
Council, 1994). A conventional technique such as
‘pump and treat’ may not be adequate for ura-
nium removal because pumping the water may
change the uranium speciation followed by sorp-
tion of uranium on the host rock (Abdelouas et
al., 1998b). With in situ bioremediation both solu-
ble and sorbed U(VI) can be reduced and im-
mobilized by bacteria. To date in situ biological
remediation of uranium has not been demon-

“strated in the field. In natural aquifers mixed

cultures of nitrate-, metal- and sulfate-reducing
bacteria are likely to be present (Hodgkinson,
1987; Ghiorse, 1997; Nealson and Stahl, 1997;

Bachofen et al., 1998). In the presence of carbon,

nitrogen and phosphorus sources and adequate
respective electron acceptors, these bacteria will
be stimulated in the following order: denitrifying
bacteria, metal-reducing bacteria, and finally sul-
fate-reducing bacteria (Nealson and Stahl, 1997;
Lu, 1998; Abdelouas et al., 1998a).

Several laboratory studies have been devoted to
the enzymatic reduction of uranium under a vari-
ety of conditions relevant to ex situ treatments of
waste streams from radionuclide processing facili-
ties (e.g. Macaskie, 1991; Ganesh et al., 1997).
These studies used pure strains of bacteria (e.g.
desulfovibrio species) to elucidate the impact of
inorganic (e.g. nitrate, sulfate, bicarbonate) and
organic (e.g. acetate, malonate, oxalate, citrate)
ions on uranium removal from waste waters. Only
a few studies focused on uranium reduction with
mixed cultures of bacteria in groundwaters (Bar-
ton et al., 1996; Ganesh et al., 1997; Abdelouas et
al., 1998a). In the case of in situ bioremediation
the presence of mixed-culture of bacteria is a
prerequisite for uranium reduction.

The objective of this study is to determine
whether bacteria capable of uranium reduction
are encountered in groundwaters and soils from
different locations, and whether they can be eas-
ily activated.
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2. Experimental
2.1. Groundwater and soil

Groundwaters and soils were collected in auto-
claved 1-] plastic containers and in 160-ml serum
bottles placed in a nitrogen flushed glove box in
the field. Temperature, pH, dissolved oxygen were
measured either in situ using a YSI-6920 probe
(YS], OH, USA) or using samples in the glove
box after the well had been pumped extensively.
The bottles with the groundwater and soil were
kept under argon atmosphere to avoid oxidation
of samples in a refrigerator at 4°C without addi-
tives. Water and soil samples were used within
the first week following their collection to con-
duct experiments of biological reduction of ura-
nium. In the past we found that long storage of
groundwater resulted in a significant decrease of
the number of viable bacteria including denitrify-
ing and sulfate-reducing bacteria (Lu, 1998). Fur-
thermore, prolonged storage of groundwater can
also affect its geochemistry such as calcium car-
bonate precipitation and change in pH (Abdelouas
et al., 1998b).

Groundwater compositions are given in Table
1. One groundwater sample (well #926) origi-
nated from the mill tailings site near Tuba City,
AZ (USA), four groundwater samples (GW1-

GW4) came from mining and tailing site in Ger-
many, two groundwater samples (NMW1 and
NMW2) from the mill tailings site in Grants, NM
(USA), one groundwater sample from a dairy site
in Bernalillo, NM (USA), and one groundwater
from a former farm site in Albuquerque, NM
(USA). Uranium(VI) concentrations ranged
between 0.25 and S0 mg /I, sulfate concentrations
between 0.105 and 17.9 g/I, and nitrate concen-
trations between (.0085 and 1.2 g/1. All ground-
waters showed a pH near neutral except those
collected from the mill tailings site near Grants.
NM (pH = 10). In this water the alkaline leaching
process used to extract uranium from the rock
lead to strong enrichment of the groundwater
with carbonate (1.3 X 10~' M), which may inhibit
uranium biological reduction (Phillips et al., 1995).

2.2. Groundwater amendment

Addition of amendment to the system ground-
water /soil was required to activate indigenous
bacteria. In the experiments where only organic
carbon or phosphorus sources were added to the
groundwater and soil, uranium was not reduced.
This observation suggested that neither carbon
nor phosphorus in groundwater and soil were
available to the indigenous bacteria. As a result
groundwater amendment with organic carbon and

Table 1
Chemical composition of unamended groundwaters from various locations (mg /1)
Location of uranium mill tailings sites Dairy site Farm site
- Bernalillo Albuquerque
Tuba City Germany Grants q
AZ (USA) NM (USA) EIM (USA) I_‘JM usa)
Well #926 GWi GW2 GW3  GW4  NMWI NMW2
uvn 0.25 0.9 0.77 1.76 3.60 50.0 50.0 KN -1t
SO;~ 1830 457 6300 17952 14942 11353 12421 234 105
Total Fe 0.05 35 20 <05 20 0.6 13 <005 0.03
Total Mn 0.02 0.4 0.06 2.6 0.15 0.1 0.1 0.4 0.05
NOy 1220 528 29.0 134 125 8.5 335 240 450
Dissolved 31 6.1 6.2 6.2 6.3 6.5 6.4 5.7 438
oxygen
pH 6.6 76 7.6 7.7 7.8 10.0 99 6.8 73
Water
level (feet) 40 7 7 7 7 100 100 70 16

*Uranium was added to the groundwater in the laboratory.
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phosphorus sources was required to stimulate
bacterial growth. In previous work (Abdelouas et
al., 1998a; Lu, 1998: Lu et al.. 1999), the authors
tested enzymatic uranium reduction in ground-
water using several organic carbons (acetate,
methanol, glucose. lactate, ethanol) and phospho-
rus (ortho- and metaphosphate) sources and found
that ethanol (C.H.OH) and sodium trimetaphos-
phate (TMP), Na.P.O,, vielded the highest rates
of growth of bacteria and uranium reduction.
Benner et al. (1997) showed that ethanol is a
suitable carbon source for the growth of a mixed-
culture of sulfate reducing bacteria to remove
zinc from groundwater in an ex situ treatment
plant. In the present work, we used ethanol and
TMP to amend the groundwater. No pH-buffers
or reducing agents were added. The groundwater
was amended with the minimum amount of
chemicals necessary. The less chemicals added to
the groundwater. the lower the overall costs of
the remediation and the better the quality of the
groundwater at the end of the process.

For denitrification. an ethanol /nitrate ratio was
established slightly higher than the stoichiometric
one of 5:12 [Eq. (1)].

12NO; + 5C,H,OH + 2H*
= 6N, + 10HCO; + 11H,O (1

For uranium and sulfate reduction, the
ethanol /sulfate ratio was 2:3 [Eq. (2)] for the
groundwaters with low sulfate concentration.

3S0?™ + 2C,H.OH = 4HCO; + 3HS~+ H*
+2H,0 2

To the groundwaters with high sulfate concen-
trations just enough ethanol was added to reduce
3-5 mM SO} together with uranium, which
resulted in addition of 2-3.3 mM of ethanol to
100 ml of groundwater. During the reduction of
3-5 mM SO;~ in groundwater, U(VI) at a con-
centration of 1-10 mg/l was entirely reduced.
Furthermore, for water with high uranium con-
centration (mill tailings site in Grants) more
ethanol was added according to Eq. (3).

6U0,(CO,):™ + C,H,OH + 5H,0
=6UO, + 14HCO; + 2H* 3)

TMP was added to the groundwater to reach a
final concentration of PO?~ of 20 mg/l, which
yielded the highest rate of sulfate and uranium
reduction. Egs. (1)-(3) neglect biomass forma-
tion, but a small fraction of the carbon will be
incorporated into bacterial biosynthesis.

2.3. Batch experiments

Stock solutions of 0.5 M ethanol and 7 X 1072
M of TMP were prepared and transferred into
serum bottles. The bottles were then purged with
argon to remove oxygen and autoclaved at 120°C
for 25 min.

The experiments were conducted in serum bot-
tles shortly after sample collection. For each ex-
periment 100 m! of groundwater and 8 g of soil
were used. The bottles were sealed with a butyl
rubber stopper in an aseptic environment in a
glove box, crimped with an aluminum seal, and
were removed from the glove box. A syringe
needle was introduced through the stopper to
purge the groundwater with argon to establish an
anaerobic environment. The reaction progress was
monitored by collecting aliquots of 2 ml using a
sterile 3-ml syringe for chemical analysis. The
reaction progress was indicated by precipitation
of black compounds, presumably iron sulfides and
uraninite. At the end of the reaction the final
volume of water was between 80 and 90 ml
Control experiments were conducted to distin-
guish between biotic and abiotic reduction of
U(VD). In these experiments the microorganisms
were killed by heat before addition of amend-
ments.

Groundwater with low sulfate concentration
was doped with sulfate FeSO,-7H,0 or Na,SO,
(1 g/} sulfate) to determine the impact of sulfate
concentration on uranium reduction and dissolu-
tion/oxidation, and to obtain enough iron sulfide
for identification. Precipitation of iron sulfide can
help protect uraninite from dissolution /oxidation
by flowing oxygenated groundwater following in
situ bioremediation. To groundwater from the

[

Tubg
[U0,'

lll'anq

were:
treat‘

e

- fo

; the q
imen;

PERESRTERL WS 7S

RS ¥,



3)

. a
ch
m
1a-
be

ito
ith
°C

ot-
2x-
0il
ityl
1 a
.nd

1ge
ah—

vas
3a
"he
ion
ind
nal
ml.
tin-

of
sms
nd-

ion
50,
‘ate
’lu-
fide

can
‘ion
rin
the

A. Abdelouas et al. / The Science of the Total Environment 250 (2000) 21-35

Tuba City mill tailings site uranyl nitrate
[UO,(NO,), - 6H,0], was added to obtain enough
uraninite for identification.

In some experiments sulfate-reducing bacteria
were cultivated in batch experiments using un-
treated groundwater /soil by adding ethanol and
TMP. The growth of sulfate-reducing bacteria
was indicated by the reduction of sulfate and
formation of H,S and iron sulfide. Aliquots of
the cultures (5-10 ml) were added to some exper-
iments to enhance reduction of uranium.

25

In the experiments with variable molar ratio of
uraninite /iron sulfide, the bioremediated water
was replaced by uncontaminated naturally oxy-
genated groundwater from the Tuba City site.
The reoxidation of uraninitc and iron sulfide was
determined by measuring (V1) and sulfate in
solution.

2.4. Analytical procedures

Prior to analysis, groundwaters were passed
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Fig. 1. Reduction of uranium in grdundwaters amended with ethanol and trimetaphosphate at 24°C.
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through a nylon Acrodisc syringe filter with a
0.2-pm pore size to remove biomass and mineral
particles from the soil. Uranium was analyzed
using a laser fluorescence analyzer (Scintrex UA-
3) with a detection limit of 0.5 ng/1 and a preci-
sion of +15%. The uranium analyzer detects only
hexavalent uranium. Nitrate and sulfate were
measured by ion chromatography using a Dionex
(DX-500) ion chromatograph with a precision of
+5%. Iron and manganese were measured by
atomic absorption spectroscopy with a precision
of +5%. The solid phases containing reduced
uranium and iron were identified using a Jeol
JEM-2000 FX transmission electron microscope.
Ethanol content was not measured.

3. Results and discussions
3.1. Uranium reduction in groundwater and soil

The activity of indigenous bacteria was observed
by the production of gas, which increased the
pressure in the serum bottles, and by the forma-
tion of dark precipitates, presumably iron sulfide
and uraninite. The results of uranium reduction
in groundwaters are plotted in Fig. 1. In all but
the experiments with the groundwater from the
mill tailings site (Grants, NM), uranium concen-
tration decreased to a level below the United

States groundwater protection standard (44 pg/1)
(Federal Register, 1995). At 24°C, the uranium
reduction was complete typically within 5 weeks
(Fig. 1). In the experiments using the ground-
water from the mill tailings at Grants, the ura-
nium concentration decreased by 90% within 4
weeks to reach a final concentration of 5 mg/L
Control experiments with autoclaved groundwater
and soil did not show any uranium reduction,
suggesting that the reduction of uranium is mi-
crobially-mediated. Reduction of uranium by sul-
fide is possible, but this process is relatively slow.
In fact, Abdelouas et al. (1998a) showed that the
presence of carbonate and bicarbonate in ground-
water inhibits uranium reduction by sulfide. Car-
bonate and bi-carbonate are common anions in
groundwaters (Langmuir, 1997), and are pro-
duced by oxidation of organic carbon by bacteria
[Egs. (1)-(3)).

The chemical composition of groundwater at
the end of uranium reduction is given in Table 2.
Despite the production of H* during the reduc-
tion of sulfate and uranium, there was no signifi-
cant change in pH, which underlines the strong
buffering capacity of the soil (e.g. Read et al,
1993). Most of the sulfate was reduced to sulfide
(S?7) in groundwater with low initial sulfate con-
centration (GW1, dairy site, farm site). The exper-
iments with high initial sulfate concentration
(Tuba city, GW2, GW3, GW4, NMW1, NMW2)

Table 2
Chemical composition of bioremediated groundwaters from various locations (mg/1)
Location of uranium mill tailings sites Dairy site Farm site
- Bernalillo Albuquerque
Tuba Ci German Grant
AZ (USA) ’ NM (USA) NM(USA)  NM(USA)
Well #926  Gwi  Gwz  Gw3 Gw4 NMWI  NMW2
U(vD) 0.014 0.004 0.001 0.001 0.001 50° 45 0.001 0.002
(o i 1250 1.7 3657 16 409 10709 8770 8000 0.5 1.6
Total Fe 0.59 126 50 1.0 126 2.2 18.1 35 44
Total Mn 0.76 18 220 480 6.4 03 0.1 22 1.2
NO; <01 <01 <01 <0.1 <0.1 <0.1 <01 <0.1 <01
Dissolved < 0.1 <01 <01 <01 <0.1 <01 <01 <01 <0.1
oxygen
pH 6.8 7.3 75 7.9 76 98 9.7 6.7 72

The high carbonate concentrations in these solutions (1.3 X 10~' M) lead to formation of U(VI)-carbonato complexes stable
under reducing conditions (Brookins, 1988), which inhibited the complete reduction of U(VI).
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showed only partial reduction of sulfate. The re-
duction of sulfate confirms the activity of sulfate-
reducing bacteria. A fraction of Fe(lll) and
Mn(IV) from the soil was reduced to Fe(Il) and
Mn(II), respectively. Iron(II) and Mn(II) in solu-
tion can be oxidized by dissolved oxygen and
precipitated as oxyhydroxides. These are not con-
sidered a health hazard (Seelig et al., 1992).

We conducted thermodynamic calculations us-
ing the EQ3NR code (Wolery, 1992) to determine
the uranium speciation in groundwater and to
identify the mineral phases likely to precipitate.
As input data, the chemical composition of the
waters measured at the end of uranium reduction
was used (Table 2). The carbonate concentration
was derived from Egs. (1) and (2). Two E; values
were used, E,; = —100 and —-300 mV, which are
reached at the end of denitrification (Abdelouas
et al., 1998a) and under sulfate reducing condi-
tions (Odom and Singleton, 1993), respectively.
Hydrogen sulfide concentration was estimated as
the difference between the final and initial sulfate
concentrations. The results of uranium speciation
calculations and saturation index calculations (log
Q/K; Q=ion activity product, K= equilibrium
constant) of selected minerals are given in Tables
3 and 4, respectively. At near neutral pH, an

E,; = —100 mV, and relatively low bicarbonate
concentration { < 0.05 mM HCOj7 ), uranium spe-
ciation is dominated by the species U(OH),(aq)
and some U(VI)-carbonato complexes (Table 3).
The groundwaters are saturated with respect to
uraninite and iron sulfides such as pyrite (FeS,)
and pyrrhotite (Fe,_,S) (Table 4). Experimen-
tally, mackinawite (FeS;,) and some pyrite and
pyrrhotite were identified as the main iron sulfide
compounds. Mackinawite does not exist in the
EQ3NR code’s data base. Mackinawite is a
metastable phase and will ultimately be converted
to the more stable pyrite (Pdsfai et al., 1998). For
an E,; of —300 mV, the only uranium species
present in solution is U(OH),(ag) and uraninite
and iron sulfide saturation indices increased,
making these phases likely to precipitate. For
groundwater from the mill tailings site at Grants,
uranium is complexed with carbonate even at
Ey = —300 mV (Table 3). For an Ey = —100
mV, the solution is highly undersaturated with
respect to uraninite (log Q/K = —6.6), but satu-
rated with respect pyrite and rhodochrosite
(MnCO,) (Table 4). Precipitation of rho-
dochrosite in groundwater from the mill tailings
site at Grants, but not in the rest of ground-
waters, is possible because of the high pH and

Table 3
Calculated uranitim speciation in groundwaters at 24°C?
E, = -100mV Ey = -300mV
Mill tailings, Tuba City, AZ (USA), 73% U(OH),(aq) 100% U(OH)(aq)
groundwater well #926 21% UO,(CO,)5~
6% UO,(CO,)»*~
Mill tailings, Germany, 81% U(OH)(aq) 100% U(OH),(aq)
groundwater (GW1) 12% UQ,(CO,);~
7% UO,(CO; )~
Mill 1ailings, Grants, NM (USA), 100% UO,(CO,)}” 100% UO,(CO,)}~
groundwater (NMW1)
Dairy site, Bernalillo, NM (USA) 100% U(OH)(aq) 100% U(OH)(aq)
Farm site, Albuquerque, NM (USA) 65% U(OH),(aq) 100% U(OH),(aq)
40% UO,CO,);~
2% UOZ(CO;,;Z'

*The composition of the water used in calculations with EQ3NR code is that measured at the end of uranium reduction (Table

2).
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Table 4
Saturation indices (log Q/K) of groundwaters at 24°C for U(IV) and Mn(II) phases and iron sulfides®

Uraninite U0, 55 Pyrite Pyrrhotite Rhodochrosite
(FeS,) tFe,_.S) MnCO,)

Mill tailings. Tuba City. AZ (USA). +49 +2.0 +16.3 +29 <-10
groundwater well #926

Mill tailings. Germany, +5.3 +3.9 +17.9 +24 —-4.6
groundwater (GW1)

Mill tailings, Grants, NM -6.6 -63 +14.7 -09 +0.9
(USA) groundwater (NMW1) +26 +0.6" +203" +6.8" +09"

Dairy site. Bernalillo, NM +6.2 +44 +18.1 +2.0 -13
(USA) )

Farm site. Albuquerque, NM +5.9 +4.5 . +18.1 +2.1 -04
(UsSA)

*The composition of the water used in calculations with EQ3NR code is that measured at the end of uranium reduction (Table
22 Ey = —100 mV.
*Ey = —300 mV.

s
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Fig. 2. Effect of sulfate addition on uranium reduction in groundwaters. Iron or sodium sulfate were added to reach a final sulfate

concentration of approximately 1 g/1. The initial sulfate concentration in the farm and dairy site groundwaters are 105 and 234
mg/|, respectively.
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carbonate concentration in this water (Table 1).
However, for an E;; = —300 mV the solution is
highly super-saturated with respect to uraninite
(log Q/K = +2.6). The competition between ura-
nium complexation and reduction is the most
likely cause of incomplete reduction of uranium.
This result is in agreement with findings by Phillips
et al. (1995) who showed that a carbonate concen-
tration of 100 mM inhibited the enzymatic reduc-
tion of uranium, while a carbonate concentration
of 33 mM had no effect. The presence of sulfide
prevents formation of siderite, FeCO,.

3.2, Effect of sulfate concentration on uranium
reduction in groundwater / soil

To test the effect of sulfate concentration on
U(VI) reduction, sodium or iron sulfate were
added to the groundwaters with low sulfate con-
centrations. After addition of iron sulfate to the
water, a yellowish precipitate of Fe(III) hydroxide
formed. Results of uranium reduction with/
without addition of sulfate are given in Fig. 2.
Control experiments using autoclaved groundwa-
ter and soil show no reduction of uranium. Re-
duction of uranium took longer in groundwaters
with low sulfate concentration and uranium con-
centrations between 1.1 and 11 mg/l. Uranium
reduction was complete within 5 weeks. Experi-
ments with high sulfate concentration took 12
days (farm site, water + iron sulfate) to 21 days
(farm and dairy sites, water + sodium sulfate) to

completely reduce uranium. The abundance of
sulfate in solution as an electron acceptor for
sulfate-reducing bacteria stimulated the growth of
these bacteria and enhanced uranium reduction.
Uranium(VI) was removed faster in the experi-
ment with iron sulfate than with sodium sulfate
probably because of its partial sorption onto the
newly formed Fe(Ill) hydroxides. At the end of
the experiment, all the U(VI) sorbed was reduced
because all the Fe(III) hydroxide was reduced to
form Fe(Il) sulfides.

In some experiments iron sulfate was added to
reach sulfate concentrations of 0.9, 0.7, 0.5, and
0.3 g/1 to determine the concentration of sulfate
necessary to yield a high reduction rate of ura-
nium. The results are plotted in Fig. 3. The ura-
nium reduction is slower in water containing 0.5
and 0.3 g/1 than in water with sulfate concentra-
tions of 0.7 and 0.9 g/l. In the experiments with
low sulfate concentration (<05 g/1) uranium
was totally reduced within 36 days, while in water
with sulfate concentration > 0.7 g/I uranium was
reduced within 21 days. Comparing the results in
Fig. 3 with those in Fig. 2, we can say that the
increase in sulfate concentration in groundwater
(farm site) from the initial concentration of 103
mg /1 to 0.5 g /1 did not affect the reduction rate
of uranium. In these experiments, uranium was
reduced roughly within 5 weeks. However, for a
sulfate concentration > 0.5 g/! uranium reduc-
tion was fast. Finally, it took only 12 days to
reduce uranium in water completely with 1.1 g/I
sulfate.

UW(VD) (mg/L)

—0— 900 (mg/L) sulfate
—O— 700 (mg/L) sulfate
—O— 500 (mg/L) sulfate
—— 300 (mg/L) sulfate
—-@—- Control

L

-
0 10 20
Time (days)

40

Fig. 3. Effect of sulfate concentration on uranium reduction in groundwater from the farm site.
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3.3. Effect of soil ireatment on uranium reduction in
groundwater / soil

We conducted experiments with groundwater
and untreated soil (contains viable bacteria) or
autoclaved soil (does not contain viable bacteria).
The water and soil samples originated from the
mill tailings site in Germany. The results are
given in Fig. 4. Control experiments using auto-
claved groundwater and soil show no reduction of
uranium. Fig. 4 shows that regardiess of the com-
position of the water. uranium was reduced within
13 days in the experiment with untreated soil and
groundwater, while it took almost 5 weeks to
reduce uranium completely in the experiments
with autoclaved soil samples but with untreated
water. Inoculation of the samples containing au-

toclaved soil and untreated water (Fig. 4, square)
with cultivated bacteria from the experiments with
untreated soil and groundwater (Fig. 4, circle) at
day 13 increased the rate of reduction of uranium
as can be seen in Fig. 4 (diamond). This result
shows that mixed-culture containing indigenous
sulfate-reducing bacteria can be grown in batch
experiments using groundwater/soil from the
contaminated site and can be used to promote
uranium reduction, if necessary. In the experi-
ments with untreated soil (Fig. 4, circle), the
abundance of viable bacteria in the soil led to a
rapid growth of sulfate-reducing bacteria that re-
duced uranium. In the experiments with auto-
claved soil, only the groundwater contained bac-
teria, resulting in smaller initial populations of
bacteria. These results suggest that in situ reduc-
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Fig. 4. Effect of soil treatment on uranium reduction in groundwaters from the mill tailings site in Germany.

Fig. 5.
Tuba
nite.

tion

likeh
of tl
initiz
study
foun
grou
days,
using
et al

34.1
situe

Al

the "



A. Abdelouas et al. / The Science of the Total Environment 250 (2000) 21-335 31

(b)
.g U
=]
5 9] u
:‘.é
k) Ca U
P U
g
3 U
O
0 5 10 15 20

Energy (keV)

Fig. 5. (a) Bacterium with uraninite particles (mill tailings site,
Tuba city); and (b) chemical microanalysis spectrum of urani-
nite.

tion of uranium by sulfate-reducing bacteria is
likely to be faster than in the laboratory because
of the high ratio soil /water, providing a high
initial concentration of bacteria. In a previous
studv on in situ biological denitrification, it was
found that the in situ reduction of nitrate in
groundwater /soil was fast and complete within 5
days. while it took up to 15 days in the laboratory
using batch experiments (Deng, 1998; Abdelouas
et al., 1999¢).

3.4. Importance of iron sulfide formation during in
situ bioremediation of uranium

An example of uraninite that precipitated from
the Tuba city groundwater after enzymatic reduc-

tion of uranium is given in Fig. 5a. Uraninite
particles are attached to a bacterium. An example
of chemical microanalysis spectrum of a uraninite
particle is shown in Fig. 5b. Mackinawite, and
some pyrite and pyrrhotite were encountered in
the experiments. Fig. 6a,b and Fig. 7a,b show
mackinawite and pyrite, formed by reduction of
Fe(I11) to Fe(II) and SO;~ to S° and S, and
their chemical microanalysis spectra. The results
of the thermodynamic calculations in Table 4 are
in agreement with the experimental findings.

It is important to consider uraninite reoxida-
tion in the case of in situ bioremediation. The
remediated groundwater will be replaced eventu-
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Fig. 6. (a) Mackinawite particles. electron diffraction pattern;
and (b) chemical microanalysis spectrum of mackinawite (farm
site).
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Fig. 7. (a) Bacterium with pyrite particles: and (b) chemical
microanalysis of pyrite (mill tailings site. Germany).

ally by uncontaminated water containing oxygen,
and uraninite could be reoxidized. We conducted
batch and soil column experiments with the
groundwater and soil from the mill tailings site at
Tuba City and the biologically precipitated urani-
nite was leached with oxygen-rich uncontami-
nated groundwater from the same site (Abdelouas
et al., 1999a). In the batch experiments we kept a
constant molar ratio UO,/FeS,,=1.5x10"?
but we varied the oxygen supply between 7 and 58
M. We found that the amount of oxidized urani-
nite increased with increasing amounts of oxygen
supplied. While most of the oxygen (> 90%) was

consumed by mackinawite oxidation, a small frac-
tion of the oxygen (< 0.1%) was used to oxidize
uraninite; the rest of the oxygen was consumed by
oxidation of biomass. In the column experiments,
the concentration of uranium in solution (outlet
of the column) was on the order of a few pg/I,
typically 4 pg/1, and did not change with time in
the presence of mackinawite and dissolved oxy-
gen. Again, it was found that most of the oxygen
was consumed by makinawite oxidation. By using
the inventory of uraninite and mackinawite in the
column and -the concentration of oxidized ura-
nium and sulfide in the groundwater leaving the
column, we calculated that before total oxidation
of mackinawite all uraninite is expected to oxidize
at a very slow rate. Hence, the large amount of
iron sulfide (roughly 4.5 mM) in the column com-
pared to that of uraninite (roughly 10~* mM)
protected uraninite from rapid oxidation and pre-
vented the increase of U(VI) concentration above
44 pg/l, the groundwater protection standard in
the United States. The preferential oxidation of
mackinawite relative to uraninite was expected
because the redox intensity pe® of SO}~ reduc-
tion, pe® = —3.75 (Stumm and Morgan, 1981), is
lower than that of U(VI), pe® = +4.9 (Abdelouas
et al., 1998a). Rhodochrosite is not expected to
protect uraninite from reoxidation because the
redox intensity of Mn(IV), pe°= +8.9 (Stumm
and Morgan, 1981), is higher than that of U(VI).

To study the effect of UO, /FeS,, on uraninite
dissolution we conducted batch experiments
where the oxygen concentration was kept con-
stant at 04X 102 mM and the molar ratio
UO,/FeS,, was varied between 6.1 X 10~3 and
1.4 X 1073 by varying the initial concentration of
FeSO, - TH,0 of the groundwater. The results are
given in Fig. 8, which shows that U(IV) is oxidized
to U(VI) whose concentration reaches a maxi-
mum in all experiments and decreases to below
20 pg/l after 23 days. Fig. 8 shows that the
maximum concentration of U(VI) reached in each
experiment increased with increasing the ratio
UO,/FeS,,. In other words, the more iron sul-
fide present, the higher the stability of uraninite.
The slow decrease of U(VI) concentration over
time is probably due to reduction and reprecipita-
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tion of uraninite because. after consumption of
oxygen, the redox intensity of the solution is
determined by H,S/HS".

Iron(I11) compounds are ubiquitous in soils and
sediments and their concentration is usually much
higher than the small amount of precipitated
uraninite. Iron(II) oxides and hydroxides are
found in concentrations of a few percent depend-
ing on the origin of the soil (Langmuir, 1997).
Sulfate concentrations are also often quite high.
The median concentration of sulfate in uncon-
taminated groundwaters is 30 mg/l (Turekian,
1977). Sulfate concentrations in acid-mine waters,
tailings waters, and waste waters, the contami-
nated sites for potential application of bioremedi-
ation technologies, can exceed 30 g/1 (Langmuir,
1997). Thus, much more mackinawite and other
iron sulfides are formed than uraninite. It has
been shown that mackinawite can protect urani-
nite for hundreds of vears (Abdelouas et al,
1999a) using an acceleration test. In the case of
iron-poor soil and sulfate-poor groundwater, the
addition of iron sulfate to the groundwater would
help precipitate enough iron sulfide to protect
uraninite from oxidation. at least to the extent
necessary to keep the uranium concentration
below 44 ng/l.

4. Summary and conclusion

Bacteria capable of reducing uranium can be
found in groundwaters with different chemical
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Fig. 8. Uraninite oxidation in oxvgen-rich uncontaminated
groundwater. Numbers in legend correspond to the uraninite /
mackinawite molar ratio.

composition. The uranium reducers are primarily
sulfate-reducers and can be stimulated by addi-
tion of nutrients to groundwaters with high con-
centrations of sulfate. Ethanol together with
trimeraphosphate yielded the highest rates of sul-
fate and uranium reduction. The uranium-re-
ducers can also be stimulated in groundwater
with low suifate concentration. Addition of iron
sulfate may be necessary in iron- and sulfate-poor
groundwater /soil systems to precipitate enough
iron sulfide to protect uraninite from reoxidation
in oxvgenated groundwaters.

The present results suggest that in situ biore-
mediation may find application to remediate ura-
nium contaminated 'sites. An engineered process
of U in situ bioremediation relies on two critical
issues: (1) the presence of bacteria capable of
reducing uranium; and (2) mixing of the contami-
nated water with the necessary additives to stimu-
late bacterial growth. For the first issue. the pre-
sent work suggests that uranium reducers are
ubiquitous in nature. The second issue is strictly
technical and there are many solutions to this
problem.

Though significant progress was made with U
bioremediation, demonstration of the technology
in the field is necessary to confirm the laboratory
results. We conducted a small in situ experiment
to test our technology and to study the mixing
process, but only for biological denitrification of
nitrate-contaminated groundwater at a site in Al-
buquerque, NM (USA). Nitrate was reduced to
nitrogen within 5 days (Abdelouas et al., 1999¢).
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Abstract

We studied soil and ground water samples from the tailings disposal site near Tuba City, AZ,
located on Navajo sandstone, in terms of uranium adsorption and precipitation. The uranium
concentration is up to I mg/l, 20 times the maximum concentration for ground water protection
in the United States. The concentration of bicarbonate (HCOj3 ) in the ground water increased
from <7 X 10~* M, the background concentration, to 7 X 10~ M. Negatively charged uranium
carbonate complexes prevail at high carbonate concentrations and uranium is not adsorbed on the
negatively charged mineral surfaces. Leaching experiments using contaminated and uncontami-
nated sandstone and 1 N HCl show that adsorption of uranium from the ground water is
negligible. Batch adsorption experiments with the sandstone and ground water at 16°C, the in situ
ground water temperature, show that uranium is not adsorbed, in agreement with the results of the
leaching experiments. Adsorption of uranium at 16°C is observed when the contaminated ground
water is diluted with carbonate-free water. The observed increase in pH from 6.7 to 7.3 after
dilution is too small to affect adsorption of uranium on the sandstone. Storage of undiluted ground
water to 24°C, the temperature in the laboratory, causes coprecipitation of uranium with aragonite
and calcite. Qur study provides knowledge of the on-site uranium chemistry that can be used to
select the optimum ground water remediation strategy. We discuss our results in terms of ground
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water remediation strategies such as pump and treat, in situ bioremediation, steam injection, and
natural flushing. © 1998 Elsevier Science B.V. All rights reserved.

Keywords: Adsorption; Complexation; Coprecipitation; Ground water; Sandstone; Uranium

1. Introduction

Interest in migration of uranium through geological media increased in the Western
United States after numerous sites were identified with elevated concentrations of this
element in ground water as a result of past or on-going mining and milling activities. For
example, there are 24 sites in the Western United States where uranium ore was
processed and where mill tailings were left behind. In 1978, Federal law (UMTRCA,
1978) assigned the U.S. Department of Energy responsibility for remediating these sites.

We analyzed soil and ground water samples from one of these sites, the tailings
disposal site near Tuba City, AZ, located on Navajo sandstone. From 1956 to 1966, a
uranium ore processing mill operated on this site. Over that decade 800,000 tons of
uranium ore were concentrated by means of acid and alkaline leach processes. Mill
tailings were deposited in three contiguous piles at the site. Water used in processing
was discharged to unlined tailings and evaporation ponds (Anon., 1993, 1994). 1t is
estimated that 1.3 X 10® m® of water contaminated with tailings metals migrated into the
ground water. Large quantities of sulfate and nitrate are present in the ground water at
this site, and the concentration of uranium is up to 20 times the maximum concentration
for ground water protection (Federal Register, 1995). Surface remediation was com-
pleted in 1990 by stabilizing about 1.4 X 10° m® of tailings in an engineered disposal
cell covering 50 acres.

Fig. 1 shows the location of wells in the vicinity of the tailings pile and gives
analytical data for uranium, sulfate, nitrate, pH, dissolved oxygen (DQ), and total
dissolved solids {TDS) in the ground water. All wells are screened (12 m) and are
located in the same stratigraphic interval. The data indicate the horizontal extension of
the plume. The flow direction of the ground water is also indicated. Well #911 is
located north of the pile and represents the composition of the uncontaminated ground
water. Ground water at the site is 2 minimum of 12 m below ground surface. A 12-m
saturated zone is estimated to be contaminated. The plume of contaminated water spread
approximately 500 m downgradient of the disposal. The ground water is moving at a
rate of 3 m to 60 m per year. The average plume migration rate is 15 m per year.

The arid climate makes the supply of surface water rare and highly variable and
ground water is an important resource in the area. In the immediate vicinity of the site, -
land use is limited to grazing. No exposure pathway has been identified that could pose
a risk to human health or to other life forms, but a pathway could exist, if contaminated
ground water were to reach the seep area further downstream, feeding the Monkopi
wash whose water is used for irrigation.

The objective of our work is to know whether uranium released from the mill tailings
into the ground water is adsorbed on the Navajo sandstone within the contaminated area
of 50 acres, precipitated with newly formed minerals, or free to migrate with the ground
water. Knowledge of the on-site uranium chemistry is the basis for the selection of a
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Fig. 1. Concentrations in mg/1 of contaminants (nitrate, sulfate, and uranium), dissolved oxygen (DO) and
total dissolved solids (TDS) in ground water at Tuba City site. Wells are identified by number; their locations
are indicated by black dots.

remediation strategy, such as ex situ (e.g., pump and treat) or in situ (e.g., bioremedia-
tion) treatment. To be effective, pump and treat relies on extraction of uranium with the
water and on fast desorption kinetics, if contaminants are adsorbed on the host rock.
With in situ bioremediation soluble U—VI species are precipitated as insoluble UO,
(uraninite). In situ bioremediation is less sensitive to adsorption because bacteria are
ubiquitous in ground water and in soil and are capable to reduce either soluble or
adsorbed contaminants (Abdelouas et al., 1998).

Several studies (Berry et al., 1988; Read et al., 1993; Sims et al., 1996) report high
adsorption of uranium on geological material such as sandstone or clays. Uranium
speciation in solution depends on pH, e.g., Bond et al. (1991). Carbonate complexes are
negatively charged and are known to decrease uranium adsorption (Hsi and Langmuir,
1985; KoB, 1988; Bond et al., 1991; Ziclinsky et al.,, 1995; Duff and Amrhein, 1996;
Duff et al., 1997).

Adsorption of uranium on calcite, quartz, and orthoclase was studied by Dran et al.
(1988). These authors interpreted the decrease of uranium in solution by precipitation of
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insoluble mixed Ca?*—UO3* hydrated carbonates on calcite and incorporation into
amorphous hydrosilicates on the surface of the silicate minerals.

Read et al. (1993) and Sims et al. (1996) studied uranium migration through
sandstone cores. They concluded that aqueous uranium species have a strong affinity for
sandstone components such as quartz and iron oxides and hydroxides. These authors
interpreted uranium adsorption as a surface complexation process of positively charged
uranium species, e.g., UO,0H"* and (UO,)** on negatively charged surface sites, in
particular FeO™. The carbonate concentration was too low to affect uranium speciation
in this study.

We used two methods to study the behavior of uranium in the Navajo sandstone: (1)
acid leaching (Clauer et al., 1993) of the sandstone to determine the fractions of uranium
present in sandstone before contamination (primary uranium) and of uranium incorpo-
rated into sandstone from the mill tailings leachates (secondary uranium); (2) the batch
technique (Berry et al., 1988, 1991) to study uranium adsorption kinetics and equilib-
rium. New uranium bearing mineral phases were studied by electron microscopy,
complemented by thermodynamic calculations based on the composition of the contami-
nated ground water.

2. Characterization of Navajo sandstone and ground water
2.1. Sandstone

The Navajo sandstone is a pure and well sorted eolian quartz sand of Middle Jurassic
age and was sampled at the tailings disposal site near Tuba City in northeastern Arizona
(USA). A stratigraphic study of the Navajo sandstone was published by Peterson and
Pipiringos (1979). Samples were taken from drilled cores in the ground water saturated
zone. Two types of sandstone samples were selected for this study: one from the area of
highest contamination (well #906, Fig. 1), and one from an uncontaminated area nearby
(well #911, Fig. 1). Quartz is the dominant phase. Microcline is present but strongly
altered. Clay minerals such as smectite and illite form a coating, < 10 um thick, on the
quartz grains. Scanning electron microscope (SEM) images in conjunction with energy
dispersive X-ray (EDX) analyses show occasionally calcium, probably as calcite,
enriched in the clay coating. Iron oxide rims are observed on the quartz under the optical
microscope, imparting an orange—brown hue. Given the high concentrations of calcium
and carbonate in the contaminated ground water (Table 1), calcium carbonate (e.g.,
aragonite and calcite) could have formed on the sample from well #906, coprecipitating
uranivm. No differences in the phase composition of the two samples were found.

Atomic absorption and inductively-coupled plasma atomic emission spectrometry
(ICP-AES) analyses were used to analyze chemical composition of the sandstone after
digestion of the whole rock in nitric acid. Sand samples were crushed, mixed with
lithium tetraborate and melted at 1000°C. The resulting glass was totally dissolved in
nitric acid for analysis. Uranium was determined by ICP mass spectrometry. The pristine
sandstone and that in contact with the contaminated ground water were analyzed for 45
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Table 1
Chemical composition of ground water (mg /1)

Well #906 Well #926 Well #911
U 0.55 0.19 0.0013
Alkalinity (CaCO;) 710 572 66
Ca 784 681 205
Mg 354 329 4.31
Na 621 172 10.8
K 94 3.0 3.68
Sr 7.89 7.04 0.60
Fe <0.03 0.05 <0.03
NO, 1310 1220 136
S0, 2360 1830 9.81
PO, 031 <01 <0.1
Cl 363 88.4 7.12
TDS 6820 4720 130
Temperature (°C) 16.3 16.8 172
Dissolved oxygen 22 3.1 6.5
(mg /1)
pH 65 66 8.8
U.S. ground water
standards (mg /1) *
U 0.044
NO; 44
» Federal Register (1995).

trace elements. Average trace element concentrations were on the order of 1 mg/kg.
Table 2 lists the concentrations of the trace elements U and Zr. The presence of a
relatively high concentration of Zr may indicate the presence of zircon. Zircon is an
accessory mineral in Navajo sandstone (Jennison, 1980; Uygur, 1980). This mineral is a
host for primary uranium. Table 2 shows that there is no significant difference in
analytical data obtained for the Navajo sandstone samples from the contaminated (well
#906) and uncontaminated (well #911) area.

The fraction of Fe presumably present as hematite and oxyhydroxide was determined
by selective leaching of the sandstone grains in a mixture of hydroxylamine-hydrochlo-
ride and acetic acid and analyzing the leachate. For a variety of samples from the
contaminated and uncontaminated area (wells #906, 911, 932, 937, and 940; Fig. 1), the
results for Fe,O, ranged between 0.024 and 0.086 weight percent with an average of
0.040 wt.% (Table 3). Samples of the sandstone were heated to 1000°C for 1 h to
determine their weight loss.

The uranium concentration in the sandstone was measured in samples from 5
different locations (wells #906, 911, 932, 937, and 940; Fig. 1). The average concentra-
tion is 047 mg/kg. The concentration of uranium in the two samples from the
contaminated well #906 and the uncontaminated well #911 are 0.56 mg/kg and 0.55
mg/kg, respectively. The analytical error of the uranium analyses does not exceed
+ 10%. Hence, there is no significant variation in the uranium concentration of the
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Table 2
Chemical composition of Navajo sandstone after digestion of the rock sample in nitric acid
% Weight Untreated Leached with 1 N HC1

Well #906 Well #911 Well #906 Well #911
Si0, 95.7 94.0 982 95.6
ALO, 13 1.9 L1 24
MgO 0.17 0.22 0.10 ol
CaO <02 <0.2 <02 <02
Fe,0, <0.1 <0.1 <0.1 <0.1
TiO, <0.02 0.05 0.02 0.09
MnO 0.019 0.007 0.001 0.005
Na,O <0.05 0.06 <0.05 0.07
K,0 0.98 1.24 0.66 1.19
P,0; <0.1 <0.1 <0.1 <0.1
Weight loss at 0.50 0.66 034 0.61
1000°C for 1 k
Total 98.67 98.08 100.44 100.49
(mg/ke)
U 0.56 0.55 0.38 034
Zr 30 84 19 58

sandstone between locations. Using the value of 0.47 mg/kg of sandstone, we calcu-
lated a primary uranium inventory of 3000 kg in the sandstone within the entire
contaminated volume of water or plume. The volume of the plume water is about
6 X 10° m>, based on a measured porosity of the sandstone of 24%. Using an average
concentration of 0.5 mg/l, the plume inventory was estimated to be about 300 kg of
uranium dissolved in the ground water. Furthermore, Table 3 shows that there is no
relationship between the uranium and iron content in the sandstone. Uranium and iron
concentrations do not vary significantly from one sample to another, suggesting that the
use of sandstone from different wells in adsorption experiments would provide similar
results,

2.2. Ground water

Ground water was collected from monitoring wells #906 and 926 (Table 1), located
within the plume, and from well #911 (Table 1), located outside the plume. Samples of

Table 3

Concentration of uranium and iron given in mg/kg of sandstone from different wells (see Fig. 1}
Wells # and sandstone color U Fe,0;

906 (white) 0.56 438

911 (reddish) 0.55 455

932 (white) 0.39 492

937 (white + red spots) 0.45 861

940 (reddish) 043 240

Total iron expressed as Fe,0;.
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contaminated and uncontaminated ground water were analyzed by Core Laboratories. In
the field, water was pumped directly into sterilized plastic bottles placed in a nitrogen
flushed glove box. The average in situ water temperature was 16°C without significant
seasonal variation. The concentration of dissolved oxygen, 2.2 mg/1 and 3.1 mg/1 for
wells #906 and 926, respectively, and 7.0 mg/l (well #911), was measured by
lowering a YSI 5739 field probe into the water in the wells afier pumping for a while.
The pH was measured in the glove box and was 6.5 and 6.6 for wells #906 and 926,
respectively, and 8.8 (well #911). In the laboratory, the water was stored at 4°C. During
storage the pH of the water did not change. The water in wells #906 and 926 are
contaminated with alkaline and alkaline earth metal nitrates and sulfates. The alkalinity,
expressed as dissolved CaCO,, is an order of magnitude above background concentra-
tion (well #911). The concentration of uranium exceeds U.S. standards for maximum
concentrations for ground water protection (Federal Register, 1995). The uranium
concentration in the plume is up to a factor of 1000 higher than the background
concentration. Dissolved oxygen levels indicate oxidizing conditions; pH values are
lower in the plume than in the surrounding water (Fig. 1).

3. Uranium leaching and adsorption experiments
3.1. Uranium leaching

Sandstone samples from the contaminated (well #906) and uncontaminated (well
#911) area were investigated in terms of leachable uranium. One gram of dry sandstone
sampled in situ was crushed gently in a mortar to minimize generation of fresh surfaces
and was then leached, without sieving, for 15 min at room temperature in 50 cm® of 1 N
HCL. The average size of the crushed sandstone was 100 pm measured by a light
scattering Coulter instrument LS230. All experiments were conducted in duplicate.
Before leaching, each sample was heated at 110°C to eliminate adsorbed moisture.
Following cooling, the samples were held at 24°C for 30 min, then weighed and leached.
Leachates and solids were separated by centrifugation at 4000 revolution per minute.
Polypropylene centrifuge tubes and caps were used. The residues were washed with
deionized water, centrifuged again, and dried at 110°C, followed by observation under
the SEM and chemical analysis.

Some of the sandstone samples, 1 g each, from wells #906 and #911 previously
leached with 1 N HCI were leached in 20 cm® of 0.04 M hydroxylamine hydrochloride
in 25% by volume of acetic acid to dissolve and measure the amount of iron presumably
present as hematite and oxyhydroxide. Since iron hydroxides and iron oxides are
preferred adsorption substrates for uranium (Hsi and Langmuir, 1985; Brown et al.,
1991), we analyzed the solution for uranium as well. The experiments were carried out
in duplicate for 10 h at 96°C with occasional agitation, following the sequential
extraction method described by Tessier et al. (1979). Observations of the leached
material under an SEM showed the iron coating to be completely dissolved.
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Table 4
Results of uranium adsorption experiments with Navajo sandstone and ground water from well #906 at 16°C
Initial concentration Final concentration Rock /water Rp/cm*g™!
of uranium/mg /1 of uranium /mg /1 (1 gin 10 cm?) Tl Ghs
Teflon Glass
Sol. 1: 2.10 2.10 21 1:10 0 0
Sol. 2: 0.59 0.58 0.56 1:10 <1 <1
Sol. 3: 0.37 0.37 0.37 1:10 0 0

3.2. Uranium adsorption

Sandstone samples from well #906 were prepared in the same way as for the
leaching experiments. One gram of crushed sandstone and 10 cm® of solution were used
to obtain a water to sandstone mass ratio of 10:1. Ground water from wells #906 and
926 were used. Four solutions from well #906 with different concentrations of uranium
(Tables 4 and 5) were prepared by either adding uranium as UO,(NO,),, or by diluting
the ground water with deionized water. In order to simulate the effect of natural dilution
of contaminated ground water, water samples from well #926 were diluted 2, 5, 7, and
10 times with carbonate-free deionized water before conducting adsorption experiments;
the pH was measured before and at the end of these experiments (Table 6). The
sandstone / water mixture was equilibrated, waiting for either adsorption or desorption to
be complete, as indicated by constant concentration of uranium in solution. Experiments
were carried out in triplicate in test tubes shaked at room temperature (24°C) or at 16°C
in a Lindberg/Blue M water shaker bath. A blank, containing uranium-rich solution
without sandstone, was run in parallel to detect adsorption or precipitation on the walls
of the tubes. No control experiments with regard to bacterial growth in the ground water
were conducted. The low concentration of organic carbon (3 mg/I) and lack of
phosphate make bacterial growth unlikely and insignificant. After equilibration, the
uranium concentrations in solution were measured again. Uranium concentrations in the
ground water were analyzed by laser florescence, using the commercial Scintrex UA-3
Uranium Analyzer. The detection limit of this instrument is 0.05 p.g/1 and the precision
is +15% at 1 pg/l and above. Before uranium measurement, fluran, a complexing
agent provided by the Scintrex, was added to complex U(VI) to increase light absorption
by uranium in its hexavalent state. At the end of the experiments, the sandstone was

Table 5

Results of uranium adsorption experiments with Navajo sandstone and ground water from well #906 at 24°C
Initial concentration Final concentration Rock /water Ry /em® g~}

of uranium /mg /1 of uranium/mg /1 (1 gin 10 cm?)

Sol. 1: 2.1 1.92 1:10 1

Sol. 2: 0.57 0.39 1:10 5

Sol. 3: 031 0.30 1:10 <1

Sol. 4: 0.05 0.012 1:10 32
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Table 6

Results of uranium adsorption experiments with Navajo sandstone and ground water from well #926 at 16°C
Initial concentration  Initial  Final concentration  Final  Rock/water Rp/em® g~!

of uranium /mg /1 pH of uranium/mg /1 pH (1 gin10cm®)

Sol. 1: 0.19 6.6 0.19 6.7 1:10 0

Sol. 1*:0.19 6.6 0.02 74 1:10 85+«

Sol. 2: 0.095 7.5 0.089 1.5 1:10 <1

Sol. 3: 0.039 7.5 0.027 7.6 1:10 5

Sol. 4: 0.027 75 0.006 7.6 1:10 31

Sol. 5: 0.019 76 0.002 7.1 1:10 63

»Experiment conducted at 24°C without sandstone. In this experiment aragonite precipitated on the plastic
bottle wall.

studied with a Hitachi S-450 scanning electron microscope equipped with a Tracor TN
2000 X-ray microanalyzer to detect changes of the phase assemblage, e.g., precipitation
of carbonates or uranium minerals.

4. Results
4.1. Uranium leaching

The results of the leaching experiments with the sandstone are shown in Table 2,
columns 4 and 5. After leaching with 1 N HCI, the uranium concentration in the
sandstone was lowered by 32% (well #906) and 38% (well #911), respectively. The
difference between 32% and 38% is not significant, taking our experimental errors into
account. The leached fraction of uranium is assumed to be bonded on clay minerals, iron
oxide, and probably on carbonates. The residual uranium appears to be strongly bonded
in other accessory minerals. The results in Table 2 neither give evidence for adsorption
of uranium on the sandstone from the contaminated ground water, nor can the contrary
be concluded in light of the scattering of uranium concentrations in the sandstone
(Section 2) and the errors of the leaching experiments.

Table 2 shows that 0.18 mg/kg (well #906) and 0.21 mg U/kg (well #911) were
leached by 1 N HCI from the sandstone. The two solutions with the selectively dissolved
iron each contained 0.04 mg U/kg of sandstone. This corresponds to = 20% of the
overall leachable uranium. The remaining 8§0% of the leachable uranium are attributed
other constituents of the sandstone, mainly clay and carbonates.

4.2. Uranium adsorption

The results of the adsorption experiments in water from well #906 are given in the
form of R, values in Table 4 (T = 16°C) and Table 5 (T = 24°C). The results of the
experiments with water from well #926 are given in Table 6. R, values are defined as
in Berry et al. (1988) as R, = V/M X (C, — C)/C, where R, is the distribution ratio,
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Fig. 2. Uranium adsorption on sandstone from well #926 in diluted ground water at 16°C.

V is the volume of solution, M is the mass of solid, C, is the initial and C the
equilibrium concentration of uranium.

At 16°C, no change of the initial concentration of uranium was noticed in undiluted
water from wells #906 and 926. However, the uranium concentration in the highly
diluted water from both wells decreased significantly after only 1 day (Fig. 2). The
depletion of uranium can be explained by adsorption on the sandstone. There was no pH
change in the experiments with water from well #926 at 16°C.

The results of the experiments with water from well #906 at 24°C are listed in Table
5. These results, in particular those with solution 2, are quite different compared with
those at 16°C. At 24°C, uranium concentration decreased with time even in the slightly
diluted samples. However, as with ground water from well #926, the ten fold diluted
sample shows a high decrease of uranium concentration in solution due presumably to
its adsorption on the sand particles.

S. Discussion
5.1. Uranium adsorption and speciation

At 16°C the results obtained using ground waters with different composition (wells
#906 and 926) show that uranium is not adsorbed on the Navajo sandstone from the
contaminated ground water (Tables 4 and 6), though its uranium concentration is up to
500 times higher than in the uncontaminated ground water. The sandstone has been in
contact with the contaminated water for over 30 years. There is also no detectable
change in the phase assemblage of the sandstone or in the concentration of 45 trace
elements. However, significant adsorption of uranium is observed when the contami-
nated ground water is diluted seven to ten times (Tables 5 and 6). As shown in Table 6,
dilution of ground water from well #926 did not cause a drastic change in pH to
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enhance significantly the uranium sorption on the sandstone. In fact Hsi and Langmuir
(1985) showed that the maximum adsorption of uranyl on iron oxides and oxyhydrox-
ides occurs between pH = 6 and 7. This suggests that, in our experiments, adsorption
depends mainly on carbonate concentration in solution and perhaps on the decrease of
ionic strength due to dilution with carbonate-free deionized water.

Hsi and Langmuir (1985), KoB (1988), and Bond et al. (1991) observed decreasing
adsorption of uranium on sandstone and iron hydroxides with increasing carbonate
concentration in solution. Hsi and Langmuir (1985) studied the adsorption of uranium on
amorphous iron-hydroxide, goethite, and hematite. For hematite, the authors showed that
an increase of the carbonate concentration in solution from zero to 10~2 M decreases
the adsorption of uranium substantially.

The leachates from the mill tailings increased the total concentration of bicarbonate
(HCO;) in the ground water from <7 X 10™* M to 7 X 10~ M. Obviously, adsorp-
tion of uranium on the Navajo sandstone is negligible at this high bicarbonate concentra-
tion but is significant in the highly diluted ground water. This suggests that uranium is
present in solution as negatively charged carbonate complexes. We measured the
zeta-potential of the sandstone surface in the ground water and found a value of —12
mV. Hence, the negatively charged uranium species cannot be adsorbed.

KoB (1988) found that the fraction of adsorbed uranium in sandy sediments decreased
from nearly 100% to 5% when the concentration of HCO; increased from 0.25 X 1073
Mto 6X 107> M at pH =7.2 and T=20°C. The initial uranium concentration was
¢;=0.24 mg/1(10~® M). We find no adsorption at 7 X 107> M HCO; at pH = 6.46,
T=24°C and ¢; 2 0.57 mg/1 (=2 X 107 M).

Bond et al. (1991) showed that an increase in uranium(VI)-carbonato-complex
concentrations in solution results in a decrease in R,; (water:rock ratio of 5:1 and 50:1,
c; > 0.24 mg/1(107% M)). These experimental variables are also close to those used in
our experiments. Our results in Tables 4 and 6 support the findings of Bond et al.
(1991).

We conducted speciation calculations with the composition of the undiluted and
diluted ground water from well #906 using the EQ3NR code (Wolery, 1992). The data
base used to calculate uranium speciation was taken from Grenthe et al. (1992). Our
results are shown in Table 7. According to these calculations, more than 98% of the
uranium in the undiluted ground water is complexed as carbonates. The uranium species
are: UO,(C0O,)3~, UO,(CO,)$~, and UO,CO;. The neutral species UO,(OH),(aq) can
dissociate and provides positively charged uranium species such as UO;* and
UO,(OH)* that can be adsorbed on the negatively charged sandstone surface. However,
the concentration of this species (1%) is too low to yield a measurable amount of
adsorbed uranium.

In the ten times diluted ground water from wells #906 and 926, the concentration of
UO,(OH),(aq) is increased by a factor of 17 and 30 compared to that in the undiluted
ground water. Adsorption of the UO,(OH)* species on the sandstone leads to further
dissociation of the neutral species and to measurable quantities of adsorbed uranium, in
agreement with the experimental results (Fig. 2). The figure shows that adsorption is
fairly rapid. A final concentration in solution of 2 pg/1 is reached within few days at
16°C.
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Table 7

Uranium speciation of ground water plume (Well #906) and other solutions

Bicarbonate pH

Agqueous uranium species pH

Aqueous uranium species

concentration (Ground water from well #906) (Portland cement equilibrated water)
M) in percent in percent
7x1073 6.46  56.1 UOy(CO,); ~ 80 892U0,(CO,); ™~
38.1 UO,(CO,); ™~ 10.7 U0,(CO,);
4.1 UO,(CO; Xaq) (Recalculated from the data
1.0 UO,(OH), (aq) of Berry et al., 1991)
(This work)
7x1074 73 526 UOLCO,); ~
31.1 UO,(OH),(aq)
5.0 U0,(CO,); =~
6.5 (UO,),CO,(OH);
3.8 U0,(CO,Xaq)
0.9 UO,(OK);
(This work)
1074 80 710 UOLCO,);~
9.4 UO,(OH),(aq)
8.9 UO,(CO, Xaq)
6.4 UDL(CO,); ==~
43U0,0H*

(Berry et al.,, 1991)

Berry et al. (1991) studied adsorption of uranium on sandstone using a bicarbonate
concentration of HCO; = 10~* M. Their uranium speciation is shown in Table 7 for
pH = 8 as calculated by Bond et al. (1991). The results show that there are UO,(OH),(aq)
(9.4%) and UO,(OH)* (4.3%) species in solution. UO,(OH),(aq) constitutes the source
of positively charged uranium species that explains their high R, values for uranium.
Recalculating Berry et al.’s speciation data for HCO; = 7 X 1073 M, Table 7 shows that
no adsorption of uranium would be expected, because negatively charged uranium
carbonate complexes would be dominant in solution. Remaining differences in the
uranium speciation when comparing the recalculated data to ours are mainly due to the
different pH values.

Read et al. (1993) showed that aqueous uranium species were adsorbed on Clashach
sandstone from Elgin district in northeast Scotland, particularly on its iron hydroxide
component. The iron hydroxide phase is expected to be the one with the highest
adsorption capacity relative to other minor phases. The iron phase in our sandstone
contains about 1/4 of the primary uranium. This fraction is the same for sandstone from
well #906 (contaminated) and #911 (clean). Unfortunately, Read et al. (1993) do not
give values for their carbonate concentrations. Their speciation calculations at pH = 5.6
show that there are positively charged uranium species that can be adsorbed, such as
UO,OH"* and UO;*. In the ground water from the Tuba City site, these species are
practically absent.
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5.2. Uranium coprecipitation

The observed decrease in the uranium concentration in the undiluted ground water at
24°C (solutions 1 and 2 in Table 5) may be due to coprecipitation with secondary
phases. After completion of the adsorption experiments, we examined the
sandstone /solution mixtures for precipitates that might contain uranium. In solutions 1
and 2 (Table 5) a white precipitate was found (Fig. 3). Though, the concentration of the
white precipitate was too low to be identified by X-ray diffraction, EDX analyses
showed the presence of calcium and, occasionally, sulfur. A precipitate of the same
morphology was found in stock solutions from wells #906 and 926 (5 gallons) stored at
24°C (Fig. 4). The precipitate was separated by filtration, dried and weighed. The dry
precipitate was analyzed by X-ray diffraction and identified as aragonite and some
calcite (Fig. 5). No sulfate-bearing mineral, such as gypsum (CaSO, X 2H,0) was
detected. The high salt contents of the water favored the precipitation of aragonite rather
than calcite. Aragonite was dissolved in 1 N HCI, the solution was analyzed for uranium
and a concentration of 0.4 g/kg of aragonite was found. We conclude that the decrease
of uranium concentration in undiluted ground water from wells #906 and 926 during
storage at 24°C is due to coprecipitation with aragonite. As expected, ground water
stored in the refrigerator (4°C) did not show any precipitates.

Fig. 3. Aragonite precipitated during uranium adsorption on sandstone from well #906 at 24°C (SEM
micrograph). »
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Fig. 4. Aragonitc containing 0.4 mg/g uranium, precipitated from well #906 ground water stored at 24°C
{SEM micrograph).

Precipitation of aragonite at 24°C occurred because the solubility of aragonite
decreases with increasing temperature and pH. We conducted an experiment at 24°C
with ground water from well #926 without soil (Table 6). A white precipitate,
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Fig. 5. X-ray diffraction pattern of aragonite shown in Fig. 4. All reflections belong to aragonite except those
with (), which belong to calcite.
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Table 8

Saturation index (log @/ X) of solid uranium phases in ground water from well #926 at 24°C
Mineral log O/K
B-UO,(OH), -33
U0,Co, -40
UO,HPO, -69
UO,HPO, X4H,0 -6.6
a-U0, -7.0
B-UO, -6.7
~¥-UO, -6.0
a-UO, X0.9H,0 -34
U0, X2H,0 -32

presumably aragonite, formed on the plastic bottle wall after few days. In this experi-
ment the final uranium concentration was 0.02 mg/1; the final pH = 7.4. The saturation
index log Q/K (Q=ion activity product, K = equilibrium constant) of aragonite,
calculated with the help of the EQ3NR code, increased from —0.3 at 16°C (pH = 6.6) to
0.7 at 24°C (pH = 7.4), a value high enough to indicate supersaturation of the solution
with respect to aragonite. The saturation index of calcite increased from —0.2 at 16°C to
0.8 at 24°C. Calculations of saturation indices for uranium compounds showed that none
of the compounds contained in the data base of the code were close to saturation. Phases
with calculated log @/K > — 10 are listed in Table 8.

Fig. 6 shows that the decrease of calcium concentration in the ground water, which is
proportional to the amount of aragonite formed causes increasing removal of uranium
from solution. With the measured concentration of 0.4 g/kg of uranium in the aragonite
and assuming that all calcium removed from solution precipitates as aragonite, we
calculated the amount of uranium precipitated as shown in Fig. 7. As seen, there is
qualitative agreement between the calculated and measured values. The measured

4
£00 (o] Uranium
T B Calcium =
i ¥ 3 3
7004 " ® T =
g 1 1 k:
(.3
E T -2 §,
< ] ¢ 3 [%
N <EEE AN |k
5004 e I -1 g
| 1 L
1
400 T T T T 0
(] 10 20 30 40 50
Time (days)

Fig. 6. Calcium concentration in solution and amount of uranium precipitated as a function of time at 24°C.
Experiment using solution with 0.57 mg/1 U.
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Fig. 7. Amount of precipitated uranium derived from solution concentrations (meas.) at 24°C and from the
amount of precipitated calcite containing 0.4 mg /kg of uranium (calcul.). Experiment using solution with 0.57
mg/1 U.

amounts of precipitated uranium for the 28 and 42 day experiments are lower than those
calculated from the amount of aragonite formed, suggesting that some of the precipitated
calcium is sequestered in another phase, e.g., gypsum.

In light of the discussion of coprecipitation we can interpret Ry, values reported in
Table 5 (well #906) as follow: we find that the same decrease in uranium concentration
takes place in solution 1 and 2 (180 pg/1 of uranium removed). The Ry, values are 1
and 5, respectively. The solutions are undiluted ground water. Here, the R values
relate to uranium coprecipitated with aragonite. Solution 3 is diluted. No aragonite
precipitated. Here the Ry, value relates adsorption. Solutions 3 has been diluted by a
factor of 2, obviously not enough to yield enough positively charged uranium species to
measure an effect. Dilution by a factor of 10 (solution 4) yields a sufficient concentra-
tion of positively charged uranium species to measure adsorption (R, =32 cm® g™!).
The effect of dilution is further elucidated in Table 6 at 16°C (well #926), showing that
adsorption increases with increasing dilution.

Calcium carbonate formation and coprecipitation of uranium have not been consid-
ered by other authors. For example, Berry et al. (1991) studied uranium adsorption on
sandstone in water equilibrated with Portland cement. Using the authors’ data, we

Table 9
Saturation index (log @/ K) of the ground water (well #926) for calcite compared to data from the literature
Initial  Final T log 0/K Saturation log Q/K  Saturation
pH pH CO)  calcite aragonite
This work 6.6 6.7 16 -02 Saturated -03 Not Saturated
This work 6.6 74 24 +08 Supersaturated +0.7 Supersaturated
Berry et al. 920 nr. 20 +05 Supersaturated  +0.3 Supersaturated
(1991)

KoB(1988) 72 nr. 20 0 Saturated -02 Saturated
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calculated a saturation index of 0.3 for aragonite and 0.5 for calcite for his experiments
at pH = 9. The solution was also supersaturated with respect CaUO, (log Q/K = 2.9).
KoB (1988) studied uranium adsorption on sandstone from Gorleben in Northern
Germany where a repository for radioactive waste is being constructed. Calcium
carbonate and other uranium-bearing minerals were not mentioned. Qur calculations
with his data yielded a saturation index for aragonite of —0.2 and 0 for calcite (Table
9).

5.3. Practical aspects

The effect of dilution on uranium speciation and of temperature on aragonite
formation can be used to evaluate remediation strategies. Ex situ remediation by
pumping the contaminated ground water to the surface to remove uranium would be
accompanied by dilution in situ with uncontaminated ground water. The result would be
that uranium adsorption on the sandstone increases, leaving a fraction of uranium in the
ground. This fraction is difficult to quantify.

Storage of ground water on the surface prior to uranium removal, especially in the
hot summers with temperatures up to 40°C, can result in the formation of 2 radioactive
precipitate, aragonite /calcite, that may require special treatment.

In situ technologies, such as in situ bioremediation, where water is pumped and
immediately reinjected together with organic nutrients to stimulate bacterial activity, do
not cause dilution or temperature changes. Uranium in carbonate complexes can be
reduced quickly (Phillips et al., 1995; Abdelouas et al., 1998).

Some strategies (Technology Catalogue, 1995) suggest injection of steam as part of
the remediation process. In situ heating of the ground water at Tuba City with steam
would lead to precipitation of aragonite and perhaps to sufficient removal of uranium
from the ground water. In fact, the adsorption experiment using ground water from well
#926 at 24°C shows that precipitation of aragonite/calcite reduced significantly the
uranium concentration from 0.19 mg/l to 0.02 mg/l within 40 days (Table 6). A
concentration of 0.02 mg/1 is 2 times below the maximum concentration for ground
water protection in the U.S.

Natural flushing is a very slow process at Tuba City and appears to be incompatible
with legal requirements, if suggested as a remediation strategy. However, the result of
natural flushing would be that most of the uranium in the plume, an estimated 300 kg,
will eventually be adsorbed on the sandstone. The carbonate concentration would
decrease by one order of magnitude to the natural background. These are the conditions
of the experiment with diluted ground water from well #926 conducted at the in situ
temperature of 16°C. Adsorption would yield depletion of uranium in the water to about
2 p.g/1, which is one order of magnitude below the maximum concentration for ground
water protection in the U.S. and close enough to the background concentration of 1.4
pg/1, leaving most of the uranium in the ground.

6. Conclusions

Adsorption and/or coprecipitation of uranium on sandstone is strongly affected by
composition, temperature, and pH of the aqueous phase. In order to generate a data base
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applicable to a specific site, experiments must be conducted with ground water from the
site and at the in situ water temperature. We have shown that conditions may prevail on
site where adsorption of uranium on sandstone is negligible whereas in the laboratory
artifacts are produced, such as calcium carbonate precipitation, that can lead to ambigu-
ous interpretations of uranium adsorption data.

Understanding the effects of the contaminants from uranium mill tailings on the
speciation of uranium in the ground water can help to select the optimum remediation
strategy. Ex situ technologies will affect the speciation and may increase the temperature
of the ground water. This may lead to adsorption of uranium on the Navajo sandstone
and to coprecipitation of uranium with calcium carbonate. If this is undesirable, in situ
technologies, such as in situ bioremediation, may be preferable because temperature
effects and changes in the uranium speciation can be avoided.
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Abstract

Column and batch experiments were conducted with sandstone and ground water samples to
investigate oxidation of uraninite precipitated by microbially mediated reduction of U(VI), a
contaminant in ground water beneath a uwranium mill tailings site near Tuba City, AZ, USA.
Uraninite precipitated together with mackinawite (FeS,,) because Fe(III) from the sandstone and
sulfate, another contaminant in the water were reduced together with U(VD). After completion of
U(VD) reduction, experiments were conducted to find out whether uraninite is protected by
mackinawite against reoxidation. Uncontaminated ground water from the same site, containing 7
mg/1 of dissolved oxygen, was passed through the columns or mixed with sandstone in batch
experiments. The results showed that small masses of uraninite, 0.1 pg/g of sandstone, are
protected by mackinawite from reoxidation. Uraninite masses on the order of 0.1 pg/g corre-
spond to U(V]) concentrations of 0.5 mg/], typically encountered in uranium contaminated
ground waters. Mackinawite is an effective buffer and is formed in sufficient quantity to provide
long-term protection of uraninite. Uranium concentrations in ground water passed through the
columns are too low (4 pg/1) to distinguish between dissolution and oxidative dissolution of
uraninite. However, batch experiments showed that uraninite oxidation takes place. © 1999
Elsevier Science B.V. All rights reserved.
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1. Intreduction

In 1991, Lovley et al. reported that microorganisms such as Shewanella putrefaciens
catalyze the reduction of U(VI) to U(IV). The observation was confirmed and further
researched by various authors (Francis et al.,, 1991, 1994; Lovley et al., 1991, 1993;
Gorby and Lovley, 1992; Lovley and Phillips, 1992a,b; Bames and Cochran, 1993;
Lovley, 1995; Phillips et al., 1995; Barton et al., 1996; Tucker et al., 1996; Nuttall et al.,
1997; Abdelouas et al., 1998a).

Though application of U(VI) reduction to remove uranium from contaminated ground
water had been suggested previously (e.g., Tucker et al., 1996), Abdelouas et al. (1998a)
were the first to investigate this possibility in more detail. We conducted respective
experiments in the laboratory with ground water and Navajo sandstone (host rock) from
a uranium mill tailings site at Tuba City, AZ. The ground water was contaminated with
uranium, nitrate, and sulfate. Afler amending water samples with ethanol and sodium
trimetaphosphate, nitrate reduction to nitrogen gas was mediated by Pseudomonas
aeruginosa and P. stutzeri. U(VI) was reduced to U(IV) and SO}~ to S?~ with the help
of S. putrefaciens. U(IV) precipitated as uraninite (UO,). The uranium concentration
decreased from 250 pg/1 to 0.1 pg/l. The ground water protection standard in the
United States is 44 pg/1 (Federal Register, 1995). Fe(III) from the sandstone was also
reduced and iron sulfide (mackinawite) precipitated. All reduction reactions were
mediated by indigenous bacteria {(Abdelouas et al., 1998a).

Our results suggested that ground water could be decontaminated with respect to
uranium, using in situ reduction of U(VI) to U(IV). Quinton et al. (1997) conducted
comparative cost estimates for various ground water remediation technologies and
showed that in situ methods are economically most attractive and more compatible with
the environment than others.

We designed a technology for implementation at Tuba City (Nuttall et al., 1996;
Abdelouas et al., 1998b). A schematic sketch is shown in Fig. 1. Water would be
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Fig. 1. Five spot pattern for in situ biological remediation.
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pumped from peripheral wells, amended with nutrients for indigenous bacteria and
injected in a center well. Pumping would be continued until nutrients are detected in the
peripheral wells. The well configuration can be repeated, covering the entire area of the
plume from the forefront to the source.

A remediation process that relies on in situ immobilization of uranium by reduction
and precipitation would only work if the rates of oxidation and dissolution of the
precipitate are slow enough to assure long-term stability of uraninite. Reoxidation need
not to be avoided completely, but must be slow enough to maintain uranium concentra-
tions in the ground water between the natural background (= 1 pg/1 at Tuba City) and
the ground water protection standard of 44 pg/1. In the ficld, ground water is flowing
and the remediated water will be replaced by oxygenated ground water. It is well known
that uraninite can be oxidized fairly readily under oxic conditions (Finch and Ewing,
1992; Isobe et al., 1992; Yanase et al., 1995).

The objective of this study is to investigate the stability of uraninite precipitated by
indigenous bacteria when the precipitate comes into contact with naturally oxygenated
ground water from the Tuba City area.

2. Summary of previous work

Work reported here is a continuation of research and results published earlier.
Therefore, we give a brief summary of the characteristics of the ground water and the
host rock (Navajo sandstone) used and results on which the present work is based. More
details on experimental procedures and results can be found in two previous papers
(Abdelouas et al., 1998a,c).

2.1. Ground water

Contaminated ground water was collected from wells No. 926, located within the
plume, and No. 948 located outside the plume (Table 1) at the Tuba City mill tailings
site. The water was pumped into sterilized plastic bottles placed in a nitrogen flushed
glove box. The average water temperature in situ is 16°C. In the laboratory, the water
was stored at 4°C. All experiments with the water were performed at 16°C and /or 24°C.

The concentration of dissolved oxygen in situ was 7 mg/1 in the uncontaminated and
3.1 mg/l1 in the contaminated water. The pH was 6.6 in well No. 926 and 7.7 in well
No. 948. As a result of alkaline leaching of the ore, HCO; seeped into the ground water
and increased its concentration to HCO; =7 X 10~% M, a factor of 10 above natural
background. The uranium concentration in the plume is up to a factor of 10> higher than
the background concentration (= 1 pg/1).

2.1.1. Uranium speciation and adsorption

Detailed results on uranium adsorption have been published by Abdelouas et al.
(1998¢). Batch experiments using crushed sandstone and contaminated ground water
(weight ratio 1:10) at 16°C showed that uranium is not adsorbed on the sandstone
particles. Thermodynamic calculations using the EQ3NR code (Wolery, 1992) showed
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Table 1
Chemical composition of the groundwater (mg/D)
Contaminated mg /1 Uncontaminated mg /1
(well 926) (well 948)
U(pg/D 250 14
Ca 681 28.2
NO, 1220 11.85
so, 1830 9.56
Cl 884 6.9
Na 172 14
K 30 18
Sr 7.04 0.65
TOC 4.0 5.0
Alkalinity (CaCO;) 572 88
Temperature (°C) (in situ) 16.8 17.1
Dissolved oxygen (in situ) 31 7.0
pH (in glove box) 6.6 7.7
TDS 4720 130
U.S. ground water protection standards®
U 44 pg/1
NO, 44 mg /1

*Fedcral Register, 1995.

that 94% of the uranium is complexed as UO,(CO,);”~ and UO,(CO;);". The zeta-
potential of the sandstone surface in the ground water was — 12 mV. Uranium from the
tailings is in solution and readily accessible by bacteria.

2.1.2. Uranium coprecipitation

An increase of ground water temperature from 16°C to 24°C, the temperature in the
laboratory, led to slow formation of aragonite (CaCO,). Uranium coprecipitated with
aragonite (0.4 gU/kg aragonite). The uranium concentration in the ground.wyater
decreased by 40% within six months. This is an important result to the extent that
calcium carbonate may precipitate during the biochemical reactions when organic
compounds are oxidized to CO, (Abdelouas et al., 1998¢).

2.2. Sandstone

2.2.1. Description

Host rock, Navajo sandstone, was also collected on site. The porosity ranges between
24% and 28%. Sandstone mineralogy is dominated by quartz, with some microcline
often heavily corroded to clays. Quartz is coated with a layer of clays and iron oxides,
presumably hematite and iron oxyhydroxides. Clays consist of a mixture of illite and
smectite with potassium as the interlayer cation.

2.2.2. Adsorption of uranium v
The average concentration of uranium in five sandstone samples from inside and
outside the contaminated area was determined to be 0.47 mg/kg. It is well known that
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iron oxides and oxyhydoxides can adsorb uranium species (Hsi and Langmuir, 1985;
Sato et al., 1997). As iron oxides are present in the sandstone, uranium could have been
adsorbed or coprecipitated when the contamination of the ground water took place.
Sandstone samples from inside and outside the contaminated area were leached in a
mixture of hydroxylamine-hydrochloride and acetic acid to dissolve the iron selectively.
The leachates were analyzed for iron and uranium. The Fe content in five sandstone
samples was calculated from the analytical data and ranged between 168 mg/kg and
602 mg/kg with an average of 348 mg/kg. The respective uranium content was about
0.04 mg/kg independent of location. Leaching sandstone samples from the same
sources in 1 N HCI yielded an average uranium content of 0.2 mg/kg for all samples
because other uranium sources such as clay and carbonates were leached. The remaining
uranium is believed to be associated with minerals insoluble in HC, e.g., zircon. Norfof
the measured data showed significant differences between contaminated and uncontami-
nated samples. We concluded that adsorption of uranium on the sandstone is insignifi-
cant (Abdelouas et al., 1998c).

2.3. Microbially mediated uranium reduction

After amendment of the ground water with ethanol and trimetaphosphate dissolved
oxygen and nitrate were reduced, catalyzed by the indigenous bacteria P. aeruginosa
and P. stutzeri. The chemical reactions were accompanied by consumption of H* and
the pH increased to pH = 8, Eq. (1):

12NO; + 5C,H,OH + 2H* - 6N, + 10HCO; + 11H,0 (1)

Some aragonite precipitated. During denitrification the U(VI) concentration decreased
by about 50% due to coprecipitation with aragonite and adsorption on biomass (Nuttall
et al., 1996). The concentration of cells was on the order of 10® to 10° cells/ml. The
redox potential decreased to —70 mV < Ey < — 100 mV. Once anoxic conditions were
established, U(VI), Fe(Il) and SO?~ were reduced simultaneously, catalyzed by S.
putrefaciens. U(VI) reduction is shown by Eq. (2):

6U0,(CO,)3™ + C,H,OH + 5H,0 — 6U0,(S) + 14HCO; + 2H* )

3. Experimental work

In this study we conducted column and batch experiments with Navajo sandstone,
contaminated and uncontaminated ground water at 16°C and 24°C. All samples con-
tained the indigenous bacteria P. aeruginosa and P. stutzeri and S. putrefaciens.
Whenever oxygen contamination of the experimental system (columns or serum bottles)
had to be excluded, the respective manipulations were conducted in an argon flushed
glove box, maintaining a slight overpressure inside.
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3.1. Column experiments

Plexiglas tubes, 5 cm wide, 20 cm long, were used to construct columns. Sandstone
was packed in the columns following a procedure described by Siegel et al. (1994) to
ensure homogeneous packing. The sand was washed in hydrogen peroxide following a
procedure by Kunze and Dixon (1989) to remove relic organic matter. End plates with
feed through were tied to the Plexiglas tubes. Long stainless steel screws and bolts,
outside the columns, connected the two endplates holding them in place. An example of
a column experiment s given in Fig. 2. The column was washed with 10 pore volumes
of deoxygenated, deionized water. Then three pore volumes of amended ground water
were passed through the column to ensure that only ground water remained in the
column. Three columns were prepared for this study: two with a low and one with a
high uranium inventory. Data for the columns are given in Table 2. Uranium reduction
was effected as described in Section 2.3. It was known from previous work that the
experiments would take several weeks for the uranium concentration to decrease to 1
pg/1. Therefore, the column was sampled only once or twice to confirm completion of
the reaction. With the help of a syringe a few milliliters of water were extracted through
a seal and analyzed.

Afier uranium reduction the liquid in the column was replaced by uncontaminated,
naturally oxygenated ground water from the site. The oxygen concentration was 7 mg/1.
Replacement took place at a flow rate of 7 ml/h in column 1 and 100 ml /h in columns
2 and 3. U(VD), SO?~, and NO; concentrations were measured in the water leaving the

Fig. 2. Sandstone column before (a) and after (b) reduction of U(VI); black spots are iron sulfide
{mackinawite).
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Table 2

Data for experiments with sandstone columns

Column Leaching Pore Amount of Fraction of

no. flow rate volume bioprecipitated U leached
{mi/h) {mD U(mg) and detached

1 7 129 0.026 0.18

2 100 129 0.026 0.24

3 100 180 43 043

column. A total of 35 pore volumes of water were pumped through column 1 and 15
pore volumes through columns 2 and 3.

3.2. Batch experiments

Batch experiments were conducted to quantify the consumption of oxygen introduced
with the uncontaminated ground water. The mass of oxygen supplied to 1 g of sandstone
was varied between 0.7 - 1072 and 5.8 - 10”2 mmole (Table 3). In the column experi-
ments the ground water to sandstone ratio was 0.15 by mass, assuming a porosity of
30% and a density of the sandstone of 2.1 g/cm®. Ground water (0.15 ml) with a
concentration of dissolved oxygen of 7 mg/1 in contact with 1 g of sandstone contains
6.5-10~° mmole of oxygen. Therefore, the oxygen supplied to 1 g of sandstone was
108 to 880 times larger than in the column experiments, based on the supply of one pore
volume of uncontaminated ground water.

In the course of the uranium reduction experiment (see Section 2.3), the color of the
sand changed from red to black from the precipitation of uraninite and iron sulfide. The
sandstone was separated from the solution under anoxic conditions. The sandstone was
then oxidized in sterilized serum bottles. After introducing uncontaminated ground water
the bottles were sealed with a butyl rubber stopper in an aseptic environment and
crimped with an aluminum seal. A mass of 1 g of sand and various volumes (16, 33, 66,
and 132 ml) of water were used in the oxidation experiments. By using different
volumes of water, the same mass of sand was exposed to different masses of oxygen.
Data for the batch experiments are given in Table 3. In some experiments, deionized
water was added to the sand to determine whether carbonate has an effect on the rate
and the quantity of uraninite dissolved. As seen in Table 1, the uncontaminated ground
water contains less carbonate than the contaminated water. Uraninite oxidation was
monitored by sampling the bottles using a sterilized 3 ml syringe and analyzing for
U(VI) after filtration. SO~ and NO; were also measured.

Some batch experiment were conducted with contaminated ground water but without
sandstone (Table 1), to produce freshly precipitated uraninite and iron sulfide and its
oxidation products for crystal structure analysis by electron diffraction. Uranyl nitrate
was added to increase the U(VI) concentration by a factor of 10* to 250 mg/1 to obtain
enough uraninite for further experimentation. Ferrous sulfate was added to produce an
Fe(I) concentration of 500 mg/l. After denitrification, reduction of uranium was

enhanced hy adding S. putrefaciens to the jon. After completion of the experiment,




Table 3

Data for batch experiments (1 g of sandstone was used in each experiment)

Volume of solution Dissolved oxygen Dissolved carbonate Mass of uranium per gram of sand Mass of uranium per gram of sand
(ml) (mmole) (mmole) (small mass of UO,) (mmole) (large mass of UO,) (mmole)

132 5.8-1072 1.2-107! 131073 121072

66 29-1072 58-10"2 - 1.2:1072

33 1.4-1072 29-1072 1.3:1073 1.2-1072

16 0.7-1072 14-1072 1.3-10°% 1.2-1072

132 DI water* 5.8-1072 - 131075 1.2-1072

*DI = deionized water.
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the black precipitate sampled and placed into a transmission electron microscope within
a few minutes to minimize access of oxygen to the sample.

3.3. Analytical procedures

Analyses of uraninite and iron sulfide were conducted with the help of a JEM-2000FX
transmission electron microscope (TEM) and a Noran TN-5500 EDX element analyzer.
The microscope was operated at 200 keV.

Prior to analysis, all solutions were filtered through a Nylon Acrodisc syringe filter
(0.2 pm pore size; Gelman Science). A Scintrex UA-3 uranium analyzer was used to
measure U(VI) in solution. This laser-induced fluorescence instrument allows the
detection of uranium concentrations as low as 0.5 g /1 with a precision of +15% at 1
pg/1. Sulfate and nitrate were measured by ion chromatography (IC Dionex DX 500)
with an estimated error of +5%. The detection limit was 0.1 mg/1.

4. Results and discussion

4.1. Identification of uraninite and mackinawite

The dark precipitate recovered after 90 days from the batch experiment with an initial
uranium concentration of 250 mg/1 is shown Fig. 3 together with its electron diffraction
pattern. The pattern matches that of uraninite and shows that the precipitate is poorly

Fig. 3. Uraninite particles and electron diffraction pattern.
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crystallized. The uraninite particles are about 50 nm in size but form agglomerates of a

ew hundred nanometers in size. Detection of uraninite in column experiments was not
possible because the inventory was too small and because a comparatively large mass of
iron sulfide was produced making separation impossible. Fig. 4 shows the decrease of
U(VI) and SO;~ concentrations in the aqueous phase of the batch experiment.

The black precipitate recovered from the batch experiment with the high ferrous
sulfate concentration is shown in Fig. 5. Electron diffraction and chemical microanalyses
data show that the precipitate is mackinawite (FeS,,). This result is in agreement with
the finding of McNeil and Little (1990) who showed that mackinawite formed when
sulfate reducing bacteria mediate reduction of sulfate in the presence of iron compounds.
Mackinawite is also known to be a precursor of pyrite in sedimentary and hydrothermal
systems (Davison, 1991).

Beside uraninite and mackinawite, bacterial growth formed a significant amount of
organic matter which remains in the form of dead bacteria after termination of the
experiments. This biomass constitutes 2 redox buffer that may consume dissolved
oxygen and, together with mackinawite, protect the precipitated uraninite against
oxidation and dissolution. This hypothesis is based on observations in natural uranium
ore deposits. As an example, the well-studied uranium deposit at Oklo (Gabon), located
in sandstone, is buffered by two iron minerals, siderite (FeCO,) and ferrihydrite
(Fe(OH),) controlling the Fe?* /Fe?* ratio and maintaining reducing conditions though
oxygenated ground water infiltrates the ore body (Blanc, 1995). Organic matter, now
converted to graphite, was also present. Cross et al. (1991) and Dewynne et al. (1993)
studied the oxidation—reduction reactions occurring in a uranium mine at Pogos de
Caldas in Brazil and found that pyrite (FeS,) oxidation consumes most of the oxygen of
surface water that penetrates into the mine.
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Fig. 4. Decrease of U(VI) and sulfate concentrations in ground water during microbially mediated reduction at
24°C.
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Fig. 5. Mackinawite particles and electron diffraction pattern.

4.2. Release of uranium from sandstone columns

Fig. 2b shows a sandstone column after completion of a microbially mediated
uranium reduction experiment. Column (a) shows the sand before the experiment. The
black spots on column (b) are mackinawite. Initially, the sandstone contained some 250
mg of iron oxides available for reduction and precipitation of mackinawite in the
column. Though the fraction of reduced and precipitated iron was not measured, it is
estimated to be large compared with the 26 pg of uraninite precipitated. When
uncontaminated ground water was passed through the colurn, the black spots became
smaller.

4.2.1. Columns 1 and 2

4.2.1.1. Release of uranium. The results of the two leaching experiments with uncontam-
inated ground water are shown in Fig. 6 and in Table 2. The figure shows the uranium
concentration in the leachate as function of the number of pore volumes passed through
the column. One pore volume corresponds to 129 ml. Afier one pore volume, the U(VI)
concentration in column 1 decreased to about 1.4 g/l This is a result of washing out
and diluting the number of bacteria not adhering to the sand pariicles. It was shown in
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Fig. 6. Leaching of uraninite from sandstone columns with uncontaminated ground water (DO = 7 mg/1).
Column 1 (leaching rate = 7 ml/h), column 2 (leaching rate = 100 ml /h). U{IV) inventory in the column is
26 pg.

previous work that uraninite particles adhere to the surface of bacteria and to some
extent to the sand particles (Abdelouas et al., 1998a). The uraninite released is oxidized
as soon as the water sample is exposed to air and prepared for uranium analysis. If the
oxygen introduced with the first pore volume had oxidized uranium, the U(VI) concen-
tration would have increased instead of decreasing. The sulfate concentration was found
to increase as a result of oxidation of mackinawite. Between 2 and 15 pore volumes the
concentration of uranium fluctuated between not detectable and 2.6 pg/I, after subtrac-
tion of the natural uranium concentration in the uncontaminated ground water. There
was no significant dependence of the uranium concentration on the rate at which the
uncontaminated water was passed through the column. The velocity of the ground Water
at Tuba City is 15 m/year. Fifteen pore volumes translate to a time of 450 years in the
field. As the total inventory of uraninite on the column is only 26 pg, the fraction of
uranium leached from the column corresponds to roughly 20% (Table 2). Uraninite has a
solubility of 10~% to 10~? mole /1 at pH = 7 (Langmuir, 1978; Parks and Pohl, 1988). If
this compound controls the concentration of U(IV) in solution, one would expect values
between 0.3 and 3 pg/l, in good agreement with what was measured. As a result, there
was no indication of oxidation of U(IV) to U(VI) by oxygen introduced with the
uncontaminated ground water. It is the oxidation of mackinawite to sulfate that
consumes the oxygen and protects uraninite.

Leaching of column 1 with an additional 20 pore volumes of uncontaminated ground
water showed that the U(VI) concentration fluctuated between background concentration
and 3 pg/1 (Fig. 7). This result suggests that uraninite is protected over a long period of
time in the field.
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Fig. 7. U(VI) concentrations and pH in uncontaminated water leaving column 1. The leaching rate was 7 ml /h
and (IV) inventory in the column is 26 pg.

4.2.1.2. Oxidation of mackinawite. Fig. 8 (upper curve) shows the increase of the sulfate
concentration of the uncontaminated ground water leaving column 1. We observe a
steady state sulfate concentration of 21 mg/1 after 10 pore volumes. The uncontami-
nated ground water entering the column contained 9.6 mg /1. Relating the net steady

30
Background nitrate (12 mg/L) Sulfate
%
=
2
g
£ 104
]
=
(=]
&3
04 Nitrate ® Background sulfate 9.6 mg/L
¥ ¥ ] T
0 5 10 15

Pore volumes

Fig. 8. Leaching of mackinawite from a sandstone column with uncontaminated ground water. A fraction of
nitrate was reduced by denitrifying bacteria.
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state concentration of 10.5 mg/l to the oxygen concentration in the ground water (7
mg /1) yields that oxygen is consumed by mackinawite oxidation as shown in Eq. (3):

FeS +9/40, + 3/2H,0 — SO?~ + FeOOH + 2H* (3)

4.2.1.3. Nitrate reduction. Fig. 8 (lower curve) shows a steady state nitrate concentration
of about 7 mg/l in the water leaving the column, compared with 12 mg/l, the
concentration of nitrate in the uncontaminated ground water entering the column. This
indicates that denitrifying bacteria are still alive. For thermodynamic reasons, micro-
bially mediated reduction of nitrate is preceded by oxygen reduction (Stumm and
Morgan, 1981). Thus, observation of ongoing denitrification indicates that dissolved
oxygen is removed with the help of bacteria. This process competes with sulfide
oxidation and supports maintenance of reducing conditions in the column.

4.2.1.4. Iron oxyhydroxide formation. In the presence of oxygenated water mackinawite
was oxidized to goethite (FeOOH) as shown by Eq. (3). Goethite was identified by TEM
(Fig. 9). If uraninite is oxidized in the column, U(VI) species could be adsorbed on
goethite (Hsi and Langmuir, 1985). However, the speciation of U(VI) in the ground
water from well No. 948 (Table 1) is such that 77% of the uranium is in the form of

Ee N
eI

lbO nm

Fig. 9. Goethite particles and electron diffraction pattern.
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negatively charged carbonate complexes not adsorbed on goethite and soil (Hsi and
Langmuir, 1985; Duff and Amrhein, 1996). The rest of U(VI) species are neutral
carbonate and hydroxo complexes, as calculated with the help of the EQ3NR code
(Wolery, 1992). U(VI) carbonate complexes are stable under slightly reducing condi-
tions (Brookins, 1988) as they are expected to prevail during mackinawite oxidation and
microbially mediated denitrification.

4.2.1.5. Evolution of pH in the effluent. The pH was measured in the effluent of column
1 to study the effect of mackinawite oxidation (Eq. (3)) on ground water acidification. In
fact, sulfides, in particular pyrite oxidation is known to cause acidification of uranium
mill tailings waters, thereby enhancing the leaching of heavy metals such as Cd, As, Ce
and Hg (Al-Hachimi, 1992; Al-Hachimi et al., 1994, 1996). The results of pH measure-
ments in the effluent of column 1 are plotted in Fig. 7. The pH of water leaving the
column varies between 7.7 < pH < 8.0. The variation is insignificant given an experi-
mental error of +0.1 pH unit. The result is not in agreement with the expected
acidification according to Eq. (3). The discrepancy could be explamed by dissolution of
aragonite (Eq. (4)), precipitated during denitrification:

CaCO; + H*— Ca?* + HCO; (4

Furthermore, the clay coating on the sand particles can contribute to stabilize the pH
by buffering excess acidity through ion-exchange between protons and interlayer cations
{Read et al.,, 1993). These authors used HCI to leach the Clashach sandstone, whose
mineralogy and chemical composition are similar to that of Navajo sandstone. Read et
al. (1993) showed that more than 50 pore volumes of 0.1 N HCI were needed to reach
pH 1 in the effluent, demonstrating the strong buffering capacity of the sandstone.

4.2.2. Column 3

The results of the leaching experiment are shown in Fig. 10 and Table 2. On column
3 the uraninite inventory was over a factor of 10* higher than on columns 1 and 2. The
first injected pore volume washed out the uraninite adhering to suspended bacteria. The
experiment with the higher concentration revealed that detachment of bacteria and
uraninite from the sandstone surfaces is slow, even at a flow rate of 100 mi/h, but not
negligible. Detachment was inferred from sedimentation of bacteria and uraninite in the
bottles used to collect the effluent. Both bacteria and uraninite were found in sediment
samples under the TEM. The transport of bacteria and uraninite in ground water is
facilitated by the small particle size (50 nm to a few microns), relative to the average
pore size of > 50 pm in the column.

Concentrations of uranium in the effluent water of column 3 exceed the U.S. ground
water protection standard by 2 orders of magnitude. Detachment of bacteria is signifi-
cant enough to transport 43% of the uraninite out of the column after 15 pore volumes.
Detachment of bacteria and high uranium concentrations in the effluent suggest that an
in situ application of bacterially catalyzed uranium reduction does not provide suffi-
ciently low concentrations in order to remediate ground water. Generally, the concentra-
tion of uranium in contaminated ground water is on the order of 1 mg/I or less. Hence,



368 A. Abdelouas et al. / Journal of Contaminant Hydrology 36 (1999) 353375

50 o
~ N1
S o
E 304 o
E
‘£ 204 2
g
=) 10 <
T O
o “«‘0‘.0‘..0‘¢.'C(.0.' .
QLD e, 2
o O & &3S ««««««0
) ] 1 ¥
0 5 10 15

Pore volumes

Fig. 10. Leaching of uraninite from a sandstone column with uncontaminated ground water (DO = 7 mg/1);
leaching rate = 100 ml/h. U(IV) inventory in the column is 43 mg.

the results obtained with columns 1 and 2, are satisfactory and support application of in
situ bioremediation of uranium in ground water,

4.3. Release of uranium in batch experiments

4.3.1. Sandstone with low uraninite inventory

The results of the oxidation experiments in ground water with 0.7 - 1072 to0 5.8 - 1072
mmole of oxygen and 1.3 - 10~ mmole of uraninite (Table 3), are shown in Fig. 11a,b.
Uraninite oxidation was determined by measuring the U(VI) concentration in the
aqueous phase. The water was filtered through 0.2 pm filter right after sampling to
prevent oxidation of uraninite in the sample 1o be analyzed for U(VI). In the experiment
with 16 ml of water the final U(VI) concentration exceeded 30 pg/1 suggesting that
uraninite was oxidized. Fig. 11a shows that the fraction of uraninite oxidized increases
with increasing volume of uncontaminated groundwater (dissolved oxygen). Oxidation
was fast and there was no increase of the fraction of oxidized uraninite with time, except
for the largest volume (132 ml). In all experiments, enough oxygen was supplied (Table
3) to oxidize uraninite quantitatively. However, total oxidation was not observed.
Instead, the maximum mass of oxidized uraninite was proportional to the mass of
oxygen supplied (Fig. 11b). An empirical linear relationship between the fraction of
oxidized uraninite and the oxygen supply was obtained: F=1(7.386 X Q)+ 0.017;
where F is the fraction of oxidized uraninite and Q is the mass of oxygen supplied
(mmole).

We tested whether this relationship holds for the column experiment where the water
to sand ratio was 0.15 by mass, corresponding to an oxygen mass of 6.5 - 10~3 mmole.
Using this oxygen mass in the equation above, yields 2 fraction of oxidized uraninite of
0.0175. By multiplying this value by the total mass of U(IV) precipitated in the column
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Fig. 11. (a) Leaching of precipitated uraninite (batch experiments). Numbers in legend correspond to the
solution:sand ratio. One gram of sand contains 3.1 pg U(IV). (b) Fraction of uranium inventory oxidized as a
function of oxygen supplied by ground water.

(26 p1g), the mass of oxidized uranium expected in one pore volume (129 ml) is 0.45
pg, which corresponds to a concentration of 0.45 X (1000/129) = 3.5 pg/l. Adding
1.4 g/, the natural uranium concentration in the ground water (Table 1), yields a total
concentration of uranium of 4.9 pg /1 in the water leaving columns 1 and 2. Given the
uncertainties of the thermodynamic data for the solubility of UO, in water, given in
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Section 4.2, it is not possible to discuss our measured uranium concentration of about 4
ng/1 (Fig. 6) in terms of oxidation of U(IV) to U(VI) or dissolution of U(IV) or both.
Nevertheless the concentration of uranium in the remediated ground water is a factor of
ten below the ground water protection standard in the U.S.

4.3.2. Sandstone with a high inventory of uraninite

The results of the oxidation experiments in ground water with 0.7 - 1072 to 5.8 - 1072
mmole of oxygen and 1.2 - 10~ mmole of uraninite (Table 3) are shown in Fig. 12a,b.
The uranium concentration was between 1 and 7 mg/1 suggesting that uraninite was
oxidized. Fig. 12a shows that the fraction of uraninite oxidized increased with increasing
volume of uncontaminated groundwater (dissolved oxygen). As with the preceding
experiments, oxidation was fast initially but it took several days until the maximum
fraction of oxidized uraninite was attained, except when there was much less oxygen
(0.7 - 1073 mole) than uraninite. Again, total oxidation of uraninite was not observed
and the maximum mass of oxidized uraninite was proportional to the mass of oxygen
supplied (Fig. 12b).

4.4. Quantification of oxygen consumption

An oxygen mass balance between supply, O;(mg), and consumption was calculated
from the oxidation of mackinawite (Eq. (3)), X(mg); oxidation of uraninite (Eq. (5)),
Y(mg); reduction of oxygen by bacteria and oxidation of biomass, Z(mg). Z=0; - X
~-7Y.

U0, + 1/20, + 2HCO; - U0,(C0,)}” + H,0 (5)

The fractions of oxygen consumed in these reactions are shown in Table 4. In batch
experiments with & small mass of uraninite, over 90% of the oxygen was consumed by
oxidation of mackinawite, less than 1% by oxidation of uraninite. The rest was attributed
to oxidation of biomass and the activity of denitrifying bacteria. The strong protective
function of mackinawite vis-a-vis uraninite is evidenced by the numbers in the table. For
experiments with the higher mass of uranium (Table 4), the fraction of oxygen
consumed by uraninite oxidation is higher than in the experiments with less uranium
(discussion in the next section).

The preferential oxidation of mackinawite relative to U(IV) was expected because the
redox intensity of SO2~ reduction, p£®= —3.75 (Stumm and Morgan, 1981), is lower
than that of U(VI), pe® = + 4.9 (Abdelouas et al., 1998a). Oxidation of uraninite in the
presence of mackinawite occurred for kinetic reasons. Oxygen is provided to these
minerals faster than it is consumed by mackinawite oxidation.

4.5. Effect of carbonate on uraninite dissolution

The results in Fig. 11a and Fig. 12a include those from two experiments with
deionized water and a water to sandstone mass ratio of 132. The same ratio was used in
two experiments with uncontaminated ground water. The concentration of dissolved
oxygen was the same (7 mg/1) in both waters. This means that the same mass of
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solution:sand ratio. One gram of sand contains 2.9 mg U(IV). (b) Fraction of uranium inventory oxidized as a
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uraninite should have been oxidized. Apparently, much less uraninite was oxidized in
deionized water. The difference could be explained by assuming that the carbonate
concentration has an effect on the rate at which secondary minerals precipitate from
deionized and from uncontaminated ground water.

The deionized water is practically free of carbonate. Speciation calculations for the
uncontaminated ground water using the EQ3NR code (Wolery, 1992) showed that
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Table 4
Oxygen consumption by mackinawite, uraninite, denitrifiers and biomass (batch experiments with 1 g of sandstone)
Volume of water (ml) 1.3-1073 mmole U(IV); fraction of oxygen consumed by 1.2-10~2 mmole U(IV); fraction of oxygen consumed by
Uraninite Denitrifiers, biomass Mackinawite Uraninite Denitrifiers, biomass Mackinawite
132 <0.01 0.07 0.92 0.04 0.05 0.91
66 - - - 0.04 0.03 0.93
33 <0.01 0.03 0.96 0.07 0.01 0.92
16 <0.01 0.05 0.94 <0.01 - 0.99
132 DI water® <0.01 - > 0.99 <o.01° - 0.74

*Total fraction of oxygen consumed by ursninite oxidation could be 0.26. The value of < 0.01 is based on U(VI) concentration in solution. The difference is probably
due to precipitation of schoepite and CaUO, (see text).
®DI = deionized water.
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uranium is expected to be present mostly as soluble uranium carbonate complexes:
(U0,),(CO,)3~ (61%) and UO,(CO,);~ (11%) at pH = 7.7 after 20 days (experiment
with Jow uranium inventory). The remaining 23% consist of UO,(OH),(aq). A decrease
from 45% after 20 days to 13% afier 51 days of the fraction of uraninite oxidized (Fig.
11a) was measured. This could be explained by slower formation of U-rich minerals
with complexed then with uncomplexed uranium. In the experiment with the high
uraninite inventory (Fig. 12a), the apparent decrease of the fraction of uraninite oxidized
from 29% after 20 days to 16% after 51 days can be explained by precipitation of
schoepite (UO, - 2H,0) and CaUOQ, as suggested by calculations with EQ3NR.

5. Conclusions

Our experiments show that small masses of uraninite, 0.1 pg/g of host rock
(sandstone), precipitated by microbially mediated reduction of U(VI), are protected from
oxidation in ground water in the presence of iron sulfide, mackinawite (FeS,,). The
precursor of mackinawite, an Fe(Ill) oxide coating on the sandstone, is present in
abundance and enough mackinawite formed to provide long-term protection of the
uraninite precipitate. Fe(1Il) is reduced together with uranium. The source of sulfide is
provided by biocatalyzed reduction of sulfate. Sulfate may be present in ground water
naturally, or as a contaminant, or can be added upon amendment of the water when
stimulating the biocatalytical reactions.

Uranium concentrations in ground water passed through sandstone columns in the
laboratory are too low (4 pg/1) to distinguish between simple dissolution of uraninite
and oxidative dissolution. However, batch experiments gave evidence of oxidative
dissolution of uraninite. Reoxidation is insignificant in the presence of mackinawite, if
the inventory of uraninite on the sandstone is sufficiently small. This is the case when
the initial uranium concentration in the ground water is on the order of a few milligrams
per liter or less. If another microbially mediated process, e.g., denitrification, precedes
uranium reduction, enough biomass may be present to enhance the buffer capacity for
oxygen in the system. However, if uraninite precipitates from ground water with 2 much
higher initial uranium concentration, e.g., 240 mg/1, detachment of bacteria from the
sandstone surface and transport of uraninite particles becomes significant, and residual
uranivm concentrations exceed the ground water protection standards.

Data obtained in the present study are site specific (the mill tailings site at Tuba
City). However, Fe(Ill) minerals in the host rock and sulfate in the aqueous phase are
frequently encountered in ground water contaminated with uranium. This suggests that
mackinawite formation can be expected and in situ bioremediation of uranium may work
at many sites, given that bacteria capable of reducing uranium, iron, and sulfate are
ubiquitous in nature (Abdelouas et al., 1998d).
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Abstract

We report on bio-catalyzed reduction and immobilization of U(VI) species (0.25 mg/1 to 235
mg /1) in ground water in the presence of high concentrations of nitrate, sulfate and carbonate. We
studied ground water from the uranium mill tailings site near Tuba City, Arizona (USA).
Experiments with the ground water were conducted in the presence of the Navajo sandstone host
rock. Uranium in solution is complexed by carbonate. Two indigenous denitrifying bacteria were
identified Pseudomonas aeruginosa and P. stutzeri, and one sulfate reducing bacterium, She-
wanella putrefaciens, also known as Fe(Ill)-reducer. S. putrefaciens can use U(VI) as an electron
acceptor, instead of Fe(III). Ethanol was used as the organic carbon source. Microbially mediated
reactions are sequential in the order of decreasing redox intensity. Metabolic reduction of nitrate to
gaseous species (N,, N,0) was complete within 1 week at 16°C. The sulfate concentration
remained constant, Some of the U(VI) coprecipitated with aragonite /calcite or was adsorbed on
biomass during denitrification. Subsequently, the enzymatically catalyzed reduction of U(VI) to
U(IV) was complete within 3 weeks but was accompanied by reduction of sulfate to sulfide. U(IV)
precipitated as a uraninite solid solution (U, Ca)O,, adhering to the bacteria. The final concentra-
tion in solution was <1 pg/l. U(VI) was not reduced by sulfide. Complexation of U(VI) by
carbonate made its reduction by sulfide even slower than in pure water. The bio-catalyzed reaction
is the faster process under the conditions given by the composition of the ground water. © 1998
Elsevier Science B.V. All rights reserved.
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1. Intreduction

A variety of reduction and oxidation reactions can be combined to result in exergonic
processes mediated by heterotrophic bacteria. As these bacteria are widely distributed in
nature and nearly always found in water and soils, microbial mediation is frequently
used to remove pollutants from soil and water. The focus has been on converting organic
pollutants into inorganic non-toxic compounds (Rittmann et al., 1994). Inorganic species
such as nitrate and radioactive elements, e.g., uranium, are receiving increasing attention
(Knowles, 1982; Gorby and Lovley, 1992).

In the case of uranium heterotrophic bacteria catalyze the reduction of U(VI) to
U(IV) enzymatically, if specific E, and pH conditions are met. Uranium precipitates as
uraninite, UO, (Lovley et al,, 1991; Gorby and Lovley, 1992; Lovley and Phillips,
1992a,b; Lovley et al., 1993a,b; Francis et al., 1994; Lovley, 1995a,b; Phillips et al.,
1995; Barton et al., 1996; Tucker et al., 1996).

The first microorganisms found to catalyze reduction of U(VI) were the dissimilatory
bacteria, Geobacter metallireducens and Shewanella putrefaciens, both known as ‘Fe-
reducing’ bacteria (Lovley, 1995a). These organisms can use U(VI) as an electron
acceptor, instead of Fe(Ill) (Lovley et al., 1991). These authors found that both
organisms grow in the presence of high concentrations of uranium (8 mM), at rates
comparable to those observed with Fe(IIl). The experiments were conducted in a closed
system using pure cultures. Various ‘sulfate-reducing’ bacteria, Desulfovibrio species,
including D. desulfuricans, D. vulgaris, and D. baculatum, are able to reduce U(VI) to
U(QV) as well (Lovley and Phillips, 1992a; Lovley et al., 1993a,b). Several authors
showed that the reduction of U(VI) is an enzymatically catalyzed reaction, regardless of
the experimental conditions, e.g., type of bacteria, composition of growth medium,
uranium concentration, and incubation temperature (Lovley and Phillips, 1992a; Loviey
et al.,, 1993a,b). These authors showed also that HS™, used in their experiments to
establish reducing conditions, reacts only slowly with U(VI) compared with the bio-
catalyzed reaction, at near neutral pH and near room temperature. Application of the
process to precipitate uranium in situ from contaminated ground water was proposed in
several of the referenced publications.

The objective of our work is to study the removal and immobilization of small
amounts of soluble uranium species from ground water in the presence of high
concentrations of nitrate, sulfate and carbonate. Large volumes of such waters have been
encountered at milling sites where uraniferous minerals were leached and process waters
and tailings were deposited in unlined structures (DOE, 1994).

2. Chemical reactions

In an aqueous multi-component system microbially mediated reactions are sequential
in the order of decreasing redox intensity. The reducible constituents in the ground water
and in the host rock need to be specified to identify possible redox reactions and to
determine the conditions for reduction of U(VI). We studied the contaminated ground
water and the host rock at the mill tailings site near Tuba City, Arizona (USA).
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The sequence of reduction reactions in the order of decreasing redox intensity at
pH = 7 is (Stumm and Morgan, 1981; 459 pp.):

1/40,(g) +H " +e=1/2H,0 +13.75(pe°(Water)) @)
1/5NO; +6/5H* +e=1/10N,(g) +3/5H,0  +12.65(pe*(Water))
(2)
1/2MnO, + 1/2HCO; (107%) + 3/2H* + e = 1/2MnCO,(s) + H,0
+ 8.9(pe°(Water)) (3)
1/2U0,(C0,);” + H*+ e =1/2U0,(s) + HCO; (107?)
+ 4.9(pe°(Water)) 4)
FeOOH(s) + HCO; (107*) + 2H* + e = FeCO,(s) + 2H,0
— 0.8(pe°(Water)) (5)
1/8S02” +9/8H*+e=1/8HS"+1/2H,0  —3.75(pe°(Water))  (6)

Oxygen, nitrate, uranium and sulfate are contained in the ground water, manganese
and iron are minor constituents of the host rock (Navajo sandstone).

Reaction (4) was not reported by Stumm and Morgan (1981) and was added by
calculating the respective redox intensity for a carbonate concentration of 10~3 M, using
thermodynamic data from (Grenthe et al., 1992). At [HCO;]=10"3 M and pH=7,
UO(CO,)3™ is the main species (37%), calculated by EQ3NR (Wolery, 1992).

Reduction reactions and their rates are affected by the choice of an electron donor,
i.e., an organic compound, and the type and quantity of bacteria present. Many organic
compounds have been reported in the literature (Lovley and Phillips, 1986, 1988;
Lovley, 1995a; Barton et al., 1996), including methanol, ethanol, acetate, glhucose, and
lactate. All of them work with our system, but we report on ethanol only because it
yielded the highest reaction rates. Ethanol is oxidized as follows:

1/12C,H;OH+ 1/4H,0=1/6CO, + H*+¢ 0

3. Experimental
3.1. Sandstone

The geological formation at Tuba City is Navajo sandstone of Middle Jurassic age. A
stratigraphic study of the Navajo sandstone was published by Peterson and Pipiringos
(1979). Samples were taken from drilled cores in the ground water saturated zone and
from the surface. The samples consist of well sorted and fine to medium grained
quartzose sandstone. Microcline is present but strongly altered. Clay minerals and iron
oxide form a coating on quartz. A micrograph of the as sampled sandstone is shown in
Fig. 1a. Quantitative chemical composition of the sandstone was obtained by atomic
absorption and inductively-coupled plasma (ICP) atomic emission spectrometry. Ura-
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Fig. 1. SEM photographs of Navajo sandstone before (a) and after (b) bioremediation,
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Table 1
Chemical composition of Navajo sandstone (average and standard deviation of six samples)

%

Sio, 95.1840.82
Al,0, 1.82+0.44
MgO 0.2340.05
Ca0 <02
Fe,0, 0.0540.01
TiO, 0.0540.01
MnO 0.0510.003
Na,O 0.06+0.01
K,0 1.09+0.22
P,0; <0.1
Loss 0.6640.13
Total 99.12+0.72
mg/kg
u 0.44+0.08

nium was determined by ICP mass spectrometry. Results are given in Table 1. The
Fe,0; content of the sandstone ranged between 0.024 and 0.086 wt.% with an average
of 0.040 wt.%. The average concentration of primary uranium in the sandstone is 0.44
mg /kg. There was no significant difference in the uranium content between samples in
contact with contaminated or uncontaminated ground water.

3.2. Ground water

3.2.1. Water composition

Ground water was collected from monitoring well #926 (Table 2), located within the
area of contaminated ground water, and from well #9438 (Table 2), located outside the
plume. Water was pumped directly into plastic bottles placed in a nitrogen flushed glove
box in the field. The in situ water temperature was 16°C, the concentration of dissolved
oxygen 3.1 mg/1 (#926) and 7.0 mg/1 (#948), measured by lowering a YSI 5739 field
probe (YSI, OH, USA) into the water in the wells after pumping for a while. The pH
was measured in the glove box and was 6.6 (#926) and 7.7 (#948). In the laboratory,
the water was stored at 4°C. The water was analyzed by Core Laboratories. Results are
given in Table 2. The salt content is high (4.7 g/1). Nitrate and sulfate are the major
anions. In water from well #926, the uranium concentration exceeds US ground water
protection standards more than 5 times and nitrate 28 times (Table 2). The high
alkalinity of the contaminated water, expressed in terms of CaCOj, results from leaching
of the ore with Na,CO,. Dissolved oxygen concentrations indicate oxidizing conditions.

3.2.2. Uranium speciation and adsorption

Batch experiments with crushed sandstone and contaminated ground water showed
that uranium is not adsorbed on the sand particles. Thermodynamic calculations using
the EQ3NR code (Wolery, 1992) showed that more than 98% of the uranium is
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Table 2
Chemical composition of ground water (mg/1)

Well #926 Well #948
U 0.250 0.0014
Alkalinity (CaCO;) 572 88
Ca 681 282
Mg 329 6.2
Na 172 14
K 30 1.8
Sr 7.04 0.65
Fe 0.05 0.34
Mo 0.01 0.01
NO, 1220 11.85
SO, 1830 9.56
Ci 88.4 6.9
TOC 40 5.0
DS 4720 130
Temperature (°C) 16.8 17.1
Dissolved oxygen 3.1 7.0
pH 6.63 7.70
US ground water protection standards* (mg /1)
U 0.044
NO, 44

*Federal Register (1995).

complexed as UO,(CO,)3~, UO,CO,;);~, and some UO,CO,. We measured the
zeta-potential of the sandstone surface in the ground water and found a value of —12
mV. The negatively charged uranium species cannot be adsorbed on negatively charged
surfaces. Uranium from the tailings is in solution and is readily accessible to bacteria.

3.2.3. Uranium coprecipitation

At 16°C, the water is saturated with CaCO;. Aragonite precipitates when the
temperature is increased and uranium is coprecipitated. The process is slow. At 24°C,
the uranium concentration decreased by 40% after 6 months and its concentration in the
mixture aragonite/calcite was 0.4 g/kg (Abdelouas et al., 1998). Walker et al. (1989)
studied biodenitrification of waste waters from a uranium refinery and reported that
calcite precipitated and plugged their fluidized bed reactor. Calcite precipitated because
organic matter was oxidized to CO, during denitrification. This is an important finding
and is taken into consideration in this work. Coprecipitation of uranium was not studied
by Walker et al. (1989).

3.3. Indigenous bacteria

Cultures grown during oxidation—reduction experiments were analyzed by Microbe
Inotech Laboratories (Saint Louis, MO, USA). The most probable number method
(MPN) was used to count nitrate and sulfate reducing microorganisms. The U.S.G.S.
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method B-0430-85 (1988) was used to determine the MPN of nitrate reducing bacteria.
The US Environmental Protection Agency (EPA) standard method 9240 D.H. (EP.A.
Standard Method 9240, 1992) was used to determine the MPN of sulfate reducing
bacteria. Following isolation, the strains were incubated and processed by standard
GC-FAME method 1. The processed strains were examined against both the Aerobe
(TSBA [rev. 3.90]) and Clinical Aerobe (CLIN [rev. 3.90]) GC-FAME data bases
supplied by Midi Microbes (Newark, DE, USA). ! Two denitrifying bacteria were
identified Pseudomonas aeruginosa and P. stutzeri, and one sulfate reducing bacterium,
S. putrefaciens. S. putrefaciens is reported by Lovley (1995a) to catalyze reduction of
U(VD) in the presence of H,. The initial concentration of sulfate reducing bacteria in the
ground water was very low (1 cell/100 ml) compared to that of denitrifiers (450
cells /100 ml) (L.L. Barton, personal communication).

3.4. Amendment

Ethanol (reaction 7) was used as a carbon source. Phosphorus was added because its
concentration (< 0.1 mg/1) was found to be too low to sustain growth of bacteria.
Sodium trimetaphosphate (TMP), Na,P,0,, was used. Readily soluble phosphates were
not useful because calcium phosphate precipitated. The concentration of TMP was
varied between 0 and 100 mg /1 and 20 mg/1 was selected for all experiments because it
yielded the highest rates of denitrification and sulfate reduction.

3.5. Batch experiments

Numerous experiments were conducted in serum bottles to identify the best amend-
ments (organic carbon compound and phosphorus source) in terms of high yield and fast
reaction. Contaminated ground water from well #926 and sand were used in the batch
experiments. Sand sampled from the surface was washed before use following the
procedure by Kunze and Dixon (1989). This procedure was applied to remove relic
organic carbon compounds. Serum bottles (160 ml) with 8 g of desegregated Navajo
sandstone were autoclaved at 120°C for 25 min. Then 100 m! of ground water were
added. A few drops of a 0.2% resazurin solution were added as a redox potential
indicator. Resazurin is colorless at E,; < — 100 mV and, depending on pH, pink or blue
under more oxidizing conditions. The bottles were sealed with a butyl rubber stopper in
an aseptic environment in a glove box. A syringe needle was introduced through the
stopper to purge the ground water with argon. In this way an anaerobic environment was
maintained. To keep the argon gas sterile, a gas filter with 0.2 pm pore size was used.
Finally, the bottles were crimped with an aluminum seal. The bottles were then kept at
16°C and 24°C, respectively, for the duration of the experiments.

' GC-FAME databases. Aerobes (TSBA [rev. 3.90D and Clinical Aerobe (CLIN [rev. 3.90]) GC-FAME
databases. Midi Microbio, 125 Sandy Drive, Newark, DE 19711, USA.
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3.6. Column experiments

The optimum experimental conditions determined by the batch experiments were
applied to column experiments. Plexiglas tubes, 5 cm wide, 20 cm long, were used to
construct columns. Sand was packed in the columns following a procedure described by
Siegel et al. (1994) to ensure homogeneous packing inside the columns. End plates with
feed-throughs were tied to the Plexiglas tubes. Long stainless steel screws and bolts,
outside the columns, connected the two endplates holding them in place. Argon was
flushed through the columns for 2 h to remove oxygen, followed by ten pore volumes of
deoxygenated deionized water to ensure complete saturation. The pore volume of each
column was determined by weighing it dry and water saturated. A porosity of about 30%
was obtained, close to that of sandstone cores (24 to 28%). Introduction of ground water
into the column and maintenance of anaerobic conditions was effected by a procedure
illustrated in Fig. 2. Water was pumped into the column and replaced by argon in the
reservoir, the effluent was collected in an argon filled serum bottle. Between sampling,
the column was sealed with wax to prevent penetration of oxygen.

Some batch and column experiments were executed by adding uranyl nitrate,
(UO,(NO,), - 6H,0), e.g., to produce enough UO, for analytical detection and struc-
ture analysis. In other experiments, Na,S - 9H,0 was added to determine whether a
significant amount of uranium is reduced by sulfide. This determination is necessary
because of the high sulfate concentration in the ground water and simultaneous

Influent reservoir

Effluent

Decompression}
needle

o]

Sand —

Porous screen —

7
Argon Tank

Plexiglass cap

— Serum bottle

7.

Argon supply
Fig. 2. Schematic diagram of the column system.
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reduction of uranium and sulfate (reactions 4 and 6, Section 2). Experiments were
conducted to test whether uranium precipitates as uranium phosphate. The ground water
was sterilized at 120°C. Ethanol and TMP were added and the concentrations of
uranium, nitrate and sulfate were measured over 2 months.

3.7. Analytical procedures

After completion of batch and soil column experiments sandstone samples were taken
and deposited on a sample holder to detect uraninite using a JEM-2000FX transmission
electron microscope and a Noran TN-5500 EDX element analyzer. The microscope was
operated at 200 keV. Electron diffraction analysis was conducted to identify uraninite by
its crystal structure. Analysis by environmental scanning electron microscopy (Electro-
Scan) was performed to avoid complete drying of the samples and to visualize bacteria.
The instrument was operated at < 20 keV. Measurements of nitrate, nitrite, and sulfate
were conducted using ion chromatography (IC Dionex DX 500). Before measurement,
solutions was filtered through a Nylon Acrodisc syringe filter (0.2 pm pore size;
Gelman Science) to remove biomass. A Laser fluorescence uranium analyzer (Scintrex
UA-3) was used to measure U(VI) concentrations selectively in solution on the order of
microgram /liter with a precision of + 15%.

4. Results and discussion
4.1. Denitrification

At 16°C and 24°C biological denitrification in column experiments (reactions 2 and 7,
Section 2) was complete within 10 and 3 days, respectively. The nitrate concentration
decreased from 1.2 g/l to below the detection limit of the ion chromatograph (0.1
mg/1). The results for 24°C are shown in Fig. 3. Nitrate reduction was followed by an

2000 -9-0-9-9 250
-~ 200 §
g 1500 ~
E 150 £ | —p— Nitrate
] & | —©— Nitrite
& ] .
:.-; 1000 € | —8—— Uranium
& 100 & | @~ Sulfate
] £
g H]
E 500
8 - S0 §
=1
0 - 0
0 100 200 300 400
Time (hours)

Fig. 3. Denitrification at 24°C using contaminated ground water from the Tuba City site amended with ethanol
and trimetaphosphate.
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accumulation of nitrite. This phenomenon is due to a higher reduction rate of NO; to
NO; than NO; to N,O and N, (Betlach and Tiedje, 1981; Green et al., 1994). The
accumulated nitrite is reduced to nitrogen, indicated by the generation of bubbles in the
serum bottles.

pH changes were almost insignificant: after amendment with ethanol and TMP
pH=8.6 + 0.1 was measured. The lowest value in the course of denitrification was
pH = 8.2 £ 0.1 and the final value was pH = 8.4 + 0.1. A much stronger decrease was
calculated (pH = 3.2 at 24°C and 3.3 at 16°C) based on the intermediate formation of
nitrite and its relatively slow further reduction (Fig. 3). This should lead to a transient
accumulation of H* in solution:

1/2NOj + 1/12C,H,OH = 1/2NO; + 1/6 HCO; + 1/6H*+1/12H,0
(8)
1/2NO; +1/8C,H,OH + 1/4H*=1/4N, + 1/4HCO; +3/8H,0  (9)

However, the acidity produced by these reactions is buffered (Read et al., 1993) by
jon exchange of H* with K* and Ca?* in the clay. The production of CO, during
ethanol oxidation lead to precipitation of aragonite /calcite from the CaCO,-saturated
ground water at 16°C. A mixture of aragonite /calcite was detected in the sandstone after
denitrification.

The sulfate concentration remained constant during denitrification, in agreement with
the sequential nature of the process. A decrease in Ey to < —100 mV during
denitrification was indicated by resazurin’s color change from blue, via pink to colorless
at the end of denitrification. In addition, the E,; was measured electrochemically and a
value of —70 to —100 mV was obtained.

There is fairly large scattering of the uranium concentration data during nitrate
reduction. However, the decrease in the uranium concentration from an initial value of
199 pg/1 to 109 png/1 (Fig. 3) at the end of denitrification is significant. Nuttall et al.
(1996) showed that this decrease is due to adsorption of uranium on denitrifying
bacteria. Additionally, uranium may have been coprecipitated with aragonite /calcite
(Section 3.2). During denitrification the calcium concentration in the ground water
decreased by 66%.

Experiments with sterilized ground water and TMP in serum bottles showed that the
concentrations of uranium, nitrate and sulfate did not change (Fig. 4). There was no
precipitation of uranium phosphate.

4.2. Reduction of uranium at low concentration (0.25 mg /1 U)

At the end of our denitrification experiments the redox potential in the columns had
decreased to < — 100 mV. Under this condition sulfate reducing bacteria can be grown
(Pfennig et al., 1981; Postgate, 1984). In the presence of sulfate, uranium and sulfate
reduction are expected to take place at the same time. To activate S. putrefaciens, we
added more ethanol to reach a molar ratio of ethanol/sulfate of 2/3 according to
reaction 10:

380} +2C,H,0H = 4HCO; +3HS™+H*+2H,0 (10)
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Fig. 4. U(VD), nitrate and sulfate concentrations in ground water amended with ethanol and trimetaphosphate.
The indigenous bacteria were heat-killed.

No additional TMP was added, assuming that the microorganisms would use residual
phosphate in solution or phosphate from dead denitrifiers. After 2 weeks at 24°C, sulfate
reduction was detected by the smell of H,S and by black spots on the sand containing
Fe and S, presumably FeS. The U(VI) concentration in the effluent of the column had
decreased to 14 pg/1 after 21 days and 0.5 pg/1 afier 2 months. The concentration of
uranium in the uncontaminated ground water is about 1 pg/l. The chemical composi-
tion of ground water from well #926 after denitrification and partial reduction of sulfate
in a column experiment is given in Table 3, column 3. The concentration of Ca was
measured before and after sulfate reduction and was constant, indicating that no
aragonite /calcite precipitated. We conclude that uranium was reduced in the course of

Table 3

Chemical composition of contaminated ground water before and after bioremediation (mg/1)
Well #926, before Well #926, after
bioremediation bioremediation

NO, 1220 <0.1

so, 1830 1250

U 0.250 0.014

Cd 0.005 0.005

Ca 681 234*

Fe 0.05 0.59

Pb 0.05 0.05

Mg 329 264

Mn 0.02 0.76

Mo 0.05 0.05

Se 0.1 0.1

Sr 7.04 347

*Reached after denitrification and remained constant during reduction of uranium.
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sulfate reduction. Table 3 shows that the sulfate concentration decreased by 600 mg/1,
indicating that an equivalent concentration of sulfide was produced. Thermodynami-
cally, U(VI) is not stable in the presence of sulfide (HS™) and should be reduced to
U(IV). Therefore, we examined the possibility that uranium was reduced by sulfide and
not by the catalytic activity of bacteria. Experiments in serum bottles were conducted at
24°C using ground water with a U(VI) concentration of 250 pg/1 to which sodium
sulfide was added. The sulfide concentration was varied between 0 and 20 mM. The
results are shown in Fig. 5. For sodium sulfide concentrations between 0 mM (control)
and 2 mM, there was no correlation with the amount of uranium removed. In all
experiments the U(VI) concentration decreased by 35% to 50% after 62 days. Removal
of uranium was entirely due to precipitation of aragonite /calcite. Experiments with 10
mM and 20 mM sodium sulfide showed fast removal of U(VI) initially, 75% within the
first 3 h (Fig. 5), reaching 98% only after 108 days. Results in Fig. 6 show U(VI)
removal at 24°C in the presence of sulfate reducers. The maximum concentration of
sulfide generated in this experiment was 4 mM. The rate of U(VI) removal was slower
in the beginning but 99% of U(VI) were removed after 36 days. There is no similarity
with the respective curves in Fig. 5. In the experiments with 10 and 20 mM sodium
sulfide the pH was 10 and the solution was supersaturated with respect to Mg(OH), and
saponite type clays, in addition to aragonite /calcite. The precipitate from these solutions
was analyzed and a saponite-type clay was detected under the electron microscope by
conducting energy dispersive X-ray and electron diffraction analyses. The zeta potential
of the precipitate was found to be +10 mV. Adsorption of negatively charged
U(VI)-carbonato complexes on these particles may explain why U(VI) removal is higher
initially than with lower sodium sulfide concentrations.

We conclude that reduction of uranium is mediated by enzymatic activity of sulfate
reducing bacteria. Competing reactions are either too slow or too inefficient to explain
depletion of uranium to concentrations of 1 pg/1.

Experiments in serum bottles showed that the rate of uranium reduction is slower at
16°C than at 24°C. Results are shown in Fig. 6. The U(VI) concentration decreased from

—_0— 02mM
———— 0.4 mM

75 —O0— 1mM
—_—tf— 2 mM
«~-f--- Control

504 ——— 10 mM

20 mM

% U(VI) in solution

.. Sy
~ -
-.

)
0 50 100 150
Time (days)
Fig. 5. U(VI) removal from the ground water containing sodium sulfide.
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Fig. 6. U(VI) reduction at 16 and 24°C using contaminated ground water from the Tuba City site amended
with ethanol and trimetaphosphate.

231 to 1.8 pg/1 in 36 days at 24°C and from 250 to 15 pg/l in 69 days at 16°C.
Compared to Lovley’s results (Lovley et al., 1991) our uranium reduction process is
slow. Their reduction rates lead, e.g., to removal of 1.4 g/1 of uranium in 1 day. This
difference can be explained by the lower initial concentration of sulfate reducing
bacteria (on the order of 1 cell/100 ml) in the ground water and by the lower
temperatures in our experiments. Lovley et al. inoculated high concentrations of cultured
cells (108-10° cells /100 ml) and incubated them at 30-35°C.

4.3. Reduction of uranium at high concentrations (27-235 mg /1 U}

Series of experiments were conducted to test whether uranium can also be reduced
enzymatically at high concentrations. After denitrification of the ground water in serum
bottles, uranyl nitrate was added together with 5 ml of a stock containing sulfate
reducing bacteria to accelerate the uranium reduction. These bacteria originate from the
Tuba City ground water but were grown in a separate experiment by adding ethanol and
TMP to the contaminated ground water and sand. Initial uranium concentrations varied
between 27 mg/1 and 235 mg /1 and were two to three orders of magnitude higher than
in the Tuba City ground water. Uranium concentrations then decreased as a function of
time and a dark precipitate formed. The solutions were filtered and the precipitate was
separated. To determine the contribution of adsorption of uranium on biomass (dead
denitrifiers) to the removal of uranium from solution, a control experiment was
conducted without adding sulfate reducers and ethanol. Biosorption was a concern
because a lot of biomass (7 - 102 cells /ml) produced during denitrification.

Fig. 7a shows that uranium is removed from solution by enzymatic reduction,
independent of its initial concentration. Final concentrations of U(VI) after 90 days
ranged between 0.1 mg/1 and 0.2 mg/l. The control experiment [119 mg/1 U(VI)]
shows the uranium concentration in absence of sulfate reducers and ethanol. The
concentration fluctuated in the course of the experiment and a net decrease of 33% was
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Fig. 7. (a) U(VI) reduction at 24°C in ground water amended with ethanol and trimetaphosphate. U(VT)
concentrations were artificially increased by adding uranyl nitrate. (b) Sulfate reduction at 24°C in ground
water amended with ethanol and trimetaphosphate. Numbers in legend are initial U(VI) concentrations in
solution.

measured after 90 days. This decrease is attributed to biosorption. No dark precipitate
was detected and no aragonite/calcite precipitated. Fig. 7b shows the decrease in sulfate
concentration observed along with the decrease in the uranium concentration. There was
no reduction of sulfate in the control experiment.

4.4. Identification of uraninite

The dark precipitate formed during the experiments with high U(VI) concentration
(Section 4.3) was studied by transmission electron microscopy. Fig. 8 shows a bacterium
with dark spots on its surface. The spots were analyzed with the help of the EDS
microanalyzer attached to the transmission electron microscope. Uranium, calcium and
oxygen were found. Electron diffraction analysis showed that the spots are a poorly
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Fig. 8. Bacterium with uraninite particles.

crystallized solid solution of (U,Ca)O,. The d spacings of the Ca-bearing uraninite
match those of pure uraninite (Table 4). The presence of calcium in uraninite is not
surprising. Natural uraninite usually contains calcium (Janeczek and Ewing, 1992). The
ionic radius of Ca (0.112 nm) is close to that of U(IV) (0.10 nm).

4.5. Porosity of the sandstone after production of biomass

After termination of the denitrification /uranium reduction experiments sandstone
samples were taken from the column and observed under the ESEM. Fig. 1b shows that
there is no evidence of plugging of pores with biomass or aragonite/calcite. The
hydrological properties of the sandstone are not deteriorated by enhanced bacterial
activity in the ground water. This finding is important, if a microbially catalyzed process
were applied for in situ ground water remediation at the Tuba City site. An in situ
bioremediation process relies on sufficient conductivity and mixing in the host rock.

Table 4
Comparison of d spacings of Ca-rich uraninite bioprecipitated in ground water from well #926 with the
JCPDS data of uraninite

hkl d spacings of JCPDS* ¢ Difference, %
Ca-uraninite (nm) spacings of UO,

111 0311 0.316 1.6

200 0275 0274 04

220 0.195 0.193 1.0

311 0.163 0.165 12

* International Center for Diffraction Data, 1979.
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5. Conclusions

This study shows that uranium (0.25 to 235 mg/1) can be removed from ground
water contaminated with large amounts of nitrate, sulfate and carbonate using bio-cata-
lyzed reactions. After complete denitrification, uranium is reduced to U(IV) and
precipitates as uraninite. Simultaneous reduction of a fraction of sulfate to sulfide is
observed. Some Mn(IV) and Fe(III) from the sandstone are reduced as well. Enzymatic
reduction of uranium was proven unambiguously after all other reactions of uranium in
the ground water host rock system were described and understood.

The ground water from the uranium mill tailings site near Tuba City contains the
bacteria necessary to catalyze reactions with its contaminants after amendment. The
reaction rates can be controlled by the choice of the organic compound to stimulate
bacterial growth. Our results provide a basis for the design of an in situ bioremediation
process at Tuba City, using indigenous bacteria. The results emphasize the importance
of experiments closely simulating the specific conditions of the site to evaluate the
potential of bioremediation. The fact that useful bacteria are ubiquitous makes it
worthwhile to study other sites with uranium contaminated ground water.
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The role of pe, pH, and carbonate on the solubility of UO, and uraninite under nominally
reducing conditions

IGNast Casas,! JoaN DE PasLo,' Javier GiMénez,' M. ELENA TORRERO,' JOrRDI BRUNO,? EsTHER CERA,% RoBERT J. FiNcH,>* and

Robney C. Ewing™"
'Department of Chemical Engineering, Polytechnic University of Catalunya, Barcelona 08028, Spain

2QuantiSci SL, Parc Tecnoldgic del Valles, Cerdanyola 08290, Spain
3Department of Earth and Planetary Sciences, University of New Mexico, Albuguerque. New Mexico 87131, USA

(Received August 14, 1997; accepted in revised form March 26, 1998)

Abstract—Experimental data obtained from uranium dioxide solubility studies as a function of pH and under
nominally reducing conditions in a 0.008 mol dm~> perchlorate medium and in a 1 mol dm™> chioride
solution are presented. The solubility of extensively characterized uraninite samples from Cigar Lake
(Canada), Jachymov (Czech Republic), and Oklo (Gabon) was determined in a solution matching the
composition of a groundwater associated with granitic terrain. The redox potential of the test solution was
monitored throughout the experimental period.

The results obtained were modeled using aqueous formation constants compiled by the NEA, using stability
constants corrected to appropriate ionic strengths. The solubility curves have been adjusted by calculating the
value of K, (UO,, + 2H,0 & U(OH),,,,,) that gave the best fit with the experimental data. For a low
temperature synthetic UO,, a value of logK,, of —7.3 was determined, while for uraninites the best fit was
obtained with a value of logK_, of —8.5. A wide range of published UO, solubilities can be reproduced by
the available database, where experimental conditions were adequately defined in the original experiments.

A lower value of the solubility product of the uranium dioxide phase defined as fuel in the SKB uranium
database provides reasonable solubilities for a wide span of experimental results at near to neutral pH. Based
on the modeling and using the 8, , for the U(IV)-OH complexation given by Grenthe et al. (1992a), a logK,,
(UO,(s) + 4H™ & U** + 2H,0) value of —2.3 * 0.2 is proposed.

Differences in solubility between natural and synthetic samples are attributed to the presence of carbonate
in the experiments performed with uraninites, while differences in solubility observed among the natural
samples can be correlated to radiation effects at atomic scale. Copyright © 1998 Elsevier Science Ltd

1. INTRODUCTION

The cycling of U in natural water systems has received con-
siderable attention since the seminal paper by Hostetler and
Garrels (1962); however, the focus of interest has shifted from
uranium exploration to the transport and fate of uranium in
groundwaters related to the disposal of high-level nuclear
waste. Much of the recent work has been to provide thermo-
dynamic data identified as needed by Langmuir (1978) and
recently a compilation of selected thermodynamic data has
been published by Grenthe et al. (1992a). Additionally, much
work has been undertaken in order to determine the thermody-
namic and kinetic properties of uraninites (UO,, ). Interna-
tional projects at Pogos de Caldas in Brazil, Cigar Lake in
Canada and Oklo in Gabon (Miller et al., 1994) have investi-
gated different U ore deposits in order to understand the key
hydrogeochemical parameters that determine the mobility of U
and other trace metals.

In light of these new data and recent experimental work, it is
appropriate to review the transport and precipitation of U in
natural waters, particularly with attention to a key variable in
the U system: the redox potential. In spite of the controversy

*Present address: Argonne National Laboratory, Argonne, Illinois
60439-4837, USA.

tPresent address: Department of Nuclear Engineering and Radio-
logical Sciences, University of Michigan, Ann Arbor, Michigan 48109,
USA.
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associated with the use of redox potentials in natural systems
(see Grenthe et al., 1992b, for discussion), U behavior is clearly
determined by the oxic/anoxic conditions of natural water
systems.

This work presents a series of laboratory experiments which
establish the dependence of the solubility of UO, on the key
variables of pH, pe, and carbonate content. These results are
interpreted in light of published selected thermodynamic data-
bases for U (Bruno and Puigdoménech, 1989; Grenthe et al,,
1992a). Furthermore, we apply the derived thermodynamic
model to UO; solubility data obtained from dissolution studies
of natural uraninite samples from selected sites: Cigar Lake
(Canada), Oklo (Gabon), and Jachymov (Czech Republic). We
propose a thermodynamic model for the behavior of U in
anoxic environments that is tested against experimental data
extracted from the literature.

2. EXPERIMENTAL
2.1. Solid Phases

2.1.1. Uranium dioxide

The solid phase used in the experiments was an unirradiated pow-
dered synthetic uranium dioxide sample suplied by ENUSA (Empresa
Nacional de! Uranio S.A.), with a particle size ranging between 10 and
50 pm. X-ray powder diffraction (XRD) analysis showed the bulk of
the sample to correspond to a stoichiometry of UO, 4.
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Table 1. Main minerals identified in the uraninite samples.

Mineral Vol % (est.}
Clgar Lake Jachymov Okio
uraninite 45-55 85-90 90-95
“Hite"(Al-rich) 30-35 <$
*chiorite*(Fe-rich) 20 <5
calcite 1018 <5
antigorite (7) <5
gatena <5 <5
chalcopyrite <5
kaolinite (7) <5
organic material <5
quartz <5
coffinite (7) ? ? ?
pyrite () ?

2.1.2. Uraninite

Three uraninite samples were used in the experiments and charac-
terized by a variety of analytical methods that include optical micros-
copy, XRD, electron microprobe analysis (EMPA), conventional and
environmental scanning electron microscopy (SEM and ESEM) with
energy dispersive x-ray spectroscopic analysis (EDS), back scattering
electron imaging (BSEI), and wansmission electron microscopy
(TEM). This characterization was performed in both leached and un-
leached samples (see Casas et al., 1994) showing an uraninite compo-
sition described as (U**, U*S, Pb, Ca, Y, REE) O,,,. The samples
came from Cigar Lake (Canada), Jachymov (Czech Republic), and
Oklo (Gabon), and they were supplied by AECL (CS615-B2), Harvard
Museum (HM 86537), and Los Alamos National Lab. (ORZ-9-005),
respectively. In Table | a summary of the minerals identified in each
sample is presented. For a more complete description of the sample see
Casas et al. (1994).

2.2, Test Solutions

Experiments were made at 25°C in three different ionic media:
sodium perchlorate, sodium chloride (using powdered UO, in both

Table 2. Total uranium in solution for the dissolution of UO, in
810~ mol dm™ sodium perchlorate.

pH pe log [U]
1.56 0.39 -3.87
2.15 1.25 -4.04
2.18 1.22 -4.03
2.81 0.59 -4.62
2.83 1.35 -4.30
2.99 0.49 -4.86
3.35 -5.34
3.57 -5.52
3.66 -5.87
3.80 -5.40
3.84 -0.98 -5.19
3.95 1.72 -6.38
417 2.08 -6.28
5.33 0.95 -7.20
6.30 -7.50
6.71 -2.79 -7.18
7.80 -7.20
9.41 -1.33 -7.10

cases), and a synthetic water with the composition of a typical ground-
water in a granitic environment (experiments with uraninite samples).

2.2.1. Sodium perchlorate

Solutions were prepared from sodium perchlorate Merck® p.a., used
directly as supplied and doubly distilled water. The sodium perchlorate
concentration was 0.008 mol dm™> to simulate a noncomplexing me-
dium of low ionic strength.

2.2.2. Sodium chloride

NaCl solutions were prepared from sodium chloride Merck® p.a.,
used directly as supplied, and doubly distilled water. A sodium chloride
concentration of 1 mol dm™> was used as an approach to the conditions
expected in high ionic strength media.

2.2.3. Synthetic granitic groundwater

A synthetic groundwater (GW) test solution was prepared to simu-
late the composition of a groundwater in equilibrium with granite
(Sandino et al., 1991). The solution is representative of a complexing
medium of low ionic strength, as found in a granitic environment.

2.3. Experimental Procedure

Prior to the experiments. the solid phases were pretreated by immer-
sion in diluted perchloric acid for 24 h in order to eliminate fines,
oxidized phases, or, in general, more reactive phases. Afterwards, the
solids were washed several times with doubly distilled water to elim-
inate the excess acid and. finally, transferred to the vesse] with the test
solution. In all these steps reducing conditions were maintained by
hydrogen bubbling in the presence of a palladium catalyst.

Test solutions were continuously purged with hydrogen. The gas
used was nominally 99.999% pure. The only exception was for the
experiments performed with uraninites in the synthetic granitic ground-
water, where mixtures of hydrogen and carbon dioxide (1%) were used.
In all cases, the gas stream was initially bubbled through a solution of
Cr(Il) in contact with a Zn/Hg amalgam in order to avoid any possi-
bility of introducing oxidants into thc system. In the experimental
vessel, hydrogen gas and a palladium black catalyst were used to ensure
reducing experimental conditions.

Once the solid was introduced into the experimental vessel, samples
were taken and analyzed at various times until constant total U con-
centrations (*5%, the error range of the U analysis for the levels
determined) as well as pH readings (2£0.1) were reached. At this point,
equilibrium was assumed, the pH was shifted to a new value, and the
procedure restarted. To shift the pH of the test solution to more acidic
values, either perchloric or hydrochloric acid was used, depending on
the ionic medium. A carbonate-free diluted solution of sodium hydrox-
ide was used to increase the pH. Samples were immediately filtered
through a 0.22um MILLIPORES®. The analyses were usually com-
pleted in few hours after sampling. When this was not possible and the
sample had to be stored before analysis, the solution was acidified by
adding a small volume of concentrated nitric acid.

2.3. Analysis

The pH of the solutions was monitored by means of a calibrated,
combined-glass electrode. The redox potentials were measured with a
platinum electrode. The measurements were made against the silver/
silver chloride and KCl saturated reference of the combined glass
clectrode. Under the experimental conditions of this work the measured
Pt-electrode potential is likely to correspond to a mixed potential
because it will also respond to pH. However, it seems to give a
reasonably good indication of the redox state of the system (see Results
section).

Uranium was determined using the Scintrex® UA-3. Analytical
problems may arise in the experiments performed in chloride media
because this anion interferes with the fluorimetric method. However,
the relatively high U concentrations in these experiments allowed them
to be diluted prior to analysis, so that the chloride values were below
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Fig. 1. Experimental solubilities as total uranium concentrations in
solution for the dissolution of uranjum dioxide in 8 X 10~ mol dm™?
sodium perchlorate test solution. Solid line corresponds to the calcu-
lated solubility.

the level where interferences may affect determinations (de Pablo et al.,
1992).

3. RESULTS AND DATA TREATMENT
3.1. Uranium Dioxide Solubility in Perchlorate Medium

The results are given in Table 2 and Fig. 1. They are
presented as the logarithm of the solubility (given as the total
concentration of U in solution) as a function of pH. The redox
potential measurements are given for most sampled solutions.

Hydroxo-complexes of U(IV) and U(VI) are the predomi-
nant aqueous complexes under these experimental conditions.
Formation constants given in the recent NEA compilation
(Grenthe et al., 1992a) were used throughout this paper. For-
mation constants at different ionic strengths were calculated
(see Table 3) using the Specific Interaction Theory (SIT)
method (Grenthe et al., 1992a). The activity coefficients for this
correction were also taken from Grenthe et al. (1992a) (for the
uranyl-hydroxo complexes (1,4) and (2,1) the activity coeffi-
cients were not available, and the calculations were not made;
however, these two complexes are pot significant under the
experimental conditions).

Predominance diagrams show the possibility of coexistence
of an U(IV) solid phase with U(VI) aqueous complexes, in case
where strictly reducing conditions are not achieved (Fig. 2a and
2b). For this reason, the solubility model must include all the
U@V) and U(VI) species calculated for different values of
oxygen fugacities (identified in our case to oxygen partial
pressures: Pg,). Considering the water-oxygen equilibrium re-
action:

0,(g) + 4H" + 4] & 2H,0 1)
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Table 3. Thermodynamic constants for uranium at 25°C from
Grenthe et al. (19922), except solid phases marked with an asterisk,
from Bruno and Puigdom&nech (1989). All aqueous species for-
mation and solid dissolution reactions are related to U**.

Aqueous log B log B log B
species (I=0) (I=8mM) (I=1M)
uo2 -9.04 -9.36 -10.85
UOH* -0.54 -0.78 -1.76
U(Ol"l)22+ -2.36 -2.76 -4.18
U(OH),* -3.93 -4.17 -6.08
U(OH),za -5.13 -5.61 -7.30
U0,0H’ -14.24 -14.64 -16.06
UOz(OH)z(aq) <1934 <1990 <-22.35
UOz(OH)a' -28.78 -29.1 -30.40
UOz(OH) Ks -42.04
(U02)20H3’ -20.78
(UOz)z(OH)zz’ -23.7 -24.42 -27.74
(U02)3(0H) 2 -38.02 -40.16 -44.87
(UO,),(OH),* -42.67 -43.88 -49.36
(U02)3(OH)7' -58.12 -57.00 -64.94
(UO2 (OH),* -58.06 -59.66 -66.75
UO,CO,ea 0.64 0.00
UOz(CO;,)zz‘ 7.20 7.26
uoz(coa); 12.56 12.24
U(Co,) * 35.12
U(CO,).* 34.00
uce* 1.72 1.40 0.38
U02CI’ -8.87 -8.35 -10.45
UO_Cl aq -10.14 -10.70 -12.47
Solid log Kgqg logKgg log Kgg
phases (1=0) (i=8mM) (I=1M)
UQ, 0 -4.85
Uoz(l‘ue!) * -1.60 -1.12 0.57
UO,am () 0.50
U,0;cm 1.29
U, 0y -4.11
UO,(OH),cr  13.97
U0,y 16.74
with an equilibrium constant defined as:
a0
K = 10P® 2)

" Po,t (HT)*- ()
the following relationship is obtained:
log Po; = 4(pH + pe) — logK + 2log a0 3)

In this way, two main experimental variables are required to
define the solubility: pH and pe. Calculations were made for
different constant oxygen partial pressures by using a simpli-
fied form of Eqn. 3:

pc+pH=n 4)

being n a constant term which takes, in our case, any value
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Fig. 2. Predominance diagrams of uranium as a function of logarithm
of oxygen partial pressure and pH: (a) Predominant solid phases; (b)
Predominant aqueous species. Experimental pe (corrected to log
Poy)-pH measurements of the experiments: perchlorate (open dots),
chloride (full dots), Cigar Lake (open squares), Jachymov {full
squares), and Oklo (stars).

between 0 (water/hydrogen equilibrium, log Pg, = —83) and
7.3 (UO,:U,O, transition, log Py, = —54), to fall within the
stability range of UQ,.

The solubility curves calculated are presented in Fig.1. In
addition, the best fit was determined by varying the value of
K4, which is obtained by a combination of K, and B, 4. In this
way, errors that may arise from the uncertainties on the values
of these two constants are circumvented. The relative credit that
can be give to the values of these two constants are clearly
expressed in the database compilation used (Grenthe et al.,
1992). A similar approach has recently been used by Shock et
al. (1997) when deriving U thermodynamic properties at high
temperature and pressure.

As the value of n is augmented (Fig. 1), an important
increase of the calculated total U concentration in solution is
observed at both acidic and alkaline pH, due to the predomi-

Table 4. Total uranium concentration (mol dm™3) in solution
for the dissolution of UO, in 1 mol dm ~3 sodium chleride.

pH pe log [U]
1.06 1.62 -3.73
1.54 1.3 -3.80
2.27 2.38 -3.68
2.70 3.80 -3.64
2.73 a.70 -3.63
3.10 3.63 -3.60
3.32 2.52 -3.77
3.84 240 -3.97
4.23 221 -4.67
4.69 1.84 -5.54
4.81 1.34 -4 .56
5.34 -2.62 -5.41
5.90 -2.84 -6.00
6.30 -3.23 -6.99
6.84 -2.92 -7.14
7.05 -2.76 -6.95
7.09 -2.60 -7.26
7.14 -3.84 -6.52
717 -2.92 -7.36
7.49 -3.80 -8.89
7.67 -2.91 -£.67
8.10 -4.02 -7.36
8.29 -3.41 -6.62
9.07 -1.86 -7.03
9.19 -3.11 6.72

nance of uranyl ion and uranyl-hydroxo complexes in solution,
respectively. At neutral pH values the solubility is not signif-
icantly affected in the range of values of n used. This is due to
the high stability of the fourth hydroxo complex of U(IV),
predominant in this pH range.

The logarithm of K, which gives the best fit to the data (Fig.
1) is —7.3, with a value of n of 6. The experimentally measured
pH and pe pairs give a range of values for n of 4.5 * 1.5. The
experimental results show a large scatter, but with a fairly good
agreement with the theoretically determined value of n (see Fig.
1). This comparison provides confidence in the use of Eqn. 4,
which stresses the important role of the redox potential in the
solubility of UO,(s).

3.2. Uranium Dioxide Solubility in Chloride Medium

The results are given in Table 4 and Fig. 3. A plateau of
solubility values is evident for pH values lower than 4. For the
rest of the pH range, the data are comparable to those obtained
in perchlorate medium.

In this case the modeling included, in addition to the hydroxo
complexes, the UIV and VI)-chloride complexes:

UCI*3, UO,CI*, UO,Cly(aq) )
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Fig. 3. Experimental solubilities as total uranium concentrations in
solution for the dissolution of uranium dioxide in 1 mol dm—3 sodium
chloride test solution. Solid line corresponds to the calculated solubility.

The formation constants were corrected to 1 mol dm™> (see
Table 3), using the specific interaction theory (SIT). Owing to
the unique character of the solubility plateau, the calculations
were made using as input the experimental pH-pe pairs. Also,
we used the same value of K_,, optimized in the previous
section, corrected to the corresponding ionic strength. The
mode! obtained is shown as a dashed line in Fig. 3 and com-
pared with the model calculated for a pe + pH value of zero,
shown as a solid line.

A fairly good agreement was found between calculated and
experimental data. In addition, the solubility plateau was
clearly reproduced for pH’s lower than 4. The experimental pe
values of this pH range appear to follow the potential of the
equilibrivm between U(VI) and U(IV) aqueous species (see
Fig. 2b) within the fairly large uncertainty of the Eh measure-
ments. This is somewhat surprising due to the low concentra-
tion levels of the agueous species. At this point we can only
speculate about the redox buffering role of the active UO,,
surface, which could be similar to the one posed by mixed
oxide phases like Fe,O; (White, 1990).

3.3. Uraninite Solubility in Synthetic
Granitic Groundwater

The results obtained are presented in Fig. 4 and Table 5. The
experimental values of (pH + pe) pairs for the three experi-
ments were (3 = 1), (7 = 2) and (3 * 1) for Cigar Lake,
Jachymov, and Oklo, respectively.

The modeling exercise included in this case also the U(VI)-
carbonato-complexes because U(IV)-carbonato complexes will
never be significant under the experimental conditions (Grenthe
et al., 1992a). The equilibrium constants used were those cox-
rected at 0.008 mol dm™>, close to the jonic strength of the
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Fig. 4. Experimental solubilities as total uranium concentration in
solution for the three experiments of dissolution of uraninite samples.
Solid lines correspond to the calculated solubilities.

synthetic granitic groundwater. Initially, we used the same
value of K, as in the previous analysis. However, the best fits
were obtained with a value of log K_, of —8.5 and n (pe + pH)
values that ranged from 6.2 to 6.9 depending on the sample
(Fig. 4).

3.4. Comparison to Previous Work

The model used in this study was compared to previous data
for the dissolution of uranium dioxide under nominally reduc-
ing conditions (Gayer and Leider, 1957; Galkin and Stepanov,
1961; Tremaine et al., 1981; Ryan and Rai, 1983; Rai et al.,
1990). These data are presented in Fig. 5. The theoretical
solubilities shown in the figure have been calculated using the
same K., values determined in our experiments with UQ,
(logK,, = —7.3) and with uraninites (JogK,, = —8.5), and the
best fit has been obtained by calculating the solubilities for
different values of n. In the absence of measured redox poten-
tials in these studies, it is not possible to choose the best model.

3.4.1. Crystalline uranium dioxide

The data corresponding to the work of Parks and Pohl (1988)
are presented in Fig. 6. These solubility measurements were

Table 5. Total uranium concentrations (mol dm™3) from natural
uraninites dissolution in synthetic granitic groundwater.
CIGAR LAKE JACHIMOV OKLO

pH pe_ leglujj pH ps  foglul| pH pe  log[u]
§61 384 830 | 803 140 -766 | 661 383 -7.06
838 409 794 | 844 130 .73 | 73 &52 688
708 357 780 | 710 265 890 | 812 385 566
798 424 704 | 702 220 847 | 838 438 508
843 372 4860 ) 343 140 ST
853 _-360 608
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Fig. 5. Uranium dioxide solubility data obtained under nominally
reducing conditions, corresponding to values extracted from the liter-
ature as given in the figure legend.

made between 25 and 300°C. Their U levels are the lowest
reported. From pH 4 up to 10, U concentrations are below
107%3 mol dm™> and are readily fitted assuming the K, and
the B, , proposed by the NEA, as indicated by the solid line in
Fig. 6. From those values a log K, of —9.8 is calculated. Also,
these experimental data more closely follow the NEA model
under reducing conditions. There is a slight discrepancy at
acidic pH values, although the more noticeable disagreement

5 ———r——————r——

log [U}

pH

Fig. 6. Parks and Pohl uranium dioxide solubility data obtained

~_ under reducing conditions. Dashed line corresponds to UO2 solubility

calculated under strict reducing conditions. Solid line is calculated with
pe-pH pairs of values following the pairs corresponding to the equi-
librium between U(IV) and U(VI).

occurs at pH 3, with a solubility peak that cannot be explained
by the different hydroxo-complexes that may be formed. The
possibility of U(IV)-fluoride complexation was postulated as an
explanation of this abnormal behavior of the system. However,
the effect is too large, and the authors themselves expressed
skepticism at this explanation. Oxidation of the U in solution is
a possible explanation.

As compared to previous models, we note that for (pe + pH)
= 6, the increase of solubility occurs at the pH where Parks and
Pohl (1988) observed the peak of solubility. This pH corre-
sponds to the one at which aqueous U(VI) attains its largest
predominance area (see Fig. 2b). In addition, the solubilities
determined by Parks and Pohl (1988) at pH values lower than
three are larger than predicted with the NEA model. As a
modeling exercise, we used a set of redox potentials following
the same trend as obtained in our experiments {see Fig. 2) to
calculate the solubility curve which is presented in Fig. 6 as a
solid line. The experimental peak in solubility obtained by
Parks and Pohl (1988) at pH = 3 is reproduced by these
calculations. The calculations also show that slight variations of
pe at this pH lead to important differences in solubilities, which
could as well account for the large range of U concentrations
found by Parks and Poh! (1988) around this pH.

4. DISCUSSION
4.1. Natural Systems

The interpretation of our experimental results can be applied
to observations made in natural systems. We concentrate on a
widely studied and well characterized system, the natural U
deposit located in Cigar Lake, Canada. ‘

The Cigar Lake system has been extensively studied as a
natural analogue of a spent nuclear fuel repository. The U ore
is located at 450 m depth, and careful characterization of the
site has demonstrated that Eh values as low as —243 mV can be
measured in the ore zone (Cramer and Smellie, 1994). This
measurement corresponds to a pe value of —4.11 and taking
into account the corresponding measured pH of 7.37, we ob-
tain: pH + pe = 3.26.

This redox potential, accurately measured, corresponds to
the least oxidized zone of the deposit and corresponds to a
reducing natural environment. However, the above result
shows the possibility of limited oxidation of the aqueous U(IV)
species. In fact, the field determinations are close to the values
measured in this study in the dissolution experiment of ura-
ninite from Cigar Lake. Hence, the mobilization of U in reduc-
ing environments can occur by omly slight changes on the
surrounding conditions, even if the solid phase is chiefly in its
reduced form.

4.2. Uranium Dioxide Crystallinity

The issue of the different degrees of solubility assigned to
solid phases with different degrees of crystallinity has not yet
been resolved. Two principal solid phases may define the
experimental solubilities under reducing conditions. Assuming
the solubility reaction is written in the form -

UO,(s) + 4H* & U* + 2H,0 6)
their solubility products are:
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logK,o (UO ,cr) = —4.85

logK,o (UO:f) = —-1.6

The first is applied to a well crystallized uranium dioxide
(Grenthe et al., 1992a), while the second was the solubility of
synthesized uranium dioxide or actual spent nuclear fuel
(Bruno and Puigdomenech, 1989).

Amorphous UO, solid has a solubility product of logK
(UO,am) = 0.5 (Grenthe et al. 1992a). However, there are
discrepancies in the identification and solubility of this phase.
Rai et al. (1990) used an amorphous uranium dioxide and
presented an XRD diffractogram that showed broad diffraction
maxima, characteristic of a poorly crystalline solid. However,
their solubility measurements give values comparable to those
obtained in this study for highly crystalline solids, which were
also checked by XRD analysis for the degree of crystallinity
(Aguilar et al.,, 1991).

A close examination of the overall dissolution process may
clarify these discrepancies. Bruno et al. (1991) studied the
kinetics of dissolution of uranium dioxide using a solid phase
identical to the powdered sample used in the present work. The
overall dissolution reaction showed a rapid and relatively large
initial release of U, that after few hours decreased until equi-
librium, or steady-state, was reached (after approximately 2
weeks). These data were interpreted as the dissolution of an
oxidized surface phase, releasing U(VI) into solution. Owing to
the hydrogen and the Pd catalyst, this U is reduced to U(IV)
that subsequently reprecipitates. This freshly formed phase will
determine the final solubility. The degree of crystallinity of this
layer is difficult to determine although it will likely comrespond
to a less crystalline phase than that of the bulk sample. This
would explain the agreement between our determinations and
those of Rai et al. (1990). Such a mechanism explains the
U concentrations generally attained at neutral pH values of
1077 —107® mol dm™ in different studies of solids obtained
from different sources, including from spent nuclear fuel (For-
syth and Werme, 1992).

The mechanism of dissolution was carefully studied in chlo-
ride medium following the change in composition of the solid
surface by means of x-ray photoelectron spectroscopy (XPS)
observations at various stages of the dissolution process (Tor-
rero et al, 1991). In general, the aqueous U concentrations
showed the same initial rapid release and subsequent precipi-
tation. The XPS data, on the other hand, allow evaluation of the
average U(VI)/U(IV) ratios in a surface layer of approximately
50-100 Angstrom thickness. These determinations showed the
presence of an oxidized overlayer that was dissolved during the
first stage of the experiment, leading to a less oxidized solid
surface. These observations provide some confidence in the
proposed mechanism and stress the possibility of a common
phase being responsible for the measured solubilities. This
raises the issue of the amorphous uranium dioxide in the NEA
database with a solubility product of 0.5. This solid phase
gives, at neutral pH values, solubilities as high as 3 - 10~° mol
dm™3 (Bruno et al., 1987). Based on the more recent results
presented in this work, we doubt that the appropriate redox
conditions were successfully maintained in the solubility ex-
periments from which this solubility product was derived. At
this point, we consider the reevaluation of the solubility product

of the so-called uranium dioxide fuel based on the U concen-
trations measured in this study.

A modeling exercise was made with all the data presented in
this work, including the results taken in the literature shown in
Fig. 5 (Gayer and Leider, 1957; Galkin and Stepanov, 1961;
Tremaine et al., 1981; Ryan and Rai, 1983; Rai et al., 1990).
From the best fit obtained for the model and using the B, ,
formation constant for the fourth U(IV)-OH complex given by
Grenthe et al. (1992a), a logarithm of the solubility product of
—2.3 * 0.2 is proposed. A value close to this can also be
obtained by a different approach. The possible effect of grain
size on solubility is given by the following equation (Stumm
and Morgan, 1981):

log Ko = log K,o(s=0) + [(23)- ¥(23-R-D]-S  (7)

where S is the molar surface area and v is the surface free
energy. A value of y = 2.1 (£0.2) J m™2 was used (Bruno,
1989). We also measured BET specific surface areas of the
different solids under study. Substituting these measured sur-
face areas in Eqn. 7 no significant difference of the log K, was
obtained. However, as said above, the formation of an amor-
phous or microcrystalline solid surface can be assumed from
the reaction mechanism. For that reason, we performed a BET
measurement of a micro-crystalline UO, (as showed by broad
peaks in its XRD pattern). A molar surface area of 9000 (+20)
m? mol™' was determined. With this value, and using log
Kixs=0y = —4.85, a log K,, of —2.7 * 0.2 was obtained, in
fairly good agreement with the one determined by the model. In
the experiments performed with uraninites, in which the model
used the logarithm of K, of —4.85, we must consider the
presence of carbonate in the test solution used in these exper-
iments. The formation of strong U(VI)-carbonate complexes
stabilizes U(VI) in solution and prevents its subsequent reduc-
tion and precipitation. XPS studies have shown that in the
presence of carbonate in solution, the composition of the solid
surface layer is close to stoichiometric UQO,, while under sim-
ilar experimental conditions but in the absence of carbonate, the
final solid surface showed different degrees of U oxidation
(Bruno et al., 1995).

The final subject of discussion considers the differences in
uraninite solubilities. In the experimental results we observed
the highest solubilities using the Oklo sample, which were
approximately 1 order of magnitude higher than those obtained
with the sample of Cigar Lake (Fig. 4). These differences may
be discussed as follows: although UO, and uraninite are both
considered to be highly radiation resistant (hence UQ, is used
as a nuclear fuel) and remain crystalline despite high radiation
doses (Johnson and Shoesmith, 1988; Janeczek et al., 1996),
there are well documented radiation effects at the atomic scale,
such as the increase of the unit cell parameter (Weber, 1981,
1984; Janeczek and Ewing, 1991; Matzke and Wang, 1996) and
an increase in the release of recoil nuclei from disordered
regions of the structure (Eyal and Fleischer, 1985; Vance and
Gascoyne, 1987). Natural uraninites experience very high ra-
diation doses due to alpha-decay of radionuclides in the decay
chains of U and Th. The natural samples from Cigar Lake,
Jachymov, and Oklo are very old, and the doses (in displace-
ments per atom) are calculated to be 750, 200, and >1000 dpa,
respectively. Although the uraninites remain crystalline due to
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Fig. 7. HRTEM micrograph of uraninite from the border of the
natural fission reactor zone 10 (SF29: 91.67 m) at Oklo in Gabon. The
image shows that the uraninite grain consists of up to approximately
10nm large nanocrystals with large angle grain boundaries. The nano-
crystalline aggregate also contains amorphous regions with inclusions
of <1 nm large crystallites as observed in the lower left coner of the
image (Micrograph courtesy of Keld Alstrup Jensen).

relatively rapid annealing of radiation-induced defects (Eyal
and Fleischer, 1985), there are clear effects on the microstruc-
ture (Fig. 7). The highly damaged uraninite consists of domains
with low angle grain boundaries or even distinct crystallites
with high angle grain boundaries. Isolated areas of amorphous
material may form at the grain boundaries, and there may be
chemical segregation (e.g., Pb) along the grain boundaries
(Janeczek and Ewing, 1995). Additionally, helium bubbles
form in the structure due to the alpha particles. All of these
features may lead to increased solubility of the Oklo sample as
compared to Cigar Lake uraninite.

5. CONCLUSIONS

Uranium dioxide solubilities have been experimentally de-
termined under nominally reducing conditions in a dilute per-
chlorate medium and in highly concentrated chloride solutions,
as an analogue of the ionic strength of groundwaters encoun-
tered in granitic and saline environments, respectively. The key
experimental variables, pe and pH, have been monitored
throughout the experiment. In another series of experiments,
the solubilities of three natural uraninites from Cigar Lake
(Canada), Jachymov (Czech Republic), and Oklo (Gabon) were
determined under the same conditions in a test solution match-
ing the composition of a groundwater in equilibrium with
granitic bedrock.

In all cases, measured solubilities were larger than expected

- for strictly reducing conditions, according to the U databases

used (Grenthe et al., 1992a; Bruno and Puigdomeénech, 1989),
corrected to the corresponding ionic media. In chloride me-

-

dium, a plateau of solubilities was determined for pH values
lower than 4. The increase in solubility under alkaline pH
values was much larger for the experiments performed with
uraninites in a synthetic granitic groundwater.

The experimentally measured redox potentials have shown
that although U may be maintained in its reduced form in the
solid phase, it can be at least partially oxidized in the aqueous
phase, resulting in the increased solubilities observed. By using
the experimental pe values, the solubilities can be approxi-
mately reproduced in all media. In chloride media, even the
plateau of solubility obtained was reproduced by the introduc-
tion of the experimentally determined pe data into the calcula-
tions. The experiments performed in the synthetic groundwater
have shown that the increase of solubilities at alkaline pH
values is probably due to complex formation between the U
(VI) formed and the carbonate present in the test solution. The
experiments performed with the uraninite samples were better
reproduced by using a logK_, value of —8.5. For the remaining
experiments (using uranium dioxide), the best agreement be-
tween calculated and measured U concentrations was obtained
by using a more soluble phase, with a logK,, value of —7.3.
Experimental solubilities in the literature determined under
nominally reducing conditions can also be reproduced with the
available databases by considering a partial oxidation of U in
the aqueous phase.

A lower value of the solubility product of the uranium
dioxide fuel phase (Bruno and Puigdomenech, 1989) gives
more representative solubilities for a wide span of experimental
results at near neutral pH (both for the results obtained in this
work and previous studies). From the modeling exercise, a
tentative logarithm of the solubility product (K 4) of —2.3 %
0.2 is proposed.

Differences in solubility between natura! and synthetic sam-
ples are attributed to the presence of carbonate in the experi-
ments performed with uraninites, while differences in solubility
observed between the natural samples can be correlated to
radiation effects at atomic scale.
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Microbially mediated reduction and immobilization of U(VI) to U(IV) plays a role in both natural attenu-
ation and accelerated bioremediation of uranium-contaminated sites. To realize bioremcdiation potential and
accurately predict natural attenuation, it is important to first understand the microbial diversity of such sites.
In this paper, the distribution of sulfate-reducing bacteria (SRB) in contaminated groundwater associated with
a uranium mill tailings disposal site at Shiprock, N.Mex., was investigated. Two culture-independent analyses
were employed: sequencing of clone libraries of PCR-amplified dissimilatory sulfite reductase (DSR) gene
fragments and phospholipid fatty acid (PLFA) biomarker analysis. A remarkable diversity among the DSR
sequences was revealed, including sequences from 8-Proteobacteria, gram-positive organisms, and the Nitro-
spira division. PLFA analysis detected at least 52 different mid-chain-branched saturate PLFA and included a
high proportion of 10mel6:0. Desulfotomaculum and Desulfotomaculum-like sequences were the most dominant
DSR genes detected. Those belonging to SRB within 5-Proteobacteria were mainly recovered from low-uranium
(=302 ppb) samples. One Desulfotomaculum-like sequence cluster overwhelmingly dominated high-U (>1,500
ppb) sites. Logistic regression showed a significant influence of uranium concentration over the dominance of
this cluster of sequences (P = 0.0001). This strong association indicates that Desulfotornaculum has remarkable
tolerance and adaptation to high levels of uranium and suggests the organism’s possible involvement in
natural attcnuation of uranivm. The in situ activity level of Desulfotomaculum in uranium-contaminated
environments and its comparison to the activities of other SRB and other functional groups should be an

important area for future research.

Microbially mediated reduction of redox-sensitive metals of-
fers the potential to remediate metal-contaminated groundwa-
ter in situ. Sulfate-reducing bacteria (SRB) are important
members of microbial communities involved in such metal
reduction and occur in a variety of environments, including oil-
and gas-bearing formations, soils, and domestic, industrial, and
mining wastewaters (39). Although traditionally considered
obligate anaerobes, observations of sulfate reduction occurring
in the aeraobic environment reported in the last 15 years have
demonstrated a much larger ecological range of the SRB than
previously thought (5, 6, 13). The dissimilatory sulfate-reduc-
ing bacteria in particular are environmentally ubiquitous, are
found over an extensive range of pH and salt concentrations,
and exhibit a superior ability to reduce and accumulate metals
(16, 30, 53). Additionally they can tolerate a variety of heavy
metals and dissolved sulfide. Some of these organisms can use
U(VI1) as a terminal electron acceptor, reducing the toxic and
soluble U(VI) to insoluble U(IV), and also generate insoluble
uranium sulfides in the presence of H,S.

Uranium has no known biological function and is toxic to
cells at low concentrations: 20 to 40 times more toxic than
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copper or nickel (20). The toxicity of uranium is primarily
derived from its chemical properties rather than from its ra-
dioactivity (12). It has been reported that bacteria capable of
reducing U(VI) to U(1V) are ubiquitous in nature (1, 2). The
uranium reducers are also primarily sulfate reducers, and their
growth can be stimulated by adding nutrients to the ground-
water (1).

It has been well documented that Desulfovibrio species can
reduce the soluble oxidized form of uranium, U(VI), to insol-
uble U(IV) (22, 23). A recent study demonstrated that a De-
sulfotomaculum strain isolated from heavy metal-contaminated
sediment can grow with U(VI) as the sole electron acceptor
(44). Overall the SRB play an important role in uranium geo-
chemistry and may be a useful tool for removing uranium from
contaminated environments by using ex situ treatments and
stabilizing uranium in situ. However, little is known about the
diversity of these bacteria, both in terms of community struc-
ture (the different SRB present in a single environmental com-
munity at a specific site) and community composition (the
onumbers or percentages of different SRB at a particular site).
There is also little information available on variations in the
SRB community structure and composition in response to
changing environmental conditions.

The objective of this research is to establish the diversity of
SRB at a heavy metal-contaminated site in relation to geo-
chemical measurements, particularly uranium concentration.
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This work is part of a broader effort to study the dominant
terminal electron accepting processes and biotransformation
occurring in the subsurface at such sites. The Shiprock site was
chosen because of its wide range of uranium concentrations in
groundwater and a wide range of cocontaminant concentra-
tions, particularly sulfate and nitrate. The site has been subject
to uranium contamination since the 1950s, providing a signif-
icant length of time for microbial communities to adapt to
elevated levels of uranium. Groundwater samples with a range
of contaminant concentrations were used as the means of ac-
cessing and interpreting the subsurface microbial communities.
Two culture-independent analyses were used. (i) The first was
a molecular method based on PCR, restriction enzyme diges-
tion, and sequence analysis of dissimilatory sulfite reductase
(DSR) gene fragments (17, 29, 49), which provided detailed
information on the major taxonomic groups of sulfate-reducers
present in these samples. The presence of Desulfovibrio sp.
(5-Proteabacteria) was also directly assessed by specific PCR
targeting the NiFe hydrogenase indicative of this genus (48,
50). (ii) The second method, signature lipid analysis, was used
to quantify viable sulfate/metal reducers by measuring mid-
chain branched saturates and branched monounsaturates in
the community phospholipid fatty acids (PLFA) (51, 52).
These techniques taken together and compared to measured
groundwater geochemical parameters provide new informa-
tion on SRB diversity. As similar studies are conducted at
other sites, we anticipate insight into community structure and
composition that will enable effective in situ bioremediation of
uranium-contaminated sites.

MATERIALS AND METHODS

Site description. The U.S. Department of Energy is responsible for uranium
mill tailings under the Uranium Mill Tailings Radiation Control Act of 1978. The
Shiprock UMTRA site is on Navajo Nation }and in San Juan County, N.Mex.,
located adjacent to and partly within the town of Shiprock, along the south side
of the San Juan River on an elevated terrace about 21 m above the river (samples
828 and 826; Fig. 1). Bob Lee Wash flows narthward on the terrace along the
west side of the site and flows down onto the floodplain of the river. This wash
would contain flowing water ephemerally, but the lower 200 m of the wash
receives a constant discharge of about 230 liters min~! from a potable-water
artesian well (well 648). This water has created wetlands within Bob Lee Wash
and a1 the mouth of the wash, where it discharges onto the river’s floodplain
(proximal to wells 608, 610, 615, 617, 624, 626, 853, and 857; Fig. 1). Several
drainage ditches in the floodplain contain water year-round (7). An uncontam-
inated contro] sample was taken from well 648 (Fig. 1).

The Shiprock disposal cell is on unconsolidated alluvial terrace deposits un-
derlain by Mancos Shale. Groundwater occurs at the contact between the terrace
alluvium and the upper portion of the Mancos Shale, where it has been weath-
ered. Uranium contamination occurs in the alluvium and upper Mancos Shale on
the terrace and in the floodplain alluvium. The contaminated groundwater in the
terrace alluvium and upper Mancos Shale beneath the site and in the floodplain
alluvium along the river have exceeded the maximum concentration limits es-
tablished by the Environmental Protection Agency EPA for nitrate and uranium.
The volume of cc inated groundwater is d to be 610,000 m® (160
million gallons).

Sample eollection. Prior to sample collection, all glassware used was washed in
a 10% (volivol) Micro cleaning solution (VWR Scientific), rinsed 10 times in tap
water, and then rinsed 10 times in deionized water. The glassware was then
heated at 450°C for 4 h in a muffle furnace prior to use. All groundwater samples
were collected in March 1999 with a downhole peristaltic or impelier pump. A
minimum of 3 well volumes was purged from the well before sampling. Between
sampling events, the pump and associated tubing were decontaminated with a
dilute detergent and rinsed with deionized water. Samples (2 to 4 liters each)
were filtered through sterile (methanol rinsed) Anodisc filters (Whatman Inter-
national, Ltd., Maidstone, England), 47 mm diameter, 0.2 pm pore size. Filters
were stored in muffle-sterilized glass petri dishes, preserved on dry ice, and
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FIG. 1. Map of the UMTRA Shiprock mill tailing site.

shipped overnight to the University of Tennessee, Knoxville. The filtration
method was designed to ensure that all suspended panticles, including both
sediment grains (with microorganisms attached) and individual microorganisms,
are retained for analysis. A significant proportion of the microbial populations
analyzed likely is attached to sediment particles.

Measurement of relevant geochemical properties. Sulfate and sulfide were
determined as components of a suite of anions analyzed by ion chromatography
(Dionex Model DX-300; AS-4a column, chemical suppression, and conductivity
detection) according 10 McKinley et al. (28). Samples were quantified against
commercial standards that ranged from 0.1 to 100 mg liter™*. Uranium (U(VI))
concentrations were determined with a kinetic phosphorescence analyzer (model
KPA-11, Chemchek Instruments, Inc.) according to McKinley et al. (27). The
detection limit was 0.3 ug of uranium liter ). Quantitation was against NIST-
traccable standards over the standard concentration range of 0.25 g of uranium
liter—* to 50 pg of uranium liter™! in 11 steps. Samples were treated only by the
addition of a phosphorescent complexant and were run in batch using an au-
tosampler. When necessary, samples were diluted and rerun so that raw results
fell within the standard concentration range and yiclded acceptable counting
statistics. A full suite of standards was run at the beginning and end of each
analytical sample set as an internal check on accuracy and precision. Dissolved
oxygen (DO) was measured with a flow cell during well purging. Stable (invari-
ant) DO values typically occurred prior to completion of well purging: the
minimum observed concentration was taken as the in situ value. The pH was
measured by electrode against commercial standards.

Lipid analysis. All solvents used were of GC grade (Fisher Scientific, Pitts-
burgh, Pa.). Glassware was washed in 10% (volvol) micro cleaner solution
(YWR Scientific), rinsed 10 times in 1ap water and S times in deionized water,
and then heated for 4 h in a muffie furnace at 450°C. Lipids were extracted from
filters by the modified procedure of Bligh and Dyer (52). Total lipid fractions
were then fractionated into glyco-, neutral, and polar lipids (14). The phospho-
lipid-containing polar lipid was then subjected to a mild alkaline methanolysis,
transesterifying the fatty acids into methyl esters (FAME) and recovered with
hexane (14). The PLFA were separated, quantified, and identified by GC-MS
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TABLE 1. Geochemical measurements of Shiprock groundwater
Concn of:
Well UVl DO Nitrate Sulfate Sulfide pH Temp (C)
(ppb) (mg liter ) (mg liter ) (mg liter™?) (pgmi~h)
826 2,848 041 148 13,396 0.0027 6.53 15.5
615 2,458 0.54 3,907 13,539 0.0027 6.84 10.9
608 2,089 031 2,688 11,715 0.0026 6.75 8.4
610 1,687 0.48 3,000 9,772 0.0014 7.06 9.6
624 1,205 0.18 189 8,673 0.0004 7.04 14.0
617 544 0.32 793 5,579 0.0024 7.00 11.5
828 343 305 168 3,294 0.0059 6.89 13.0
857 302 023 <1 3,529 0.0088 7.08 13.3
853 227 0.24 <1 2,021 0.0048 7.12 125
626 90 0.21 1 2,831 0.0027 7.31 9.4
648 0 0.00 <1 2,000 0.0202 8.0 30.0

(37). Fatty acids were identified by relative retention times, comparison with
authentic standards (Matreya, Inc.) and by mass spectra (collected at an electron
energy of 70 mV) (38). Fatty acid nomenclature is in the form of “A:Bw C,”
where “A” designates the total number of carbons, “B” designates the number of
double bonds, and “C” designates the distance of the closest unsaturation from
the aliphatic end of the molecule. The suffixes “c” for cis and “t” for frans refer
to geometric isomers. The prefixes “j,” “a,” and “me” refer to iso and anteiso
methy! brancbing and mid-chain methyl branching, respectively. Cyclopropyl
rings are indicated by “cy” (18).

DNA extraction and PCR from pure cultures and filters. Pure cultures of the
following Desulfotomaculum strains were kindly provided by David Boone, Port-
land State University; D. acetaxidans strain DSM771 (type strain), D. aeronau-
ticum strain 9, D. luciae strain SLT, D. nigrificans strain Delft 74T, D. orientis
strain DSM765 (type strain), D. putei strain TH-12. Desulfovibrio desulfuricans
(ATCC 29577) was purchased from the American Type Culture Collection. The
organisms were grown anacrobically to mid-log phase in MS enrichment mediuvm
(pH 7) (httpy//caddis.esr.pdx.edu/smeew/; for Desulfovibrio desulfuricans, ATCC
medium 1250 was used as recommended), and nucleic acids were extracted from
cell peliets by a bead-beating procedure (41). Anodisk filters were broken into
shards by hand with solvent-sterilized forceps and placed into 2-ml screw-cap
microcentrifuge tubes. DNA was extracted directly from filters by mechanical
disruption as described above. PCR amplifications were performed with two sets
of primers, one targeting the [NiFe] hydrogenase of Desulfovibrio sp. as described
by Wawer et al. (50). The second employed general SRB-specific primers tar-
geting the DSR gene (dsr1F, 5-ACSCACTGGAAGCACG-3'; dsr4R, 5'-GTG
TAGCAGTTACCGCA-3') described by Wagner et al. (49). Briefly, thermocy-
cling for DSR consisted of 30 cycles of 94°C for 45 s, 54°C for 30 s, and 68°C for
90s (10 min on final cycle) with 1.25 U of Expand HF polymerase (Boebringer,
Indianapolis, Ind.) and 10 pmol each of the primers in a total volume of 25 pl to
produce a ca. 1.9-kb DNA fragment encoding most of the a- and B- subunits of
the gene (49). Thermocycling was performed with a “Robocycler” PCR block
(Stratagene, La Jolla, Calif.). For the hydrogenase gene, a touchdown PCR from
66°C 10 55°C (50) was performed to reduce the formation of spurious by-
products. The primer targets the [NiFe] hydrogenase gene, which encodes an
enzyme playing an important role in hydrogen metabolism of SRB (47) and in
dissimilatory metal reduction by SRB (24, 25). This enzyme is present in all
Desulfovibrio species (48), with a PCR product length around 450 bp using the
primer described above.

Cloning and restriction digestion. PCR products of the DSR gene fragment
were gel purified and extracted with a Gene-Clean kit (BIO-101, Vista, Calif.).
Purified fragments were cloned using the vector PCR2.1 TOPO and Escherichia
coli TOP10F' competent cells according to the manufacturer’s instructions (In-
vitrogen, Carlsbad, Calif). From each of those 11 libraries. 21 to 34 white
colonies were randomly selected and the cloned inserts were reamplified with the
vector primers M13 reverse and T7 (30 cycles of 94°C for30 s, 55°C for 30 s, and
72°C for 90 s). A portion (5 ul) of the resulting amplification product was
digested at 37°C with the restriction endonuclease Mspl according to the man-
ufacturer’s instructions (Boehringer) and analyzed by separation of fragments on
a 2% agarose TAE gel.

Sequence analysis. Representative plasmids from each digestion pattern were
selected for sequencing. Clones with Mspl digestion patterns that appeared more
than once were sequenced from both the 3’ and 5’ ends of each insert with vector
primers M13 reverse/T7, while those with unique Mspl digestion patterns were

sequenced with the DSR1F primer to obtain a partial a-subunit sequence of the
gene. The M13 reverse/T7 amplification product was gel purified, extracted with
a Gene Clean kit (B10-101), and subjected to sequencing on an Applied Bio-
systems automated sequencer (model 310) with Prism Big-Dye terminators. The
sequences were assembled and aligaed by using D. G. Gilbert's SeqPup sequence
alignment editor, version 0.6 (available from the author at ftp.bio.indiana.edu).
Sequence identification was performed by use of the BLASTN facility of the
National Center for Biotechnology Information (http://www.ncbi.nlm.nih.gov/
BLASTY). Phylogenetic trees were constructed by the neighbor-joining method,
with the ARB software environment (42). Cloned sequences were screened for
possible chimeric origin by independent neighbor-joining analysis of the 5’ and
3’ halves of sequences within an alignment of all published DSR sequences,
including DSR sequences from pure cultures generated in this study. Sequences
from pure cultures were derived from direct analysis of amplification products
from genomic DNA templates.

Statistical analysis. Pearson r linear correlations between geochemical vari-
ables were performed using the basic stats module of Statistica, version 5.1 for
Windows (Statsoft, Inc., Tulsa, Okla.). Logistic regression was used to test
whether concentrations of environmental chemicals could explain occurrence
frequencies for specific clades of DSR sequences, where sufficient samples for
statistical analysis were detected (SAS Institute, version 8.1, Cary, N.C.).

Nucleotide sequence accessi ber. Partial cloned DSR sequences recov-
ered from Shiprock groundwater samples were submitted to GenBank under
accession no. AY015500 to AY015569 {«-subunits) and AY015582 to AY015615
(B-subunits). Partial DSR sequences recovered from cultured reference strains
were submitted as AY015493 10 AY015495 and AY015496 to AY015499 for the
a-subunits and AY015577 10 AY015581 for the B-subunits.

RESULTS

Physical and chemical characteristics of UMTRA ground-
water wells. Samples collected on the terrace (wells 828 and
826) were collected from the top 3.0 m of the water table,
averaging a minimal depth of 4.9 m below the ground surface.
Samples collected on the floodplain (wells 608, 610, 615, 617,
624, 626, 853, and 857) were taken from the top 1.3 m of the
water table, averaging a minimal depth of 2.1 m below the
ground surface. The pH measured at all groundwater sites was
nearly neutral and ranged from 6.53 to 7.12, except that for the
control well 648, which was slightly alkaline (pH 7.8 to 8.0).
(See Fig. 1 for well locations and Table 1 for geochemical
data.) Well 648 is an artesian well with the water produced
from the Morrison Formation (Jurassic age) through perfo-
rated casing from a depth of approximately 450 to 540 m. Well
648 was also warmer (30°C) than other wells (from 8.4°C to
15.5°C), due to its source depth.

The highest uranium concentration (2,848 ppb) was in well
826, and the highest sulfate concentration (13,539 mg liter ™)



3152 CHANG ET AL. AppL. ENVIRON. MICROBIOL.
U (V1) Concentration
15 ¢ >
Az

s

E st

s

0 —_— | o | . — [ el p——
648 626 853 857 828 617 624 610 608 615 826
OEubacterial Biomass, Excludes Sulfate/Metal Reducer
M Sulfate/Metal Reducer Biomass _
g 100%
£
&,
B & s%

Q
CZ
k-
(]
& 0% |

648 626 853 857 828 617 624 616 608 615 826

EIMBSats excludes 10Me16:0 (1 10Me16:0
B BrMonos excludes 117:17¢  Bil7:1w7c

FIG. 2. PLFA profile of UMTRA Shiprock groundwater samples. (A) Community abundance as measured by total bacterial biomass level. W,
SRB-metal reducer biomass measured as picomoles per milliliter of mid-chain branched saturates (MBSats) and branched monounsaturates
(BrMonos). {7, the remaining bacterial biomass measured as total PLFA, with normal saturates over 18 carbons in length, polynoics (eukaryote
PLFA), SRB-metal reducer PLFA, and trace quantities of PLFA of unknown structure excluded. (B) Community composition as categorized via

SRB-metal reducer PLFA structural group.

was in well 615. Pearson r linear correlation analysis showed a
significant correlation between the concentrations of uranium
and sulfate (R = 0.98, P < 0.05).

PLFA profile of SRB. PLFA biomarkers indicative of bacte-
rial sulfate reducers have been identified in previous studies.
The lipid marker Br17:1 (especially i17:1w7) has been associ-
ated with Desulfovibrio (11, 46, 50, 51); 10me16:0 and 17:1
(especially 17:1w6) were recognized as a major fatty acid com-
ponent for Desulfobacter (10, 11) and Desulfobulbus (32), re-
spectively. These biomarkers were determined for a small sub-
set of isolates and may not be present in, or exclusive to, all
members of the groups they are reported to represent. Within
the genus Desulfotomaculum, fatty acid composition was only
determined for strains of D. acetoxidans, D. orientis, D. ruminis,
and D. nigrificans (19, 31). Unclassified components were pre-
dominant in all four of the species mentioned above, except for

D. acetoxidans; other major fatty acids were i17:0, i15:0,
10me16:0, and i17:1w7, etc. (19, 31).

The highest biomass detected in groundwater samples was
from well 828 (14.00 pmol m1™?), and the lowest was from well
648 (0.02 pmol mi~") (Fig. 2A). In order to determine bacte-
rial biomass, PLFA generally taken to be indicative of eu-
karyotes (normal saturates over 18 carbons in length,
polynoics) and the trace quantities of PLFA of unknown struc-
ture were excluded. PLFA analysis showed that all samples
contained biomarkers for SRB and metal-reducing bacteria
(specifically 10me16:0). Of these, 10mel6:0 comprised >10%
of thePLFA of the SRB and metal-reducing bacteria. Well 853
has the highest proportion of i17:1w7¢c PLFA (16.77%) com-
pared with the other wells (3.53 to 8.00% of SRB and metal-
reducing bacterial PLFA) (Fig. 2B).

Based on PLFA analysis, these samples most likely contain
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FIG. 3. Restriction digestion analysis of DSR clones with Mspl. Cloned DSR gene fragments were amplified from the cloning vector by using
primers directed at the T7 and M13 reverse RNA polymerase binding sites, producing a fragment with approximately 70 bp of vector sequence
on each end. The vector sequence contained no Mspl recognition sites. Products were digested with a twofold excess of Mspl for 1 h at 37°C,
analyzed by electrophoresis on a 2% agarose gel with TAE buffer, and visualized by ethidium bromide fluorescence.

complex SRB microbial communities with a wide range of
biomass content. Community complexity was estimated from
the number of different mid-chain branched saturates detected
(in this case over 52), nearly half of them with unknown branch
structures.

DNA extraction and PCR amplification of DSR genes,
[NiFe] Hydrogenase genes. Genomic DNA was extracted from
a total of 13 samples with uranium concentrations varying from
0 to 2848 ppb. Genes encoding DSR were successfully detected
from 11 sites. The amplicons were approximately the size gen-
erated in control amplifications of the dissimilatory sulfite re-
ductase gene of D. vudgaris (1.9 kb). For [NiFe] hydrogenase
gene amplification, only sample 853 produced a positive band
of the expected size as the control organism Desulfovibrio de-
sulfuricans (about 450 bp).

Clone library characterization. A clone library of DSR PCR
products from each sample well was used to explore the diver-
sity of DSR genes of the bacteria from this contaminated
groundwater. A total of 305 clones were assembled into 70
clone families based on Mspl restriction fragment banding
patterns (Fig. 3). Some samples yielded as many as 11 different
types of digestion patterns (e.g., well 610), while others were
less diverse and produced 3 different restriction patterns (e.g.,
wells 857 and 608). Identical sequences were recognized be-
tween different sampies mostly from fioodplain wells 610, 615,
608, 624, 626, and 617.

Phylogenetic analysis of Shiprock DSR genes. The a-sub-
units of recovered DSR gene fragments and of a variety of
cultured Desulfotomaculum strains were sequenced. On aver-
age, 500 nucleotides were determined. For the groundwater
clones, the sequence of representatives for each library and
restriction pattern (total, 70 clones) was determined. Potential
chimeric artifacts {one artifact) and non-DSR sequences (five
sequences) were recognized in some of the clone library and

were excluded from further analysis. In order to obtain an
accurate description of the phylogenetic relationships of the
SRB population in these groundwaters, we included in our
analysis most environmental DSR clone sequences available
from the database, as well as the newly characterized se-
quences of pure SRB reference cultures. Neighbor-joining
analysis revealed the presence of eight well-resolved lineages
of DSR sequences, designated clusters A to H (Fig. 4). Clus-
ters F and G were further subdivided into 5 and 11 subclusters,
respectively, most of which are well separated by similarity
values between 70 and 85% (Fig. 4). Within subclusters, the
similarity values were greater than 90%. The Desulfotomacu-
Ium pure culture sequences showed a division of the available
organisms into two clusters, with group 1 containing D. ther-
mocistern, D. luciae, and D. acetoxydans (in cluster E) and
group 2 containing D. aeronauticum, D. putei, D. nigrificans,
and D. ruminis (in cluster G-9).

Cluster A. Cluster A contained all available DSR «-subunit
sequences from cultured Desulfovibrio (8-subclass of the class
Proteobacteria) strains and one clone recovered from well 853,
in which both uranium contamination and and the sulfate
concentration were relatively low.

Cluster B. The cluster B sequence also contained sequences
derived from 8-subclass Proteobacteria, Desulfobacter latus,
Desulfonema limicola, Desulfococcus multivorans, and Desulfo-
botulus sapovorans. A single clone recovered from well 626
grouped with these strains. This site was a low-uranium sam-
ple, in which sulfate was measured at 2,831 mg liter™".

Cluster C. Cluster C contains no cultured representatives. It
is comprised of three unique sequences, from high-uranium to
medium-uranium samples from wells 624 and 828. They are
closely related to an environmental DSR clone (accession no.
AF179329} (29) generated from a microbial mat at Solar Lake
and are peripherally related to the genus Deswlfobulbus.
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Cluster D. Cluster D contains the DSR «-subunit sequence
of Desulfobulbus rhabdoformis, a $-proteobacterivm. Eight
clones, all from low-sranium samples, fell into this group.

Cluster E. Cluster E contained the three cultured strains, D.
thermocistern, D. luciae, and D. acetoxydans, referred to here as
Desulfotomaculum group 1. Three clone sequences fell into
this group; all had been recovered from well 648. Another two
clones, generated from well 624 are loosely associated with this
group. Although this group does not appear monophyletic,
based on DSR a-subunit sequencing, phylogenetic analysis of
the DSR B-subunits encoded in these clones showed that they
branch together (Fig. 5A).

Claster F. Cluster F contains no DSR a-subunit sequences
from cultured organisms. This was the second most abundant
group of clone sequences recovered (17 in total). Ten of them
were recovered from high-uranium samples, 4 of them are
from low-uranium well 626, and 3 are from well 828 (medium
uranium). Although not closely related to any available pure
culture sequences, this cluster showed close relationship with
two DSR clones recovered from the Solar Lake microbial mat
(DSR clone 917 and 920, accession no. AF179334 and
AF179339) (29). Each subcluster contains three to five distinct
sequences, except subcluster F4, which contained only closely
related sequences.

Cluster G. Cluster G includes the Desulfotomaculum strains
designated as group 2. This is the largest single cluster of
cloned sequences, all but one of which was associated basally
with Desulfotomaculum group 2. Among 31 clones in this clus-
ter, 25 originated from high-uranium samples. The remaining
six clones were recovered from medium- to Jow-uranium wells,
including the single sequence within Desulforomaculum group
2 (well 853). The remaining four sequences were recovered
from well 626. The phylogenetic depths of the individual sub-
clusters are different: subclusters G1, G2, G3, G4, G6, and G7
contain clones sharing 95 to 100% sequence similarity, and
subclusters G9 and G11 contain sequences that are more
deeply diverged. Subclusters G5, G8, and G10 are represented
by single clones.

Cluster H. Cluster H is defined by four clone sequences, all
generated from high-uranium samples, and shows a relation-
ship to Thermodesulfovibrio yellowstonii, in the Nitrospira
group.

Population structure in relation to uranium concentration.
Of the sequenced clones, 40% grouped with lineage G, which
includes the gram-positive, thermophilic Desulfotomaculum
species D. nigrificans, D. putei, D. aeronauticum, and D. rumi-
nis. Sequences recovered from high-uranium (>1,500 ppb)
samples were dominated by this lineage, although cluster F and
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the less frequently recovered cluster H were also detected.
DSR a-subunit sequences recovered from low-uranium (=302
ppb) samples were more diverse, including representatives of
clusters A, B, D, E, F, and G (Fig. 6A). Figure 6B shows the
distribution of different DSR sequences detected among dif-
ferent sample wells. Cluster D, belonging to the 3-Proteobac-
teria, was recovered exclusively from low-uranium (=302 ppb)
samples. Together with sequences closely related to Desulfo-
tomaculum group 1, they constitute the recovered SRB com-
munity of well 648, which had the lowest uranium concentra-
tion. Notably, sequences related to $-Proteobacteria and
Desulfotomaculum group 1 were not recovered from high-ura-
nium samples. Lineage G dominated in all high-uranium sam-
ples. Cluster H, related to Thermodesulfovibrio yellowstonii, was
recovered from samples 615, 608, 610, and 624, in which the
uranium concentration is relatively high (1,205 to 2,458 ppb of
uranium).

Logistic regression suggested a significant association be-
tween sequence cluster G and vranium concentration (slope =
0.00111, P = 0.0005; Table 2). With only 11 samples, many
combinations of chemical concentrations were not observed,
creating difficulty in separating the influences of the various
chemical constituents. With that caution, however, important
relationships between chemical concentrations were found in
cluster F, but not for cluster G, although the overall model was
significant (P = 0.0007, full model). DO had the largest effect,
as measured by the slope. A model with only uranium showed
that as uranium increased from 0 to 3,000 ppb, clade G fre-
quencies were predicted to increase from 18.5% to 9% (Table
2).

DISCUSSION

Genetic diversity and metabolic activity. Until now, the
abundance and diversity of SRB have been analyzed mostly
through cultivation techniques and through hybridizations with
rRNA-targeted oligonucleotide probes (8, 9, 15, 21, 26, 34-36).
16S ribosomal DNA (rDNA) sequences are currently popular
as a useful criterion for the definition of taxa at several levels.
However, 16S rRNA sequences by themselves provide no in-
formation about potential physiological differences between
closely related bacteria. Here we present a field-scale study
using an alternative PCR-based approach, targeting the dis-
similatory sulfite reductase gene along with the [NiFe] hydro-
genase gene. Although it is well established that PCR-based
methods in microbial ecology have intrinsic biases (33, 43),
these biases can be assumed to be equal for each of the
groundwater samples described here. Furthermore, as a com-

FIG. 4. Neighbor-joining analysis of DSR a-subunit fragments selected from clone libraries as frequently occurring Mspl digestion patterns.
Sequences prefixed “UMTRAGdsr” were generated during this study. The prefix is followed by the sample well number, which is followed by the
clone number. Clones were selected from libraries on the basis of Mspl patterns to provide a preliminary survey of the most commonly recovered
DSR gene sequences from each sample. Nucleotide sequence accession numbers are given in parentheses for the following organisms: Desuifo-
bulbus rhabdoformis (AJ250473), Desulfovibrio desulfuricans (AY289157), Desulfococcus multivorans (AJ277107), Desulfotomaculum thermocister-
num (F074396), Archaeoglobus profundus (AF071499), Thermodesulfovibrio yellowstonii (U58122), Desulfobotulus sapovorans (U58120), Desulfo-
vibrio sp. strain P1B2 (U58116), Desulfotomaculum ruminis (U58118), Desulfococcus multivorans (U58126), Desulfonema limicola (U58128),
Desulfobacter latus (U58124), Desulfovibrio vulgaris (U16723), Archaeoglobus fulgidus (M95624), and Desulfovibrio simplex (U78738). Gene
sequences from Desulforomaculum luciae, D. acetoxidans, D. putei, D. aeronauticum, D. nigrificans, and Desulfovibrio desulfuricans were generated
in this study under accession no. AY015493 to AY015499. The numbers on the tree refer to bootstrap values on 100 replicates; only values above

30 are given. Scale bar represents 10% estimated change.
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FIG. 5. (A) Neighbor-joining analysis of some DSR B-subunit sequences from UMTRA Shiprock site clones and reference pure culture
organisms. Sequences prefixed “UMTRAdsr” were generated during this study. Nucleotide sequence accession numbers are given in parentheses
for the following organisms: Desulfobulbus rhabdoformis (AJ250473), Desulfococcus multivorans (U58127), Desulfotomaculum thermocisternum
(AF074396), Archaeoglobus profundus (AF071499), Thermodesulfovibrio yellowstonii (U58123), Desulfobotulus sapovorans (U58121), Desulfovibrio
sp. strain PT-2. (U58115), Desulfotomaculum ruminis (U58119), Desulfonema limicola (U58129), Desuifobacter latus (U58125), Desulfovibrio
vulgaris (U16723), Archaeoglobus fulgidus (M95624), Desulfobacter vibrioformis (AJ250472), Desulfobacterium autotrophicum (Y15478), DSR clone
50 (AF179329), and DSR clone 8037 (AF179336). Gene sequences from Desulfotomaculum luciae, D. acetoxidans, D. putei, D. aeronauticum, and
D. nigrificans were generated in this study under accession no. AY015577 to AY015581. (B) Neighbor-joining analysis of near full-length 165 rDNA
from pure cultures. Nucleotide sequence accession numbers are given in parentheses for the following organisms: Desulforomaculum ruminis
(Y11572), D. putei strain SMCCW 459 (AF053929), D. aeronauticum (X98407), D. acetoxidans (Y11566), D. thermocisternum (U33455), D.
nigrificans (X62176), D. luciae (AF069293), Desulfococcus multivorans ATCC 33890 (M34405), Desulfonema limicola (U45990), Desulfobacter latus
(M34414), Desulfobotulus sapovorans (M34402), Desulfovibrio wvulgaris (M34399), D. desulfuricans (AF098671), Archaeoglobus profundus.
(AF272841), Desulfovibrio sp. strain 2t10e (AF109469), Archaeoglobus fulgidus (Y00275), and D. desulfuricans sp. strain Norway 4 (M37312). The
numbers on the trees refer to bootstrap values on 100 replicates; only values above 30 are given. The scale bar represents 10% estimated change.

plement to this molecular diversity study, analysis of PLFA
biomarkers for SRB groups provides quantitative confirmation
of the presence of viable SRB.

Based on near full-length 16S rDNA sequence analysis, De-
sulfotomaculum spp. form a distinct cluster of related se-
quences (Fig. 5B). Comparison of partial o~ and B-subunit
DSR gene sequences revealed a greater genetic diversity, as
expected, but suggested a similar grouping of Desulfotomacu-
fum strains (Fig. 4 and 5A): ie., a division of the Desulfo-

tomaculum genus into at least two clusters, which we have
designated as groups 1 and 2. This is consistent with recent
findings about SRB taxonomy described by Stackebrandt et al.
(40) and Hristova et al. (15).

Mspl restriction enzyme digestion analysis revealed substan-
tial diversity of the DSR gene sequence. A total of 70 DSR
sequences {61 of them unique) were identified, and all were
affiliated with the bacterial domain. Comparison of phyloge-
netic trees constructed with different portions of the DSR
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genes revealed, in general, consistent topologies for both «-
and B-subunits of DSR, although slight variance was observed
(Fig. 4 and 5A). Eight well-resolved lincages of DSR se-
quences are represented by the cloned sequences (A to H, Fig.
4). Some sequence differences within the subclusters (Fig. 4)
involved only several base changes. It is entirely possible that
this microheterogeneity may reflect PCR point errors. The
finding of the same partial DSR sequences in different gene
libraries suggests that most of the differences are real. The

[NiFe] hydrogenase Desulfovibrio-specific PCR detected posi-
tive amplification only from well 853, and Desulfovibrio-like
DSR fragments were indeed recovered from only this well. The
PLFA profile of well 853 also showed highest proportion of
i17:1w7, a biomarker associated with Desulfovibrio spp. (11).
The consistent occurrence of Desulfovibrio-like signals in well
853 may be significant, since it is a location at the Shiprock site,
where active microbial reduction of U(VI) may be responsible
for low uranium concentrations in groundwater (D. Elias, D.
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TABLE 2. Parameter estimates from two logistic regression models used to explain Cluster F and G frequencies in relation to selected
geochemical measurements

Cluster F Cluster G
Parameter®
Estimate P > Chi square Estimate P > Chi square

Full model

Intercept —3.6181 0.009 —0.6515 0.554

Sulfate 0.000969 0.038 —0.00029 0.453

DO 0.8999 0.015 —0.1827 0.647

Uranium ~0.00416 0.047 0.00183 0.258

Nitrate ~0.00066 0.088 0.000532 0.049
Model with U(VI) as sole variable

Intercept —0.5934 0.1421 ~1.4794 0.0008

Uranium —0.00055 0.1086 0.00111 0.0005

# P values of the full model are 0.0074 for cluster F and 0.0007 for cluster G. The P values of the model with U(VI) as the sole variable are 0.0902 for cluster F and

0.0001 for cluster G.

Wong, J. Senko, P. E. Long, J. P. McKinley, J. M. Suflita, and
L. R. Krumholz, EOS, Trans. Am. Geophys. Union Fall Meet.,
vol. 81, no. 48, p. F214, 2000).

Since DNA recovered from environmental samples may be
derived in part from dead or inactive cells, the recovery of DSR
sequences alone does not provide direct evidence for an active
sulfate-respiring population. However, a significant amount of
lipids known to be markers for sulfate or metal reducers were
found in 10 samples (all except background well 648) tested,
which supported the presence of a viable SRB microbiota in
this groundwater environment. An unusually high number of
distinct mid-chain branched saturates (more than 50, consti-
tuting 7 to 25% of total bacteria biomass) suggested a diverse
SRB community as well as a high relative abundance within the
domain Bacteria.

Dominance of Desulfotomaculum and Desulfotomaculum-like
sequences. As dissimilatory SRB, the genus Desulfotomaculum
and Desulfovibrio spp. were reported to exhibit a superior abil-
ity, over assimilatory organisms, to extract large amounts of
metals from culture media (16). Tolerance and adaptation to
heavy metals by Desulfovibrio and Desulfotomaculum strains of
different origins have been investigated in enrichment cultures
under a range of sulfate concentrations (4).This study revealed
an overwhelming dominance of Desulfotromaculum and Desul-
fotomaculum-like sequences, particularly in those wells with
high uranium (> 1,500 ppb) concentration. As many as 50
different DSR sequences associated with the genus Desulfo-
tomaculum were recovered. The majority of them form sub-
clusters representing sequences basal to the established De-
sulfotomaculum genus and are, as yet, to be characterized.

Previous work indicates that the abundance of Desulfo-
tomaculum spp. in various environments is probably related to
sulfate availability and exposure to adverse environmental con-
ditions, such as regular exposure to oxygen (53). This study
suggests that at the Shiprock site, uranium contamination is
another factor influencing the Desulforomaculum population.
To test this hypothesis, we used logistic regression, a statistical
technique that is widely used in medical research, but is rarely
used in microbial ecology (3, 45). It is a variation of ordinary
regression, useful when the observed outcome variable repre-
sents the occurrence or nonoccurrence of some outcome event
(such as the occurrence or nonoccurrence of sequence cluster

G or F). It produces a formula that predicts the probability of
the occurrence as a function of the independent variables (such
as uranium concentration, DO, and sulfate and nitrate concen-
tration). Logistic regression predicted an increase in the fre-
quency of the presence of cluster G from 18.5% to 90% as the
uranium concentration increased from 0 to 3,000 ppb, clearly
suggesting that this genus holds a selective advantage over
other SRB populations at high U(VI) concentrations. The
present work is the first report of Desulfotomaculum domi-
nance among SRB in a mesophilic natural environment setting.
Desulfotomaculum strains isolated from thermophilic environ-
ments have been reported more often than those from meso-
philic environments; however, this frequency may be attribut-
able to intensified research of extreme environments rather
than to a preference of most Desulfotomaculum spp. for ther-
mophilic conditions. While the correlation of Desulfotomacu-
lum with uranium concentration is clear, we cannot entirely
rule out the possibility of another factor related to uranium
contamination. However, a full suite of groundwater geo-
chemical parameters, including total organic carbon, were an-
alyzed and included in a preliminary statistical analysis, and no
parameters other than uranium and sulfate showed a strong
correlation. Since sulfate is present in concentrations ranging
from 2 to 3 orders of magnitude greater than that of uranium,
sulfate clearly plays the dominant role in Desulfotomaculum
metabolism. However, the more significant statistical linkage
between Desulforomaculum and uranium concentration sug-
gests a competitive advantage for Desulfotomaculum conferred
by the presence of uranium. This competitive advantage may
result from uranium tolerance or from the ability of Desulfo-
tomaculum to use U(VI) as a terminal electron acceptor or
both.

Conclusions. This study demonstrates a remarkable diversity
of DSR sequences associated with bacteria from the 8-Pro-
teobacteria, gram-positive, and Nitrospira divisions. Since
strains with different functional genomic fingerprints also differ
considerably in their physiological capabilities, this result sug-
gests strongly that the high diversity detected at the Shiprock
site is very likely of ecological significance. These data also
showed that the genus Desulfotomaculum and Desulfotomacu-
lum-like organisms dominated the SRB population of this ura-
nium-contaminated environment. The overall level of SRB
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activity relative to those of other functional metabolic groups
and the specific role that Desulfotomaculum may play in ura-
nium reduction are not addressed by this study, nor is the role
of sulfate. However, the strong association between DSR clus-
ter G and uranium concentration indicates that Desulfo-
tomaculum has remarkable tolerance and adaptation to high
levels of uranium. In addition to confirming the results of this
study at other sites, future research might well focus on the in
situ activity level of Desulfotomaculum relative to uranium
concentration and relative to those of other SRB and other
functional groups. Desulfotomaculum apparently could play a
role in both intrinsic and accelerated bioremediation of U(VI)-
contaminated environments. For accelerated bioremediation
of U(VI), it may be important to either suppress Desulfo-
tomaculum to avoid production of toxic H,S and allow iron
reducers to reduce U(V1) or to stimulate Desulfotomaculum to
intentionally produce insoluble sulfide minerals such as FeS,
to stabilize U(IV) precipitates. Either case will require ad-
vances in understanding of SRB in uranium-contaminated en-
vironments.
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Abstract

Bacteriogenic Fe oxides (BIOS) and groundwater samples were collected 195 m underground at the Strdssa Mine
in central Sweden. Ferrous iron oxidizing bacteria, including stalked Gallionella ferruginea and filamenous
Leptothrix sp., were prominent in the BIOS samples. The BIOS samples were found to contain only poorly ordered
(amorphous) hydrous ferric oxide, as determined by X-ray diffraction. Inductively coupled plasma mass
spectroscopy revealed hydroxylamine-reducible Fe and Mn oxide contents that ranged from 55 to 85% on a dry
weight basis. Concentrations of Sr, Cs, Pb and U in filtered groundwater ranged from 0.002 to 1.8 pM. Solid phase
concentrations of these heavy metals in the BIOS spanned the 0.04-2.23 mmol/kg range. Distribution coefficients
(K4 values), calculated as the ratio between BIOS and dissolved heavy metal concentrations, revealed solid phase
enrichments that, depending on the heavy metal and Fe oxide content of the sample, extended from 10> to 10*7,
At the same time, however, a strong inverse linear relationship was found between log Ky values and the
corresponding mass fraction of reducible oxide in the samples, implying that metal uptake was strongly influenced
by the relative proportion of bacterial organic matter in the composite solids. Based on the metal accumulation
properties of the BIOS, an important role can be inferred for intermixed Fe oxides and bacterial organic matter in
the transport and fate of dissolved metals in groundwater systems. © 2000 Elsevier Science Ltd. All rights reserved.

1. Introduction

Because of their reactive surface properties and ubi-
quitous distribution in unconsolidated sediments and
in hydraulically conductive fracture zones in low per-
meability bodies of rock, hydrous Fe oxides are con-

* Corresponding author. Fax: +1-416-978-3938.
E-mail address: ferris@quartz.geology.utoronto.ca (F.G.
Ferris).

sidered to be dominant sorbents controlling the
dispersion of dissolved metals in groundwater systems
(Stumm and Morgan, 1996). This widely held view
extends from a large body of experimental laboratory
work conducted with synthetic or highly purified crys-
talline Fe oxides (Dzombak and Morel, 1990). Natural
Fe oxides, however, are usually poorly ordered and
often contain significant amounts of organic matter,
including intact as well as partly degraded bacterial
cells (Ferris et al.,, 1989; Filella et al., 1993; Fortin et
al, 1993; Konhauser, 1997). These organic materials,

0883-2927/00/$ - see front matter © 2000 Elsevier Science Ltd. All rights reserved.
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including the bacteria, are also known to be highly
reactive and effectively comprise a separate sorbent
phase for dissolved metals. The intermixing of Fe ox-
ides and organic materials thus produces complex mul-
tiple sorbent solids that, depending on their
composition, exhibit unique and highly variable metal
retention properties (Warren and Zimmerman, 1994a;
Ingri and Widerlund, 1994; Tessier et al., 1996).

The precipitation and accumulation of Fe oxides in
association with bacterial cells is common in aqueous
environments where high concentrations of Fe(IIl) are
produced by either chemical oxidation or bacterial oxi-
dation of Fe(II) (Ferris et al., 1989; Fortin et al., 1993;
Konhauser and Ferris, 1996). Significant concen-
trations of dissolved metals are sorbed and retained by
these bacteriogenic Fe oxides (BIOS) (Ferris et al.,
1989; Nelson et al., 1995). Moreover, the extent of
metal partitioning in BIOS precipitates is enhanced by
increasing amounts of bacterial cell organic matter
(Ferris et al., 1999). While these eflects must extend
fundamentally from different sorption affinities
between the intermixed Fe oxides and bacterial cell-de-
rived organic matter, an exact account of how changes
in metal retention properties relate quantitatively to
BIOS composition remains to be established. In this
investigation, the Sr, Cs, Pb and U retention properties
of BIOS from a hard rock groundwater environment
are shown to vary systematically as a function of the
relative proportions of oxides and bacterial cell-derived
organic matter.

2. Methodology

2.1. Sample collection

Samples of bacteriogenic Fe oxides (BIOS) and
water were obtained from two different locations 195
m underground at the now inactive Strissa Fe ore
mine in central Sweden (Sundblad, 1994). The first set
of samples were collected at mine survey point FP353
(sitte A) and the second set of samples were collected
50 m further into the tunnel (site B). Throughout the
mine, Fe oxides precipitate on tunnel walls where
groundwater discharges from hydraulically conductive
fractures and in drainage ditches on the tunnel floor,
From other microbiological studies in mine environ-
ments, the formation of these Fe oxide precipitates can
be attributed principally to extensive growth of Fe(1l)-
oxidizing, bacteria such as Gallionella ferruginea and
Leptothrix sp. (Pedersen and Karlsson, 1995; Pedersen,
1997).

At each site, BIOS precipitates were recovered from
both the tunnel wall (samples Al and Bl) and drai-
nage ditch (samples A2 and B2) using sterile plastic

spatulas. The samples were placed directly into 200 ml
polypropylene tubes. After the precipitates had settled
by gravity to the bottom of the tubes (approximately
2-5 min), excess water was decanted to accommodate
additional sample collection. This procedure was con-
tinued with each sample until at least 30 m! of solid
material was accumulated. The BIOS samples collected
from the tunnel wall were an orange-brown color,
whereas those recovered from the drainage ditch were
gray-brown (sample A2) and bright orange (sample
B2), respectively. Water samples collected at each of
the two sites were filtered through 0.22 pm filters into
200 m! polypropylene tubes and acidified to a final
concentration of 2 vol% HNO;. All of the sample
tubes were sealed with screw caps and stored at 4°C in
a refrigerator for chemical analyses. :

2.2. Chemical and mineralogical analyses

Standard suspensions of the BIOS {ca. 3-30 mg dry
weight per ml) were prepared by concentrating and
washing samples twice in deionized double distilled
water (DDW) by centrifugation at 10,000 x g for 15
min. For measurement of total metal concentrations,
0.5 ml of the standard suspensions were digested at
65°C for 24 h in 8.0 ml (final volume) of 32.5%
HNO;. To determine the distribution of metals
between reducible oxide and residual solid fractions of
the samples, 0.5 ml of the standard suspensions were
reacted for 6 h at 65°C in 8.0 ml (final volume) of 0.04
M NH,OH.HCI in 25 vol% acetic acid, then filtered
through 0.22 pum filters (Landstrom and Tullborg,
1995).

Metal concentrations of the BIOS and water samples
were determined using a VG-PQ 1 plasma source mass
spectrometer (ICP-MS) equipped with a Babbington
V-groove nebulizer. A Gilson 222 autosampler was
employed with a sample uptake rate of 0.9 ml/min and
dwell times of 0.1 sec for each analyzed element.
Between samples the system was rinsed for 30 sec with
1.0 % HNO,;. For C analyses, 0.5 ml of the BIOS
standard suspensions were dispensed into small Al
cups and then dried at 65°C for 48 h. The weights of
the samples were determined on a Cahn high precision
balance before C contents were measured with a Carlo
Erba Model 1106 elemental analyzer. To evaluate the
mineralogy and crystallinity of the BIOS precipitates,
samples were dried at 65°C and analyzed with an
INEL XRG 3000 X-ray diffractometer using a curved
position sensitive detector and Cu Ka radiation (Insti-
tute for Energy Technology, Kjeller, Norway).

The structure of hydrated BIOS precipitates was
examined using an environmental scanning electron
microscope (ESEM). Whole mounts were prepared by
placing small droplets of standard suspensions on Al
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stubs. These were mounted on a cold stage and imaged
at 2.0°C in a Philips XL30 ESEM equipped with a
field emission gun and EDAX energy dispersive X-ray
(EDX) spectrometer. The instrument was operated in
the wet imaging mode (i.e. [00% relative humidity) at
2.9 torr and 20 kV.

3. Results

The Fe(ll)-oxidizing bacteria Leptothrix sp. and G.
Sferruginea, were easily discerned using the ESEM in
whole mounts of the BIOS samples (Fig. 1). Fine-
grained mineral precipitates were commonly intermixed
among helical twisted stalks of G. ferruginea and the
filamentous sheaths of Leptorhrix sp. These precipitates
generated strong peaks for Fe in EDX spectra (data
not shown) and typically exhibited a granular mor-
phology that emerged from the aggregation of individ-
ual crystallites approximately 10~20 nm in diameter.
Bulk powder X-ray diffraction did not yield any peaks
indicative of crystalline material implying that the min-
eral grains analyzed by EDX spectroscopy were poorly

ordered fine-grained hydrous Fe(1Il) oxides and also
that the samples were substantially free of rock frag-
ments or other mineral debris.

The major element composition of the BIOS was
dominated principally by reducible oxide Fe (Table 1),
which comprised 41.8-81.6 % of the solid mass as hy-
drous Fe(lll} oxide, Fe(OH); (Table 2). Significant
amounts of Mn were also present in a reducible oxide
phase, accounting for up to 13.4% of the solid mass as
MnO,, contributing presumably to some of the color
variations between samples. Calcium concentrations,
which approached those of Mn, were removed comple-
tely by the hydroxylamine extraction. This is taken
normally to infer an association with a reducible oxide
phase, either as a sorbed or coprecipitated species,
although dissolution of small amounts of Ca CO; in
response to the acidic extraction procedure cannot be
entirely ruled out. Measured Na and Al concentrations
were considerably lower (Table 1). Partial recovery of
Na in the reducible oxide fraction of samples A2 and
B2 and of Al in sample B2, suggest that the drainage
ditch BIOS contained minute amounts of detrital clay
minerals. In contrast, C analyses indicated that the
bulk of the residual mass in the samples was derived

Fig. 1. Environmental scanning electron micrograph showing twisted stalks from Gallionella ferruginea (G) and filamentous of
sheathed Leptothrix species (L) intermixed with fine-grained hydrous Fe oxide mineral precipitates (HFO) in a whole mount speci-

men from site A2 (scale bar=5 pm).
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Table 1

Total major element concentrations and percentage of the total concentration recovered in the reducjble oxide fraction from hydro-

xylamine extractions of the Strissa bacteriogenic Fe oxides®

Concentration (mmol/kg (percent of total concentration))

Site Na Al Ca Mn Fe

Al 3.5 (100) 12.0 (100) 651.6 (100) 702.9 (100) 6626.7 (100)
A2 158.8 (42) 322.2(100) 1495.9 (100) 1542.9 (100) 3918.8 (100)
Bl 36.9 (100) 7.2 (100) 1193.2 (100) 1377.8 (100) 5290.8 (100)
B2 61.9 (23) 39.2 (44) 1015.2 (100) 329.6 (100) 7636.9 (100)

* The standard deviations for duplicate measurements of individual metal concentrations were less than +10% of the reported

values.

largely from bacterial organic matter, in accordance
with ESEM observations, as well as powder X-ray dif-
fraction results (Table 2).

The dissolved concentrations of Sr, Cs, Pb and U in
the water samples ranged from 0.002 to 1.8 uM range
(Table 3). Strontium concentrations were the highest
of the measured dissolved heavy metals, followed by
U, Cs and Pb. The variation in dissolved heavy metal
concentrations and pH between the two sample sites
was quite low, as Table 3 shows. ]

The solid phase metal concentrations of Sr, Cs, Pb
and U in the BIOS are shown in Table 4. In compari-
son to the water samples (Table 3), the metal concen-
trations in the BIOS were relatively high, implying that
the dissolved metals had been sorbed and retained by
the solid phase accumulates. To assess the solid phase
partitioning of the heavy metals, distribution coeffi-

Table 2
Bulk composition of the Strissa Mine bacteriogenic iron ox-
ides

Percent by weight®

Site  MnO,®  Fe(OH),®  Total Oxide®  Organic®
Al 6.1 70.8 769 . 439
A2 13.4 418 55.2 53.5
Bl 12.0 56.5 68.5 24.5
B2 29 81.6 84.5 6.2

2 Total mass balances sum to 100% within the cumulative
standard deviations of +10% associated with the measure-
ments of each individual component.

® Calculated using a formula weight of 86.94 for manganese
oxide (MnQ,) and 106.85 for hydrous ferric oxide, Fe(OH);.

¢ Calculated as the sum of manganese and iron oxides.

9 Calculated based on the measured carbon content of the
samples assuming a general formula of CH,O for organic
matter. Environmental scanning electron microscopy indicated
that the organic fraction was comprised of biomass derived
principally from the Fe(Il)-oxidizing bacteria Leptothrix sp.
and Gallionella ferruginea.

cients (Ky) were calculated following the conventional
operational definition as the ratio between solid
(Megios) and dissolved (Mepissovea) metal concen-
trations (Stumm and Morgan, 1996):

Ky = [Megios]/[Mepissolved ] 4))]

The highest K, values (ca. 10*°-10*7) were obtained
for Pb partitioning into the BIOS (Fig. 2). Conversely,
Sr yielded the lowest K4 values (ca. 10*°-10*') among
the heavy metals. Differences in Ky values for an indi-
vidual metal between samples ranged from a factor of
less than 1.25 in the case of Sr to around one order of
magnitude for Cs, Pb and U.

A strong inverse linear relationship between log K,
and reducible Fe oxide content was evident for each of
the heavy metals (Fig. 2). The decrease in log K4 with
increasing reducible oxide content of the BIOS can be
inferred from the equilibrium mass action expression
describing the interaction and sorption of a dissolved
metal at protonated surface sites (SH):

Ksexp (—zF¥p) = [Megios)[H *1/[Mepissoivea JISH ] V3]

This expression assumes surface site activities are
equivalent to their actual concentrations and that the
activity of dissolved aqueous species correspond to
analytical concentrations, as is expected for low ionic

Table 3
Dissolved heavy metal concentrations and pH of the Strissa
Mine water samples®

Concentration (pM)

Site pH Sr Cs Pb U
A 83 1.804 0.005 0.002 0.060
B 83 1.632 0.004 0.002 0.045

* The relative standard deviations for duplicate measure-
ments of individual metal concentrations were less than
+10% of the reported values.
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Total concentration of heavy metals in the Strissa bacterio-
genic iron oxides®

Concentration (mmol/kg solid)

Site Sr Cs Pb .U

Al 1.814 0.012 0.024 0.124
A2 2.228 0.058 0.104 0.331
Bl " 1.780 0.027 0.033 0.200
B2 1.700 0.004 0014 0.081

* The relative standard deviations for duplicate measure-
ments of individual metal concentrations were less than
+10% of the reported values.
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strength natural waters (Stumm and Morgan, 1996). In
accordance with surface complexation theory, the con-
ventional reference state for the sorption constant (Ks)
is zero mean particle surface potential (¥p) (Dzombak
and Morel, 1990). The exponential term included in
the mass action relationship thus corrects for non-ideal
behavior that arises from electrostatic work associated
with the transport of ions of charge z through an inter-
facial potential gradient op sorbent solids; F is the
Faraday constant, R is the gas constant and T is absol-
ute temperature. Because the BIOS are comprised prin-
cipally of reducible oxides and bacterial biomass, the
weighted mean surface potential can be formulated as:

¥p = Porfox + Pracfoac = Sox(Pox = Pbac) + Phac €))

8.2 e

30} N

~

2'8 i " —_— 4 2
052 05 064 070 076 082 088
Oxide Fraction
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Oxide Fraction

Fig. 2. Plot of log K4 as a function of the mass fraction of reducible oxides in the bacteriogenic Fe oxides. Dashed lines correspond
to 90% elliptical confidence intervals for bivariate normal probability distributions of values along the (solid) regression line (STA-

TISTICA v. 5.0). Regression coefficients are given in Table 5.
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where f,, and f;,. are the reducible oxide and bacterial
mass fractions, respectively, and ¥, and ¥y, are the
corresponding surface potentials. Combining Egs.(1)-
(3) in logarithmic form vyields:

log Ka = log(Ks[SH)/[H']) — 2.303 z F¥4a /RT

@
= f0x2.3032F(Yox — Poac)/RT

This relationship indicates that, under equilibrium con-
ditions at constant pH, the observed log Ky values of
the BIOS should be inversely proportional to the redu-
cible oxide mass fraction, as illustrated in Fig. 2.
Further inspection reveals that at the boundary con-
dition of fox = 0, log Ky=1log K{ bacteria, While at fo; = 1,
log Ky=log K4 oxiee- These boundary condition values
are given in Table 5. Similarly, the slope given in Egq.
(4) [-2.303 zF(¥ox—¥bac)/RT] can be recognized as
the logarithm of the ratio between the sorption con-
stants of the oxide and bacteria, respectively (Table S).

As the regression coefficients given in Table 5 indi-
cate, over 90% of the variance in the heavy metal
log K4 values of the BIOS can be attributed directly to
differences in the mass fraction of reducible oxides. At
the same time, the estimated log Ky values for the
oxide fraction are lower than those of the bacterial
fraction. These differences are, in turn, reflected in the
108(Ks oxide/ Ks bacieria) Values which indicate that sorp-
tion affinities of the oxide fraction are, depending on
the metal, anywhere from 107%2¢ to 107>%¢ times
lower than those of the bacterial fraction. The trend
among the measured oxide and bacterial K4 values of
Pb > U > Sr follows the same order reported for cor-
responding sorption constants on hydrous Fe(lIl)
oxide (Dzombak and Morel, 1990). A value for the
sorption constant of Cs could not be found for com-
parison; however, the bacterial Ky for Cs is quite large
relative to the corresponding oxide K. This suggests
that the Cs sorption affinity of bacterial-derived or-
ganic matter is rather high.

Table §

Regression coefficients, K values and sorption constant ratios
obtained from plots of heavy metal partitioning as a function
of the mass fraction of reducible oxides in the Strissa bacter-
iogenic Fe oxides (Fig. 2)

Metal "2 log Kd bacteria log Kd oxide 1OE[KS oxidc/KS baclcria]
Sr 091 3.23 297 -0.26
Cs 092 6.11 2.55 -3.56
Pb 0.99 6.16 3.51 =2.65
U 090 4.79 2.96 -1.83

4. Discussion

In low permeability bodies of hard rock, the major
structural features that control the movement of
groundwater are hydraulically conductive fracture
zones {Gascoyne et al., 1995). Marked redox and O,
gradients often develop in these systems as meteoric or
surface waters recharge the subterranean environment,
or when groundwater discharges into excavated tunnels
and vaults. Such gradients provide ideal habitats for
Fe(Il)-oxidizing bacteria like G. ferruginea and Leto-
thrix sp. (Ghiorse, 1984; Hallbeck and Pedersen, 1991,
1995). The oxidized Fe(III) generated by these bacteria
is commonly subjected to hydrolysis and precipitation
at the pH of most natural groundwaters (Stumm and
Morgan, 1996). As the bulk compositional analyses on
the Strissa BIOS confirm, this contributes to a varying
degree of intermixing of Fe oxides and bacterial cell-
derived organic matter (Pedersen, 1997; Ferris et al.,
1999).

Many studies have shown that the solid phase parti-
tioning of dissolved metals and associated Ky values
are quite sensitive to the composition of reactive par-
ticulate materials (Warren and Zimmerman, 1994b;
Radovanovic and Koelmans, 1998). Because of this
sensitivity, reported K4 values for individual metals on
natural solids often show considerable divergence, even
in systems characterized by relatively constant aqueous
geochemical conditions (Ingri and Widerlund, 1994;
Warren and Zimmerman, 1994a). As such, the different
K4 values obtained for Sr, Cs, Pb and U in the Strissa
BIOS are not unusual, but rather illustrate the inherent
variability that can be anticipated for metal uptake
and retention by heterogeneous solid materials.

Many studies have noted that the incorporation of
organic matter into inorganic particulate solids can
have a significant impact on metal partitioning and
sustain large increases in Ky values (Zachara et al.,
1994; Payne et al., 1996). This kind of behavior was
observed with the Strassa BIOS and has been noted
with similar samples collected 100-400 m underground
at the Aspd Hard Rock Laboratory in Sweden (Ferris
et al., 1999). For some metals, like Cu for example,
enhanced partitioning can be traced qualitatively by
way of selective chemical extractions to a very high
and specific affinity for the organic fraction of compo-
site sorbents (Warren and Zimmerman, 1994a; Lin and
Chen, 1998; Ferris et al., 1999). However, other metals
are apt to be released in a non-specific manner (i.e.
simultaneously) from organic and inorganic phases in
composite solids, particularly at the low pH of re-
agents commonly used in selective chemical extrac-
tions. This serves to confound inferences concerning
sorption affinities, making it difficult to use data from
selective chemical extractions to interpret variations in
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Ky values with respect to changes in solid phase com-
position.

The utility of surface complexation theory to
describe quantitatively the sorptive properties of natu-
ral particulate solids has received considerable recent
attention (Fein et al., 1997; Warren and Ferris, 1998;
Wen et al., 1998). A major guiding postulate in surface
complexation theory is the assumption of zero mean
surface potential as the reference state for determi-
nation of equilibrium sorption constants (Dzombak
and Morel, 1990). The implicit corollary is that
changes in surface potential, which are known to arise
from the incorporation of organic matter into Fe ox-
ides (Day et al., 1994), serve to systematically alter the
sorptive properties of particulate solids. In more prac-
tical terms, the decrease in heavy metal Ky values with
increasing reducible oxide content in BIOS follows a
pattern consistent with the fundamental principles of
surface complexation theory.

The importance of bacterial derived organic matter
in determining the K4 values of heterogenous solids
like BIOS has been difficult to assess in a quantitative
way, particularly as few intrinsic equilibrium sorption
constants have ever been determined for bacteria.
Those that do exist suggest that bacteria are very
potent sorbents of dissolved metals with sorption affi-
nities that often exceed inorganic solids like hydrous
Fe(11I) oxides (Dzombak and Morel, 1990; Fein et al.,
1997). This perception is strengthened considerably by
the low oxide-bacteria intrinsic sorption constant ratios
obtained for the retention of Sr, Cs, Pb and U. The
implication is that an important role can be inferred
for the intermixing of bacterial organic matter with Fe
oxides in the transport and fate of dissolved metals in
groundwater systems.

The influence of solid phase reactivity and hydraulic
conductivity on the dispersion of dissolved metals in
groundwater systems, while substantial, have been
shown in computer modeling studies to be less exacting
parameters than the abundance and spatial distribution
of reactive solids, such as hydrous Fe oxides (Thomp-
son et al.,, 1996). Instead, a high degree of importance
can be inferred for multicomponent interactions that
are apt to exert concomitant control over the extent
and spatial pattern of solid phase metal partitioning.
Within this evolving conceptual model, the accumu-
lation of BIOS is of great interest as bacterial-induced
mineral precipitation reactions serve to localize Fe
oxide deposition in places where bacteria are growing
and bacterial cell-derived organic matter enhances
solid phase metal retention. Certainly, understanding
coupled interactions between bacterial and geochemical
processes has emerged as a new focal point for hydro-
geochemistry (Warren and Ferris, 1998), especially as
computer modeling efforts strive towards accommodat-
ing the intrinsic physical, chemical and biological het-

erogeneity of natural systems in a realistic manner
{Thompson et al., 1996) '
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Creation of a Subsurface

Permeable Treatment Zone for Aqueous
Chroemate Contamination Using In Situ

Redox Manipulation

by J1.S. Fruchter, C.R. Cole, M.D. Williams, V.R. Vermeul, ].E. Amonette, J.E. Szecsody, J.D. Istok,

and M.D. Humphrey

Abstract

n in situ redox manipulation (ISRM) method for .

creating a permeable treatment zone in the subsur-

face has been developed at the laboratory bench
and intermediate scales and deployed at the field scale for
reduction/immobilization of chromate contamination. At
other sites, the same redox technology is currently being
tested for dechlorination of TCE. The reduced zone is cre-
ated by injected reagents that reduce iron naturally present in
the aquifer sediments from Fe(III) to surface-bound and
structural Fe(II) species. Standard ground water wells are
used, allowing treatment of contaminants too deep below the
ground surface for conventional trench-and-fill tcéhn&l_dgiés.

A proof-of-principle field experiment was conducted in’

September 1995 at a chromate (hexavalent chrbmi»mn)' conta-
minated ground water site on the Hanford Site in Waﬁhing-
ton. The test created a 15 m (~50 feet) diameter cylind}ical
treatment zone. The three phases of the test consisted of (1)
injection of 77,000 L (20,500 gallons) of buffered sodium
dithionite solution in 17.1 hours, (2) reaction for 18.5 hours,
and (3) withdrawal of 375,000 L (99,600 gallons) in &3 hours.
The withdrawal phase recovered 87% to 90% of the reaction
products. Analysis of post-experimental sediment cores indi-
cated that 60% to 100% of the available reactive iron in the
treated zone was reduced. The longévity of the reduced zone
is estimated between seven and 12 years based on the post-
experiment core samples. Three and half years after the field
test, the treatment zone remains anoxic, and hexavalent
chromium levels have been reduced from 0.060 mg/L to
below detection limits (0.008 mg/L). Additionally, no signifi-
cant permeability changes have been detected during any
phase of the experiment. )
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introduction

The goal of the in situ redox
manipulation (ISRM) method is to
create a permeable treatment zone in
the subsurface to remediate redox-
sensitive mobile contaminants (Fig-
ure 1). As illustrated, redox sensitive
contaminants in the plume are
immobilized or destroyed as they
migrate through the manipulated
zone. The permeable treatment zone
is created by injecting appropriate
reagents and buffers (e.g., sodium
dithionite, potassium carbonate, and

.potassium bicarbonate) to chemically

reduce the ferric iron in the sedi-
ments to ferrous iron. The ISRM
approach extends the permeable iron
redox treatment zone concept to sites

“where the ground water contaminant

plumes are too deep (tens of meters
below the ground surface) to be
treated by excavation or by trench-
emplaced zero-valent iron barriers
(Borden et al. 1997; Matheson and
Tratnyek 1993; Blowes and Ptacek
1992; Xu and Schwartz 1992). The
ISRM approach also provides an
alternative to pump and treat, espe-
cially for those plumes that require
extended treatment times.

A proof-of-principle field test
using the ISRM approach was con-
ducted at the 100 H area of the Han-
ford Site (Figure 2) in September
1995 in an initially aerobic uncon-
fined aquifer with low levels of hexa-
valent chromium contamination. The
field experiment involved the injec-
tion and withdrawal of a reagent
(sodium dithionite with potassium
carbonate/bicarbonate pH buffers)
through a standard ground water well
into an aquifer to create a reduced
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Figure 2. Map of Department of Energy’s Hanford site, Wash-
ington, showing the location of the 100 H Area ISRM proof-of-
principle test site and the 100 D area ISRM treatability test site.

zone approximately 15 m (50 feet) in diameter (Figure 3).
Three and a half years following the dithionite injec-
tion/withdrawal test the treatment zone within the aquifer
remains anoxic and hexavalent chromium is below detec-
tion limits. This ISRM proof-of-principle field test is the
focus of this paper. Laboratory studies and numerical
modeling conducted prior to the field test to aid design are
discussed briefly below.

Relevant Chemistry of Chromium
and Iron in the Subsurface

The target contaminant for this study is chromium in
its hexavalent form. In dilute, near neutral aqueous solu-
tions, hexavalent chromium is generally present as the
highly soluble and mobile chromate anion HCrO;. Its
concentration in ground water and surface water in the
United States is regulated under the Safe Drinking Water
Act (maximum contaminant level [MCL]= 0.100 mg/L as
Cr) and the Clean Water Act (ambient water quality cri-
teria [AWQC] = 0.011 mg/L as Cr). The trivalent form of
chromium is much less-toxic and mobile in the environ-
ment. Upon reduction to Cr(I1I), Cr3* in solution readily
hydrolyzes and precipitates as Cr(OH),(s) (Rai et al.
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Figure 3. (a) Well layout and corehole locations-100 H area
ISRM site. (b) Cross section of aquifer/weils at 100 H. Wells out-
side the treatment zone {H5-1A, H5-12, H5-13, H5-14, and H5-
15) are screened across the entire unconfined aquifer.

1989). Under most ground water conditions the solubil-
ity of Cr(OH),(s) is well below the 0.100 mg/L. MCL.
When Cr(III) is precipitated in soils containing ferric
iron, solid solutions with ferric iron can also form, result-
ing in (Cr, Fe) (OH),(s). The aqueous Cr(III) concen-
trations in equilibrium with this phase are even lower
than that of the pure Cr(OH),(s) phase (Sass and Rai
1987, Patterson et al. 1997).

Once the Cr(OH),(s) or (Cr,Fe)(OH), phase is
formed, it is not readily reoxidized back to chromate.
Available information indicates that the rate of oxidation
of Cr(III) by oxygen is slow if it occurs at all (Schroeder
and Lee 1974; van der Weijden and Reith 1982; Eary
and Rai 1987). Manganese oxides are the only other
known naturally occurring oxidants capable of oxidiz-
ing Cr(III) (Eary and Rai 1987). Although Cr(III) oxi-
dation readily occurs on Mn oxides, a number of factors
have been found that greatly limit the progress of this
reaction in the subsurface environment (Fendorf et al.
1992, 1993; Fendorf and Zasoski 1992; Manceau and
Charlet 1992; Johnson and Xyla 1991; Eary and Rai 1987;
Amacher and Baker 1982). Therefore, a method that
reduces hexavalent chromium to the trivalent form in
ground water should be effective as an aquifer restoration
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method.

The most abundant potential inorganic reductant in
most ground water aquifers is iron, which occurs natu-
rally in minerals and oxide coatings in aquifer sediments in
both the divalent (ferrous) and trivalent (ferric) oxida-
tion states. Although a number of common minerals con-
tain ferrous iron in their internal structure, in oxidizing
aquifers, the minerals and soil particles are often coated
with ferric iron containing products of weathering such as
oxides and oxyhydroxides. It is this surface ferric iron,
along with the ferric iron in certain clay minerals, that is
chemically reactive and available for use in forming a
reductive treatment zone to react with dissolved chromate
and other oxidized species. The reaction is illustrated in
Equation 1.

HCrO,~(aq) + 3Fe?*(s)
+8H,0 — Fe,Cr(OH),(s) + SH* (1)

Laboratory Experiments

Initial bench-scale batch and column experiments
conducted on Hanford sediments evaluated potential
reducing reagents, including sodium dithionite, dissolved
sulfur dioxide, and hydroxylamine hydrochloride. Of the
reagents tested, only sodium dithionite exhibited sub-
stantial reaction rates for reduction of iron in the sedi-
ments at ambient temperatures (Fruchter et al. 1992,
1994). Once sodium dithionite was selected as the pre-
ferred reagent, a variety of batch and column experi-
ments with sediment and dithionite were performed by
Amonette et al. (1994). These bench-scale studies were
used to develop an understanding of the important reac-
tions, final reaction products (i.e., residuals), and nature
and fate of any ions released from the sediments and
sediment surface coatings under reducing conditions
(e.g., mobilization of trace metals).

Amonette et al. (1994) indicate that, within the aquifer,
the injected dithionite reacts with structural iron in oxy-
hydroxide and iron-bearing layer silicate mineral phases,
reducing Fe(I1I) to Fe(II) according to the overall reac-
tion described by Equation 2.

§$,0,>(aq) + 2Fe(IlI)(s) + 2H,0 — 2S0,2-(aq)
+ 2Fe(II)(s) + 4H* 2

The reduced sediments in the treatment zone can
remove dissolved oxygen and redox-sensitive contami-
nants from ground water flowing through the zone. Within
the zone of dithionite-reduced sediments, aqueous chro-
mate reacts with Fe(IT) produced by the dithionite reac-
tion (Equation 2) and is precipitated as a solid hydroxide
(e.g., Cr(OH),) according to the example reaction
described in Equation 1. Similar precipitation reactions
will occur for other oxidized redox-sensitive metal species.

Sodium dithionite is unstable in aqueous solution at
neutral pH and can undergo a number of homogeneous
and heterogeneous disproportionation reactions that can
reduce dithionite concentrations and, as a result, the
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quantity of Fe(II) produced (Equation 3).
S,0 + $H,0 - SO + 45,0 +H*  (3)

Because stability is greatly enhanced at high pH, the
reagent consisted of sodium dithionite in a potassium
carbonate/potassium bicarbonate buffer (pH 11). As the
solution is injected, the pH drops rapidly to below 9.5 due
to reaction with the acidity produced by the oxidation of
the sulfur species (dithionite and reaction products). The
potassium-based buffer was chosen over its less expensive
sodium-based counterpart to reduce the possibility of
clay mobilization and flocculation during the emplacement
process.

The bench-scale laboratory experiments were fol-
lowed by a series of intermediate-scale experiments con-
ducted at Oregon State University (Istok et al. 1999).
These experiments mimicked the radial flow field planned
for the proof-of-principle field test.

Mathematical models were developed to integrate
the results from the bench-scale experiments with the
site characterization information in order to define nom-
inal specifications for the field experiments (Williams et
al. 1994). This process then proceeded in an iterative
fashion with designs being checked against experiments
at the intermediate scale and improved as necessary
before they were carried out in the field. Important design
factors include well and corehole placement, reagent and
buffer concentrations, injection and withdrawal rates,
and the duration of each stage of the experiment (injec-
tion, reaction, and withdrawal). Reactive transport numer-
ical models were also used to interpret the results of
these experiments to determine reaction kinetics at larger
scales (i.e., intermediate and field).

Proof-of-Principle Field Experiment

The discussed laboratory experiments culminated in
a full-scale, proof-of-principle ISRM field experiment
conducted in September 1995 at the Hanford 100 H area
(Figure 2) southwest of the 100 H reactor and about 730
m (2400 feet) from the Columbia River. While the scale
of the field test was much larger than the laboratory
experiments (Figure 3a), the small size of this field test
made it difficult to evaluate downgradient effects due to
uncertainties in the ground water flow direction.

The unconfined aquifer at the test site is approxi-
mately 12.5 m (41 feet) below the surface and 3 m
(9 feet) thick. It is composed of glaciofluvial sands and.
sandy gravels of the Hanford formation (Figure 3b) and
is bounded below by a sandy clay to clayey silt (Ringold
lower mud unit). The site is relatively uncontaminated,
with only low levels (< 0.100 mg/L) of hexavalent
chromium in the ground water. Sixteen wells were drilled
and completed, including a central injection/withdrawal
well, upper and lower zone monitoring wells within the
radial extent of the treatment zone, and four fully screened
monritoring wells outside the treatment zone (Figures 3a
and 3b). The central injection/withdrawal well and primary
monitoring wells within the treatment zone were com-
pleted across the lower half of the aquifer to target the
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dithionite treatment within. this zone. This test design
was selected to simplify the experiment by minimizing

effects associated with reoxygenation at the water table

surface and transient effects associated with the formation
of an injection mound.

Prior to conducting the full-scale dithionite injec-
tion/withdrawal experiment, a series of site characteri-
zation activities were completed. These included hydraulic
tests, a full-scale bromide tracer injection/withdrawal test
that mimicked all three phases planned for the full-scale
dithionite injection/withdrawal experiment, and a “mini”
dithionite injection/withdrawal test. These activities are
fully described in Fruchter et al. (1996) and Vermeul et al.
(1995).

Objectives of the Field Study

The primary objective of the ISRM proof-of-principle
field experiment was to determine the feasibility of cre-
ating a reduced zone in an aquifer using the ISRM method
that could treat hexavalent chromium. Secondary objec-
tives of this test were to evaluate potential side effects of
the process (e.g., reagent recovery and residual chemicals
in the aquifer, trace metal mobilization, and effects on
aquifer permeability). A successful demonstration of the
ability to manipulate the redox conditions in the subsur-
face in a controllable fashion should lead to a viable
remediation method for dissolved chromate and other
redox sensitive contaminants.

Methods and Materials

This section describes the methods and materials used
to conduct the ISRM proof-of-principle field injec-
tion/withdrawal test and the activities used to assess the
performance. It describes the operation and equipment
used in conducting the injection/withdrawal test along with
sampling and analysis used in collecting and measuring
ground water samples. This section also describes the
methods used to collect and measure the reductive capac-
ity of sediment from the reduced zone following the
injection/withdrawal test. Finally, the methods used for the
hydraulic tests to assess changes in aquifer permeability
are also described.

Injection/Withdrawal Test

The dithionite injection/withdrawal field experiment
was designed to produce an approximately 15 m (50 foot)
diameter reduced zone over the lower portion of the
aquifer around the central injection/withdrawal well (H5-
2, Figure 3a). The single well dithionite injection/with-
drawal test had three distinct phases:
¢ Injection phase-77,000 L (20,500 gallons) of reagent

were injected into the central injection/withdrawal

well at a rate of 75 Lpm (20 gpm) for 17.1 hours

o Reaction (or residence) phase-18.5 hour period fol-

Iowing the injection stage to provide time for the
injected reagent to react with the iron within the sed-
iments

¢ Withdrawal phase-4.9 injection volumes (375,000 L

Table 1

Reagent Concentrations Used During Injection

Sodium Potassium Potassium Sodinm

Dithionite = Carbonate  Bicarbonate  Bromide
Tank A 0.IM 04M 0.04 M 90 ppm
Tank B 0.065M 026 M 0.026 M 90 ppm
Tank C 0.033M 0.13M 0013 M 90 ppm

[99,600 gallons]) were withdrawn from the injec-
tion/withdrawal well at a rate of 75 Lpm (20 gpm) to
remove any unreacted reagent and pH buffer, reaction
products (e.g., thiosulfate, sulfate, sulfite), and mobi-
lized metals.

" This approach was chosen for emplacement of the

reduced zone because it provides for a relatively simple
operation and better recovery of injected chemicals than
any other technique. _

The injection design incorporated injection of three
successively lower concentrations of reagent (Table 1) to
minimize cost and to decrease the amount of derived
waste and aquifer residuals. Time-dependent changes in
the injection concentration of sodium dithionite and pH
buffers were used to compensate for differences in aver-
age residence times and reaction path lengths that occur
during the radial injection. The reagent was injected from
three 27,000 L (7100 gallon) mixing tanks. These tanks
were prefilled to an appropriate level with site ground
water supplied by the central injection/withdrawal well.
Concentrated liquid reagent consisting of sodivm dithion-
ite (Clariant Corp.) and potassium carbonate/bicarbon-
ate buffers were delivered to the site in a tanker truck. The
concentrated reagent was added to each tank to achieve
the desired injection concentrations and volumes.

Following the residence stage, 4.9 injection volumes
were withdrawn from the aquifer through the central
injection/withdrawal well and stored in a 380,000 L
(100,000 gallon) Modutank installed at the site for analy-
sis prior to disposal. A volume of water larger than that
injected was withdrawn to account for dispersive effects
and ground water drift.

Ground Water Sampling and Analysis

Ground water samples were collected and analyzed to
determine baseline chemistry of the site for operational
monitoring of the injection/withdrawal experiment and for
post-test performance assessment monitoring. Baseline
ground water chemistry samples were collected and ana-
lyzed from wells at the site prior to dithionite injection.
Dithionite movement and reactivity during the injection,
residence, and withdrawal phases of the field test were

" characterized by monitoring geochemical changes in the

ground water (oxygen, pH, and electrical conductivity)
and by direct measurement of dithionite. During the
injection/withdrawal test, ground water samples and geo-
chemical measurements were taken at intervals ranging
from 0.25 to 6.0 hours from the injection/withdrawal well
and 12 monitoring wells, resulting in the collection of
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approximately 2500 water samples. Following the field
test, ground water was monitored to assess the perfor-
mance of the emplaced treatment zone. The monitoring
was initially performed biweekly. After approximately six
months the monitoring frequency was reduced to monthly,
followed by a quarterly frequency in 1997 and then annu-

\/al]y afterwards.

During each phase of the injection/withdrawal exper-
iment, ground water samples were collected using dedi-
cated variable speed submersible pumps installed in all of
the monitoring wells. The pumps were controlled from a
central location using sampling pump controllers and
sampling manifolds. Each sampling manifold was
equipped with a flow-through assembly with geochemi-
cal field parameter monitoring probes for measurement
of dissolved oxygen, electrical conductivity, pH, and tem-
perature. Purge times were determined by monitoring sta-
bilization of field parameters. This sampling protocol
resulted in the generation of approximately 20 L (~5 gal-
lons) of purge water during the collection of samples
from primary monitoring wells. In addition to field mea-
surements, samples were collected for analysis of hexa-
valent chromium, major anions, trace metals, and dithion-
ite. Ground water samples collected for trace metal
analysis were filtered (0.45 micron) and 10 mL of the
sample were preserved with 2 mL of ultra-pure nitric
acid.

Trace metals were analyzed using inductively cou-
pled plasma/mass spectrometry (ICP/MS) (U.S. EPA
method 6020 ([SW-846]). Anions were analyzed by ion
chromatography using U.S. EPA method 300.1. Hexa-
valent chromium concentrations were measured in a
mobile field laboratory at the site using a Hach DR-2000
spectrophotometer and Accuvac Chromaver 3 ampules.
The detection limit of this method is 0.008 mg/L and the
method is EPA approved. Samples were filtered using a
0.45 micron filter prior to hexavalent chromium analysis.

Dithionite measurements were also made on site dur-
ing the dithionite injection/withdrawal tests. Due to the
instability of dithionite and its reactivity with oxygen,
these analyses must be conducted immediately following
sample collection. An automated system was developed
using syringe pumps for sample dilution and a High-Per-
formance Liquid Chromatography (HPLC). The dilu-
tion water was sparged with nitrogen gas to be com-
pletely free of dissolved oxygen due to the high dilution
factors required for this method (500 to 700 times).

Sediment Sampling and Analysis

Direct evidence of reduction of aquifer sediment was
achieved through analysis of sediment samples collected
from the treatment zone at the ISRM field experiment site
following the dithionite injection/withdrawal experiment
(Figure 3a). To minimize contact with atmospheric oxy-
gen, the sediment samples were collected in precut lexan
liners, capped, quickly placed in argon-filled bags, and
stored in a cooler for transport to the laboratory from the

" field site. All sample handling in the laboratory was done

in an anaerobic glovebox. Thirteen sediment samples
and one duplicate were analyzed for reductive capacity.
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The primary methodology for determining the reduc-
tive capacity of core samples collected from the treatment
zone following the ISRM field experiment was to deter-
mine the oxygen reducing capacity (ORC) of the samples.
Samples were packed in columns, and the ORC of the sed-
iment in the column was then measured by flowing a
solution of oxygen-saturated water (~8 mg/L) through the
column until effluent dissolved oxygen concentrations
approached influent concentrations. Integration of the
effluent oxygen breakthrough curve provided a measure
of the amount of reductive capacity of the sediment sam-
ple. The O, reoxidation method was selected because
the processes involved in the methodology were similar
to oxidizing conditions in the field and were easily auto-
mated. The oxygen measurement system was automated
using a computer-driven syringe pump and oxygen elec-
trode (YSI Model 5331). This system analyzed water
samples from the influent reservoir (air saturated water)
prior to each effluent measurement for calculation of
the percentage oxygen saturation in the effluent. Automa-
tion significantly increased the measurement reliability
and number of core samples that could be analyzed due
to the reduced labor costs. Time constraints and the
asymptotic nature of the oxygen breakthrough curves
resulted in the discontinuation of the reoxidation exper-
iments when the dissolved oxygen concentrations in the
column effluent exceeded 85% of the dissolved oxygen
concentration of the synthetic ground water in the supply
reservoir. Total capacity was calculated by linear extrap-
olation of the late-time slope to 100% breakthrough.
ORC was computed by dividing the total mass of oxygen
removed by the sediment’s dry weight and the equivalent
weight of oxygen (8 g/eq).

Another measure of the effectiveness of treatment
zone emplacement that better accounts for the hetero-
geneity of the system is a comparison of the reductive
capacity of a sample achieved in the field test with the
sample’s maximum possible reductive capacity. This com-
parison provides a percentage estimate of the available
Fe(1II) that was reduced by the field dithionite injec-
tion/withdrawal test. To obtain this information, the sed-
iments in the columns were re-reduced to the maximum
capacity of the sample by pumping a prepared dithionite
solution through the columns continuously for 24 hours
followed by a 24 hour reaction period (no flow). Follow-
ing the reaction period, three pore volumes of anoxic
water were run through the column to flush out the
dithionite solution. The ORCs of these fully reduced
samples were then determined using the method previ-
ously discussed. The percentage of reduction in the field
was calculated as a ratio of the ORC measurement
achieved in the field test and the maximum ORC mea-
surement of the sediment sample.

. Hydraulic Tests

Hydraulic testing of the aquifer at the 100 H area sitF
was conducted as part of the site characterization activi-
ties prior to the dithionite injection/withdrawal test to aid
in the test design (i.e., determining feasible injection aﬂf’
withdrawal rates) and to establish baseline site condi-
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Table 2

Chromium and Dissolved Oxygen Summary of Baseline and Selected Post ISRM Injection/Withdrawal
Experiment Measurements at Wells at 100 H Area
(Well locations are shown in Figure 3a.)

Baseline-August 1995 Post Test-November 1997 Post Test-April 1999

’ Dissolved Chromium Dissolved Chromium Hexavalent | Dissolved Chromium Hexavalent

Well ID Oxygen (ICP/MS) Oxygen (ICPMS) Chromium Oxygen  (ICP/MS)* Chromium*
ppm ppb ppm ppb ppb ppm ppb ppb

Wells Within Treatment Zone
H5-2 —_ —_ 0.00 132 <8 0.17 <1 <8
H5-3p 440 50.8 3.50 37.0 30 6.00 13.2 10
H5-30 5.70 71.0 1147 35.0 30 9.74 6.0 <8
HS-4p 239 47.1 0.00 34 <8 0.00 1£02 <8
H5-4o0 6.07 68.9 8.41 12.6 10 8.80 55 <8
HS5-5p 427 64.8 0.00 <3 <8 0.00 1.6 <8
H5-50 5.95 67.4 0.00 <3 <8 5.68 2.7 <8
H5-6 5.36 60.1 0.00 4.1 <8 0.00 <l <8
HS-7 5.14 674 0.00 45 <8 0.00 LS <8
H5-8 3.90 61.5 0.00 4.1 <8 1.92 8.9 10
H5-9 6.93 59.8 0.00 <3 <8 0.00 <1 <8
H5-10 557 45.8 0.00 34 <8 0.00 <l <8
H5-11 6.61 595 0.00 <3 <8 0.00 <l <8
Wells Qutside Treatment Zone
H5-12 1.88 129 6.46 330 30 3.18 95 10
H5-13 348 34.0 8.31 59.4 50 8.17 16.7 10
H5-14 — — 6.89 531 60 6.50 133 10
HS5-15 Notdrilled Not drilled 9.20 46.5 40 8.74 95 10

of treated ground water nearby from a pump and treat system that started in mid-1997.

*Note: Chromium concentrations within the plume in the area of the ISRM test site were significantly lower by the 1999 sampling event due to the injection of large volumes

tions. Hydraulic tests were also conducted at the site fol-
lowing the dithionite injection/withdrawal experiment.
Pre- and post-experiment hydraulic test responses were
compared for the injection/withdrawal well and selected
observation wells at the ISRM test site to assess the
impact of the field experiment on existing in situ hydraulic
properties. Hydraulic tests conducted at the site con-
sisted of both constant-rate discharge and slug interference
tests that included continuous pressure response moni-
toring in most site monitoring wells. Pressure response was
monitored using 10 and 20 psi Keller Series 173 pres-
sure transducers and data were recorded on a Campbell
Scientific CR10 data logger. Pressure responses were
also monitored during both the tracer and dithionite
injection/withdrawal tests to monitor the formation of the
injection mound, pumping cone of depression, and recov-
ery following the tests.

Results and Discussion

Two different methods were used to measure the per-
formance of the ISRM proof-of-principle field test. The
first method involved monitoring oxidized species (i.e.,
hexavalent chromium and dissolved oxygen) in the ground
water from the wells at the site. The second, more direct,
method involved collecting and analyzing sediment sam-
ples from the unconfined aquifer following the injec-
tion/withdrawal test. Sediment analysis also provided for
estimates of the longevity of the reduced zone. The suc-
cess of the ISRM technology for hexavalent chromium

treatment was assessed from a comparison of post-injec-
tion chromium concentrations with the baseline mea-
surements at the site. The results of these analyses and the
evaluation of the data collected for assessing any negative
impacts to the aquifer from this ISRM proof-of-principle
experiment are discussed in the following sections.

Chromium Immobilization

Baseline and selected post-injection chromium mea-
surements from the wells at the 100 H area ISRM site are
provided in Table 2, and in a generally west to east tran-
sect of wells screened in the lower portion of the aquifer
(i.e., the targeted treatment zone) in Figure 4. Total
chromium concentrations before the experiment ranged
from 12.9 to 64.8 pg/L at the site. Following the dithion-
ite injection/withdrawal experiment, total chromium con-
centrations declined to near the detection limit of the
analytical method (ICP/MS; 1 to 3 pg/L) in most wells
located within the reduced zone in the lower portion of
the aquifer. Hexavalent chromium concentrations within
the reduced zone following the injection/ withdrawal
experiment are mostly below the detection limit of the
field measurement method (8 pg/L). Hexavalent
chromium was not analyzed before the field experiment,
but the total chromium measurements after the experi-
ment had concentrations and trends similar to the post-
experiment hexavalent chromium measurements (Table
2). Hexavalent chromium concentrations within the
reduced zone also remain below detection limits during
the most recent sampling event (April 1999 in Table 2),
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Figure 4. ICP/MS total chromium measurements along a west
to east transect showing baseline (a) and selected post-ISRM
injection/withdrawal test (b) values.

3.5 years after the injection/withdrawal test. Wells outside
the reduced zone also showed significantly lower
chromium concentrations in the 1999 sampling event,
but the concentrations in the plume around the test site
have been impacted from the injection of treated ground
water from a pump-and-treat system that began operation
in mid-1997.

Chromium concentrations for the wells located on
the edges of the reduced zone (e.g., H5-3p and H5-8) and
upper portions of the aquifer (FHS-30, H5-40, and H5-30)
have been increasing since the early times after the test.
Being on the outer fringes of the reduced zone, these wells
had lower concentrations of dithionite during the injec-
tion/withdrawal test and are in the areas expected to oxi-
dize first from the regional generally east-northeast
ground water flow direction.

Dissolved Oxygen Behavior

Selected dissolved oxygen concentrations measured at
the site are shown in Table 2 and Figure 5. The trends seen
in dissolved oxygen are similar to those discussed in the
previous section on chromium. Dissolved oxygen con-
centrations at the site measured in the wells before the
injection/ withdrawal experiment ranged between 1.88 to
6.93 mg/L. Following the injection/withdrawal test, the dis-
solved oxygen concentrations in most of the wells within
the reduced zone were approximately 0.00 mg/L, as shown
in Figure 5b. With the exception of the wells on the
fringes of the reduced zone, the treatment zone remains
anoxic 3.5 years after the test.

Reductive Capacity and Barrier Longevity

Table 3 summarizes the results of the ORC analysis of
the 13 sediment core samples collected from the treatment
zone following the dithionite injection/withdrawal test.
These data show that significant treatment capacity was
created by the test and a high percentage of reduction of
the available Fe(III) (i.e., Fe(III) reducible by dithionite)
was achieved within the treatment zone. The ORC mea-
surements on core samples that were fully reduced by
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Figure 5. Dissolved oxygen measurements along a west to east
transect showing baseline data (a} and selected post-ISRM
dithionite injection/withdrawal test data (b).

dithionite in the laboratory resulted in an average value
of Fe(IIT) of 0.059% by weight for Hanford formation sed-
iments. Estimates for the lifetime of the treatment zone
were calculated using the results of ORC analyses of
these core samples. The treatment capacity of the bottom
1.5 m (5 feet) of the aquifer was estimated to be between
51 and 85 pore volumes based on (1) the average Fe(III)
measured in the Hanford Formation sediments; (2) bulk
density and effective porosity estimates of 1.9 g/cm? and
0.2, respectively, and assumed dissolved oxygen and hexa-
valent chromium concentrations of 9 mg/L and 1 mg/L,
respectively; and (3) core data indicating that 60% to
100% of the available reactive iron (from core samples
collected up to a 7.6 m [25 feet] radial distance) was
reduced during the dithionite injection/withdrawal exper-
iment. Assuming a 15.2-m (50 foot) wide treatment zone
and a ground water velocity of 0.3 m/day (1 foot/day)
(typical of this area of the Hanford site), the estimated
longevity of the ISRM treatment zone at 100 H area is
between seven and 12 years.

Spatial trends in the effectiveness of the treatment
zone emplacement are evident when comparisons of the
percentage of available Fe(III) that was reduced by the
treatment are made between core samples (Figure 6).
There is a general trend of increasing percent reduced with
depth; this is consistent with the experimental design, |
which targeted the bottom 1.5 m (5 feet) of the aquifer.
There is also a general trend of decreasing percent reduc-
tion with increasing radial distance from the injec-
tion/withdrawal well. This trend is also expected since the
dithionite concentrations measured in the wells during the |
injection/withdrawal test were lower in the wells at greater
radial distances due to reaction losses along the longer
path lengths and from dispersion.

Assessment of Negative Aquifer Impacts

A secondary objective of the test was to assess any neg-
ative impacts to the aquifer from the creation of an ISRM
treatment zone. These effects include aquifer plugging,
residual chemicals, and enhanced mobility of naturally




Table 3
ORC Measurements of Core Samples Collected from the Treatment Zone Following the ISRM Injection/Withdrawal Test
(Borehole locations are shown in Figure 3a.)

Average Radial % of Sample Pore Maximum % of
Depthin Distance in Sample ORC Volumes Sample Available
\..fing D m (feet) m (feet) <4.75 (meg/kg) of Treatment*  (meg/kg) Fe(III) Reduced
B2618 120 (39-40) 12 ) 79 9.9 63 234 42
B2618 13.0 (42-43) 12 @) 37 12.6 38 24 56
B2618 14.2 (46-47) 1.2 @) 51 427 176 39.1 100
B2618 14.9  (48.549.5) 12 (4 43 6.5 2 359 18
B2620 13.0 (4243) 30 (0 79 1.0 6 18.5 5
B2620 145 (47-48) 30 (10 34 10.0 28 19.6 51
B2620 15.1 (49-50) 30 (10 30 325 78 324 100
B2621 15.1 (49-50) 58 (19) 29 10.7 25 17.8 60
B2624 12.6 (41-42) 64  (21) 79 139 83 398 35
B2624 13.6 (44-45) 6.4 (21) 42 25.1 85 329 76
B2624 14.8 (48-49) 64 (21) 38 21.0 64 371 57
B2624 145 (47-48[int]) 64 (21) 60 179 86 215 83
145 47-48 [ext]) 64  (21) 60 138 66 359 38
B2625 146 (47.548.5) 82 (27 21 13 2 16.5 8

*Assumes: bulk density = 1.9 g/cm; porosity = 20%; 9 mg/L dissolved oxygen: 1 mg/L hexavalent chromium.
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Figure 6. Contour plot of % Fe reduced based on ORC mea-
surements of core samples collected after the 100 H area
ISRM proof-of-principle test. Corehole locations are shown as
radial distance from the injection/withdrawal well (H5-2). ORC
data are from Table 3. See Figure 3a for plan-view locations of
coreholes.

occurring metals from altered Eh/pH conditions. These
effects are discussed next.

Pre- and post-experiment hydraulic test responses
were compared for selected observation well sites at the
ISRM demonstration site to assess the impact of the field
experiment on existing in situ hydraulic properties. A
direct comparison of hydraulic responses was not possi-
ble since the aquifer thickness increased from 3 to 4 m for
the pre- and post-experiment tests, respectively, due to
aquifer response to high water levels in the Columbia
River in 1996 and 1997. However, analysis of the available
data using methods to account for these differences indi-
cat=- that the dithionite injection did not result in any
m -able degradation in formation permeability. The
hydraulic test comparison did indicate a near-well decrease
in permeability at the injection/withdrawal well following
the injection. This small zone of reduced permeability (i.e.,

skin effect) may be attributed to entrapment of sus-
pended or colloidal material in the sandpack zone imme-
diately outside the well screen during the withdrawal
phase. This near-well rediction in permeability caused no
adverse effects during the injection or withdrawal phases
of the demonstration and is not expected to result in any
significant degradation in the overall hydraulic perfor-
mance of the treatment zone. A complete description of
the hydraulic analysis methods used is included in
Fruchter et al. (1996).

Potentially adverse impacts to ground water quality
include residual chemicals (i.e., injected reagent or reac-
tion products that were not recovered during the with-
drawal) and naturally occurring trace metals mobilized
under changing Eh/pH conditions or from dissolution
by the reagent during injection. Residual chemicals in the
aquifer were potassium, sodium, sulfur species (which
eventually oxidize to sulfate), and carbonate. The resid-
uals also affect the pH and electrical conductivity within
the treatment zone. Mass balance calculations compared
the masses of injected constituents with the masses of
withdrawn constituents to determine what percentage
of reagents and reaction products were recovered during
the withdrawal phase. Samples collected from the extrac-
tion stream during the withdrawal phase of the experiment
were analyzed for thiosulfate, sulfate, sulfite, and bromide
using ion chromatography (IC). Integration of IC mea-
surements from 30 samples collected from the extrac-

~ tion stream during the withdrawal period resulted in an

estimate of 87% recovery of the injected sulfur mass
during the withdrawal phase and 90% recovery of the
injected bromide.

One year after the injection/withdrawal test, wells
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Table 4
Residual Chemicals (Na, K SO,), pH, and Electrical Conductivity
Pre-Experiment Post-Experiment Post-Experiment
(August 1995) (August 1996) (August 1996)
All Wells Treatment Zone HS5-12, H5-13, HS-14
Quality Secondary Standard Standard Standard
Parameter Standard Units Mean Deviation Mean Deviation Mean Deviation
K* none ppm 6 1 116 n 7 04
Na* none ppm 25 3 55 19 35 7
SO, 250 ppm -_ — 324 213 95 23
pH — pH 7.55 0.12 8.19 0.49 7.51 0.01
Conductivity — uS/em 452 42 871 302 559 32
Table 5
Trace Metals with Primary Drinking Water Standards
Pre-Experiment Post-Experiment Post-Experiment
(August 1995) (August 1996) (August 1996)
All Wells Treatment Zone HS5-12, H5-13, H5-14
Quality Secondary Standard Standard Standard
Parameter Standard Units Mean Deviation Mean Deviation Mean Deviation
Sb 6 ppb <1 - <1 — <1 —
As 50 ppb < — <1 —_ <1 —
Cd 5 ppb <1 — <1 — <1 —
Cu 50 ppb 5 1 8 1 9 2
Pb 15 ppb 0.4 2 <1 — <1 -—
Ni 1000 ppb 4 3 4 3 5 1
Se TS0 ppb 03 1 <6 —_ <6 —
Table 6
Trace Metals with Secondary Drinking Water Standards
Pre-Experiment Post-Experiment Post-Experiment
(August 1995) (August 1996) (August 1996)
All Wells Treatment Zone HS5-12, H5-13, H5-14
Quality Secondary Standard Standard Standard
Parameter Standard Units Mesan Deviation Mean Deviation Mean Deviation
Al 50-200 ppb 32 13 <10 — <10 —
Fe 3000 ppb 5 13 132 162 20 34
Mn 50 ppb 32 59 170 237 14 12
Zn 5000 ppb 25 18 51 5 54 11

within the reduced zone remained elevated in K, Na,
and sulfate compared with the pre-experiment baseline
values (Table 4). Wells outside the treatment zone were
not significantly altered from the pre-experiment baseline
measurements.

Tables 5 and 6 summarize the baseline trace metals
before and one year after the dithionite injection/with-
drawal test with comparisons to primary and secondary
drinking water standards. Relative to the baseline data,
iron and manganese within the reduced zone were sig-
nificantly elevated. These trace metals are not expected
to migrate a significant distance downgradient of the
reduced zone because of their high sorption in the reduced
oxidation state (Fe2*, Mn2*). These reduced species are

74 = SPRING 2000 GWMR

”

also expected to reoxidize into less soluble species (Fe3*
Mn3*) when in contact with unreduced sediment dowh:
gradient of the treatment zone. Zinc was also slightl
elevated above the baseline values one year after the
test. Other trace metals within the reduced zone (e.g.,’As
and Pb), although elevated in the withdrawal stream
were not above baseline data one year after the experi:
ment. The increase in these trace metals was due to the
dissolution of oxides within the sediment by dithionite
The post-experiment trace metals concentrations in the
wells outside the treatment zone were similar to baselin¢
values.



Applications to Ground Water Remediation

The 100 H area ISRM proof-of-principle test site was
selected for its relatively simplified hydrogeologic setting
and low contamination levels. These conditions reduced
*he cost and complexity of the test operations and inter-

| cetation. Additionally, only the lower portion of the

aquifer was targeted to minimize influence of the water
table. Following the successful completion of this ISRM
proof-of-principle test. a larger scale ISRM treatability
study is underway at the 100 D area of the Hanford site
(Figure 2) for treatment of much higher concentrations of
hexavalent chromium (~1 mg/L) over the entire conta-
minated unconfined aquifer in a dynamic hydrologic set-
ting near the Columbia River. The goal of this treatabil-
ity study is to create a 46 m (150 feet) long reduced zone
by coalescing a number of cylindrically-shaped reduced
zones around a series of injection/withdrawal wells. The
larger scale of this test will permit adequate hydraulic gra-
dient determination and monitoring to better assess
impacts on water quality downgradient from the ISRM
treatment zone. The performance and cost data gath-
ered during the 100 D area treatability study will be used
to determine if the ISRM techology will be selected for
remediation of the entire 600 m (2000 foot) length of
the chromate plume at this location. At other sites, the
ISRM technology is currently being tested to determine
its effectiveness for the remediation of TCE.
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The influence of organic-hexavalent-uranium [U(VI)] complexation on U(VI) reduction by a sulfate-reduc-
ing bacterivm (Desulfovibrio desulfuricans) and an iron-reducing bacterium (Shewanella alga) was evalvated.
Four aliphatic ligands (acetate, malonate, oxalate, and citrate) and an aromatic ligand (tiron [4,5-dihydroxy-
1,3-benzene disulfonic acid]) were used to study complexed-uranium bisavailability. The trends in uranium
reduction varicd with the nature and the amount of U(VI)-organic complex formed and the type of bacteria
present. D. desulfuricans rapidly reduced uranium from a monodentate aliphatic (acetate) complex. However,
reduction from multidentate aliphatic complexes (malonate, oxalate, and citrate) was slower. A decrease in the
amount of organic-U(VI) complex in solution significantly increased the rate of reduction. S. alge reduced
uranium more rapidly from multidentate aliphatic complexes than from monodentate aliphatic complexes. The
rate of reduction decreased with a decrease in the amount of multidentate complexes present. Uranfum from
an aromatic (tiron) complex was readily available for reduction by D. desulfuricans, while an insignificant level
of U(VI) from the tiron complex was reduced by S. alga. These results indicate that selection of bacteria for

rapid uranium reduction will depend on the organic composition of waste streams.

Microbially mediated precipitation has been proposed as a
viable technique for selective uranium removal from aqueous
solutions (32). Certain iron- and sulfate-reducing bacteria can
enzymatically reduce highly soluble hexavalent uranium
[U(VD)] to the sparingly soluble tetravalent form [U(IV)). Re-
duced uranium then abiotically precipitates as uraninite
(UOys,) (23, 34). Attempts to develop this process for ura-
nium removal from various waste streams are in progress (33,
41, 44). For example, groundwaters contaminated with ura-
nivm have been successfully treated by using this technique
(23, 33). A few studies have evaluated the impact of inorganic
ions found in wastewaters on uranium removal by this mech-
anism. In general, high concentrations of bicarbonate, sulfate,
and nitrate ions appear to negatively impact enzymatic re-
moval of uranium (41, 44). Phillips et al. (41) found that an
increase in bicarbonate ion concentration from ~30 to 100
mM significantly decreased the rate of uranium reduction by
microorganisms. Robinson et al. (44) noted that the presence
of ~5,000 mg of nitrate or sulfate ions per liter did not appre-
ciably affect uranium reduction; however, these ions at con-
centrations of 10,000 to 50,000 mg/liter decreased both the rate
and extent of U(VI) removal from solution.

In addition to the inorganic ions evaluated, the presence of
organic ligands may influence bioreduction of uranium in
wastewaters. Waste streams from radionuclide-processing fa-
cilities generally contain several simple and complex organic
ligands (16, 37). Organic compounds, through carboxyl, hy-
droxyl, or other functional-group interactions, spontaneously
form coordinate-covalent bonds with metal cations, resulting
in organic-metal complexes. Several studies relating the impact
of organic-metal complexation to microbial degradation indi-
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cate that biodegradation of organic ligands by heterotrophic
bacteria and metal bioavailability to assimilatory metal-reduc-
ing bacteria are often affected by the presence of organic-metal
complexes (14, 18, 45). For example, Firestone and Tiedje (15)
studied the biodegradation of nitrilotriacetic acid (NTA) com-
plexed to several metals by using a Pseudomonas specices. The
bacteria rapidly degraded NTA from Ca(II), Mg(iI), Mn(II),
and Na complexes; however, NTA chelated with Ni(II) was not
degraded. In a separate study, Pseudomonas fluorescens rapidly
degraded citrate from Ca(Il), Ni(ll), and Fe(III) complexes;
however, degradation from an Fe(II) complexes was slower
(28). Also, enzymes of Azotobacter vinelandii were found to
reduce Fe(lII) from citrate and azotochelin complexes at dif-
ferent rates during iron assimilation (27). In general, the types
of complexes formed, their lability, and the functional group(s)
involved in complexation have been proposed as parameters of
organic-metal complexes affecting biodegradation (5, 17, 18).

Bioavailability of organic ligands and metals from metal-
organic complexes appears to depend not only on the nature of
the complexes formed but also on the type of bacteria present.
Different Pseudomonas species degrade citrate from metal
complexes at different rates (38). Two assimilatory metal-re-
ducing bacteria, P. aeruginosa (13) and A. vinelandii (27), were
found to reduce ferric iron from citrate complexes at different
rates. The relationship between bacterial metabolism and the
mechanism(s) of organic or metal utilization from complexes
has not been well established. However, inhibition of the trans-
port system which facilitates intracellular metabolism (4, 52)
and structural incompatibility of the chelate with the active
sites of the target enzymes (28) have been reported as reasons
for the observed differences in the bioavailability of organic-
metal complexes.

Several strains of metabolically diverse iron- and sulfate-
reducing bacteria can reduce U(VI) in organic-free bicarbon-
ate solutions (32, 34). It is not known if the presence of organic
ligands can affect U(VI) reduction by these bacteria due to
transport limitations, structural incompatibility, or other mech-
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fate as the electron acceptor. S. alga was grown in a medium containing lactate
as the carbon-electron source and ferric citrate as the sole electron acceptor (7).
i hni were used to prepare growth medium and for
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TABLE 1. Organic ligands used to evaluate
U(VT) biotransformation as the car C
Functiona) group(s)  Stability
Ligand Natore of involved in U(VI)  constant Reference
B complexation (log K)
Monodentate acetate Aliphatic Carboxyl 21 1
Bidentate
Malonate Aliphatic Carboxy! 56 43
Oxalate Aliphatic Carboxyl 6.5 43
Bi- or polynuclear
Citrate Aliphatic 2 carboxyl, 1 hydroxyl 189 42
Tiron Aromatic Hydroxyl 550 25

maintenance of culture conditions throughout this research (26). Briefly, the
growth medium was heated to near boiling, purged with a high-purity gas mixture
(5% H,, 10% CO,, 85% N,) for 10 min to remove dissolved oxygen, anacrobi-
cally transferred in 60-ml volumes to 150-ml serum bottles, and autoclaved to
ensure sterility prior to inoculation with cells (21, 26, 32).

Ligand concentration and uranyl fon speciation. Five organic ligands which
form monodentate, bidentate, or bi- or polynuclear complexes with uranyl ion

were selected for study (Table 1). Four of the ligands selected were alipbatics,

which complexed with uranyl ion primarily through carboxyl ion interactions.
One ligand, 4,5-dihydroxy-1,3-benzene disulfonic acid (tiron), was aromatic and
complexed with uranium exclusively through hydroxyl ion interactions. Thermo-
dynamic stability constants were obtained from the literature (39, 40, 49) and
from an empirical relationship developed in our laboratory to approximate
stability constants for selected UO(OH)-organic ligand species (21). These

anisms. Uranium in wastewater often is associated with several
simple and complex organic compounds (16, 37). Any impact
on the rate of U(VI) reduction due to organic complexation
will affect treatment system design by this technique. Hence, it
is essential to select bacteria which can most efficiently reduce
U(VI) in waste streams containing a variety of organic com-
pounds.

This research was performed to evaluate the availability of
U(VI) for microbial reduction in solutions containing organic
complexants. One aromatic and four aliphatic organic ligands
were used to study the impact of metal-ligand binding on
enzymatic U(VI) reduction by two metabolically diverse bac-
teria.

MATERJALS AND METHODS

Organisms and culture conditions. Desulfovibrio desulfuricans (ATCC 29577),
a sulfate-reducing bacterium, and Shewanella alga, a primary iron-reducing bac-
terium (7), were used to evaluate U(VI) reduction in solution. Both of these
organisms, under anacrobic conditions, can enzymatically reduce U(V]) to the
tetravalent form in organic-free bicarbonate solutions with lactate or H; gas as
the sole electron donor (7, 34). D. desulfuricans was grown in a well-defined
medium (34) containing lactate as the primary carbon-electron source and sul-

were used in association with the computer speciation program
MINTEQ?2A (2) in the selection of test ligand concentrations and prediction of
vranyl ion speciation in cach experiment. Two concentrations of cach aliphatic
ligand were chosen such that most (>98%) or one-half (~50%) of the U(VI)
initially added directly complexed the target ligand. The remaining U(VI)
formed organic [UO»(OH)-organic ligand] and inorganic [(UO,),OH,] urany!
bydroxide species. In the aromatic-ligand (tiron) solutions, greater than 98% of
the U(VI) initially formed ternuclear (UO,),(OH) (tiron), species at the higher
tiron dosage. At the lower ligand concentration, ~50% of the U(VI) added
formed ternuclear tiron complexes. The concentration of organic ligands and the
percent distribution of various uranium species predicted by MINTEQ2A before
microbial reduction are shown in Table 2.

Sample preparation. Batch experiments were performed under nongrowth
conditions (7, 21, 34) to evaluate bioreduction of urany! ion complexed to organic
ligands. Test solutions contained H, gas as the sole electron donor, urany! jon as
the primary electron acceptor, each target ligand as the primary complexing
agent, and sodium nitrate as the background electrolyte (ionic strength, 0.17 M).
Initially, stock solutions (1 liter) were prepared by adding each test ligand and
sodium nitrate to distilled, deionized water. The pH of the stock was then
adjusted to 6.0 by using HNO, or NaOH (0.1 M). Subsequently, the solutions
were filter sterilized (0.2-pm-pore-size fifter), deoxygenated by purging with an
anaerobic gas mixture (5% H,, 10% CO,, 85% N,), and dispensed in 9-ml
volumes into 25-m] anacrobic pressure tubes. Each tube was then closed with a
butyl rubber stopper and scaled with an aluminum cap. A 0.5-m] deoxygenated
urany! nitrate solution [~2-gfliter U(VI) stock] was injected into each tube,
resulting in an initial U(VI) concentration of ~100 mg/liter. Solutions were then
mixed (100 rpm) at a constant temperature (32°C) for 48 b to allow equilibrium
speciation to occur. H, gas was then added to the headspace of each p
tube by injecting 20 m] of an 80% H,-20% CO, gas mixture. The samples were
then shaken gently but thoroughly by hand for ~1 min at room temperature to

TABLE 2. Ligand concentrations and distribution of various species, as predicted by MINTEQ2A, before microbial inoculation in

test solutions”
Ligand and concn (M) UO-organic ligand species UO,(OH)-organic ligand species UO,-inorganic species
Acetate
0.17 UO,(CH,C00),™! (91.2 UO,(OH)CH;COO0 (2.5)
UO0,(CH5C0O0), (5.82
0.03 UO,(OH)CH,C00™! (23.1) UO,(OH)CH,COO (23) UO,0R" (1.6)
UO;(OH)CH,CO0;, (8.8) (UO.),(OH);™" (38)
UO,(OH)CH,CO0*! (4.3)
Malonate
0.01 UO,(C;H,0,), (98) UO,(OH)(C;H0,) (1.2)
0.0075 UO,(C;H,0,), (33.9) UO,(OH)XC,H,0,) (9.3) UO,0OH* (1.7)
UO4(CGH,0,) (5.5) (UO,),(OH), (1.0)
(UO,),(OH);™" (48.4)
Oxalate
0.01 UO»(CH,0,); (22.8) UO,(OH)YC,H,0,) (1.6)
UO,(CH,0,), (752)
0.00075 UO,(C,H,0,), (30.7) UO,(OH)C,H,0,) (36.5) UO,OH" (1.2)
_ UO,(C,H,0,) (11.9) (UO,);(OH); ™ (18.8)
Citrate
0.005 {UOA{CH0,)} (100)
T_0.0002 fUOACH,0,)), (49.7) (UO,),(OH); ! (49.7)
iron
0.0004 (UO,),(OH),tiron; (100)
0.0002 (UO;);(OH),tiron; (50) (UO,),(OH),™* (49.7)

“ The initial pH was 6.0 in all test solutions.
® Each value in parentheses is the percent distribution of that uranium species.
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FIG. 1. U(VI) reduction in test solutions containing low and high concen-
trations (Conc.) of aliphatic organic ligands after inoculation with D. desulfuri-
cans.

allow H; gas dissolution into cach test solution. D. desulfuricans ot S. alga cells
grown in nutrient-rich culture medium were collected by centrifugation (7,500 %
£, 20 min, 4°C), washed twice with a uranium-free anacrobic solution (21), and
inoculated into the test samples. Each pressure tube initially contained ~5 X 10°
cells/m! of test solution. All samples were then incubated at 32°C, and U(VI)
biotransformation was evaluated over time.

Analytical techniques. Uranium levels in test solutions were measured with a
kinetic phosphorescence analyzer. This instrument uses a pulsed nitrogen dye
laser and a complexing reagent to measure only U(VI) levels in solution (6).
Microbial reduction of complexed uranium was evaluated by monitoring the
decrease in the U(VI) concentration over time in the unfiltered test solution
after cell inoculation. Subsamples (~2 ml) from each pressure tube were col-
Jected and appropriately diluted with deoxygenated, deionized water, and the
U(VI1) level was analyzed under anacrobic conditions (21, 32). Internal standards
for calibration were prepared such that the same amounts of osganic ligand,
sodium nitrate, and other sample constituents were present during uranium
analysis (21). Acetate and citrate levels were measured by high-performance
liquid chromatography with a Spherisorb Cg column (21) and an LC90 UV
detector set at a 210-nm wavelength. Malonate and oxalate were measured by
ion-exchange chromatography with an lon-Pak AS4A.SC anion-exchange col-
umn and an ED40 Dionex conductivity detector. Tiron was measured with a
Beckman DU-70 spectrophotometer at a 300-nm wavelength (21).

Statistical analysis. Duplicate measurements of U(VI) concentrations in two
tubes for each time period were used for analyses. The U(VI) reduction data
were analyzed by using a one-way analysis of variance and a nonparametric Cox
and Stuart test (12). The differences in U(VT) reduction rates were determined
at a confidence level of 95%.

RESULTS AND DISCUSSION

U(VD) reduction by D. desulfuricans. Results indicated that
D. desulfuricans reduced U(VI) from each of the aliphatic
complexes evaluated (Fig. 1). In the higher-concentration ac-
etate, malonate, and oxalate solutions [test ligands initially
complexed >98% of the U(VI)], the bacteria reduced more
than 95% of the U(V1) initially present after 96 h of incuba-
tion. In the higher-concentration citrate solution ~85% of the
U(VI) was reduced after 96 h. The trend in uranium reduction
for the higher-concentration citrate solution suggested that
further reduction can be achieved by extending the incubation
period. Significant amounts (>90%) of uranium were also
reduced in solutions containing the lower aliphatic ligand con-
centration [~50% U(VI) initially complexed to the test li-
gands]. Results suggested that complex formation with ali-
phatic ligands did not appear to affect the availability of U(VI)
as an electron acceptor to the sulfate-reducing bacteria.
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TABLE 3. V; of U(VI) by D. desulfuricans in aliphatic solutions

(con c}]‘f;;’]"usc " V; [mg of U(VI)mg cell-h]
Acetate (0.17) 1.6 X 1073
Acetate (0.003) 19 %1072
Malonate (0.01) 9.0 x 10°%
Malonate (0.00075) 34 %107
Oxalate (0.01) 89x 1073
Oxalate (0.00075) 18x107*
Citrate (0.005) 6.0 %1073
Citrate (0.0002) 14 X107

Although a substantial amount of U(VI) was reduced in
each test solution, the rate of reduction varied with the type
and relative amount of U(VI)-organic complex formed. The
differences observed in U(VI) reduction trends were statisti-
cally significant (a = 0.05). The U(VI) reduction rate kinetic
coefficients in the presence of each test ligand were evaluated
by using a linearized form of the Michaelis-Menten expression
(3, 24, 50). The initial rate of reduction (¥), which represents
the U(VI) reduction rate immediately after cell inoculation,
was used to compare the impact of solution constituents (or-
ganic complexants) on U(VI) biotransformation (Table 3).
The V; values were normalized to the amount of U(VI) (tml-
ligrams) utilized by a unit of cell mass (milligram-cell) by using
a conversion of 107 cells/mg of biomass (48). It was observed
that in solutions containing the higher concentration of ali-
phatic ligand, the V; of U(VI) from acetate complexes was
~20-fold higher than that observed in the presence of multi-
dentate aliphatic ligands. This indicated that U(VI) was not as
readily available as an electron acceptor from multidentate
aliphatic complexes as it was from monodentate (acetate) com-
plexes for D. desulfuricans. When the concentrations of multi-
dentate aliphatic ligands were reduced such that ~50% of the
U(VI) formed only multidentate complexes, the V; increased
two- to fivefold.

Rapid reduction of U(VI) from selected organic complexes
was not due to degradation of these ligands by D. desulfuricans.
No significant decrease (@ = 0.05) in organic-ligand concen-
tration was measured, even after 96 h of incubation, in U(VI)-
containing solutions (Fig. 2). Note that the bacterium reduced
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FIG. 2. Concentrations (Conc.) of organic ligands during U(VI) bioreduc-
tion by D. desulfuricans. Ligands initially complexed >98% of the U(VI).
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FIG. 3. U(VI) reduction in test solutions containing low and high concen-
trations (Conc.) of an aromatic organic ligand (tiron) after inoculation with D.
desulfuricans.

>85% of the U(VI) during this period. The very high concen-
tration of acetate (11,500 mg/liter) utilized in the experiment
rendered this ligand analysis difficult. However, evidence in the
literature indicates that D. desulfuricans does not use acetate as
a carbon or electron source (11, 31).

Slower reduction of U(VI) in the presence of multidentate
aliphatic ligands was not due to toxicity of these organics to the
bacterium. This was verified in a separate experiment in which
the bacterium, under resting-cell conditions, readily reduced a
poorly complexing compound (thiosulfate) in the presence of
each test ligand (21). The results suggested that complexation
by multidentate aliphatic ligands was responsible for the slower
U(VI) reduction by D. desulfuricans, and the extent of impact
depended on the amount of U(VI) organically complexed in
solution. This impact, however, appeared to differ from that
observed during Fe(Ill) reduction by D. desulfuricans.
Coleman et al. (10) observed that multidentate aliphatic com-
plexation by NTA did not appreciably affect the trend in
Fe(Ill) reduction by D. desulfuricans. The bacteria reduced
equal amounts (~3.5 mM) of Fe(Ill) from poorly crystalline
Fe(II)oxide and Fe(I11)-NTA complexes after 36 h of incuba-
tion. Further investigation is required to better understand the
mechanism(s) of metal utilization from aliphatic complexes by
the sulfate-reducing bacteria.

The impact of aromatic complexation on U(VI) bioreduc-
tion was evaluated by using tiron as the test ligand. Figure 3
shows U(VI) levels in tiron solutions after inoculation with D.
desulfuricans. The bacteria reduced significant levels of U(VI)
(>95%) in solutions containing high, as well as low, concen-
trations of tiron. Although U(VI) from multidentate aliphatic
complexes was not readily available for reduction, D. desulfi:-
ricans rapidly reduced U(VI) from the multinuclear aromatic
complex evaluated. In solutions in which >98% of the U(V1)
initially formed ternuclear complexes with tiron, the V, of
U(VI) [5.7 X 10™* mg of U(VI)/mg cell-h] was approximately
50% lower than that observed in acetate solutions but was
more than an order of magnitude higher than that in the
presence of multidentate aliphatic ligands. A similar impact on
the relative rates of U(VI) reduction was also observed in
solutions containing lower concentrations of tiron. The ¥V, of
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FIG. 4. U(VI) reduction in test solutions containing low and high concen-
trations (Conc.) of aliphatic organic ligands after inoculation with S. alga.

U(V1) {4.6 x 10~ mg of U(VI)/mg cell-h} was slightly lower
than that observed in solutions containing the lower concen-
tration of acetate but was 1.5- to 3-fold higher than that ob-
served at lower concentrations of multidentate ligands. This
suggested that the negative impact on U(VI) reduction due to
complexation with the aromatic ligand (tiron) was much less
than that observed with multidentate aliphatic ligands.

U(VI) reduction by S. alga. Figure 4 shows U(VI) levels in
unfiltered aliphatic test solutions after inoculation with S. alga.
The trends in uranium reduction were very difierent from
those observed when D. desulfuricans was used. The extent of
U(VI) reduction by S. alga in several aliphatic solutions was
much lower than that by D. desulfuricans observed. When
>98% of U(VI) was initially complexed to acetate, approxi-
mately 80% of the added U(VI) was reduced after 96 h of
incubation. In solutions containing multidentate aliphatics,
more than 95% of the U(VI) was reduced during this period.
However, in solutions containing lower concentrations of ali-
phatic ligands, the bacteria reduced only 50 to 80% of the
U(V]) initially introduced.

The V; in test solutions varied with the type and level of
U(VI)-aliphatic complexes present (Table 4). When >98% of
the U(VI) was complexed to the test organics, the ¥; of U(VI)
in the presence of multidentate ligands was more than an order
of magnitude higher than that observed in monodentate ali-
phatic (acetate) solutions. The slower reduction from acetate
solutions does not appear to be due to toxicity of this ligand,

TABLE 4. V, of U(VI) by S. alga in aliphatic solutions

(concn [N} used) V; [mg U(VIyme ceil-b]
Acetate (0.17) 20x 1073
Acetate (0.003) 15%x107%
Malonate (0.01) 1.1x107°
Malonate (0.00075) 57x 1075
Oxalate (0.01) 125 x 1072
Oxalate (0.00075) $2x107°
Citrate (0.005) 13x 1072
Citrate (0.0002) 11x107
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FIG. 5. U(VI) reduction in test solutions containing low and high concen-
trations (Conc.) of an aromatic organic ligand (tiron) after inoculation with S.
alga.

since this bacterium was isolated by using a medium containing
a high concentration of acetate (7). Furthermore, differences
in U(VI) reduction were not due to metabolism of the test
ligands by this bacterium. Insignificant amounts of each ligand
were utilized by this bacterium during U(VI) reduction (data
not shown). Also, S. alga does not couple oxidation of acetate
and citrate to metal reduction, even under growth conditions
(7, 30). It should be noted that, when multidentate ligand levels
were lowered such that only ~50% of the U(VI) initially added
was complexed, the rate of reduction decreased by more than
an order of magnitude (Table 4). This observation suggested
that if S. alga degraded the test ligands (thereby decreasing
their concentration), U(VI) reduction rates would have been
retarded rather than enhanced. Therefore, it appears that
chemical speciation of uranyl ion in solution rather than inhi-
bition-degradation of organic ligands dictates U(VI) availabil-
ity to S. alga. It has been well documented that the activity of
selected yeast cells and Thiobacillus ferrooxidans was lower in
the presence of uncomplexed uranyl ions (UO,2*) but was not
affected when uranyl ions were complexed to strong complex-
ants such as carbonate or citrate (4648, 51). In addition, it has
been reported that iron-reducing microorganisms from anaer-
obic sediments reduced Fe(Ill) from multidentate aliphatic
(NTA) complexes more rapidly than from uncomplexed,
poorly crystalline Fe(IlI) oxide (29, 36).

S. alga did not reduce U(VI) from aromatic ternuclear tiron
complexes (Fig. 5). Less than 5% of the U(VI) present was
reduced in solutions in which the predominant U(VI) species
was in the tiron complex (>98%), as well as in solutions con-
taining only ~50% tiron-U(VI) complexes. The reduction
trends observed in various experiments indicated that multi-
dentate aliphatic complexes were better sources of the U(VI)
electron acceptor for S. alga than were monodentate aliphatic
complexes (acetate), aromatic complexes (tiron), or uranyl hy-
droxide species.

It should be noted that tiron formed a polynuclear complex
with U(VI) and the stability constant for complexation was
higher than values reported for the other organic complexes
evaluated (Table 1). However, trends of U(VI) reduction from
tiron complexes by either bacterium were more similar to

REDUCTION OF HEXAVALENT URANIUM 4389

> 0.0015 |- ] 4
]
£5
-§ 0.0010 | 4
o
if
g ?. 0.0005 |- -
3 E
E 0.0000 o n

Acetste Malomate ~ Onalase Citrate Tiron

FIG. 6. V; of U(VI) in test solutions containing organic ligands incubated
with D. desulfuricans (33) and . alga (H). Ligands initially complexed >98% of

the U(VI).

trends observed from the complex with the lowest stability
constant (acetate) than from complexes with higher stability
constants (multidentate aliphatics). This suggested that reduc-
tion of U(V]) from various organic complexes was not primar-
ily related to the respective thermodynamic stability constants.
Bolton et al. (5) and Francis et al. (18) have reported that
factors such as lability of metal-organic complexes rather
than stability constants will dictate the degradation of metal-
organic complexes. The functional groups (hydroxyl) involved
in U(VI)-tiron complexation and the structural orientation of
ternuclear aromatic complexes probably dictated the reduction
of U(VI) by microorganisms.

Comparison of U(VI) reduction by D. desulfuricans and S.
alga. A comparison of results indicated that the two bacteria
reduced U(VI) very differently from each of the complexes
evaluated. D. desulfuricans rapidly reduced U(VI) from mono-
dentate aliphatic complexes formed with acetate (Fig. 6). S.
alga very slowly reduced uranivm from this complex. While
reduction from multidentate complexes by the sulfate-reducing
bacteria was slow, it was rapid in the presence of the iron-
reducing bacteria. Rapid reduction of U(VI) by D. desulfuri-
cans was also observed in aromatic complexes. Reduction by S.
alga was slow in these complexes. In addition, a decrease in the
amount of organic-U(VI) complex in solution increased the
rate of reduction by D. desulfuricans and decreased the rate of
reduction by S. alga (Tables 3 and 4). The vast differences in
U(VI) reduction trends observed when the two bacteria were
used was due to neither toxicity nor metabolism of organic
complexants by either of the bacteria. The results observed
may be due to differences in the nature of the enzymes in-
volved in reduction. Sulfate-reducing bacteria have been re-
ported to reduce uranyl ion by using an enzyme (cytochrome
¢,) located at the soluble (periplasmic) fraction of the cell (35).
This enzyme is not associated with an energy-yielding process
leading to growth of the bacteria (34). In contrast, S. alga
reduced U(VI) by using a multicomponant enzyme system
associated with the membrane fraction of the cell (8, 9). The
enzyme complex appeared to be involved in phosphorylation-
energy-yielding processes of the bacteria (9). Such differences
in the location and function of U(VI)-reducing enzymes may
have imposed limitations on structural compatibility or trans-
port mechanisms and contributed to the differences in the
U(VI) reduction from organic complexes by the two bacteria.

Precipitation of bioreduced uranium. Effective removal of
uranium from contaminated water by these microorganisms
depends not only on reduction of U(VI) to U(IV) but also on
subsequent precipitation of reduced uranium. Precipitation of
U(IV), upon microbial reduction, was evaluated by measuring
the total dissolved uranium {U(VI) plus U(IV)] in the filtrate
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(0.2-pm-pore-size filter) over time. The filtrate (1 ml) was
oxidized by using 2 N HNO; to convert U(IV) to U(V1) prior
to this analysis (21). The results indicated that precipitation of
U(TV) depended on the type and concentration of the organic
ligand present in solution (data not shown). Briefly, while
>95% of the U(IV) precipitated from solutions containing the
highest concentrations of acetate and malonate, less than 20%
of the U(IV) precipitated in the presence of oxalate and ci-
trate. At the lower concentrations of oxalate and citrate used,
>80% of the bioreduced uranium precipitated from solution.
However, little (~10%) of the U(IV) precipitated from tiron
solutions, even at the lower concentration utilized. A detailed
discussion concerning U(IV) precipitation trends in the pres-
ence of organic chelating agents is presented elsewhere (19-
22).

Implications for wastewater treatment. Results indicated
that reduction of U(VI) was affected by various organic com-
pounds when either of the bacteria was evaluated. It appears
that ground and surface waters containing uranium but little or
no organic matter can be successfully treated by using D. de-
sulfuricans. However, experimental results suggest that these
aqueous solutions may need to be amended with strong com-
plexants prior to using S. alga for uranium reduction. Mixed-
process waste streams from industries and leachates produced
from environmental restoration operations generally contain
complex organic compounds (37). While S. alga can rapidly
reduce U(VI) from selected multidentate complexes found in
such waste streams, reduction by D. desulfuricans may be slow.
In addition, precipitation of reduced uranium [U(IV)] will
depend upon the type and amount of organic ligands present.
Hence, it is essential to evaluate the chemical (organic) com-
position of waste streams prior to selecting the type of bacteria
for uranium reduction. Finally, results suggested that the neg-
ative impact on biotreatment due to organic-metal complex-
ation can be greatly alleviated by proper selection of bacteria
for treatment.
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The sorption of uranium on mineral surfaces can
significantly influence the fate and transport of uranium
contamination in soils and groundwater. The rates of uranium
adsorption and desorption on a synthetic goethite have
been evaluated in batch experiments conducted at constant
pH of 6 and ionic strength of 0.1 M. Adsorption and
desorption reactions following the perturbation of initial
states were complete within minutes to hours. Surface—
solution exchange rates as measured by an isotope exchange
method occur on an even shorter time scale. Although
the uranium desorption rate was unaffected by the aging
of uranium—goethite suspensions, the aging process
appears to remove a portion of adsorbed uranium from a
readily exchangeable pool. The distinction between
sorption control and precipitation control of the dissolved
uranium concentration was also investigated. In hetero-
geneous nucleation experiments, the dissolved uranium
concentration was ultimately controlled by the solubility of
a precipitated vranyl oxide hydrate. The X-ray diffraction
pattern of the precipitate is characteristic of the mineral
schoepite. Precipitation is kinetically hindered at low
degrees of supersaturation. In one experiment, metastable
sorption controlled dissolved uranium concentrations in
excess of the solubility limit for more than 30 d.

Introduction

The United States’ nuclear weapons program has left alegacy
of environmental contamination. Uranium mining, milling,
and refining generated the largest volume of weapons waste
(1), and uranium is a principal contaminant in soils at the
Department of Energy weapons processing plants (2). The
Federal standard for uranium in drinking water, promulgated
in December 2000 by the U.S. Environmental Protection
Agency, is 30 ppb; the rule will become effective in December
2003 (3.

At the Fernald Environmental Management Project
(FEMP) in Ohio, high carbonate concentrations have resulted
in mobilization of uranium from contaminated soils in the
form of uranyl—carbanato complexes and contamination of
the underlying aquifer (4, 5). At the carbonate-poor Savannah
River Site (SRS), colloidal transport of uranium in ground-
water has been observed (6), and the association of uranium
with colloids of kaolinite and iron oxides has been demon-
strated by synchrotron X-ray fluorescence (SXRF) measure-
ments (7). In SRS surface waters, the transport of uranium

* Corresponding author telephone: (626)395-3644; fax: (626)395-
2940; e-mail: jhering@caltech.edu.
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during storm events is enhanced by its association with
suspended quartz, kaolinite, gibbsite, and goethite solids (8).

Because of their high reactive surface areas, iron minerals
can strongly influence the fate and transport of uranium.
Despite differences in bulk mineralogy, similarities in iron
content among Hanford, SRS, and Oak Ridge soils led to
similar pH-dependent uranium adsorption (9). Sequential
extraction of contaminated SRS aquifer solids showed
uranium to be associated with amorphous (10) and crystalline
(11) iron oxides, and the association of uranium with zones
enriched in iron and manganese was verified by SXRF (12).
The association of uranium with iron and aluminum oxy-
hydroxide minerals downgradient of a uranium ore body
was suggested by selective extraction (13, 14) and has been
incorporated into surface complexation models with iron
oxides as the dominant sorbent (75, 16).

Uranium sorption in single-mineral systems has been
investigated for goethite (17—20), hematite (19, 21-23), and
ferrihydrite (19, 24— 26). Uranium sorption occurs through
the formation of inner-sphere surface complexes, which are
most likely in bidentate coordination with surface iron centers
(18, 21, 27). Sorption increases from none at low pH to a
maximum at near-neutral pH; in the case of goethite, this
sorption edge occurs between pH 5 and pH 6 (17, 19, 20).
Uranyl complexation by carbonate leads to a significant
decrease in sorption, although Bargar et al. (21, 27) have
presented spectroscopic evidence for ternary uranyl—car-
banato surface complexes and have suggested that they could
be the dominant species on the surface even at slightly acidic
pH.

Uranium uptake (28) and release (29, 30) from hetero-
geneous soils is often kinetically controlled. Uranium uptake
on hematite (27) and ferrihydrite (26) exhibited arapid phase
of 30 min to several hours and a longer phase extending for
tens and hundreds of hours. Slow sorption has been attributed
to interparticle or intraparticle diffusion in pores (31-33).
sites of low reactivity, and surface precipitation (34).

Surface precipitation is a consideration under conditions
near or exceeding the solubility of uranyl minerals. Uranium
uptake by ferrihydrite has beeninterpreted as coprecipitation
(35). Urany} phosphate microprecipitates identified down-
gradient of a uranium ore deposit are thought to have
nucleated on the surfaces of iron oxyhydroxides at sites of
uranium adsorption (36, 37). As dissolved uranium concen-
trations increase, monomeric surface complexes may convert
to polymeric surface complexes and ultimately to oligomeric
clusters and surface precipitates (38).

The objectives of this work were to determine the
partitioning of uranium between the solution and the goethite
surface and to measure the rates of adsorption and desorption
at constant pH and ionic strength. Partitioning experiments
were conducted to define a sorption isotherm and to
determine conditions necessary for heterogeneous nucleation
of a uranium-containing precipitate. Sorption rates were
investigated following perturbation of equilibrium statesand
by isotope exchange.

Materials and Methods

Materials. Goethite was synthesized by heating freshly
precipitated ferrihydrite (39). The resulting solid was washed
by dialysis and then freeze-dried. X-ray diffraction (XRD)
and diffuse reflectance Fourier-transform infrared spectros-
copy confirmed the identity of the solid as goethite. The
surface area of the goethite was measured as 42.2 m? g~! by
the BET method with nitrogen adsorption using a Mi-
cromeritics Gemini surface area analyzer.
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TABLE 1. Relevant Uranyl Complexation and Precipitation
Reactions

reaction log K ref
UQO;2* + H,0 = UO,0H* + H* —5.20 42
U022t + 2H,0 = UO(OH), + 2H* -11.50° 46
2U02* 4+ 2H,0 = (UOy)(OH)2+ + 2H+ —5.62 42
3U02t + 5H,0 = (U03)3(OH)s* + 5H* -15.55 42
4U0z%* + TH0 = (UO2)s(OH);* + TH* —21.90 42
U0,2* 4+ CO32~ = UO,CO;s(aqg) 9.68 42
UO,2* + F~ = UOF* 5.09 42
UO02* + 2F~ = UO:F2(aq) 8.62 42
UQ02* + 3F~ = UO;F3~ 10.90 42
U022t + 4F = U02F42' 11.70 42
UO2* + 3H0 = UO;2H,0(s) + 2H* —4.70 45
U022+ + 3H,0 = UO32H,0(s) + 2H* —5.20 46

2 Used instead of the value given by Grenthe et al. (42), which isonly
a limit of log K < —-10.3.

Stock solutions of uranium for all experiments were
prepared by dissolution of UOz(NO4).-6H.0 (Alfa Aesar) in
Milli-Q water. A 235U spike of 99% purity in 5% HNO; was
obtained from L. Silver (Caltech). The pH was buffered with
5 mM 2-(N-morpholino)ethanesulfonic acid (MES) and
adjusted to pH 6.00 with NaOH. MES was chosen as a pH
buffer because of its lack of metal complexation, first
demonstrated by Good et al. (40) for copper and recently for
cadmium and lead (41). The ionic strength was fixed at 0.1
M with NaNO;. Calibration standards for inductively coupled
plasma—mass spectrometry (ICP—-MS) analysis were pre-
pared from a 1000 ppm standard solution (Alfa Aesar).

Experimental Methods. All experiments were conducted
at pH 6 and an ionic strength of 0.1 M, were open to the
atmosphere, and were at the ambient laboratory temperature
(22 + 2 °C). In partitioning experiments, uranyl nitrate
solution was added to 0.1-0.5 g L-! goethite suspensions in
both batch and titration modes. A 48-h contact time was
used in initial batch experiments with 2—42 M total uranium.
In titration mode, increments of uranyl nitrate solution were
added to a 0.1 g L~! goethite suspension at intervals greater
than 4 h to final total uranium concentrations up to 46 uM.
After the specified contact time, 10-mL samples of suspension
were filtered through 0.22-um cellulose nitrate (Millipore) or
0.2-um polycarbonate membranes (Millipore), and the
last 5 mL was collected and acidified. Data were fit to a
Langmuir isotherm by a nonlinear fitting procedure with
least-squares optimization using the software application
Scientist (MicroMath).

In kinetics experiments, pre-equilibrated suspensions
were perturbed, and the time required to re-establish
equilibrium was measured. Kinetics experiments were initi-
ated for adsorption by addition of uranium to a goethite
suspension and for desorption either by dilution of a
uranium-loaded goethite suspension into uranium-free
solution or by addition of fluoride as a complexing ligand to
a pre-equilibrated uranium—goethite suspenston. Fluoride
was used because it forms strong dissolved complexes with
uranium(V]) (Table 1) even at pH 6. Collected samples were
filtered and acidified prior to analysis for dissolved uranium.
Sorbed uranium concentrations were calculated as the
difference between known total and measured dissolved
concentrations. Samples of whole suspension were periodi-
cally acidified and filtered to determine if the total uranium
concentration was affected by sorption to reactor walls.

The effect of pre-equilibration time (i.e., aging) on the
rate of desorption was investigated in a set of dilution-induced
desorption experiments initiated from the same uranium—
goethite suspension after 1 d, 1 month, and 6 months of
mixing. Following the 6-month experiment, a 50-mL portion
of the remaining suspension was put through a sequential

extraction procedure. In each extraction cycle, the solid was
vigorously mixed with 50 mL of extractant for 30 min at a
solid to solution ratio of 0.03 g L, goethite—extractant
suspensions were centrifuged, a filtered supernatant sample
was collected, the supernatant was decanted, and fresh
extractant was added. The complete extraction process
consisted of three cycles with deionized water, three with 1
M acetic acid at pH §, and three with 1% HNO;.

An isotope-exchange experiment was used to examine
the rate of solution—surface exchange in a system with
minimal equilibrium perturbation. After 4 d of equilibration
with uranium depleted in 23U, goethite suspensions (total
volume = 250 mL) were spiked with 1 mL of 0.252 uM 235U
solution adjusted to the same pH and ionic strength. The
addition of the #%U significantly decreased the #3U/25U
isotope ratio in the dissolved phase but did not appreciably
change the dissolved uranium concentration. As the dissolved
uranium exchanged with the surface, the isotope ratio in
solution evolved to match the isotope ratio in the suspension
(i.e., solution plus solid). Samples for dissolved and total
uranium were taken following the same procedure used in
batch equilibrium and equilibrium-perturbation experi-
ments.

A series of experiments was performed to determine the
conditions necessary for the heterogeneous nucleation of
uranium surface precipitates on goethite. Uranyl nitrate was
added incrementally to 0.23 g L~ goethite suspensions to
achieve final total uranium concentrations ranging from 20
to 1000 #M. The incremental addition process lasted from
a few hours for low total uranium concentrations to 8 d for
the maximum addition. At each point of addition, the pH
was measured and adjusted as necessary with NaOH.
Throughout the experiment, the suspensions were mixed on
an orbital shaker. Samples were taken at specific intervals
after the completion of the incremental uranium addition
(i.e., at nominal t = Q) for determination of dissolved and
total uranium; suspended solids were collected on the
membrane filter used to process each dissolved sample, and
the water remaining in the filter holder was removed by
displacement with air. The membrane filters were then
removed from the holders, mounted on glass slides, air-dried
at room temperature, and analyzed by XRD.

Dissolved uranium and iron concentrations were deter-
mined by ICP-MS on either a Perkin-Elmer ELAN 5000 or a
Hewlett-Packard 4500 instrument. Uranium isotope ratio
measurement was performed with a Finnigan Element ICP-
MS. XRD patterns were obtained with a Scintag Pad V
instrument with a Cu Ka X-ray source and germanium
detector.

Resuits and Discussion

Metastable Sorption. The metastable partitioning of uranium
to the goethite surface displays a pattern corresponding to
a Langmuir isotherm (Figure 1), in which sorbed uranium
is plotted as a function of the total dissolved uranium
concentration without distinguishing among dissolved spe-
cies. At pH 6 and total uranium concentrations between 2
and 40 uM, (UO,)3(OH)s* is the dominant dissolved species
as calculated using critically evaluated stability constants
(Table 1). The speciation of uranyl in solution should not
however be taken as an indication of the stoichiometry of
the surface complex(es). The data were fit to a Langmuir
isotherm (eq 1) to obtain parameter values for the sorption
constant Ki of 0.653 uM~! and the maximum sorbed density
Imax0f 114.4 pmol g~! or 2.71 umol m~2 normalized to surface
area:

= Lmack.C |
1+ KC o
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FIGURE 1. Metastable sorption of uranyl on goethite at pH 6 and
1= 0.1 M. Symbols: data from (W} batch equilibration (0.1-0.5 g
L~ goethite), (#) end points of kinetics experiments (0.010—0.035
g L~ goethite), and (O) incremental loading experiments (0.10 gL
goethite); (~) Langmuir isotherm.
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FIGURE 2. Time dependence of uranium partitioning between
dissolved and solid-associated phases in a suspension 0f0.23gL™!
goethite at pH 6 and / = 0.1 M. Symbols: (m) 1, (#) 3, (O) 7, and
(O) 32 and 96 d after completion of incremental uranium addition.

where C and T are the dissolved and sorbed uranium
concentrations, respectively. Note that all of the data with
dissolved concentrations greater than 5 uM are from the
titration-mode sorption experiments. Under the admittedly
simple assumption of monodentate sorption, the value of
2.71 umol m~2 corresponds to 1.63 sorption sites nm~2, This
value is comparable to the estimate of 2.3 sites nm~2 suggested
by Davis and Kent {43) as a uniform standard for oxide
minerals.

Surface Precipitation. With increasing uranium concen-
tration and sufficient equilibration time, the dissolved
uranium concentration will ultimately be controlled by the
solubility of a uranyl oxide hydrate precipitate. In a set of
experiments specifically designed to be supersaturated with
respect to a uranyl oxide hydrate, the formation of surface
precipitates was monitored. For systems with 20—80 uM total
uranium, the change in solid—solution partitioning over time
is plotted together with the Langmuir isotherm in Figure 2.
The dissolved concentration was observed to decrease over
as long as 32 d; this corresponds to an increase in the solid-
associated (i.e., sorbed and precipitated) concentration. After
96 d, the dissolved uranium concentration was 1.9-2.8 uM
for experiments with total uranium concentrations 40 4M or
greater, a strong indication that a solubility-controlling solid
had formed. The experiment with 20 4M total uranium had
alower final dissolved concentration, suggesting that in this
experiment the dissolved concentration was still controlled
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FIGURE 3. X-ray diffraction pattern of solids from a suspension of
0.22-0.23 g L~ goethite with [U}; = 20 (a), 40 (b), and 500 zM (c).
1= 0.1 M, pH 6. Peaks are present for goethite {G), schoepite (S),
and the polycarbonate filter membranes (F).

by sorption. Sorption partitioning experiments with dissolved
concentrations above 2.8 M are supersaturated with respect
to the surface precipitate. Dissolved concentrations above
this value in the Langmuir isotherm (Figure 1) represent
metastable partitioning of uranium between the surface and
the aqueous phase before the onset of precipitation. Su-
persaturated conditions may persist for considerable periods
of time at low degrees of supersaturation; the data in Figure
1 correspond to contact times as long as 30 d.

Uranium-loaded goethite samples from the surface-
precipitation experiments were analyzed by XRD to probe
for crystalline uranyl-containing precipitates. The XRD
pattern of the system with 20 4M total uranium (Figure 3a)
contains only the peaks for goethite (21.5°) and the poly-
carbonate filter membrane (16—19°) even after 96 d. For the
experiments with 40 and 80 4M total uranium, the XRD pat-
terns of the solids have only goethite and filter peaks for the
1-d sample, but then peaks at 12° and 24° grow in for the 1-
and 3-month samples (40 uM in Figure 3b). These peaks are
characteristic of the uranyl oxide hydrate minerals schoepite
[{UO2)s0s(OH)12-12H;0} or metaschoepite [(U02)s0s(OH) 2"
10H:0], and a search of the International Centre for Dif-
fraction Data database found no other phases consistent
with both the reactor contents and the observed diffraction
peaks (44). For the systems with 140 and 500 uM total
uranium, the schoepite peaks are the dominant peaks after
only 1 d and, over time, increase relative to the goethite
peak (500 uM in Figure 3c). Calculations of the solubility
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of uranium in equilibrium with schoepite are complicated
by the significant variability in the published values of the
solubility product and the stability constants for uranyl
hydrolysis species (Table 1). At pH 6 and 0.1 Mionic strength,
areasonable range for the concentration of dissolved uranium
inequilibrium with schoepite is 0.9 (45) to 7.5 uM (46), which
is consistent with our measurements.

Sorption Kinetics. Complementary adsorption and de-
sorption experiments with the same total uranium and
goethite concentrations exhibit rapid kinetics in both direc-
tions (Figure 4). The reactions proceed to 75% completion
within only 2—5 min and reach equilibrium on a time scale
of hours. The convergence of the sorbed uranium concen-
tration in adsorption and desorption experiments indicates
reversibility, and the final sorbed concentration falls within
the predicted range. The range was determined using the
Langmuir isotherm with isotherm parameters at their 95%
confidence values. Note that these and the following experi-
ments were conducted at conditions undersaturated with
respect to schoepite.

As with dilution-induced desorption, fluoride-induced
desorption proceeds rapidly (Figure 5). The predicted equi-
librium lines in Figure 5 were calculated by assuming that
only the uranyl hydrolysis species adsorb to the goethite
(20). Dissolved uranium speciation in the presence of fluoride
was calculated using critically evaluated stability constants
(42) (Table 1). During fluoride-induced desorption with 0.62
mM sodium fluoride, the experimental data match the
predicted equilibriumn remarkably well; however, for the
higher fluoride additions, the measured extent of desorption
is less than predicted. This discrepancy could be explained
by a distribution in the binding strengths of sites on the
gocthite surface. In this case, the fraction of the sorbed
uranium that was expected but not observed to desorb may
be coordinated at strong sites that are energetically more
favorable than fluoride for binding uranyl. The distinction
of strong and weak sites on the goethite surface has been
employed previously in surface complexation models of
uranium on iron oxyhydroxides (18, 26, 47).

Results of a duplicate set of solution—surface isotope
exchange experiments are displayed in Figure 6. The 28U/
5V isotope ratio of the depleted uranium used for suspension
pre-equilibration was 433.9 and that of the 23U spike was
0.0117. The pH was unaffected by the spike addition, and the
total and dissolved uranium concentrations also varied by
less than 10% over the course of the experiment. Addition
of the 25U spike yielded an instantaneous 23¥U/235U ratio of
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FIGURE 5. Kinetics of desorption following the addition of sodium
fluoride to pre-equilibrated uranium—goethite suspensions at pH
€ and /= 0.1 M. The pre-equilibrated suspension contained [U}y =
12.5—13.1 4M, 0.10 g L~ goethite, and [Ulomes = 82.6—89.7 umol
g~'. Data are shown for 0.62 (), 1.85 (#), and 4.05 mM (@) fluoride
additions together with predicted sorbed concentrations (lines).
Predicted concentrations calculated using the Langmuir isotherm
and the assumption that only the uranyl jon and uranyl hydrolysis
species can sorb; range based on the 95% confidence values of the
isotherm parameters.
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FIGURE 6. Isotope ratio of the total uranium (M, O) and dissolved
uranium (@, O) during isotope exchange between the dissolved
and the sorbed phases. Closed symbols indicate measured values,
and open symbols indicate calculated values. 2*U spike introduced
at t = 0 to 0.33 g L™" goethite suspension pre-equilibrated with
depleted uranium at pH 6 and /= 0.1 M.

239—242 for dissolved uranium and 417 for total uranium.
The isotope ratio for the dissolved phase increased from its
initial value to match that of the total uranium within the 45
s between spike addition and collection of the first sample.
As validated by analysis of goethite-free solutions, isotope
ratios of 200—300 can be measured by the technique used
but were not observed in this work because exchange
occurred so rapidly.

In the present work, adsorption of uranium on goethite
occurs in a single rapid step reaching completion within a
few minutes. In a previous study, Hsi and Langmuir (19
noted biphasic adsorption kinetics with a rapid first step
completed within minutes and a second step continuing for
several days. Gabriel et al. {18) determined a first-order rate
constant of 1.7 h™! for the adsorption of uranium on goethite
in column experiments with goethite-coated cristobalite sand.
The rapid nature of the uranium release during desorption
experiments suggests that desorption is being controlled by
the rate of chemical detachment from the surface and not
by diffusion from the interior of the solids. Itis not surprising
that the desorption is free of the effects of diffusion, because
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FIGURE 7. Effects of aging time on desorption following a 1:100
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a synthetic goethite prepared under controlled laboratory
conditions should have minimal microporosity.

Effect of Suspension Aging on Desorption. A single
uranium—goethite suspension was prepared with sorbent
and uranium concentrations that correspond to sorption and
not to surface precipitation. Aliguots of this suspension were
used toinitiate dilution-induced desorption experiments after
1 d, 1 month, and 6.5 month of aging. For all three aging
times, constant sorbed uranium concentrations were es-
tablished within 1 h of the initiation of desorption (Figure
7). Experiments initiated after 1 d and 1 month of contact
both have final sorbed concentrations that agree with the
predicted equilibrium value of 38.3 ymol g'. Desorption
initiated after 6.5 months is as rapid as for the earlier times,
but the final sorbed uranium concentration is substantially
higher than in the other cases and persists to the end of the
experiment at nearly 1500 h (data not shown). During
sequential extraction of the solids remaining at the end of
the 6.5-month experiment, nearly all (90%) of the uranium
was extracted with acetic acid and coincided with a sub-
stantial release of iron (~25% of the total). The complete
digestion of the remaining material contained the majority
of the iron but almost no uranium. These results suggest
that, during the aging process, a portion of the readily
exchangeable uranium may have diffused into the solid or
been occluded within an amorphous iron oxide phase that
coats the goethite particles. Chnuki et al. (25) found that,
during the crystallization process, a portion of the uranium
sorbed to amorphous ferric hydroxide was fixed to the
crystalline minerals and was not easily removed.

Environmental Implications. The desorption reactions
measured in this work occur on time scales much shorter
than those of environmental processes such as the flow of
groundwater. Rapid partitioning of uranium between solution
and surfaces and rapid release of sorbed uranium in response
to changing solution conditions are expected. Diffusion in
the solid phase may still kinetically limit rates of uptake and
release in environmental settings. In an environmental
setting, the long residence of uranium in contact with iron
oxyhydroxide minerals may lead to partial sequestration of
uranium in the structure of surface coatings and micropores.

As long as dissolved uranium concentrations are low,
sorption will dominate uranium mobility, but elevated
dissolved concentrations will initiate surface precipitation
and may actually decrease the dissolved concentration.
Elevated concentrations may be found in highly contami-
nated systems and also during the evaporative concentration
of uranium in the pore water of unsaturated soils. The
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heterogeneous nucleation of a uranyl precipitate may be
kinetically limited, and metastable sorption may control the
dissolved concentration even when the dissolved concentra-
tion exceeds the solubility limit. The mobility of uranium in
response to changes in solution conditions may be affected
by the distribution of solid-associated uranium between
adsorbed and precipitated phases.
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In situ treatment of metals in mine workings and materials

J.M. Hamington

ABSTRACT: Contact of oxygen contained in air and water with mining materials can increase the solubility
of metals. In heaps leached by cyanide, metals can also be made soluble through complexation with cyanide.
During closure, water in heaps, and water collected in mine workings and pit lakes may require treatment to
remove these metals. In situ microbiological treatment to create reductive conditions and to precipitate metals
as sulfides or elemental metal has been applied at several sites with good Success. Treatment by adding or-
ganic carbon to stimulate in situ microbial reduction has been successful in removing arsenic, cadmium,
chromium, copper, iron, lead, manganese, mercury, nickel, selenium, silver, tin, uranium, and zinc to a solid
phase. Closure practices can affect the success of in situ treatment at mining sites, and affect the stability of
treated materials. This paper defines factors that determine the cost and permanence of in situ treatment.

1 INTRODUCTION

1.1 Problem description

Most mining operations remove materials from the
ground that were, prior to being mined, in a chemi-
cally reduced state. The processing operation in
many cases directly oxidizes the materials (such as
in gold and copper leaching); in other cases, the ma-
terials are contained in waste piles in 2 manner that
allow oxidation reactions to occur over time. In an
oxidized state, many metals are soluble in water that
travels through these materials, and these metals will
as a consequence be present in seeps from the mate-
rials. The oxidation of elements in mined materials
and the movement of water through these materials
is the cause of acid rock drainage (ARD) and can
also be the cause of the release of such elements as
arsenic, chromium, selenium, and uranium in neutral
pH drainage. The closure of mining operations may
require the chemical stabilization of these mined ma-
terials to prevent these materials from being a source
of environmental contamination. Returning the mi-
ned materials to the reduced state that they were in
prior to mining makes sense as the method that will
leave these materials in a2 form most chemically
similar 10 the form they were prior to being mined.

1.2 Green World Science® process

The Green World Science® (GWS) process is de-
fined by the addition of a reductant into mctal-
containing materials to prevent metals and other
constituents from becoming mobile, and to remove
from solution constituents that are already soluble.
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The reductant may chemically react with the mine
materials to remove oxygen and reduce oxidized ma-
terials, or the reduced compounds may be added that
are microbially oxidized, and the mine materials re-
duced, by microbial enzymes. (GWS currently owns
several patents on this process including US
6,196,765, US 5,710,361, and US 5,362,715 and
others allowed and pending.) Organic carbon is the
typical reductant utilized in this process; however,
the addition of reduced gases into vadose materials
is also proposed.

This paper presents data from six applications of
the GWS process. The applications include two gold
heap leach facilities (Yankee Mine and Coeur Roch-
ester Mine), mine workings in an adit (Mike Horse
Mine), a backfilled pit (Beal Mountain Mine), a pit
lake (Sweetwater Uranium Mine), and groundwater
beneath a test gypsum impoundment (J.R. Simplot
phosphate plant). Except for the tailings impound-
ment, all data presented are for full-scale in situ
treatment. There have been more than 20 other ap-
plications of the GWS process.

2 IN-PAD HEAP LEACH TREATMENT

2.1 Yankee mine

The Yankee mine is a gold heap leach operation.
The heap contains approximately 7 million tons of
leached ore on one pad. At the close of leaching,
GWS added over 185 tons of organic carbon and
other nutrients into the barren pond during solution
recycle and evaporation. The primary constituents



that required treatment were WAD cyanide, nitrate,
aluminum, copper, mercury, silver, selénium, and
zinc. Figure | shows results from a meteoric water
mobility procedure (MWMP) test performed on
leached materials prior to treatment, and compares
these with results from MWMP on samples removed
after treatment. (The MWMP procedure mixes an
equal weight of synthetic rainwater with the mine
materials for 24 hours; afterwards the water is ex-
tracted and the constituent concentrations in the wa-
ter are reported.) The results of the MWMP prior to
treatment are an average of five samples, and post-
treatment results are an average from six samples.

The concentrations of constituents of concern in
MWMP extracted solution all decreased in the
treated samples. The concentration of WAD cyanide
and cyanide-complexed metals Cu, Hg, Ni, and Zn
all decreased by several orders of magnitude. Sec-
tion 2.3 discusses the mechanisms that account for
these changes.

2.2 Coeur Rochester mine

Coeur Rochester mine is located in Nevada and has
several heaps on separate pads each with contained
solutions ponds. The heap leach operations primarily
recover silver and some gold. GWS added 2,100
tons of organic carbon and other nutrients through
trenches located on the Stage | pad; no prior rinsing
of this. pad had occurred. The constituents being
treated included pH, nitrate, sulfate, and WAD cya-
nide, arsenic, copper, mercury, nickel, and zinc. Fig-
ure 2 compares the MWMP results from untreated
and treated areas of the pad. The treated areas were
tested after I year of treatment; however, the results
shown are partial treatment results, as the process
will require close to two years to complete.

2.3 In situ treatment processes in gold and silver
heap leach facilities

The processes that account for the decrease of soluble
constituents in heap leach pads are described below:
1) Off-gassing of dissolved constituents: In the
treatment process, the added organic carbon is con-
verted to carbon dioxide, which partitions between
the gas phase and the interstitial water depending on
the interstitial solution pH. Nitrate is converted to ni-
trogen gas; an organic carbon-dependent process
termed denitrification (Narkis et al, 1979).

2) Degradation of weak acid dissociable (WAD)
cyanide complexes: Two primary mechanisms ac-
count for the microbial removal of cyanide. Detoxi-
fication—Cyanide is an inhibitor of metabolic proc-
esses, and to~prevent this inhibition, cells have
specific énzymes capable of converting cyanide to
less toxic forms, including cyanate and ammonia.
Example enzymes are cyanfdase and cyanide hydra-
tase (Raybuck, 1992). Nitrogen Assimilation—
Cyanide is also a good nitrogen source for cellular
growth, and for this reason is incorporated into bio-
mass during the growth phase of microorganisms
(Raef et al, 1977). The removal of free cyanide from
solution and the degradation of cyanide complexes
with relatively low dissociation constants (which in-
cludes most of the WAD cyanide forms) occur be-
cause of these two cellular processes.

The removal of copper, mercury, nickel, silver,
and zinc from solution is caused by the degradation
of cyanide, and the consequent removal of this com-
plexing agent that had maintained these metals in so-
lution. In many instances, the degradation of cyanide
is not itself sufficient to meet water quality standards
for heap leach or tailings drainage, to allow dis-
charge off coatainment, and further metal removal
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by other processes may be required. This can be per-
formed by in situ microbial treatment such as sulfate
and metal reduction (see items 3 and 4 below). In
other instances, the high pH of the interstitial solu-
tions, created by lime addition prior to leaching, will
be sufficient to remove the metals by precipitation in
the form of metal hydroxides.

3) Meta! Reduction: Several metals are less soluble
in their reduced forms. Examples of this are sele-
nium, which is quite insoluble in its elemental form
Se? and soluble in its oxidized selenate (Se VI) form;
chromium, which is quite insoluble as Cr(OH); (Cr
[I1) and soluble in the oxidized Cr (VI) form; and
uranium, which is quite insoluble in its U0, (U (IV))
form and soluble in its oxidized U (VI) form. Cellu-
lar metabolic processes oxidize the added organic
carbon and enzymatically reduce these metals
(Oremland et al, 1999). These metals may also be
indirectly reduced by contact with other reduced
jons that were created by microbial reduction such
as ferrous iron and sulfide (Wiclinga et al, 2001).

4) Sulfate Reduction: The oxidation of organic car-
bon and the reduction of sulfate is a coupled meta-
bolic process that is performed by microorganisms.
Sulfide is a strong reductant, and reacts with both
soluble metal and metals in minerals. In some in-
stances, this reaction leads to the formation of in-
soluble metal sulfide precipitates (including sulfides
of As, Cd, Cu, Fe, Hg, Ni, and Zn). In other in-
stances, the presence of sulfide can lead to a tempo-
rary increase in metal concentrations (such as the re-
lease of iron and manganese into solution from the
reductive dissolution of oxide minerals). The amount
of metal release can be controlled by managing such
parameters as the application rate of organic carbon,
providing sufficient time for reactions to come to
completion, and by controlling the pH of the reat-
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ment solutions. Sulfide is also an efficient reductant
of oxidized chromium, selenium, and uranium; the
reaction of sulfide with these elements can lead to
their immeobilization in a sulfide phase.

5) Adjustment of the pH: The microbial oxidation of
organic carbon leads to changes in the solution pH
by creating carbon dioxide and bicarbonate. In low
pH solutions, the pH increases as a result of acidity
consumption during iron and sulfate reduction and
the formation of bicarbonate (see reactions listed in
Table 1). In high-pH solutions, the creation of car-
bon dioxide leads to the consumption of hydroxide,
which results in lower interstitial solution pH. The
change of solution pH affects several metals and
metalloids whose solubility is pH sensitive. For ex-
ample, in oxidized conditions, iron, when present; i3
principally responsible for removing arsenic from
solution, and iron-arsenic compounds are least solu-
ble around pH 7.5. In reduced conditions, sulfide can
form arsenic sulfides, and arsenic sulfides are least
soluble below pH 7. In high pH solutions, soluble
arsenic sulfides (AsS’) can form and may not pre-
cipitate; however, if iron is present in high concen-
trations arsenopyrite may form even in solutions
with pH >7. Thus, if arsenic removal is desired in
low pH solutions, the formation of arsenic sulfides
should be attempted, and if removal is desired in
high pH conditions, formation of iron arsenate com-
pounds should be attempted.

24 Factors that affect the application of in situ
treatment in heap closure

Regulatory Framework: Regulations that control
heap closure call for geochemical stabilization of
heap materials so that a closed heap does not cause



degradation of waters of the State (e.g. Nevada Ad-
ministrative Code 445A). Some US states classify
mine wastes based on exiraction lests of the heap
materials, allowing far less stringent cover to be
placed or unregulated solution discharge for heaps
that pass extraction tests. In situ treatment should be
considered in cases where heap water quality con-
tains constituents of concern that are amenable to in-
heap treatment. [n cases where the salt concentzation
is high, discharge of even treated heap solutions may
not be feasible because of TDS restrictions. How-
ever, removal of certain constituents within the heap
may allow for alternative discharge approaches, such
as non-discharging wetlands or infiltration systems,
where untreated heap solutions may cause ecological
toxicity in the wetland or certain constituents may
not otherwise be attenuated.

Timing of Treatment: Microbial treatment of a
heap leach facility may begin as soon as cyanide ad-
dition ceases. It may be advantageous to utilize the
rinse period to enhance treatment coverage, as well
as to use this period to achieve water quality goals

heap leach pad. These microbial reactions occur in
natural systems in a predictable order based on the
energy (AG) of the reaction (Zehnder and Stumm,
1988). Briefly, the AG of these redox reactions is a
function of the relative strength of the oxidant (e.g.
oxygen is a stronger oxidant than is sulfate), and the
relative concentration of the oxidants and reductants
(Pauling, 1988). For instance, a solution with t mg/L.
nitrate and 100 mg/L selenate may favor selenium
reducing organisms over nitrate-reducing organisms
even though the AG of nitrate reduction is greater
than the AG of selenium reduction.

These reactions show why, in heap leach closure,
much of the oxygen that is present in the heap inter-

“stices must be consumed prior to significant amounts

that will reduce the time required to achieve closure -

after metal recovery has ceased. While in some
situations silver recovery may decrease because sil-
ver-cyanide complexes can be degraded by micro-
bial enzymes, gold recovery should not decrease be-
cause microorganisms cannot degrade gold-cyanide
complexes. Some in situ treatment situations have
shown an increase of gold content in the doré be-
cause other metal-cyanide complexes have been re-
moved from solution, and hence do not compete
with gold sorption to carbon.

The evaporative concentration of salts during
leaching is a function of the climate, the solution ap-
plication method, and the length of time that solu-
tions are recycled. Closure of many heaps now in-
volves the reduction of solution inventories by
recycling barren solution over the pad until water

concentrations are decreased or the cyanide concen-

trations decrease by natural oxidation or by solar re-
actions. The decision to evaporatively concentrate
heap solutions in many instances dictates the closure
plan, and should not be done without considering the
implications to the revegetation of the heaps and the
long-term cost of heap water disposal. In situ treat-
ment during the final stage of leaching, i.e., the rins-
ing residual gold-cyanide complexes, may remove
the cyanide and metals so that discharge is possible,
or at least there will be a wider range of heap drain-
age disposal options. As an altemmative to evapora-
tion that creates a salty discharge, in situ treatment
will leave a relatively fresh water solution suitable
for watering vegetation or infiltration.

Factors affecting cost and specificity of treat-
ment: There is a predictable order in which microor-
ganisms will transform constituents present in a heap
after organic carbon is added. Table 1 summarizes
many of the relevant reactions that may occur in a

of denitrification or sulfate reduction. Thus in a heap
in which selenium is the target constituent, the cost
of treatment will be a factor of the amount of or-
ganic carbon required to 1) reduce all of the oxygen
initially present in the heap’r*2) réduce the oxygen
that will diffuse into the heap during treatment, 3)
denitrify the nitrate, and 4) reduce the selenium. The
cost of the organic carbon to reduce the selenium
alone may be less than 1% of the total organic car-
bon requirement. Table 1 shows the constituents that
must be evaluated to determine the total amount of
reductant that must be added to treat water in situ.
For in situ sulfate reductive treatment, the amount
of sulfate reduction required to remove a particular
metal is a function of the reactivity of sulfide with
the metals. For example, in a treatment performed in
an adit, nearly complete removal of arsenic (50 mg/L
to less than 1 mg/L) and zinc (20 mg/L to less than 1
mg/L) was achieved without affecting the iron in so-
lution (600 mg/L). This occurred because zinc and
arsenic sulfides, in the particular pH environment of
that adit, were less soluble than iron sulfides. In our
experience a typical order of metal sulfide removal
has been Pb> Zn> Cu> As> Cd> Fe> Ma. This order
may change based on factors such as solution pH or
the presence of other complexing ageats such as
some organics (humics + fulvics) that may also affect
the precipitation of metals (Lehman and Mills, 1994).

Table 1. Redox reactions catalyzed by microorganisms.

Oxygen Consumption:

0, + (CH,0) & CO, + H,0
Denitrification:

4NOy + S(CH;,0) + 4H* 9 2N, 4+ 5C0; + TH,0
Tron Reduction: ’

4 FeOOH + (CH,0) + TH* 9 4 Fe™* +4HCOy + 6 ;O
Selenium Reduction:

2 HSeOy + 2(CH;0) + 2H* 9 2S¢*+ 2CO, + 4 H,0
Uranium Reduction:

2ACH,0) + 2UOLCO,),* + 2H,0 F2UO; + SHCOy +H' (5)
Sulfate Reduction:

SO, +2(CH,0) + H' 9 HS +2C0; + H,0 (6)

W
@
(6}
@
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Note: (CH,0) is the empirical formula for carbohydrates, e.g.
glucose is CgH,04.
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3 BACKFILLED PIT IN SITU TREATMENT

3.1 Beal Mountain mine

Beal! Mountain mine is a closed gold mine located in
Montana. As part of the closure, the mine pit was
backfilled with “clean™ rock, and seepage that was
expected to fill the pit was routed through the pit and
into German Gulch located downgradient of the pit.
As the pit was filled with rock, seepage from the pit
wall and spring precipitation created a pond in the
middle of the pit. The pit pond contained nitrate at
concentrations (8.1 mg/L) higher than would be al-

. lowed to discharge into the gulch (1.0 mg/L). GWS
© added approximately 20,000 Ibs. of nutrients into the

pit pond that was located at the center of the pit. As

. the water elevation rose in the pit, the nitrate con-
' centration in the pond was monitored until the pit

was completely filled. Figure 3 shows nitrate con-
centrations until the pit pond began to drain out of
the pit.

After the pit backfilling was completed, two wells
installed in the pit backfill were monitored for a
suite of parameters. Nitrate concentrations in the pit
wells initially were approximately 2 mg/L. and have
continued to decrease to less than 1 mg/L, and in one
well, to concentrations below detection. In addition
to the reduction of nitrate, selenium reduction oc-
curred. The two wells initially contained 42 and 47
ppb selenium. As shown in Figure 4, after two years

" the concentration of selenium has decreased to be-

tween 2.0 and 3.0 ppb. In the same time frame, no
decrease has been observed for sulfate and other
TDS constituents, making an explanation of washout
or dilution improbable.

3.2 In-pit treatment processes

The treatment of the Beal Mountain backfilled pit il-
lustrates several factors that affect the success of in
situ treatment in mine waste. Wells installed on ei-
ther side of where the pond was located showed the
effect from the biological treatment, even though
carbon was added only to the pond at the center of
the pit. The organic carbon was effectively distrib-
uted into the backfill because the carbon was added
while the pit was still filling, allowing the carbon to
be distributed with the rising water. In general, addi-
tion of the reductant to mine wastes as they are
placed enhances the distribution and coverage of the
treatnient process.

Organic carbon was added at a rate sufficient to.
reduce only. the nitrate calculated to be in all of the
water in the pit. This rate was calculated to include
dissolved oxygen that, it was assumed, was saturated
in all of the pit waters. Selenium wa¥ reduced be-
cause this assumption caused a slight over-treatment
of the pit. No measurable sulfate reduction occurred
in the pit because the amount of the over-treatment
was sufficient only to treat the selenium, but oxi-
dants below selenium, such as sulfate, were not re-
duced because the carbon had been used up. )

At the Beal Mountain backfilled pit, the addition
of organic carbon alone was sufficient to remove all
of the oxygen present in the pit waters, to denitrify
all of the nitrate present in the pit waters, and then to
additionally react with selenium. If additional or-
ganic carbon had been added, sulfate reduction
would have also occurred. In another backfilled pit,
organic carbon has been injected at concentrations
sufficient to remove more than 99 percent of the sul-
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fate, from 1,500 mg/L to less than 1.0 mg/L. In none’

of these cases was it necessary to inject anything
other than organic carbon; rather, injection of or-
ganic carbon alone stimulated the organisms natu-
rally present to perform the reaction that was most
energetically favorable in that environment. Section
7.2 discusses the abundance and distribution of mi-
crobial species that participate in these reactions.

4 PIT LAKE TREATMENT

4.1 Sweetwater Uranium mine

Sweetwater Uranium mine is located in Wyoming.
Uranium ore and overburden rock had been removed
from pits that were dewatered during mining. Ap-
proximately 5 million tons of overburden rock was
placed back in the pit on one side of the pit. After
mining ceased in 1983, the pits were allowed to
backfill, and the resultant lake was 125 feet at is
decpest, and averaged 65 feet in depth over 60 acres
(total volume in the lake was approximately 1.25 bil-
lion gallons). After the water level had reached static
conditions (with evaporation being the only outflow
from the pit) uranium (8.4 mg/L) and selenium (0.45
mg/L) were the only constituents that were present
above the site closure standards (5 mg/L and 0.05
mg/L, respectively). GWS added 1.1 million pounds
of organic carbon and other nutrients to the pit be-
ginning on October 19, 1999. Figure 5 shows the re-
sults of the treatment. In six weeks, the selenium had
been precipitated such that the dissolved selenium
concentration was less than 0.05 mg/L. In 14 weeks,
the uranium had been precipitated such that the dis-
solved uranium concentration was less than 5.0
mg/L. The lake has now remained below standards
for both of these elements for two years.
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4.2 Pit lake treatment processes and issues

The reactions stimulated in the pit are the same as
those stimulated in the heap leach pads and in the
backfilled pit. Selenium reduction occurred prior to
uranium, consistent with the thermodynamically
predicted order described in Section 2.3. There was
1.1 mg/L nitrate in the pit that was removed in the
first two weeks of the treatment, also consistent with
the energetics of denitrification as compared with se-
lenium reduction.

As with all in situ treatment processes, managing
oxygen in the treatment was the highest cost item.
More than 80% of the added carbon was consumed
in the reduction of oxygen that was present in the pit
at the beginning of the treatment, and the oxygen
that continued to diffuse into the pit during treat-
ment. For this reason, we chose to perform the
treatment of the lake over the wintertime, to take ad-
vantage of an ice layer would form over the pit and
minimize the mixing and diffusion of oxygen into
the lake. While timing the treatment to occur in the
winter may have slightly slowed the microbial reac-
tion rate, the organic carbon demand was signifi-
cantly reduced and strongly reducing conditions
were more easily achieved under the ice layer.

A common fallacy believed about microbial
treatment is that microorganisms: cannot function in
cold water at high rates. The water temperature in
the Sweetwater pit at the beginning of the treatment
was 9°C, and all of the uranium precipitation oc-
curred whea the bulk of the pit was approximately
3°C. We have treated other sites when the water
temperature was 0.5°C. Microorganisms that are
specifically adapted to function in cold temperatures
(psychrophilic or psychrotrophic organisms) can
function at metabolic rates at near freezing tempera-
tures at least half as fast as as other microbes
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Figure 5. Swectwater pit lake dissolved selenium and uranium after in situ treatment.

function at 10°C (Knoblauch et al, 1999). Psychro-
philic cells have a lipid bylayer that allows transport
across the cell membrane at cold temperatures, and
enzymes with a specific structure to remain flexible
in near-freezing water. Qur experience is that cold
environments do not lack microbes capable of per-
. forming the desired metabolic functions at sufficient
rates, but rather that the reactants (specifically or-
ganic carbon or other reductants) are not present in
. the cold environments, and must be supplied to al-
low microbes to be active. The treatment at Sweet-
water shows that effective in situ treatment can be
achieved in the wintertime. It also illustrates one of
. the benefits of using organisms that are already pre-
¢ sent in that system. The fact that the bottom of the
" lake is 4°C all year means that the lake had 15 years
of selection for psychrotrophic organisms that had
been exposed (o selenium and uranium.

5 UNDERGROUND MINE WORKINGS

5.1 Mike Horse mine

The Mike Horse mine is located in Montana. Mike
Horse mine is part of a complex of mine workings
that together are called the Upper Blackfoot Mining
Complex (Anderson and Hansen, 1999). The main
Mike Horse adit was plugged and water allowed to
pool in the workings in 1996. The average residence
time in the pit is 3 months. The fluctuation of the
water level in the adit behind the bulkhead on an an-
nual basis is tied to the spring snowmelt. With each
rise in water level, additional metals are released,
making the flow and loadmg from the mine work-
ings greatest in the spring and early summer. GWS
added 18,000 Ibs. of organic carbon and nutrients to
: ;he mine workings in October 1996, and added an-
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other 40,000 Ibs. of organic carbon and nutrients in
July 1997.

With each addition of organic carbon, the redox
potential in the mine workings decreased down to —
100 mV. The ferrous iron ratio to total iron started at
approximately 0.50 (equal concentration) and went
to close to 1.0 (only ferrous iron). During this stage
of iron reduction, the pH of the mine pool increased
and the total iron concentration rose. After iron re-
duction was complete, metals began to precipitate.
Figure 6 shows the results for cadmium and copper.
The concentration of both of these metals rapidly
decreased, reaching 0.018-mg/L copper and 0.006-
mg/L cadmium. At the beginning of treatment, cop-
per was 3.0 mg/L and cadmium was 0.25 mg/L.

The spnng flush brought a load of new metals "
into the mine workings, overcoming the reducing
conditions in the mine. However, the reducing con-
ditions and metal removal was rapidly achieved
again when new organic carbon was added. It may
be possible to build up sufficient “buffering” capac-
ity of reduced compounds (specifically sulfide) to
prevent the mine workings from becoming oxidized
in the spring and early summer.

5.2 In-mine treatment processes

The collection of water behind bulkheads is a com-
mon practice in the closure of mine workings. The
collected water may then be treated in wetlands or
other passive treatment system, or in active water
treatment plants. The pre-treatment of water behind
the bulkhead offers several advantages to treatment
outside of the mine. First, the mine workings offer
residence time in which reactions can occur. Second,
treatment outside of the mine will ultimately
necessitate sludge disposal, while in situ treatment
can use the mine workings as the repository of the
treatment sludge. Third, reatment in the mine can
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sludge. Third, treatment in the mine can reduce the
leaching of ores that contain sulfide by removing
ferric iron from solution. The leaching of sulfides
present in rubblized rock in the mine workings and
the wall rock by ferric iron can be a significant part
of the overall metal load generated in the mine. Re-
moval of ferric iron, both by iron reduction and by
precipitation of iron by sulfide, will remove the pos-
sibility of leaching reactions from occurring in the
mine workings.

The principal reactions that will be useful in the
treatment of mine workings are iron reduction and
sulfate reduction. Iron reduction raises the pH by
consuming acidity during the reaction (reaction 3 in
Table 1), and converts ferric iron to ferrous iron,
which removes the possibility of additional sulfide
oxidation by ferric iron. Sulfate reduction also can
reduce ferric iron to ferrous iron by the chemical re-
action of aqueous sulfide with ferric iron, producing
ferrous iron and elemental sulfur. Sulfate reduction
is primarily useful because it can be used to remove
metals by the precipitation of metal sulfides. Metals
sulfides are often insoluble compounds. The combi-
nation of preventing ferric iron leaching in the mine
workings, and the in situ precipitation of metals pro-
vides significant cost savings compared to any
treatment outside of the mine workings.

6 IN SITU GROUNDWATER TREATMENT
BENEATH TAILINGS IMPOUNDMENTS

6.1 J. R. Simplot don plant tailings

The J. R. Simplot phosphogypsum tailings impound-
ment is located in Idaho. The reaction of sulfuric
acid with phosphate ore produces a tailing solution
that is very low pH and typically contains high con-
centrations of soluble metals. The Simplot tailings
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contained arsenic that was the most mobile of all the
metals in the tailings (least attenuated by the soils
beneath the tailings). A test tailings impoundment
(1.5 acres) was constructed with a subsoil layer, and
a drainage layer beneath the subsoil. Tailings solu-
tion was then placed on the subsoil and the arsenic
and phosphate concentrations in the drain were
monitored. When the arsenic concentration in the
drain layer exceeded the arsenic standard (0.05
mg/L) organic carbon began to be added to the tail-
ings solution. This continued for over 400 days, and
the drain concentrations of both arsenic and phos-
phate were monitored. Figure 7 shows these data.
Arsenic was removed from solution within one
pore volume after carbon began to be added. This
continued for more than ten additional pore vol-
umes. This occurred even though phosphate concen-
trations ocontinued to rise throughout the experiment,
which indicated that arsenic was not being removed
because of a sorption reaction. The redox potential
after carbon was added dropped from +415 to —-280
mV, and stayed at that potential for as long as or-
ganic carbon continued to be added. Aqueous sulfide
was measured in the drain at approximately 0.3
mg/L for much of the study, indicating that the sul-
fide was reacting with the arsenic, precipitating ar-
senic sulfides. That sulfide was the cause of the ar-
senic removal was confirmed by the post-experi-
mental soil extraction tests, which showed approxi-
mately 90% of the arsenic to be bound up in an
operationally-defined arsenic sulfide phase.

7 IN SITU TREATMENT APPLICATION NOTES

7.1 Complementary closure practices

The range of sites that can be effectively treated by
in situ microbial treatment include underground
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Figure 7. Simplot test gypsum tailings impoundment drain concentrations of arsenic and phosphate.

mine workings, mine pit lakes, backfilled mine pits,
heap leach facilities, tailings impoundment ponds,
groundwater beneath tailing impoundments, and
waste 1ock facilities. Because oxygen must be re-
moved prior to the treatment of most other constitu-
ents, any closure practice that limits the amount of
oxygen contact with the mine workings or materials
will decrease the cost and increase the effectiveness
of the in situ treatment. The installation of a soil
cover on a heap, a bulkhead in a mine adit, or the
flooding of a mine pit all will reduce the oxygen
contact with mining materials. There are two fun-
damental ways that oxygen contact is minimized:
replacement of a gas phase with water (relative oxy-
gen content of oxygen saturated water vs. air is 4 x
10°%), and reduction of gas flux through vadose ma-
terials by reduction in permeability, typically by in-
stallation of a cover.

The effect of a cover on in sigq_,geaqnem of va-
dose materials is dual: by limiting recharge, move-
ment of water is deceased, and by limiting oxygen
diffusion into the soil. All covers are meant to re-
duce water infiltration, but not all covers equally re-
duce gas diffusion. Reduction of gas movement
through covers can be achieved by increasing the
saturation of a particular layer, or by providing a
layer with reduced permeability. Reduction of water
infiltration, however, can affect the treatment by re-
ducing the movement of treatment solutions. Thus
the timing of the cover placement, after the treat-
ment solutions are adequately applied, is important
to increase the coverage and decrease the time for
the overall treatment to occur.

Flooding of mine workings or materials is widely
praclices as an approach to Jimit the oxidation of sul-
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fides. In some cases, it would not be feasible to keep
mine workings dewatered. As noted above, it is bet-
ter to add the organic carbon to the mine pool prior
to flooding to get better coverage of the treatment
solution. However, it is our experience that recircu-
lation of organic carbon in a mine pool is possible
and that these reactions can be stimulated in a uni-
form manner using this approach.

The amount of treatment that will be required can
also be affected by how rapid the flooding is allowed
to occur. The oxidation of sulfides can be slowed or
prevented by flooding, and so the sooner after expo-
sure the mine workings or materials are flooded, the
lower the constituent load will be that may require
treatment. We have proposed filling mine workings ~
with an oxygen-excluding gas such as carbon diox-
ide to prevent sulfide oxidation reactions when water
filling is occurring, or in instances where filling with
water is not possible.

7.2 Microbial versatility, diversity and
distribution

Many microorganisms can utilize a variety of oxi-
dants in the metabolism of organic carbon. Thus,
one organism stimulated to perform denitrification
by the addition of organic carbon will utilize sele-
nium after the removal of nitrate from solution (ref-
erence). In some cases, this metabolic versatility for
a single organism covers almost every oxidant listed
in Table 1 (Knight and Blakemore, 1998). In other
cases, after nitrate has been denitrified, other organ-
isms capable of selenium reduction grow and, from a
metabolic perspective, become the dominant organ-
ism. The diversity of microorganisms in natural sys-
tems is such that in no case that we have yet encoun-
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tered have the target organisms not been already
present and capable to perform the desired reaction

_ (reference). Even in systems where there have been

extreme pH conditions, or where toxic constituents
have been present, microorganisms have been pre-
sent that are capable of performing any of the reac-
tions shown in Table 1. The only cases where adding
microorganisms proved desirable was when the time
necessary to grow the microbes in situ was longer
than was available, such as when a pond had to be
treated and drained in a short period of time. It is
important to remember that microbial growth times
in natural systems may be in the order of days or
weeks for one single cell to double (references).

7.3 Treatment permanence

In the same way that flooding and covers minimize
the potential for suifide oxidation in untreated mine
materials and workings, these same approaches will
act to enhance the longevity of an in situ treated
mine facility. As can be seen in Figure 6, the Mike
Horse mine workings could be easily treated during
periods of low recharge, and the treatment effective-
ness was lost during periods of high recharge. Slow-
ing recharge will increase the residence time for the
microbial reactions to occur.

Maintenance doses of organic carbon can be
added to systems to maintain them in a reduced con-
dition. In a reduced state, materials removed during
in situ treatment (e.g. metal sulfides, elemental sele-
nium) will remain stable (references). This organic
carbon addition can be automated by coupling the
addition rate of organic carbon to a redox potential
probe.

Removal of metals by sulfate reduction often re-
quires only a small amount of organic carbon, far
less than the amount necessary to reduce the total
sulfate in solution. However, treatment of such sys-
tems can be performed so that excess organic carbon
is added, and excess sulfide is created. This excess
sulfide may stay in solution as aqueous sulfide, or
may precipitate as elemental sulfur. The “bank™ of
reduced sulfur compounds created can act to main-
tain the mine materials and workings in a reduced
state far after the organic carbon is used up. Elemen-
tal sulfur can be microbially disproportionated to
produce 3 moles of sulfide and I mole of sulfate
from 4 moles of elemental sulfur. The sulfide thus
produced will react with oxidized metals and pre-
cipitate them just as would microbially-produced
sulfides from sulfate reduction.

In systems open to the sun, organic carbon can be
produced and added to the system through photosyn-
thesis. In the Sweetwater pit, algae were stimulated
to create approximately 60,000 1bs. of organic car-
bon per year. This rate of organic carbon production
is sufficient to maintain the reduced selenium and
uranium in their insoluble reduced form. Vegetation

also produces organic carbon that is deposited to the
soil in two forms, through “leakage™ of photosyn-
thetic sugars from the roots, to decomposition of
dead plant material (roots, stems, leaves). A well-
vegetated cover can reduce the oxygen diffusion into
the covered materials by consuming oxygen by the
decomposition of organic matier.

The burial of constituents removed by in situ
treatment will act to minimize the potential for re-
mobilization. In the Sweetwater pit, for instance, the
burial of the selenium and uranium removed in one
season occurs at a rate of ¥ cm/annua) lake cycle.
This burial though sedimentation is the equivalent of
adding a cover layer, because oxygen or oxygenated
compounds must diffuse through this layer to react
with the reduced compounds removed in the treat-
ment.

The aging of reduced precipitates also acts to
minimize the potential for remobilization. Elemental
selenium, for instance,”when newly formed can be
oxidized much more easily than after the precipitate

-is aged (reference). Pyritized;metals are also consid-

ered o not be easily mobilized as compared with
amorphous sulfide precipitates (reference). The bur-
ial and aging of precipitates together reduce the po-.
tential for remobilization of metals in many in situ
treated mine workings.

7.4 Conclusions

The examples presented in this paper illustrate that
the in situ treatment of mine materials and workings
is a technology with a strong base of application ex-
periences. The range of sites treated show that there
is potential for this technology 1o be applied at a
wide variety of sites. The scientific basis for the
technology is now understood to a level that allows a
good understanding of the application potential at a
particular site, and so that potential pitfalls may be
avoided.
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Abstract Sediments from a single aquifer were incubated under atmospheric
conditions for 54 days to determine the reactivity of reductants present. The
stoichiometric relationships between O, consumption and CO, production were
used to evaluate the relative importance of ongoing redox processes. Respiration
of bulk organic matter (BOM) and pyrite oxidation were the major processes
occurring, but there was also evidence of siderite oxidation. The rates of BOM
oxidation decreased continuously during the experiment. Pyrite oxidation had a
maximum in its oxidation rate during the acidification process. When the acidific-
ation was buffered by carbonate dissolution, the pyrite oxidation rates decreased
continuously. More than one reductant in a sample could be oxidized simultaneously.

Keywords aquifer sediment; organic matter oxidation; pyrite oxidation; reduction reactivity;
redox processes; siderite oxidation

INTRODUCTION

Obtaining a detailed insight into the natural reduction capacity of aquifers has become
increasingly important over recent decades. This mainly reflects the need to assess the
deterioration of groundwater quality by agricultural activities (Goodrich et al., 1991)
and the suitability of in sitt (bio)remediation technologies at contaminated sites
(Barcelona & Holm, 1991). In the context of reaching the European objective for
nitrate produced from agricultural activities (EU, 1991), recent discussions on the
capacity of Dutch aquifers to reduce nitrate, have emphasized the role of pyrite and to
a lesser extent that of bulk organic matter in aquifer sediments. The purpose of the
present study was to assess the variability in reduction capacity of aquifer sediment by
experimentally determining the relative importance of the reactive reductants present.

EXPERIMENTAL PROCEDURES

Sample collection and processing

Six core samples were taken from a borehole in a calcareous aquifer at the De Steeg
drinking water production site near Langerak, The Netherlands (Table 1). This unit is
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Table 1 Short description of the aquifer samples used in the incubation experiment.

Depth” <63 pum 63-2000pm <2mm >2mm C S Carbonate Geological
{m) (wt. %) (wt. %) (wt. %) (wt.%) (w'!.%) (wt. %) (wt.%) formation'

1500 063  99.37 83.78 16.22 006 0.1 2.04 Kreftenheye

2000 039 99.61 99.79 0.1 005 0.1 432 Kreftenheye

2500 069 9932 99.57 043 005 0.12 1.00 Urk

30.00 077 99.23 99.93  0.07 007 0.15 0.79 Urk

3500 1.83 98.18 98.84 1.16 006 0.10 1.30 Sterksel/Kedichem
39.60 741 92.59 99.83 0.17 009 0.06 8.68 Sterksel/Kedichem

*Depth below surface level.
'Kreﬁcnheye Formation = fluvio-glacial deposit, Urk Formation = fluvial deposit, Sterksel/Kedichem
Formation = fluvial deposits.

confined by Lower Pleistocene clays at the bottom and Holocene clays and peats at the
top. Sample depths ranged from 15 to 40 m below the surface. The samples were
stored under a nitrogen atmosphere at 8°C directly after collection in the field. The
sediments were separated into three particle size fractions: 0—63 pm (fine fraction),
63-2000 pm (coarse fraction) and 02000 pm (total fraction).

Sediment incubations

Samples were incubated under dark conditions. Twenty-five millilitres of vitamin and
trace element solution were added in order to prevent inhibition due to nutrient
limitation. Sample weight ranged from a few grammes for the fine fraction to 100 g for
the total fraction. The reaction chambers (Duran 100 ml-bottle) were connected to the
closed circuit of a respirometer (Micro-Oxymax™, Columbus Instruments). Carbon
dioxide (CO,) and oxygen (O2) levels in the headspaces of the reaction chambers were
kept at atmospheric conditions at 25°C (% 1°C). The O, and CO; concentrations were
measured every 3 h for 54 days, using an infrared sensor and an oxygen battery (fuel cell),
respectively. The reaction chambers were gently shaken (100 rpm) to ensure a well-
mixed chemical system.

Directly after the end of the experiment, the pH and the alkalinity of the water in
the reaction chambers were measured using a standard field set. Dissolved cations and
sulphate were analysed using ICP-MS. X-ray fluorescence (XRF) was used to study
the bulk chemistry of the sediments. Mineralogical composition was examined by
differential thermal analysis (DTA), thermogravimetry (TG) and X-ray diffraction
(XRD). Carbonate and pyrite contents were determined by wet chemical analyses. The
organic carbon content was determined using a C/N elemental analyser, while the
particle size distribution was obtained by laser diffraction.

RESULTS AND DISCUSSION
Total reduction capacity

The cumulative O, consumption after 54 days (Fig. 1) can be taken as a measure of the
total reduction capacity (TRC) of the samples, because the final O, consumption rates
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Fig. 1 Depth profile of total O, consumption of the different size fractions.

approached zero. This O, consumption of the total fractions is lowest in the samples
taken from the Kreftenheye Formation, intermediate in those taken from the
Sterksel/Kedichem Formation and highest in those taken from the Urk Formation. This
trend is also reflected in the total Q2 consumption of the coarse and fine fractions
(Fig. 1). Furthermore, the Oz consumption of the fine fractions is up to 100 times
higher than that of the corresponding total fractions. However, in this study, the
absolute importance of the fine fraction is limited because it constitutes less than 2% of
the total grain size distribution, except for the deepest sample (Table !). The coarse
fraction mainly acts as a dilutant of the reduction activity of the fine fraction.

Contribution of siderite, bulk organic matter and pyrite to the TRC.

Siderite, bulk organic matter (BOM) and pyrite are potentially important O» consumers
in the aquifer samples studied. The following redox reactions for these components are
considered:
siderite

(a) FeCO; + % O + 12 H.O — FC(OH)_} +CO,

bulk organic matter simplified as CH,O
(b) CH.0+ O; - CO; + H,0

prite
(c) FeSy+ 3% 02+ 3% H20 — Fe(OH); + 2 SOs™ + 4H"

and if proton generation in (c) is buffered by maintaining calcite equilibrium,
(d) FeS;+3% 02+ 14 Hy0 +2 CaCO; — Fe(OH); + 2 Ca®" + 2 SO +2 CO2

It should be noted that the molar ratios of CO, produced to O, consumed are distinctly
different for reactions (a—d). Siderite, BOM, pyrite and buffered pyrite oxidation yield
a CO; to O, ratio of 4, 1, 0 and 8/15 respectively. The relative contribution of the
components considered to the total O, consumption can be estimated using these ratios.
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Fig. 2. Oxidation experiments. (a) Cumulative O, consumption vs cumulative CO,
production during 54 days of incubation of the total fraction (0-2000 pm) samples.
For reasons of clarity, the data plotted are every tenth data point available. Stoich-
iometric lines are plotted according to reaction (a, b and d) (see text for explanation).

(b) same as (a) except for the fine fraction (063 pm) total O, consumption for 25 m:
167 mg g sediment, for 30 m: 299 mg g™ sediment.

Figure 2(a) shows the O, consumption versus the CO, production in the total
fractions. The slopes of the cumulative O,/CO; fall in the range of stoichiometries for
the reactions (a—d). The O,/CO; of the total fractions from 20 and 35 m depth only
suggest the oxidation of BOM, i.e. reaction (b), while the total fractions from 15 and
25 m depth indicate the oxidation of both BOM and pyrite, i.e. reactions (b) and (d).
The total fraction sample from 30 m deep initially shows pyrite oxidation with CO;
production and O, consumption according to reaction (d), and subsequently O,
consumption without CO;, production, according to reaction (c). This indicates that the
carbonate buffering is limited. The total fraction sample from 40 m deep shows a
CO,/O; ratio higher than that for BOM oxidation, thus part of the O, consumption
must be caused by the oxidation of siderite. The presence of siderite in this sediment
was later confirmed by DTA.

Significant differences occur between oxidation reactions in the total (Fig. 2(a))
and fine (Fig. 2(b)) fractions. For example, the CO,/O; ratios of the oxidation reactions
in the fine fractions (Fig. 2(b)) from 15, 20, 35 and 40 m depth are closer to the
stoichiometric line for siderite oxidation than the corresponding total fractions,
suggesting a greater importance of siderite oxidation in these fine fractions. Further-
more, when excluding the total fraction samples that show pyrite oxidation, the sample
from 40 m depth consumed most O,, while of the corresponding fine fractions, the
sample from 20 m depth is most reactive. Finally, the pyrite oxidation in the fine
fraction from 25 m depth is largely unbuffered by carbonate dissolution, while the
corresponding total fraction shows buffered pyrite oxidation. This indicates that the
carbonate buffer is largely contained in the coarse fraction.

The relative contribution of the different components was calculated from the
resulting CO,/O; ratio at the end of the incubation (Table 2). The interpretations based
on the CO,/O; ratios are confirmed by the pH and sulphate measurements in the water
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Table 2 Measured CO,/O, ratios, pH and sulphate (NA = not analysed) concentrations and calculated
relative contributions of reactions (a—d) to the total O, consumption of the total fraction samples.

Depth  (CO/O),.,  Relative contribution of oxidation reactions (a-d) pH_, sulphate _,
(m) (molar) (a) ®) © @ (mmol I')
1500 0.75 0.46 0.54 7.2 44
2000 1.06 0.02 0.98 1.5 1.7
2500 0.66 0.27 0.73 6.3 12.7
30.00 0.02 0.96 0.04 2.1 34.0
3500 094 0.87 0.13 6.8 NA

39.60 141 0.14 0.86 7.1 5.0

at the end of the incubations. The samples that show pyrite oxidation have high sulphate
concentrations. The final pH of the sample from 30 m depth, which shows unbuffered
pyrite oxidation, was 2.1. The final pH values of the other sediment incubations were
near neutral (Table 2).

Kinetics and oxidation rates of the reducing components

Figure 3(a) shows the difference in the typical evolution of O, consumption rates
between BOM and pyrite oxidation without carbonate buffering. The rates of BOM
and buffered pyrite oxidation decreased continuously during the experiment.
Decreasing rates for BOM oxidation are often observed (e.g. Kristensen et al., 1995)
and can be explained by an increasing stability of the organic compounds remaining
(Cowie et al., 1992; Hulthe et al., 1998). Iron hydroxides, produced during buffered
pyrite oxidation, may precipitate as a diffusion layer on the pyrite surfaces, slowing its
oxidation (e.g. Nicholson ef al., 1990). The rates of unbuffered pyrite oxidation started
to increase after one week, following cessation of CO, production once the carbonate

Oxidation
A QO BOM B
0.06- @  wnboffered pyrite

0.04 1 y - .

mg O 5 /hour

Days Days

Fig. 3 Kinetics. (a) Oxygen consumption rate for the fine fractions from 20 and 25 m
depth. All data points are shown. (b) Oxidation rates of selected components in
four total fractions. Initial contents: 15 m: 0.06 C%, 25 m: 4272 ppm Fe$S,;, 30 m:
4350 ppm FeS;, 35 m: 0.06 C%.
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buffer had been consumed. Then the rates dropped off until the end of the experiment
when the samples had acidified to a pH <2. Since only the samples that showed
unbuffered pyrite oxidation exhibit this typical sequence, we interpret this maximum in
the O, consumption rate to be a pH effect. The dissolution of an inhibiting iron
hydroxide coating on the pyritic surface at low pH and the subsequent release of ferric
ions, that are important intermediates in the oxidation of pyrite by O, (Moses et al.,
1987), are probable causes for the increased rates. We suggest that the subsequent
decrease in rates at lower pH is due to the decreasing rate of the of ferrous iron
oxidation, which is the overall controlling process (Moses e? al., 1991)

The oxidative loss of reductants in four samples is shown in Fig. 3(b). In these
samples, there was a main oxidative process (reactions a—d) responsible for the
observed O, consumption (Table 2). The relative amounts of reductant from the
sediment analyses and the cumulative O, consumption were calculated. The samples
from 20 and 35m depth showed oxidation of BOM. Assuming no inert organic
fraction, a first order degradation model can be used:

dBOM/dt = -k x BOM

half-lives for the BOM present were estimated to be 214 and 141 days. These
oxidation rates were higher than the buffered but lower than the unbuffered pyrite
oxidation rates in the samples from 25 and 30 m depth, respectively. Clearly, the
buffered oxidation of pyrite in the sample from 25 m depth is slower than the
oxidation of the pyrite in the sample from 30 m depth, in which half of the pyrite
was oxidized in 45 days. The difference in rate between buffered and unbuffered
pyrite oxidation is probably due to the precipitation of iron hydroxides on the pyrite
surfaces during buffered pyrite oxidation (Nicholson ef al., 1990). The effect of the
precipitation of an iron hydroxide coating on the oxidation of pyrite can be described
(results not shown) by a shrinking core model (cf. Nicholson et al., 1990). During
unbuffered pyrite oxidation, however, these precipitated iron hydroxides may re-
dissolve again during acidification and thus facilitate enhanced pyrite oxidation.

CONCLUSIONS

Our oxidation experiments showed the presence of BOM, pyrite and siderite as
reactive reductants within a single hydrological unit. Qur results clearly show that, if
present, these reductants can be oxidized simultaneously. Both the TRC and the
reductants that are responsible for the O, consumption seem to be related to the
geological provenance and/or history of the sediment. The TRC of the total fractions
(0-2000 pm) taken from this single aquifer unit varies by about 10 times. In these
sediments, the fine fraction (0-63 pm) is about 100 times more reactive than the coarse
fraction (63-2000 pm), but, because of the small amount of the fine fraction present,
this has a limited effect on the reactivity of the total fraction. The coarse fraction
mostly dilutes the reactivity of the fine fraction, but seems to be important in providing
acid buffering capacity. This spatial heterogeneity in reactivity complicates hydrogeo-
chemical modelling of the oxidation in a single aquifer system, since different
reactions happen concurrently.
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Nitrate concentrations in the Thornton Well Field near
Woodstock, Ontario, have been steadily increasing since 1980.
This study was undertaken to determine the source and
behaviour of nitrate in the regional aquifer. The investigation
is a part of a major research project involving hydrogeology
and the use of dating techniques to evaluate the long-term
water quality of the Thorton Well Field. Geochemical and
hydrogeological tools were used to ascertain the source and
location of the elevated nitrate concentration and to determine
the factors that control nitrate concentrations in the
groundwater flow system from the recharge area to the
production wells.

A complex two aquifer, three aquitard geologic system has
been delineated. Discontinuous layers of sand, till and gravel
comprise the geology allow local recharge water to penetrate
deep into the aquifer system. Land use in the surrounding area
is primarily agricultural.

Three geochemical regions were found in the area surrounding
the Thorton Well Field. The north region is characterized by

low NO,™N (<0.05 to 0.5 mg/l) and high sulphate values (11-

94 mg/1) with varying levels of dissolved oxygen (<0.05 to 12
mg/l). Nitrate fertilizer applied to the fields in the north region
was not found in the shallow groundwater suggesting that
nitrate attenuation is occurring before the water reaches the
saturated zone.

In the east region, reducing conditions in the saturated zone are
responsible for the geochemistry of the groundwater. The



reducing conditions are due to the shallow depth to the water
table and higher concentrations of DOC (3 to 11 mg/l).

The region west of the well field appears to be responsible for
most of the nitrate reaching the well field. Land use is
dominantly agricultural with fertilizer applications at

approximately 450 kg-N/ha. NO,—N concentrations are found

above 10 mg/l in the area. Point sources of focused recharge
(drainage tile discharges; and depression-focused recharge) and
broad-scale diffuse recharge allow nitrate to impact the shallow

aquifer. Nitrate levels, sulphate concentration, 815N in nitrate,
and 534S in sulphate from this region are very similar to the
values at the production wells. High dissolved oxygen
concentrations inhibit denitrification. NO3"‘N concentration in

the unsaturated zone beneath an agricultural field in this area
was 8 mg/l. discharge from a tile drain in this area had NO,™

N concentrations as high as 17 mg/l. this drainage water was
directly recharging the shallow aquifer.

Denitrification in the study site appears to be controlled by
sulphide bearing minerals in surficial till and unweathered
aquifer sediments. An increase in sulphate concentration,

depletion of 534S in sulphate, and the decrease in NO,™N

levels suggests that denitrification by pyrite oxidation is
occurring in the surficial till of the north region and in the
shallow aquifer of the east region.

This study highlights the complexity of regional recharge and
the variability in the distribution of controls on nitrate
geochemistry. Recharge of elevated nitrate groundwater occurs
through broad-scale diffuse recharge but also from point
sources (tile drains) at locations where the shallow aquifer is
near the surface. Factors that control the distribution of nitrate
are regional groundwater flow direction and redox conditions.
The variability of redox conditions in an aquifer affects the
viability of denitrification, and therefore, nitrate distribution.

Last revised May, 2001.
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Adsorption of heavy mctals and radionuclides (HMR) onto iron and manganese oxides has long been
recognized as an important reaction for the immobilization of these compounds. However, in environments
containing elevated concentrations of these HMR the adsorptive capacity of the iron and manganese oxides
may well be exceeded, and the HMR can migrate as soluble compounds in aqueous systems. Here we
demonstrate the potential of a bioremediative strategy for HMR stabilization in reducing environments based
on the recently described anacrobic nitrate-dependent Fe(II) oxidation by Dechlorosoma species. Bio-oxidation
of 10 mM Fe(Il) and precipitation of Fe(III) oxides by thesc organisms resulted in rapid adsorption and
removal of 55 pM uranium and 81 pM cobalt from solution. The adsorptive capacity of the biogenic Fe(1II)
oxides was lower than that of ablotically produced Fe(IH) oxides (100 pM for both metals), which may have
been a result of steric hindrance by the microbial cells on the iron oxide surfaces. The binding capacity of the
biogenic oxides for different heavy metals was indirectly correlated to the atomic radius of the bound element.
X-ray absorption spectroscopy indicated that the uranium was bound to the biogenically produced Fe(IIl)
oxides as U(VI) and that the U(VI) formed bidentate and tridentate inncr-sphere complexes with the Fe(III)
oxide surfaces. Dechlorosoma suillum oxidation was specific for Fe(II), and the organism did not enzymatically
oxidize U(IV) or Co(II). Small amounts (less than 2.5 pM) of Cr(III) were reoxidized by D. suillum; however,
this appeared to be inversely dependent on the initial concentration of the Cr(III). The results of this study
demonstrate the potential of this novel approach for stabilization and immobilization of HMR in the

environment.

The mobility of trace metals and radionuclides released into
aquatic and terrestrial environments by mining, industrial pro-
cesses, and municipal waste disposal practices is an area that
deserves significant scientific, public health, and regulatory at-
tention. The U.S. Environmental Protection Agency includes
cadmium, chromium, copper, lead, mercury, nickel, silver, and
zinc on its priority pollutant list for waste effluents. Geochemi-
cal controls that regulate the trace element concentrations in
oxic natural waters include adsorption and coprecipitation by
hydrous oxides of iron and manganese. These hydrous oxides
occur as discrete grains and as coatings on aquifer materials.
They have been shown to be the major host minerals for many
trace elements in soils and for ®Co and isotopes of plutonium
and americium in soils and sediments of a disposal area at Oak
Ridge National Laboratory (27).

Adsorption of heavy metals and radionuclides (HMR) onto
iron and manganese oxides has long been recognized as an
important reaction for immobilization of these compounds (2,
4, 28, 33, 45, 46, 47, 51, 52). However, the adsorptive capacity
of the hydrous oxides in some environments may not be suffi-
cient to immobilize all of the HMR present. Many studies have
investigated the bioremediative potential of stimulating reduc-
ing bacteria to use some of the soluble HMR as electron
acceptors and thus precipitate them out of solution (10, 35, 42,

* Corresponding author. Mailing address: Department of Microbi-
ology, Southern Hlinois University, Carbondale, IL 62901. Phone:
(618) 453-6132. Fax: (618) 453-8036. E-mail: jcoates@micro.siu.edu.
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43). However, there are many unknowns and potential limita-
tions for this technique, including (i) the fate of the reduced
immobilized HMR once the bioremediative process is com-
plete and the environment reverts back to an oxic state; (ii) the
potential for bio-oxidation and subsequent resolubilization of
the reduced immobilized HMR; (iii) the fact that reductive
remediation may not be suitable for low-level, long-term con-
tamination as there may be insufficient HMR contaminants
available to support a metal-reducing microbial community;
and (iv) the fact that many metals are bound and solubilized by
natural and anthropogenic organic matter present in most en-
viropments regardless of their valence state (12, 16, 50, 59).
An alternative to bioreduction is selective anaerobic bio-
oxidation of added Fe(II) under anoxic conditions. This tech-
nique, if successful, should result in immobilization of contam-
inating HMR on newly formed Fe(III) oxides. Anaerobic bio-
oxidation of Fe(II) was only recently identified, and very little
is known regarding the ubiquity and diversity of organisms
capable of this metabolism. Previous studies have shown that
Fe(1l) oxidation is mediated by anoxygenic phototrophs (32,
61), as well as various nitrate-respiring organisms (8) and per-
chlorate-respiring organisms (11, 15, 20, 38, 48). The end prod-
uct of this metabolism is generally amorphous Fe(III) oxide (8,
11, 57, 61). Amorphous Fe(IIl) oxide [Fe,O; - HyO(am)}, or
ferrihydrite, has often been used for studies of adsorption of
trace metals because it is a uniform material with well-known
surface properties that is. easily reproduced (2). It is also rep-
resentative of metal oxides in the natural environment and is a
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precursor of many natural forms of crystalline Fe(III) oxides,
such as goethite and hematite (22, 53, 63). Previous studies
have shown that metals such as cobalt, chromium, cadmium,
lead, uranium, and radium are rapidly adsorbed by this iron
form (2, 4, 44, 51), and some of these metals with lower ionic
radii (e.g., Co®* and Cd®*) are incorporated into the Fe(IIl)
oxide structure as the amorphous Fe(IlI) oxides begin to re-
crystallize with age. Under these conditions these trace metals
become tightly bound in the Fe(III) oxide crystals (2) and are
thus immobilized.

As part of a study on the metabolic diversity of organisms
capable of growth by anaerobic respiration of perchlorate, we
isolated a novel organism, Dechlorosoma suillum strain PS,
from a swine waste lagoon (1, 20, 48). Physiological character-
ization revealed that D. suillum rapidly oxidized Fe(II) with
nitrate or chlorate as the electron acceptor under strictly an-
aerobic conditions (185, 38, 48). Recently, we demonstrated that
Fe(II) oxidation by D. suillum resulted in the formation of
different end products depending on the rate of Fe(II) oxida-
tion (15, 38). In cell suspension experiments, Fe(II) was rapidly
oxidized to an amorphous ferrihydrite similar to that formed
by other previously described nitrate-dependent Fe(II) oxidiz-
ers (38); however, under growth conditions with acetate as a
cosubstrate and nitrate as the electron acceptor, Fe(II) oxida-
tion resulted in the production of a broad range of crystalline
iron minerals, including magnetite, which accounted for as
much as 25% of the original Fe(II) in the culture under the
growth conditions tested (15). Here we report on the biore-
mediation potential of this metabolism for immobilization of
HMR in reducing environments as a result of engineered an-
aerobic bio-oxidation.

MATERIALS AND METHODS

Mediom and culture conditions. D. suillum strain PS was maintained in an
anoxic, defined freshwater medium described previously (11) with acetate (10
mM) as the sole electron donor and chlorate (10 mM) or nitrate (10 mM) as the
sole electron acceptor. Standard anaerobic techniques were used throughout this
study (34). Anoxic medium (pH 6.8) was prepared by boiling the medium to
remove dissolved O, before it was dispensed under an N-CO, (80:20, volfvol)
gas phase into anaerobic pressure tubes or serum bottles that were sealed with
thick butyl rubber stoppers.

Alterative electron donors and acceptors were added from sterile stock so-
lutions. Chloride salts of the metals cadmium (CdCl,), cobalt (CoCl,), and
uranium (UC1,0,) were also added from sterile stock solutions. Reduced U(IV)
was produced in culture medium by amending freshly prepared anoxic basal
medium with an anoxic uranyl chloride stock to give the desired final U(IV)
concentration. The medium was further amended with palladium-coated alumi-
num chips and gassed out with H, to abiotically reduce the UO,ClL,. Once the
vranium was reduced, the headspace gas was replaced with N,-CO, and the
aluminum chips were removed by decantation.

Cell suspension preparation. Cells of D. suillum strain PS were grown anaer-
obically in 500-ml volumes of medium with acetate (10 mM) as the electron
donor and chlorate or nitrate (10 mM) as the electron acceptor. After dense
growth of D. suillum, cells were harvested by centrifugation at 4°C under an
N,-CO; headspace. The cell pellets were each washed twice and resuspended in
1 ml of anoxic bicarbonate buffer (2.5 g liter™?, pH 6.8) and sealed in a 10-m!
serum vial with a thick butyl rubber stopper under an N,-CO, headspace.

Analytical techniques. Acctate concentrations were analyzed by high-perfor-
mance liquid chromatography with UV dctection at 210 nm (model SPD-10A;
Shimadzu Scientific Instruments, Columbia, Md.) by using an HL-75H™ cation-
exchange column (catalog no. 79476; Hamilton Company, Reno, Nev.). The
cluent was 0.016 N H,SO, at a flow rate of 0.4 ml min~?. Chlorate, chloride,
nitrate, and nitrite concentrations were analyzed by ion chromatography with
conductivity detection (model CDD-6A; Shimadzu Scientific Instruments) by
using lonPac AS9-HC with suppressed conductivity by ASRS-II in a recycle
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mode (catalog no. 51786; Dionex Corporation, Sunnyvale, Calif.). The ¢luent
was 9 mM sodium carbonate at a flow rate of 1.0 ml min~'. Growth of cultures
on soluble electron acceptors was determined by direct cell counting and by
monitoring the increase in optical density at 600 nm. Concentrations of HCl-
extractable Fe(11) were determined colorimetrically by the ferrozine assay at 562
nm {41). For insoluble Fe(IT) minerals, the total Fe(11) content was determined
by extraction for 24 h in 5 N HC] prior to analysis with the ferrozine assay.

Soluble concentrations of U(VI) were determined by using reverse-phase
chromatography coupled to postcolumn derivatization with the dye Arsenazo HI.
This method is a modification of the method first described by Barkley et al. (7).
A detection limit of 0.50 pM can be achicved with this technique. A Dionex
DX500 instrument equipped with a Supelcosil LC-18 column (150 by 450 mm),
an absorbance detector set to a wavelength of 658 nm, and a pneumatic unit for
delivery of the postcolumn reagent was used. The chromatographic conditions
included a mobile phase of 85% 0.20 M hydroxyisobutyric acid (pH 4.0) and 15%
methanol at a flow rate of 1.4 ml-min~! and 0.125 mM Arsenazo Il as a
postcolumn reagent at a flow rate of 0.60 ml'min~ .

X-ray absorption spectroscopy. The biogenic Fe(I1I) oxides containing ura-
nium were centrifuged, and the resulting wet paste was mounted in a hollowed-
out Plexiglas (thickness, 1.5 mm) sample holder. Kapton film was used to contain
the sample within the hollowed-out region of the Plexiglas holder and to allow
penetration of the synchrotron radiation. The centrifuge tube was opened, and
the material was mounted in the Plexiglas holder in an anacrobic glove bax (Coy
Laboratories) to maintain anoxic conditions. Uranium L-II edge fluorescence
X-ray absorption fine-structure (XAFS) spectroscopy (37) measurements were
obtained for the wet homogeneous paste. All XAFS measurements were made at
the Materials Research Collaborative Access Team insertion device beamline
(54) at the Advanced Photon Source, Argonne National Laboratories, Argonne,
1. The energy of the incident X rays was sclected by using Bragg refiection from
two Si(111) crystals from the third harmonic of the beamline undulator. Higher-
order harmonics were rejected by using an Rh mirror. The incident X-ray
intensity was sampled by using an jon chamber filled with nitrogen gas, and the
fluorescent X-ray intensity was sampled by using a Stern-Heald detector filled
with free-flowing Ar gas at atmospheric pressure. An St filter of six absorption
Jengths was used to reduce the elastically scattered radiation contributing to the
background signal. Lincarity tests (36) indicated that there was less than 0.38%
nonlinearity in the experimental setup for a 50% decrease in incident X-ray
intensity. The incident X-ray intensity varied by less than 15% throughout the
encrgy range of the XAFS measurements. The transmission XAFS signal of an
yttrium-containing X-ray filter was used as an energy reference to accurately
align the edge-cnergy positions of all data, as described elsewhere (23). Three
encrgy scans were collected at six different Jocations on the sample to reduce
radiation-induced chemical effects on the sample. The sample was exposed for
approximately 1 min for each of the three measurements at each location.
Measuring several spectra at each of the six sample locations allowed dctermi-
nation of radiation-induced chemical eflects at the 1-min time scale. No time-
dependent change was observed in the X-ray absorption near-edge spectra
(XANES) data for any of the samples.

Three experimental U extended X-ray absorption fine-structure standards
were measured: hydrated uranium (U] = 500 ppm in double-distilled deionized
water, pH 0.96), uranium in an acetic acid solution (JU] = 500 ppm in acetic acid
|ratio of U to acetic acid, 1:100], pH 4.4), and a uranium phosphate solution ([U]
= 500 ppm [ratio of U to P, 1:100], pH 1.5). In addition, to determine the average
valence state of the U in a bio-oxidized sample, two U XANES powder standards
(UO, and UO;) were measured. The theoretical codes contained in the UWX-
AFS package (55) were used to analyze all data. The program FEFF7 (62) was
used to construct the theorctical XAFS data on the basis of wranyl crystal
structures, and the results are presented in Table 1. The results of a best-fit
analysis of the experimentally obtained data with theoretically gencrated data
indicated that the S02 best-fit values were 1.0 * 0.2. The value for EO was
determined in the fit. For the standards, two different EO values were used. The
structural parameters determined in a fit to the U-containing biogenic Fe(111)
oxide XAFS data included Ny, (coordination number), R (distance to the
neighboring atoms for a single scattering path), and o2 (relative mean square
displacement between the absorbing U atom and the neighboring atoms for a
single scattering path). Fitting of the XAFS data for the U-containing biogenic
Fe(11I) oxides had three independent points and 12 variables. Error analysis and
goodness-of-fit parameters were calculated with the fitting routine FEFFIT.

RESULTS AND DISCUSSION

Abiotic adsorption of HMR onto ferrihydrite. When the
Fe(II) content of anoxic uninoculated basal culture medium
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TABLE 1. Best-fit values for the XAFS data for the uranium-
containing biogenic iron oxide sample®

Path Nocgen R(A) o? (1073 A%
U-Oax 20 1.797 + 0.015 00+ 0.2
U-Oeq 47%45 2379 £ 0.045 51153
U-Oeq 17207 2161 + 0.143 51153
U-Oax1-U-Oaxl 20 3.594 + 0.029 00+ 0.7
U-Oax1-U-Oax2 20 3594 + 0.029 00=*07
U-Oax1-U-Oax2 20 3.594 +0.029 0007
U-Fel 0.7+02 2.921 + 0.033 00154
U-Fe2 05>04 3.521 + 0.061 00+ 154

# Path indicates the atom types in the scattering paths of the photoelectron
that are included in the model of the experimental XAFS data. For example,
U-Oax represents a single scattering path from a uranium atom to an axial
oxygen atom and then back to the original uranium atom. U-Fel and U-Fe2

p two unique single ing paths with different distances between the
U atom and the Fel or Fe2 atom. Ny, is the degeneracy of the specific path.
For single scattering paths, the degeneracy is equal to the average number of
atoms at the same average distance from the U atom, commonly referred to as
the XAFS coordination number. R is onc-half of the photoelectron path length
described by the path. The R for a single scattering path is the average distance
between the uranium atom and the backscattering atom. o2 is the relative mean
square displacement about the equilibrium half-path length. o2 is commonly
referred to as the XAFS Debye-Waller factor.

(11) was abiotically oxidized by a brief (1-min) exposure to air,
an orange-brown precipitate, presumably amorphous ferric
oxyhydroxide, rapidly formed within 1 h. Addition of Co(III)
or U(V1) (100 pM) to the air-treated medium resulted in slow
removal of the soluble metals from solution over a period of
120 days (Fig. 1). In contrast, if the anoxic Fe(II)-containing
medium was exposed to oxygen after addition of the uranium
or cobalt, the HMR were rapidly removed from solution, and
complete removal was observed within 2 h (Fig. 1). Previous
studies have similarly shown that metals such as cobalt, cad-
mium, lead, uranium, and radium are rapidly adsorbed by
ferric iron mineral phases, especially amorphous ferric oxyhy-
droxide, and pulled from solution over time (2, 4, 51). In
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FIG. 1. Adsorption and precipitation of uranium and cobalt by
Fe(II1) oxides abiotically formed prior to and after addition of soluble
U(VI) and Co(Ill).
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FIG. 2. Growth of D. suillum in the absence and in the presence of
soluble uranium and cobalt. ODg, optical density at 600 nm.

addition, some metals with lower ionic radii {e.g., Co®>* and
Cd?*) may be incorporated into the Fe(III) oxide structure as
the amorphous Fe(1II) oxides crystallize with age. These trace
metals can become tightly bound into the Fe(III) oxide crystals
(2) and thus become immobilized.

Anoxic biological HMR immobilization. Addition of soluble
U(VI) or Co(IIT) at a concentration of 100 pM had no effect
on growth or on nitrate-dependent Fe(Il) oxidation by D.
suillum (Fig. 2). Similar to what was observed for abiotic oxi-
dation of the Fe(1I)-containing medium (see above), anaerobic
biological oxidation of the Fe(II) by D. suillum in the presence
of either Co(IIT) or U(VI) also resulted in rapid removal of the
HMR from solution (Fig. 3). Interestingly, the removal of the
U(VI) or Co(III) by the biogenically produced oxides was not
as complete as the removal observed in the abiotic experi-
ments, and only 55% of the initial 100 pM uranium was re-
moved from solution. This difference in binding capacity be-
tween the abiotically produced Fe(III) oxides and the biogenic
Fe(III) oxides may be the result of microbial cells bound to the
reactive surfaces of the biogenically produced Fe(III) oxides,
resulting in a decrease in available binding sites for HMR.

More cobalt (81% of the initial 100 pM) than uranium was
removed from solution as a result of biological Fe(II) oxida-
tion. When a similar experiment was performed with cadmium,
69% of the initial 100 pM was bound by the biogenically
formed iron minerals. Comparison of the atomic radii of these
ions (Ry = 1.75 A, Ry = 1.55 A, R, = 1.35 A) to the atomic
radius of Fe (1.4 A) suggests that the amounts of U, Cd, and
Co removed from solution are inversely related to the similar-
ity of their sizes to the size of Fe.

Valence state and local chemical environment of uranium
bound to the biogenic iron oxides. XANES is a useful tech-
nique for determination of the average valence state of ura-
nium in samples (3, 9, 24, 37) as the energy position of the edge
step (i.e., the increase in adsorption) is directly related to the
valence state of the uranium. Comparison of the energy-
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FIG. 3. Adsorption and precipitation of soluble uranium and cobalt
by Fe(Ill) oxides biogenically formed after addition of U(VI) and
Co(l1).

aligned and step-height-normalized XANES data from the
uranium content of the biogenically formed iron oxides pro-
duced by D. suillum with the data obtained with UO, [U(IV)]
and UO, [U(VI)] standards indicated that the uranium was
present only in the oxidized U(VI) state (Fig. 4A).
Theoretical models based on the crystal structure of hydro-
gen uranyl phosphate tetrahydrate (49) and sodium uranyl(VI)
triacetate (58) were generated with the FEFF7 theoretical
codes and used as preliminary models for the experimental
XAFS data for uranium acetate, uranium phosphate, and hy-
drated uranyl solutions. The fit to the hydrated uranyl standard
showed the importance of multiple scattering paths from the
two closely bound axial oxygen atoms of the uranyl. Therefore,
these multiple scattering paths were included in the fitting of
the XAFS data for the bio-oxidized sample. Two distinct equa-
torial oxygen paths improved the quality of the fit for the
biogenic sample, decreasing the reduced chi-square value by a
factor of 2.6. The results of the best fit of the XAFS data
indicated that two different equatorial oxygen groups were
present in the biogenic uranium-iron oxide solids with approx-
imately 4.7 oxygen atoms at 2.2 A and 1.7 oxygen atoms at 2.4
A (Table 1). The data in the Fourier transform region from 2
to 3.5 A were modeled with two higher coordination shells
containing all possible combinations of C, P, U, or Fe at ~2.9
and ~3.5 A. The model that included two Fe shells was sta-
tistically better than any other model, reducing the reduced
chi-square value by a factor of 3 to 7. Results of the fit to the
experimental magnitude and real part of the Fourier trans-
formed data are shown in Fig. 4B. The sum of the average
numbers of Fe atoms in both higher coordination shells is
consistent with one, indicating that uranyl was associated with
the surface of the iron (hydr)oxides in two different geome-
tries. A U-Fe distance of approximately 3.5 A is consistent with
U(V1) forming bidentate inner-sphere complexes with iron
(hydr)oxide surfaces. .
Similar uranium XAFS studies of uranium-iron (hydr)oxide
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with data from the uranium content of biogenically formed iron oxides.
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model and data from biogenic solids.

interactions have been described previously (6, 44, 60). Al-
though U-C distances of ~2.9 A have been reported in a
previous study (6), the results from the fitting of our experi-
mental data are better described with a U-Fe correlation of
~2.9 A than with a U-C correlation at ~2.9 A. It is important
that in our experimental system there are a large number of
crystallographic iron (hydr)oxide phases. Therefore, the
shorter U-Fe distance reported here (to our knowledge, the
first observation of its kind) may be due to an as-yet-unknown
interaction between uranium and iron (hydr)oxide.

Potential remobilization of uranium as a result of biological
Fe(I) oxidation. With a reduction potential (E’'y) of approxi-
mately —0.07 V at pH 7.0 for the U(VI)-U(IV) couple (26), it
is possible that any insoluble U(IV) in the environment abi-
otically could react with biogenically produced Fe(I1I) to form
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soluble U(VI) and Fe(ll). If anaecrobic biogenically formed
Fe(11I) (hyd)oxides are to be utilized as a way to attenuate
radionuclides in reducing environments, it is very important to
ensure that metals such as uranium are not abiotically reoxi-
dized and solubilized by these iron (hydr)oxides. To ensure
that the bio-oxidation of Fe(II) did not result in resolubiliza-
tion of any previously reduced and immobilized U(IV), an
anaerobic washed cell suspension of D. suillum was amended
with insoluble U(IV) and 10 mM FeCl, and with nitrate (10
mM) as the sole electron acceptor. Cation chromatography
analysis indicated that in the absence of Fe(II), no U(VI) was
present in solution, demonstrating that D. suillum cannot use
reduced uranium as an electron donor (Fig. 5). If O, was
added to the headspace of the control culture that was not
amended with Fe(II), the uranium rapidly appeared in solution
as U(VI), demonstrating that in the absence of the biogenically
produced Fe(1II) (hydr)oxides the U(IV) in this system was
unstable and could readily be reoxidized and solubilized (Fig.
5). This was expected as U(IV) is notoriously unstable in the
presence of oxygen (26). In samples amended with Fe(II), the
uranium did not come back into solution during the incuba-
tion, although nitrate-dependent Fe(II) oxidation occurred
rapidly, indicating that the insoluble uranium remained in an
insoluble form regardless of its valence state in the presence of
the biogenically formed Fe(III) (hydr)oxides (Fig. 5).
Oxidation of other metals. Many of the organisms known to
be capable of dissimilatory Fe(III) reduction have also been
shown to be capable of utilizing the oxidized forms of several
other transition metals as alternative electron acceptors in
place of Fe(I11) (13, 14, 17, 18, 19, 21, 39, 40). It is currently not
known if nitrate-dependent Fe(Il) oxidizers can simifarly uti-
lize the reduced forms of other transition metals as surrogates
for Fe(II). As outlined above, the results shown in Fig. §
indicated that U(IV) was not oxidized by D. suillum with ni-
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trate as the sole electron acceptor. Similar to the results ob-
served for U(TV) (see above), when an anaerobic washed cell
suspension of D. suillum in bicarbonate buffer was amended
with 100 pM Co(Il) as a potential electron donor and nitrate
as the sole electron acceptor, no Co(IlI) was produced during
incubation. In contrast, however, when a similar experiment
was performed with Cr(III), small amounts of Cr(VI) were
produced during the 4-h incubation, and a total of 2.5% of the
initial Cr(III) was oxidized (data not shown). No Cr(IlI) oxi-
dation occurred if the cells or the nitrate was omitted. If the
initial Cr(IIT) concentration was increased to 500 pM, only
0.24% of the Cr(III) was oxidized (data not shown), suggesting
that chromium toxicity may have affected enzymatic oxidation
of the Cr(III) by the cells.

Significance. Anaerobic bio-oxidation of Fe(IlI) was only
recently identified, and very little is known regarding the ubig-
uity and diversity of organisms capable of this metabolism.
Previous studies have shown that Fe(II) oxidation is mediated
by anoxygenic phototrophs (32, 61), as well as by various ni-
trate-respiring organisms (8, 29, 56, 57). Recent studies have
also demonstrated that members of the newly described genera
Dechloromonas and Dechlorosoma (1), isolated for their ability
to grow by dissimilatory perchlorate reduction, also oxidize
Fe(11) anacrobically with chlorate or nitrate as an alternative
electron acceptor (11, 15, 20, 38, 48). Previous investigations
demonstrated that nitrate-dependent Fe(Il) oxidation by D.
suillum was not limited to soluble Fe?* ions and that insotuble
Fe(II) bound up in mineral matrices was also available for
these organisms (15). In addition, these studies also demon-
strated that the oxidized iron end product formed [amorphous
Fe(III) (hydr)oxide or carbonate-containing green rusts] was
dependent on the rate of Fe(II) oxidation by this organism (15,
38). Both of these forms of iron are known to be unstable in the
environment and are strong adsorbents for HMR (4, 5, 25, 30,
3n.

The results of this study demonstrate that this metabolism
offers a unique alternative for immobilization of toxic HMR in
affected environments. Thus, selective anaerobic bio-oxidation of
Fe(I) added to the environment may be an effective means of
capping off and completing the attenuation of HMR in a reducing
environment, allowing the system to naturally revert to an oxic
state while preventing remobilization of previously reduced and
immobilized HMR. This bio-oxidation process may be applied in
two ways: (i) by precipitating Fe(IIT) (hydr)oxides over immobi-
lized HMR in situ, forming an insoluble barrier that crystallizes
with time, inhibiting future bioreduction, and adsorbing any
Jeached HMR locally, or (ii) by engineering an Fe(III) oxide wall
in situ, downstream of the immobilized HMR, which catches and
adsorbs any HMR that may be solubilized and remobilized as a
result of environmental fluxes, such as reoxidation (biotically or
abiotically) or ligation.
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f'fimmediately after a swath of fresh rock. oriented'perpendicular to the ore
fi;;zone boundaries. had been exposed by a bulldozer cut.. Samples were collected Af
;7fat 6- to 15-m (20- to 50 ft) intervals in oxidized rock remote from the ore
”zone. and at 1 S-m (5 ft) intervals through the ore zone as uell as‘near its i_;
boundaries. Figure 1 shous the locality and spacing of samples - B
il981) gives a complete description and chemicall;nalyses of the samples.

The samples were analysed by the usual methods (Leventhaﬁpand others. :

"f‘}:1978~ Leventhal and Shaw. 1980) NhiCh ‘“CIUde t°t°] carbon by LECO combUStlon'i”

vicarbonate carbcn by titration. and organicfzarbon by difference. Sulfldev*'7':'
ﬁvsulfur uas measured by LECO combustion afteriremoval of sulfate sulfur.
JQUranium was measured by the delayed neutro method (Millard:'1976).fy:;? ;
result of analyses are shown in table 1,,_Samples 1-15 are‘on the oxldized o

7f,side of the roll. samples 16 22 and 25-41 are in ore. samples 23 and 24 are in

ff“;;a slightly oxidized bleached zone. and samples 42-48 are cn the reduced sxde

7“3}of the ore zone..;,

SR L Statistical _ L S
;Results from samples 16-41 uere treated statistically for linear-least~ l
;;squares fit to the equation y mX + b, uhere y is the dependent variable. x 1s:
l;the independent variable. m. is the slope. and b is the intercept. This uas
ffdone in three ways.- with uranium as y and sul‘ur as x. with uranium as y and
organic carbon as x, and w:th sulfur as Y. and organic'carbon 2 x ~v<‘»»:‘
caseiﬁthat removing one to fou* samples changed the correlation coefficien

'lf“Theisignificance of the fit to the linear equation was judged b! the r

=avalue and:number of pairs of data values based on standard statistical
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VFigures 2, 3. and 4 show plots of the data for organic carbon versus

"?;Isulfur, organic carbon versus uranium, and sulfur versus uranium. A rough

W“A‘increase of sulfur with increase of organic carbon (fIQ‘:Z), was observed in

;;these samples. This 1ncrease may be SImilar to the covariance of C and S ff
f-uhich has beeivobserved in many recent and anc1ent sediments (Goldhaber and‘
V~;Kaplan. 1974. for review- Leventhal and Goldhaber, 1978 Leventhal 1979)
which 1s due to micro organisms that utilize organic matter and Sulfate to
{produce COZ and sulfide.. This reaction does not go to completion. so the
'sediments contain the reSidual organic material and Sulflde in a relatively :
’constant proportion- hence the covariance of carbon and sulfur.i This relation[7

3 1holds for in situ (syngenetic or epigenetic) reactions but does not apply to :'7;

ffpﬂmigrated sulfides such as HZS moving up faul.s (COIdhaber and others. 1979)

A statistical treatment involv1ng carbon and sulfur uas performed on" s
~samples 16 through 41. samples mostly in the ore zone (sample 23, not
~~pmineralized, was excluded in this and subsequent operations) Table 1 and

ﬂjfigure 2 show that sample 26 is anomalcus in that it contains much more of

i*fboth carbon and sulfur than do the other samples in the group. Hhen sample 26_f5ﬁ

_Efis included. the statistical treatment yields an ¢ value of 0. 85, uhich is fliv.:
rsignificant at the 99.9 percent level. Hhen sample 25 TS omitted, an r value f:i
;ofv0.32 1s. obtained, uhich is not statistically significant._ Thus, one S
junusual (outlier) sample can change the statistical concluSIOns. For this
freason ue have done our statistics in several ways to see this effect.,«msf5ﬁ53'
flnspection of the data reveals that samples 32 and 39 are also someuhat 5f°i';

anomalous in that they have a higher carbon content than do the other samples :

'in the group. coupled with a low sulfur content.; Omission of samples hfi
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v “Plot of su'lfur ‘versus uranium. e :
e Hunbers refer to’ sample number on tab]e 1._




99 percent level.; The correlation o. carbon and sulfur, when the three

"b-‘{?samples mentioned are disreqarded suggests that 1n situ sulfate reauction may'

":‘;; be the origin of the sulfide in the ore zone.

Linear-least-squares computation involVing uranium and organic carbon
.f}yields an r value of 0.35 for all samples 16 through 41. !n an analogous
_vfashion to C and S data treatment, above, uelfind T values of 0.25 0.32
110.15, and 0 33 uhen various samples that might.be con__dered;:nonalous 'A: =
t(samples 26. 26 +. 32. 26 + 32 + 31. and 26 + 32 +731 *”39, respectively) are
i_.omitted singly or. collectively (fig. 3) All these r.values are less than"';'
,t:0.39 uhich is the value required for statistical significance (even) at the .ﬁ g
:'90-percent level.,. ' ' L et e Sl

Linear-least-squares computation 1nvolving sulfur and uranium (fig. 4)

ﬁtyields an r value of 0.61 for alt samples 16 through 41. thch 1s significani 5Hi”"

atathe 99-percent level. amissinn of samples that might be considered

xvanomalous (samples 26. 31, and 19). either Singly or collectively. yields T i7uef"':”’

47'5'?ti‘values of 0.89. 0.81._ nd 0.87 wnich are all significant at the 99 9-percent vffllfiﬂh'

o level.‘ The linear regression of U versus C. c versus S or U versus S on thlS

_Lefsmall number of samples yields results that dependrs mewhat on choice of'"

7”:;;isamples., However. the statistical significance seems to have only one

' 7ffginterpretation (see Conclusions).; S

1The complex geologic samples‘can be examined another uay ,Hultiple

f”regression analysis and partial correlation coefficients uere calculated by c.

e'?f{T. Pierson (U.S. Geological Survey) The results show the following.t For all,i

] variables (c and S as independent). the equation is. U = 4.28 - 0.062 Cc+ &ﬁfﬁfjl_’:’““
'“ﬁ{:f0.765s. The correlation coefficients are 'UC ='.352. rus =‘.688. rcs L T

'lf{.569..nlhe partial correlation coefficient is fuc s = -".061_ which is not‘zb"




significant (0.35

where ‘ric s»

the correlation coefficent for U and C with variable S is held fixed.

“the rys,¢ = 0634, hich 15 significant at
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FIG. 3 A schematic model of mixing-layer distortion at the confluence of
two flows of different depth. This planform diagram illustrates that deforma-
tion of the vertical mixing-layer vortices leads to the production of horizontal
vorticity, enhanced mixing and fluid upwelling downstream of the confluence.

3). In Fig. 3 we illustrate a schematic model of this process of
vortex and mixing-layer distortion.

Such complex three-dimensional deformation of the mixing
layer is characteristic of all the unequal-depth mixing flows that
we have studied. Although we have examined only zero degree
confluence angles, mixing-layer distortion such as that described
here can be expected at any junction in which the confiuent
channels are of different depths. The orientation of the separ-
ation zone is controlled by the planform geometry of the negative
step, which in natural channels is formed by avalanche faces of
tributary mouth bars which dip into the central confluence
scour*%, Consequently, the degree of entrainment of deeper-
channel fluid into the separation zone and the position of the
zone of upwelling will be dependent on the position of the
tributary mouth bars, this itself being controlled by the junction

_ angle and the ratio of discharges between the confluent chan-

nels>*'®. This process of mixing-layer distortion and fluid

upwelling may be invoked to explain patterns of fluid mixing
at natural river junctions?*? where fluid from one channel is
observed to upwell within the body of the other tributary flow
downstream from the confluence.

The process we have outlined here has many implications.
The dispersal of sediment at junctions across channel towards
the shallower tributary may be greatly enhanced by such a depth
difierential between the confiuent channels. This may influence
erosion, through the position of the mixing layer and its associ-
ated higher Reynolds stresses, and deposition through control
of the location of both zones of upwelling and the principal
sediment transport pathways. Helical flow cells, which have
been described at river channel confluences'-?°, may also origi-
nate from such depth-differential-controlled processes and not
from any inherent helical flow where flows of equal depth
combine. Attempts at modelling the near-field of side discharges
in effluent dispersal’* must also account for this mixing-layer
distortion, which may significantly increase the potential for
mixing across the shallower channel at a junction whilte simul-
taneously decreasing the rate of mixing across the deeper chan-
nel. Thus, effluents suspended in a deep channel may be rapidly
transferred across the flow of a shallower channel when the two
flows merge. O

Received 19 N 1990; 18 February 1991,

1. Mosley. M. P. L Geol. 84, 535-562 {1976).

2. Ashmore, P. £. & Parker, G. Water Resour. Res. 19, 342-402 {1983).

3. Roy, A. G & Bergeron, N. Geomorphology 3, 99-112 (1990).

4. Kiassen G. ). & Vermeer, K. Proc. int Conf. Fluvial Hydraul. Budapest, 1-14 (1968).
i Best. J L. Sedimentology 35, 481-496 {(1988).

7. Reid, L, Best, L L. & Frostick. L E. in Floods: Wy gical, Se gical and G
implications (eds Beven, K. & Carling, P.) 135-150 (Wiley, Chichester, 1989).
8. Bryant, I. D., Holyoak, D. T. & Mosely, K. A. Proc. Geol. Ass 94(4), 321-343 (1983).

9. Best, J. L. & Brayshaw, A. C. 1 geol. Soc. Llond 142, 747-755 (198S).

ATURE - VOL 350 - 4 APRIL 1991

A —

10. Soong. H. K. thesis, Univ. Connecticut {1976).

11. Hager, W. H. 1 hyoraul. Engng 118, 243-259 (1989).

12 Sutherland, A. L. in Proc. 9th Aus. Fluid Mech. Conf. 259-263 {Univ. of Auckland, 1986).
13. Chw, V. H. & Babarutsi, S, J hydraul Engrg 114, 1257-1274 (1288),

14, Richards, XK. S. Water Resour. Res. 16, 241-244 {1880).

15. Best, ). L. & Reid. ). 1 hydraul Engrg 110, 1588-1594 (1984).

16. Roy, A. G. & Woldenberg, M. 1. 1 Geol 94, 401-411 (1986).

17. Roy, A. G. & Roy, R. Earth Surf. Proc. Landf. 43, 77-84 {1588).

18. Best J. L. Soc Econ Pai; ists and Mine ists spec. Publ. 39, 27-35 (1987).
19. Kennedy, B. A. Earth Surt. Proc. Landr. 8, 153-173 (1964).

20. Ashmore, P. E. Earth Surt. Proc. Land!. T, 201-225 {1982).

21, Winant, €. D. & Browand, F. K. A FAuid Mech. €3, 237-255 {1974).

22, Sternberg, H. O. The Amazon River of Brazil T4 (Steiner, Weisbader, 1975).

23. Roy, A. G. & De Serres, B. Bull. Soc Géog. Lidge 26, 113-127 {1989).

24. McGuirk, L J. & Rodi, W. X Fuid Mech 88, T61-781 (1978).

ACKNOWLEDGEMENTS. We thark the Earth Sciences workshop at Leeds for construction of the
mixing-flow apparatus. Travel for AG.R was made possile through a grant from FCAR; this paper
was prepared while JL.B. held a Royal Society/NSERC Angio-Canadian Scientific Exchange Scheme
Fellowship at the Université de Montréal that wes 8iso supported by the Foundation tor Canadian
Studies. We are grateful for the thoughtful comments of Am Pizzuto.

Microbial reduction of uranium

Derek R. Loviey, Elizabeth J. P. Phillips, Yuri A. Gorby
& Edward R. Landa

Water Resources Division, 430 Nationa! Center, US Geological Survey,
Reston, Virginia 22092, USA

REDUCTION of the soluble, oxidized form of uranium, U(vi), to
insoluble U(1v) is an important mechanism for the immobilization
of uranium in aquatic sediments and for the formation of some
uranium ores''®, U(vI) reduction has generally been regarded as
an abiological reaction in which sulphide, molecular hydrogen or
organic compounds function as the reductant’**'', Microbial
involvement in U(VI) reduction has been considered to be limited
to indirect effects, such as microbial metabolism providing the
reduced compounds for abiological U(Vi1) reduction and microbial
cell walls providing a surface to stimulate abiological U{(vI) reduc-
tion"'>', We report here, however, that dissimilatory Fe(tnr)-
reducing microorganisms can obtain energy for growth by electron
transport to U(VI). This novel form of microbial metabolism can
be much faster than commonly cited abiological mechanisms for
U(v1) reduction. Not only do these findings expand the known
potential terminal electron acceptors for microbial energy trans-
duction, they offer a likely explanation for the deposition of
uranium in aguatic sediments and aquifers, and suggest a method
for biological remediation of environments contaminated with
uranium.

It is becoming increasingly clear that the reduction of metals
in anaerobic environments is often the result of the direct enzy-
matic reduction by bacteria'*!®. For example, the Fe(111)-
reducing microorganism, strain GS-15, grows under anaerobic
conditions by enzymatically coupling the oxidation of acetate
to carbon dioxide with the reduction of Fe(111) to Fe(m)'s"
according to:

CH,COO"~ + 8Fe(111) +4H,0 - 8Fe(11) +2HCO3 +9H"

Thermodynamic calculations have indicated that, per electron
transferred, acetate oxidation coupled to U(vI) reduction has
the potential to yield more than twice the energy that is available
from Fe(111) reduction®. When GS-15, grown on acetate and
Fe(111), was inoculated into an anaerobic medium with acetate
as the sole electron donor and U(v1) as the potential electron
acceptor, U(v1) was reduced to U(1v) over time (Fig. 1a).
Growth coincided with U(v1) reduction and stopped as U(v1)
became depleted. When [2-'*C]-acetate was incorporated into
the medium, "*CO, was generated in direct proportion to U(VI)
reduction (Fig. 1b). In a separate experiment in which acetate
concentrations were measured in cultures growing with U(vi)
reduction, U(vI) and acetate loss over time were linearly related
(correlation coefficient r=0.9) with a U(vr)/acetate ratio of
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FIG. 1 Cell numbers, and Xv1) and W) concentra- 15 T
tions over time (), and relationship between CO, a
production from [2.24C]-acetate and Uvi) reduc-
tion {b) when GS-15 was inoculated into a medium
with acetate as the electron donor and Uwi) as
the electron acceptor. GS-15 obtained energy to
support growth by reducing U(w) to Wiv) while
oxidizing acetate to carbon dioxide.

METHODS. Cells grown anaerobically at 30°C in
an acetate-Fe(m)-citrate medium®” were inocu-
lated into a similar medium but with Fe() replaced
with 10mmol I~* uranyl chloride. Acetate con-
centrations were: 10mmoli™* (a) and
3.5 mmol 17* (including 0.5 uCi of [2-14C]-acetate
{53 mCi/mmol)) (b). Cell numbers’” and 4CO,
produced®® were determined as previously
described. All manipulations for the determination

Cells (x 107 m1 1)

28

21

14

Uranium (mmol 1 ")
1¢co, produced (10* d.p.m.)

1 1 1 0 o

of UWwi) and Wv) concentrations were carried out 0 5

in an anaerobic chamber. Subsamples were

acidified with 12 N HCL to provide a fina) concentra-

tion of 4N HCL. In (a), 2 ml of each acidified subsample were immediately
added to a glass column (10-cm length, 1.cm inner diameter) containing
Dowex AG1X8. As previously determined®, on this column Ww) is retained
in 4 N HC! whereas Wv) is not. The column was washed with 20 ml of 4 N
HCL to collect the W(iv) and then washed with 20 mi of 0.1 N HCL to elute
the UWvi). The concentrations of uranium in the U(vt} and U(v) fractions were
determined by directly aspirating the samples into a directly coupled plasma

3.6:1. Given that a small proportion of the acetate metabolized
would be incorporated into cells, these results indicate that
GS-15 can obtain energy for growth by oxidizing acetate with
the reduction of U(V1) to U(1v) according to:

CH;CO0™ +4U(v1)+4H,0~» 4U(1v) +2HCO;5 +9H"

Energy conservation from acetate oxidation coupled to U(vr)
reduction should be through electron-transport and oxidative
phosphorylation, because there is no known mechanism to gen-
erate net ATP through substrate level phosphorylation with
acetate as the substrate. Subsequent studies have indicated that,
in GS-15, electron transport to U(V1) proceeds through a respira-
tory chain containing cytochrome bsss (Y.G., manuscript in
preparation). GS-15 is considered to reduce U(v1) directly rather
than indirectly through reduction of Fe(111) with subsequent
reduction of U(vi) by Fe(11), because Fe(i1) did not reduce
U(Vv1) in the growth medivm and U(Vv1) was rapidly reduced in
cell suspensions that had been repeatedly washed and resus-
pended in iron-free buffer.

One other organism, Alteromonas putrefaciens, is known to
obtain energy for growth from electron transport to Fe(111)*%!%,
A. putrefaciens grew with H, as the sole electron donor and
U(Vv1) as the electron acceptor (Fig. 2). In parallel studies, the
stoichiometry of H, consumption and U{vI) reduction was
consistent with the reaction:

H,+ U(v1)> U(1v) +2H*

Other electron donors for Fe(11t) reduction by A. putrefaciens
(formate, lactate, pyruvate) also supported U(v1) reduction.

Neither H, nor any of the organic electron donors for U(v1)
reduction by GS-15 or A. putrefaciens reduced U(V1) in the
absence of the organisms (Fig. 3 and data not shown). Further-
more, reduction of U(vI) in washed cell suspensions of GS-15
or A. putrefaciens was much faster than the reduction of U(v1)
in the presence of a high concentration (1 mmol I™*) of sulphide
(Fig. 3). With extended incubation, cell suspensions of GS-15
reduced U(v1) concentrations below 0.4 pmol 17",

These results demonstrate that, although abiological reduction
of U(vi) by sulphide, H, or organic compounds is typically
considered to be the mechanism for U(v1) reduction in sedimen-
tary environments'>>!!, enzymatic reduction of U(VI) by micro-
organisms using U(V1) as a terminal electron acceptor is also
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Time (h) Uranium reduced (mmol 1~1)

spectrometer and monitoring absorption at 424.167 nm. In (b}, Uv1) in the
anaerobic, acidified samples was analysed with a kinetic phosphorescence
analyser (KPA-10, Chemchek Instruments), which uses a pulsed nitrogen
dye laser and a complexing agent to measure Wwv) in solution. The loss of
Ww1) as measured by this method could be accounted for by the production
of Wiv) when samples were also analysed by the method used in (a).

possible. Furthermore, microbial reduction of U(v1) has the
potential to proceed much more rapidly than abiological U(vr)
reduction. Previous evidence for the potential of microorganisms
to reduce U(v1) was the report that, in the presence of U(vI),
crude cell-free extracts of Micrococcus lactilyticus consumed H,
in quantities that were consistent with U(vi) reduction to
U(1v)?. But these extracts reduced a wide range of metals with
no evidence that the metal reduction was an enzymatic reaction
or had any physiological significance in whole cells'*.

To evaluate more fully the relative potential for microbiologi-
cal and abiological U(VvI) reduction in reduced sediments, U(v1)
was added to highly reduced methane-producing, sulphide-
containing sediments of the Potomac River (Fig. 4). U(vi)
reduction was much more rapid and extensive in the biologically
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& —— -
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FIG. 2 Cell numbers and Wvi) and Wiv) concentrations over time when
Alteromonas putrefaciens was inoculated into a Wwi)-containing medium
with or without H,. A. putrefaciens grew with the reduction of Uwi) to UWiv)
in the presence of H,, but not with H, omitted.

METHODS. Cells grown anaerobically at 30 °C with H3 (60 kPa) as the electron
donor and Fe{in)-citrate as the electron acceptor'® were inoculated into a
simitar medium but with Fe(n) replaced with 10 mmol 1" uranyl acetate.
Controls had no added H,. Ulvi) was determined as in Fig. 1b.
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active sediments than in sediments in which the microorganisms
were inactivated with heat. The microorganisms responsible for
the U(v1) reduction were not identified, but these sediments do
contain Fe(111)-reducing microorganisms which rapidly become
active when an electron acceptoris added?'. These results further
suggest that models for U(1v) deposition in sedimentary
environments should consider the possibility that microbial
populations that have grown up with Fe(111), or possibly other
electron acceptors, can reduce U(V1) entering these environ-
ments. _

Geochemical evidence from a number of environments is
consistent with U(vi) reduction by Fe(111)-reducing microorgan-
isms leading to U(1v) deposition. For example, in marine sedi-

Uranium {(pmol. kg™! sediment)

. . Q.5 a T T T N T 05 b T T T \l Y
. FIG. 3 Wv1) concentrations over time in the p::s-) Suiphide /\/_\,\,\‘
ence of various combinations of potential v \k/c/‘\'\‘_\_‘ A
\__~ reductants and cells of GS-15 (a) or Alteromonas ~ 04} Autoctaved cells and sulphide lodl utoclaved cells ana hyarogen ]
i putrefaciens (b). Uvi) was only reduced in the v
i presence of actively metabolizing cells. s
5 METHODS. Washed cells of Fe(ur)-grown GS-15 (a) E o3l Autoclaved cells | |
or A. putrefaciens (b) were suspended at 30°C = ;
under N,-CO, (80:20) in 10ml of bicarbonate s
buffer (NaHCO,, 0.025¢; pH 6.7) containing uranyl 'E' " 02
acetate (0.4 mmot I”2) to provide ~100 ng of cell 502f ® coirg 192
protein per ml. Sodium sulphide (1 mmol 17%) or s
H, (56 kPa) were added as noted. Aliquots were =]
* removed over time, flushed with N,-CO, to remove 01r 101}
sulphide if necessary, and Ww) was determined
as in Fig. 1b.
€ 0 1 1 s f\‘ L o N 2 N \‘4
0 2 4 6 22 24 0 2 4 6 20 22
Time (h)

ments, deposition of U(1v) typically takes place within the
sediment zone in which microorganisms oxidize organic matter
with the reduction of Fe(111)**'°. Sulphide is unlikely to be the
U(v1) reductant in these instances as sulphide does not accumu-
late in the Fe(111)-reducing zone of marine sediments. Further-
more, sulphide does not appear to reduce U(VI) in marine
waters®?2?3, Abiological reduction of U(V1) by organic matter
or H, in the Fe(111)-reducing zone of sediments also seems
unlikely because organic-matter reduction of U(VI) is restricted
to high temperature (>120 °C)?*% and, as shown above, at low
temperatures, H, does not readily reduce U(v1) in the absence
of microbial activity.

The common observation of U(1v) accumulations in the
bleached ‘reduction spots’ of otherwise red, Fe(111)-rich
rocks?®?” provides another example in which uranium deposi-
tion is likely to be associated with the activity of Fe(111)-reducing
bacteria. The lack of red colour in the reduction spots is due to
localized reduction of Fe(111) which, recent evidence suggests,
is the result of microbial Fe(111) reduction®*?%. Even for environ-
ments such as sandstone- or roll-type uranium deposits, in which
there is a co-accumulation of sulphide and U(1v) minerals, there
is no direct evidence for sulphide reduction of U(vI) and other
reduction mechanisms cannot be ruled out'?.

The potential for uranium contamination of surface and
ground waters through uranium mining activities, irrigation of
agricultural lands and disposal of nuclear wastes is an environ-
mental concern. The results presented here suggest that, in many
instances, it may be possible to immobilize uranium contamina-
tion by stimulating microbial U(v1) reduction in aquatic sedi-
ments or ground water. GS-15 and other Fe(111)-reducing
microorganisms can oxidize important organic contaminants
with Fe(111) as the electron acceptor’. Thus, in the case of
‘mixed wastes’, which contain both organic contaminants and
radioactive metals, the activity of U(vI)-reducing bacteria might
be able to couple the decomposition of toxic organic compounds
with the immobilization of uranium. Other radioactive metals,
such as plutonium and technetium, which have multiple redox

0 5 10 15 20 26 30 states and are insoluble in the reduced form, could potentially
Time (h) be treated in a similar manner. ‘ a
FIG.4 Concentrations of Uvi) and total uranium over time inlive and sterilized Received 8 A 1860: socepted 15 Janusry 1991

sediments. Wwvi) was reduced much faster and more completely in live
sediments, which reduced Wwvi) below the detection limit of 2 nmol I” within
25h,

METHODS. Uranyl acetate was added to anaerobicaily incubated, methane-
producing sediments from the Potomac River in which sulphate had already
been reduced to sulphide®!. Sediments were autoclaved four times (121 °C,
1 h) for abiotic controls. Over time, subsamples (~0.3 g) were removed and
extracted under anaerobic conditions in 5mi of 100 mmol I™* bicarbonate
for 30 min. Uvi) was measured as in Fig. 1b. To determine total uranium in
the extracts, U(iv) was first oxidized to Uwi) by bubbling the extract in air
for 5min.
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Evidence for volcanic eruption on
the southern Juan de Fuca ridge
between 1981 and 1987

William W. Chadwick Jr*, Robert W. Embleyt
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Oregon 97365, USA
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Oregon 97365, USA

THE formation of new ocean crust st mid-ocean ridges is known
to be a discontinuous process in both space and time, but little is
known about the frequency and duration of eruptions along an
active ridge segment. Here we present evidence, from Sea Beam
surveys and underwater photography, for the eruption of lavas
along a segment of the Juan de Fuca ridge between 1981 and 1987.
Although previous studies have inferred volcanic activity on ridges
in areas where recent seismicity or young lava flows have been
observed'™, none has yet had direct evidence to date such a recent
submarine eruption. The tempora! coincidence between this erup-
tive episode and the megaplumes (huge, sudden emissions of hot
mineral-laden water) observed over this part of the ridge®® in 1986
and 1987 supports previous suggestions®'® that megaplumes are
caused by sea-floor spreadinp events.

The lavas that were erupted during the 1980s occur as a series
of pillow mounds and ridges between 45°00.5' N and 45°09.5' N
along the northern Cleft segment (Fig. 1). The evidence for the
recent eruption of these lavas was first discovered through a
discrepancy between microbathymetry derived from a towed
camera system and bathymetric charts based on Sea Beam
surveys. Three camera tows (collected in 1989 from the National
Oceanic Atmospheric Administration (NOAA) ship Discoverer)
over the southernmost pillow mound (mound 1, Fig. 1) showed
glassy lava flows forming a 35-m-high hill, ~1 km in diameter.
Earlier Sea Beam bathymetry (based on data collected in May
1981 from the NOAA ship Surveyor) shows no such hill, but
instead a gentle slope to the east (Fig. 2a). The Sea Beam and
camera-tow bathymetry correspond closely in other areas.

Other surveys confirm the recent appearance of mound 1.
Bathymetry from Sea Beam surveys conducted over the same
area by the research vessel Atlantis II in September 1987 and
by the Discoverer in August 1990 shows a 25-m-high mound in
the exact location of the glassy lavas delineated by the camera
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tows (Fig. 2b). Mound 1 was also imaged by a SeaMARC }
sidescan survey in August 1987 from the Discoverer, and appears
as an unfractured positive relief feature which covers pre.-
existing fractures (Fig. 3). The date of eruption of mound | jg
further restricted by a single Sea Beam swath collected during
a camera tow by the Surveyor in June 1983. Although the data
only sample the western edge of mound 1, the coverage is
adequate to show that the 1983 swath has the same pre-eruption
depth contours as the 1981 Sea Beam survey, and does not show
the contours of the new lava mound. These Sea Beam surveys
definitely constrain the time of the eruption of mound 1 1o
between 1981-1987, and probably to between 1983-1987.
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FIG. 1 Sea Beam bathymetric map of overlap region between Cleft and
Vance segments, southern Juan de Fuca ridge (50-m contours); CS is northern
end of Cleft segment, VS is southern end of Vance segment. Solid black
areas show locations of new pillow lava mounds. Numbers to right of each
mound are for identification in text. Box around mound 1 shows outline of
Fig. 2. On inset map, GR is Gorda ridge, BFZ is Blanco Fracture Zone, and
JOFR is Juan de Fuca ridge.
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In Situ Stahilization of
Metal-Contaminated Groundwater by
Hydrous Ferric Oxide: An
Experimental and Modeling
Investigation
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A potential method is investigated for remediation of
metal-contaminated groundwater by in-situ emplacement
of an adsorptive coating on the aquifer matrix. The coating
is emplaced by sequentially injecting solutes that react
as they mix in the aquifer to form a sparingly soluble solid
with a high metal-adsorption capacity. Dissolved metals
are removed passively as groundwater flows through the
treated aquifer. The potential effectiveness of this

method was demonstrated by sequentially injecting first
ferrous sulfate and then oxygen solutions into a column of
unconsolidated sand, producing a coating of hydrous
ferric oxide (HFO) as the unretarded oxygen reacted with
Fe(ll) bound to the sand. The HFQ delayed the breakthrough
of Cr{Vi) and As(V] by 8 and 30 pore volumes, respectively,
relative to the unamended material. Attenuation of
solutes by the unamended sand was reaction-rate limited,
but coupled transport/equilibrium geochemical modeling
matched well with the increased metal attenuation by the
coating. Potential advantages of this method include the
following: (1) coatings are emplaced preferentially in high-
conductivity zones, reducing problems caused by aquifer
heterogeneity; (2) surface disturbance is minimal; {3)
regeneration of the coating is straightforward; (4) no
hazardous material is generated; and (5) existing geochemical
models can help extrapolate to larger scales.

Introduction

Remediation of contaminated groundwater remains one of
the most intractable problems of environmental restoration.
Contaminants typically enter groundwater at concentrations
that are thousands or even millions of times above risk-
based action levels and then disperse as they are carried
through aquifers in flowing groundwater. The typical result
is a large volume of groundwater with contaminant con-
centrations that exceed regulatory standards. Remediation
is complicated by a combination of physical limits, such as
incomplete delineation of source areas and plume extent,
restricted access to the subsurface, differential solute trans-
port due to subsurface heterogeneity, and contaminant
diffusion out of low-permeability zones. Chemical phenom-
ena, such as slow dissolution of contaminant sources or slow
desorption from the aquifer matrix, further limit the success
of remedial efforts.
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The magnitude of the groundwater contamination prob-
lem is immense: 300 000—400 000 sites nationwide contain
contaminated soil and/or groundwater (1). Of the Superfund
sites for which Records of Decision have been issued, 75%
contained some form of metals contamination (2). Federal
expenditures on cleanup of contaminated sites are expected
to be between $234 and $389 billion over the next 75 years,
with combined expenditures for cleanup of all private and
public U.S. sites projected to be between $500 billion and $1
trillion (3). The high cost of restoring these sites is related,
in part, to the difficulty of remediating groundwater using
existing technologies. There is thus a clear need for alternative
technologies to clean up contaminated groundwater. In this
paper, we investigate a potential new in-situ method for
remediating metal-contaminated groundwater by coating
contaminated aquifers with an adsorptive substrate, which
then passively removei metals from solution.

Available Groundwater Remediation Technologies

Although available techniques for cleanup of metals-
contaminated groundwater can be highly effective, all have
cost or practicability considerations that limit their utility
for specific applications. For example, pump-and-treat
technology—flushing water from an aquifer until contaminant
concentrations drop below target cleanup levels—is effective
at containing groundwater plumes. However, posttreatment
audits of field-scale systems have demonstrated that this
technology has high short- and long-term operating costs
(4, 5), and a recent evaluation of 77 pump-and-treat systems
found that regulatory standards had been achieved at only
about 10% of the sites evaluated (). The failure of pump-
and-treat remediation to meet cleanup goals can be attributed
to ineffective containment of point sources, or to the slow
release of contaminants from the aquifer itself by desorption,
diffusion out of dead-end pore spaces, or diffusion from
macro-scale low-conductivity zones.

In-situ technologies have the potential to provide passive
or semipassive treatment with minimal long-term operational
requirements and site disturbance but often suffer from
chemical or physical limitations. Electrokinetic separation
techniques, which induce the migration and recovery of ions
in groundwater using electrical currents (3), have limited
effectiveness due to production of H*, which has high ionic
mobility relative to most metals (6). Permeable reactive
subsurface walls, often used with impermeable walls to focus
the flow of contaminated groundwater, are becoming an
accepted technology (I, 7) and have been used to achieve
in-situ immobilization of U, Mo, Cr(V1), Sr, Tc, and Ni using
various adsorption, reduction, and precipitation reactions
(8—13). While these technologies operate passively after
installation, few of the reactive wall materials currently used
in practice (14) can be cost-effectively regenerated in place,
and thus they may require periodic excavation and renewal.
Furthermore, reactive subsurface walls are less practical
where plumes are large, groundwater is deep, or surface fea-
tures complicate excavation. Newly developed techniques
for containing contamination through in-situ aquifer per-
meability reduction, such as grouting with supersaturated
gypsum solutions (15} or microbially produced polysaccha-
rides (16), seem promising for controlling point sources but
are less practical for dispersed plumes.

In-situ geochemical stabilization techniques, of which the
method presented in this paper is one, reduce contaminant
mobility by decreasing its solubility {3). In-situ metal sulfide
precipitation has been achieved by direct injection of calcium
polysulfide (17) and by passive sulfide leaching from a peat
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" and gypsum substrate (18}, although permanent stability
presumably would require continued exclusion of oxygen to
avoid oxidation and remobilization of metals. Laboratory
tests indicate that injection of zeolites, immobilized organic
chelates, and microbes can reduce metal solubility in situ
{6). Ferrous iron injection has been shown to be a potentially
effective approach to irnmobilizing Cr(VI) by inducing its
reduction to less soluble Cr(II) (19). Laboratory tests have
demonstrated that in-situ emplacement of HFO in aquifers—
apparently by injecting an acidic Fe(III) solution (6) or by
simple oxygen injection alone (20)—produces an adsorptive
substrate with minimal decrease in aqguifer permeability (3).

In Situ Remediation by Emplacing an Adsorptive Coating

The conceptual remedial method presented in this inves-
tigation involves injecting a series of soluble components
into the aquifer, where they react and precipitate as they mix
in situ, coating the aquifer with an insoluble, nontoxic
substrate that has a high affinity for trace-metal contami-
nants. This substrate produces a passive treatment zone in
the aquifer, which provides long-term remediation of metals-
contaminated groundwater.

Inducing in-situ precipitation reactions to form an
adsorptive substrate requires that the sequentially injected
reactants mix completely within the aquifer. Field-scale tests
have demonstrated that dispersion can provide for microscale
in-situ mixing of sequentially injected solutes at distance
from injection wells (21). However, aquifer dispersivity is
generally scale dependent—an artifact of variable solute
transport rates in the different strata, rather than true
dispersion (22), and standard aquifer dispersivity calculations
may significantly overestimate actual subsurface solute
mixing. We have thus assumed that substrate precipitation
reactions would be more complete if mixing occurred by
differential transport rates rather than by physical dispersion.
Differential solute transport rates are more easily quantified
than microscale dispersion, allowing more control over the
Jocation of substrate emplacement. In practice, in-situ mixing
is achieved by sequentially injecting soluble reactants,
slowest-migrating component first, so that precipitation
reactions occur as faster-moving solutes overtake slower ones
in the aquifer, coating the aquifer matrix with the adsorptive
substrate.

Ideal substrates should precipitate from a mixture of
reactants that have high solubility, low toxicity, differential
retardation in the aquifer, and rapid (or at least accurately
known), homogeneous reaction kinetics. The resulting
substrate should be chemically stable and should have a
large surface area and high affinity for metals, and ideally,
accurate thermodynamic adsorption parameters should be
available to allow modeling of adsorptive attenuation of
dissolved metals. For this bench-scale testing, hydrous ferric
oxide (HFO), typically reported as FeOOH or Fe(OQH)s, was
selected as a substrate that met these criteria. HFO is sparingly
soluble at groundwater pH greater than 4—5s.u. (Kyp = 10739),
provided that conditions remain sufficiently oxidizing to
preventreduction of Fe** back to Fe?*. HFQ has a large surface
area (~600 m?/g), a strong affinity for many dissolved metals
(23), and fast metal adsorption kinetics (e.g., typically
equilibrating in a few hours) (24). The adsorption of metals
by HFO is pH dependent, and the effects of pH vary between
metals, so groundwater pH is an important consideration in
evaluating the efficacy of the use of HFO as an in-situ
adsorptive substrate. Parameters for diffuse-layer adsorption
to HFO have been compiled for most metals and common
anions (23) and incorporated into geochemical models (25),
allowing for prediction of metal removal efficiency by the
HFO coating.

Precipitation of HFO in the test column was achieved by
sequentially injecting an anoxic Fe(SO,) solution, followed
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by oxygenated water. The HFO precipitation proceeded in .
two steps—oxidation of Fe(Il) by

Fe?* + H' + 30, = Fe** 21,0 M
then precipitation of HFO by

Fe** + 3H,0 = Fe(OH),, + 3H" 2

FeSQ, is highly soluble (K, = 10°46) under near-neutral pH
conditions; dissolved oxygen concentrations approaching
44 mg/L can be achieved by purging with purified oxygen
gas (PO; = 1 atm; T = 20 °C; H = 10*¢ atm) or much higher
if added as H,0, Dissolved oxygen injected into the
subsurface can be consumed by reduced minerals or by
microbial respiration, restricting the feasibility of reaction 1
under highly reducing conditions. In general, however,
oxygen is not significantly retarded in oxic, sandy aquifers,
such as that simulated in this study, and greater retardation
of Fe?* can be expected, either by adsorption to mineral
surfaces or by chemical precipitation, such as reaction with
calcite to form siderite (FeCO3). The homogeneous oxidation
reaction (reaction 1) is second order with respect to [OH™]
and is essentially complete in a few hours under neutral pH
conditions (26). Once Fe** is produced, precipitation of HFO
(reaction 2) is nearly instantaneous.

Experimental Design

Laboratory experiments were conducted in two phases, first
to emplace the in-situ HFO coating on aquifer material and
second, to measure the resulting increase in metal attenuation
produced by the coating. All experimental work was per-
formed at Exponent’s Boulder, Colorado laboratory. All
analyses for dissolved metals were conducted by the Uni-
versity of Colorado, Boulder, Department of Geological
Sciences. X-ray diffraction (XRD) analyses of the sand were
conducted at the Colorado School of Mines, Department of
Geological Sciences.

Materials. The simulated aquifer matrix was awell-sorted,
medium sand, with median grain size of 0.6 mm, >99% finer
than 2 mm, and <1% finer than 0.063 mm (by weight). XRD
analyses coupled with visual point-count inspection found
that the sand consisted of 75% quartz and 20% feldspar, with
trace amounts of plagioclase, muscovite, hornblende, calcite,
and ferroan dolomite. Tests were conducted in Plexiglas
columns filled with sand in 5-cm lifts, compacted between
each lift. Ferrous iron and oxygen retardation were deter-
mined in an 8-cm (inner diameter), 0.3-m-long column
packed with sand, and the HFO emplacement and metal
attenuation measurements were conducted using a 10-cm
(inner diameter) column with a length of 0.75 m.

Three solutions were used to emplace the HFO coating
on the simulated aquifer matrix, each starting with 0.6 M
NaHCO; in deionized (DI) water: an anoxic solution with an
equilibrated concentration of 1.3 or 3.6 mM ferrous iron
added as FeSO,7H,O (referred to hereafter as the iron
solution), an anoxic solution without iron (referred to
hereafter as the anoxic solution}, and an oxic solution with
1.3 mM O, (PO, = 1 atm) (referred to hereafter as the oxygen
solution).

The anoxic solution and the oxygen solution had a pH of
7.5 s.u. and an alkalinity of 80 mg/L as CaCOs. The pH and
alkalinity of the iron solution were lower (5 s.u. and 20 mg/L
as CaCOs, respectively), likely due to the precipitation of
siderite. Oxygen content was maintained by continuously
sparging the solution in air-lock vessels with purified oxygen
gas, and anoxia was maintained by sparging with purified
argon gas. Attenuation of As(V) and Cr(V1) was evaluated
using D1 water mixed to an alkalinity of 20 mg/L as CaCOs
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FIGURE 1. Breakthrough of iron and oxygen from sand column.

(added as NaHCO3) and a pH of 7.0, with 0.01 mM As(V)
(added as Na,HAsO,-7H;0) and 0.01 M Cr(V]) (added as K;-
Cr;0;). These metals concentrations were selected to be
representative of concentrations at the leading edge of a
groundwater plume. The solution was also amended with
0.15 mM NaCl to provide a chloride tracer. The solution,
hereafter referred to as the metals solution, was equilibrated
with the atmosphere prior to injection.

Methods. Both sand-packed columns were purged for 10
min with CO. before wetting and then flushed immediately
with the anoxic solution in an upflow direction. The COy
displaced the oxygen entrained in the pores, and subsequent
dissolution of the CO,, reduced the gas volume in the pores.
Flushing with anoxic solution continued for each column
until the pH (as determined by an Orion gel epoxy electrode)
and alkalinity (measured by a Hach digital titrator) of the
column effluent were equal to those of the influent, and the
effluent dissolved oxygen (DO; measured using an Orion 820
electrode) was below detection (0.01 mg/L). The pore volume
of each column was determined by comparing the column
weight before and after saturation and was confirmed to the
measured volume of water added to just saturate the column.
The measured pore volumes of the 8-cm and 10-cm columns
were 0.6 and 1.9 L, respectively, corresponding to porosities
of 0.39 and 0.33, respectively. The difference in porosity
between the two columns (relative percent difference = 8.3%)
likely reflects variable packing efficiencies during column
construction and measurement error.

Oxygen attenuation was determined by injecting the
oxygen solution at 7.5 £+ 2.5 mL/min into the 8-cm column
filled with anoxic water and monitoring the effluent oxygen
concentration. Ferrous iron attenuation was measured in
the same column by injecting the 1.3-mM iron solution at
7.5 £ 2.5 mL/min into the column filled with anoxic water
and monitoring the column effluent ferrous iron concentra-
tion using the Hach spectrophotometer phenanthroline
method.

The HFO coating was created by injecting one pore volume
of the 1.3-mM iron solution into the 10-cm column, followed
by 0.25 pore volume of the anoxic solution (a spacer to avoid
precipitation at the injection port). The oxygen solution was
then injected until breakthrough occurred. The column was
then flushed with anoxic groundwater until column effluent
DO concentrations were below detection. The coating

emplacement process was then repeated following the same
procedures, except that a 3.6-mM iron solution was used.
Dissolved and total ferrous and ferric iron concentrations in
the effluent demonstrated that more than 95% of the injected
iron reacted in situ, which corresponds to 520 mg of HFO,
or an average HFO coating concentration of 50-mg/kg HFO
(as Fe), assuming that the HFO was evenly distributed across
the column sand matrix. (The actual distribution of the HFOQ
coating was not measured, and the HFO concentrations likely
varied across the column.)

The attenuation of As(V) and Cr(VI) was determined by
injecting the metals solution into the 10-cm sand-packed
column at 7.5 + 2.5 mL/min for a total of 100 pore volumes.
The As and Cr concentrations in the outflow were measured
at 1- to 5-pore-volume increments using inductively coupled
plasma (ICP) spectroscopy (U.S. EPA Method 6010A). The
baseline metal attenuation was determined by injecting the
metals solution into the uncoated sand, and attenuation in
the treated sand was measured by injecting the metals
solution into the HFO-coated sand. Effluent pH and iron
and chloride concentrations were monitored throughout the
course of the metals attenuation experiments.

Results

Breakthrough curves show that the sand slightly retarded
oxygen migration (retardation factor ~ 2; Figure 1). Dissolved
oxygen was first detected in the column effluent at 1.3 pore
volumes, with C/C, = 0.5 at 2.5 pore volumes and C/C, == 0.7
at 5 pore volumes. Oxygen breakthrough then leveled off,
remaining at C/C, of 0.7 through 8 pore volumes, when the
experiment was terminated. Ferrous iron in the 1.3-mM
solution was retarded to amuch greater degree, with effluent
ferrous and ferric iron below 0.02 mM until 2.5 pore volumes,
C/C, = 0.5 at 13 pore volumes, and a C/C, = 0.7 when the
experiment was terminated at 19 pore volumes. Although
the transport of oxygen and iron appeared to be rate-limited,
itis apparent that dissolved oxygen migrated faster thaniron
through the sand matrix. The differential attenuation of the
two solutes allowed for their mixing in situ to create the HFO
coating on the aquifer materials, by sequentially injecting
first iron and then oxygen into the column (see Methods).

The measured breakthrough curves for As(V) and Cr(V1)
from the columns of HFO-coated and unamended sand are
shown in Figure 2. These results demonstrate that the 50-
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FIGURE 2. Measured and modeled breakthrough curves for chromium{Vl) and arsenic(V} in sand column before and after application of

50-mg/kg HFO substrate.

mg/kg HFO coating (as Fe) slowed Cr(VI) breakthrough by
8 pore volumes, and As(V) breakthrough by 30 pore volumes,
relative to their breakthrough from the unamended sand. At
a C/C,=0.5, the HFO-coated sand had removed from solution
more than 80% of the total dissolved load of arsenic and
chromium introduced to the column.

The breakthrough of all of the solutes {Fe, DO, As(V), and
Cr(VI)], with the exception of Cr(Vl) from the unamended
sand, occurred over several pore volumes. Breakthrough of
the conservative chloride tracer was rapid, indicating that
dispersion was small and that the slow breakthrough of the
solutes was the result of unknown rate-limited processes—
probably a combination of adsorption, precipitation, and
diffusion to low-permeability zones—~that were slow relative
to the column residence time (approximately 4 h). In
particular, iron may have precipitated as siderite (FeCO;)
around calcite in the sand matrix. Furthermore, 100%
breakthrough was not achieved in most cases, indicating
that these rate-limited processes were not carried to com-
pletion over the experiment's duration. The shape of
the As(V) breakthrough curve from the unamended sand
was similar to that from the coated sand, indicating that,
although the attenuation of As(V) by the sand matrix itself
was rate limited, the additional adsorptive attenuation of
As(V) by the HFO coating was not. In contrast, Cr(VI) was
only slightly retarded by the unamended sand, but the
tail in the breakthrough curve from the HFO-coated sand
suggests that Cr(VI) adsorption to HFO may have been rate
limited.

The U.S. Geological Survey’s geochemical transport code,
PHREEQC (25), was used to simulate the observed attenu-
ation of As(V) and Cr(VI) by the HFO coating. PHREEQC
incorporates thermodynamic equilibrium and diffuse-layer
adsorption into a one-dimensional transport model. The
column experiments were simulated using 10 evenly spaced
model cells, with equilibrium reactions calculated within each
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cell. The HFO substrate (not measured) was assumed to be
evenly distributed within the column. Predictions of the
As(V} and Cr(VI) breakthroughs were corrected for the
background attenuation of the aquifer material by simple
linear addition to the breakthrough from the unamended
sand. Because the attenuation mechanism of the metals by
the unamended sand was unknown, and because the
observed As{V) transport in these materials was rate limited,
PHREEQC was not used to simulate the background at-
tenuation of the metals by the unamended sand. The only
calibration of modeled to observed breakthrough was
achieved by adjusting the weak adsorption-site density. A
site density of 0.3 mol/mol—a value near the middle of the
0.05—0.91 mol/mol range summarized by Dzombak and
Morel (23)—provided the best match to observed As(V) and
Cr(VI) breakthrough (Figure 2).

The results of the modeling effort indicate that coupled
transport/geochemical equilibrium models can potentially
be applied as predictive tools in evaluating the effectiveness
of the proposed in-situ remedial method under a variety
of groundwater environments. Disequilibrium processes,
such as the observed attenuation of Fe(Il), limit extrapolation
to field-scale conditions using equilibrium models such
as PHREEQC, and geochemical processes within an aqui-
fer, such as solute attenuation to the aquifer matrix itself,
are often difficult to quantify. As a result, model predictions
of natural systems will likely require supplementation with
bench- and pilot-scale studies to derive reasonable estimates
of substrate effectiveness under field conditions. However,
the accuracy of PHREEQC at predicting the incremental
attenuation from the HFQO substrate indicates that such
equilibrium models can be used to evaluate the efficacy of
the remedial method for other metal contaminants—such as
cadmium, copper, lead, mercury, nickel, radium, uranium,
and zinc—that also have a high affinity for HFO (27-29) and
well-characterized DLM adsorption parameters.
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f‘«ll_iécussion: Potential Application

Because in-situ approaches “bring the remediation to the
contaminant,” factors that limit most treatment technologies—
aquifer heterogeneity, limited access to the subsurface, and
slow dispersed contaminant release—are potentially less
problematic. While pump-and-treat systems require long-
term continuous operation, in-situ remediation requires
additional action only when solutes break through the treated
zone. And while many reactive walls require excavation of
trenches to the base of the treated aquifer, adsorptive
substrates can be emplaced using only injection wells,
reducing surface disturbance and costs and avoiding the
limitation of trench depth.

Successful in-situ emplacement of adsorptive substrates
for groundwater remediation relies on the ability to disperse
and mix the reactive solutes throughout a given zone of the
aquifer to precipitate the adsorptive substrate. Our research
has shown that the substrate can be applied via sequential
injection of differentially attenuated solutes. Testing at alarger
scale would be required to determine whether sufficient
substrate dispersal can be achieved in a field-scale applica-
tion. Furthermore, the rate-limited transport of the dissolved
oxygen and iron during the substrate emplacement step
suggests that existing equilibrium models may not be effective
at simulating the substrate emplacement process.

Once a coating is in place, inefficiencies caused by aquifer
heterogeneity are addressed implicitly with in-situ chemical
precipitation. Injected solutes follow natural flow paths, so
as long as the injection wells penetrate the major strata, the
adsorptive substrate is emplaced preferentially in the most
permeable zones, ensuring that most of the water flowing
through the treated aquifer zone encounters the substrate.
Aquifer heterogeneity can actually be an advantage—the fact
that flow bypasses low-conductivity zones reduces the
apparent aquifer porosity (30) and thus reduces the volume
of aquifer material that requires treatment with the substrate.
Perhaps most important, an in-situ adsorptive substrate
reduces the need for complete source removal. All contami-
nant sources—incompletely removed point sources as well
as releases by slow desorption and dispersion out of low-
permeability strata—can be treated passively when con-
taminated groundwater enters the substrate-coated aquifer
zone. Long-term geochemical model simulations during this
investigation indicate that the ultimate fate of adsorbed
metals in the treated aquifer zone will be slow desorption to
groundwater at relatively low concentrations (in this case,
below 0.02 mg/L), consistent with observed Cr breakthrough
from HFO-bearing aquifer matierals during a recent labora-
tory study (19).

Pore plugging and associated reduction in permeability
from adsorptive substrates may be a concern, and highly
concentrated iron solutions have even been designed to grout
aquifers (31). But the metal retardation reported in our study
was achieved with only 50 mg of Fe per kg, which at an HFO
density of 3.5 g/cm? (23), a porosity of 0.36, and assumed
even distribution of HFO across the sand matrix (the actual
distribution of the HFO coating in the column was not
measured) would have decreased porosity by less than 0.1%.
Thus, while porosity reduction has the potential to restrict
permeability in coated aquifers, this potential problem is
probably limited to treatment of highly concentrated metals
plumes (e.g., hundreds to thousands ppm of metals).

Substrate stability can also impart important limits on
this method. For example, HFO will redissolve at low pH or
under conditions that reduce Fe* back to the more soluble
Fe?* (i.e., low-Eh groundwater). As a result, in situ application
of an HFO coating will be limited in such systems. If
chemically stable, the effectiveness of in-situ treatment would
depend, at a minimum, on the mass of added substrate, the

groundwater flow rate, and the contaminant concentrations.
The substrate life may be predictable based on calibration
of computational models to bench-scale tests.

If necessary, the attenuation capacity of the treated aquifer
could be regenerated by reapplying the adsorptive substrate.
An additional benefit of retreatment is that subsequent
injection of the substrate using the original wells should
emplace the new substrate in the previously treated zones,
partially encapsulating and further stabilizing the previously
adsorbed metals.

Costs of treatment using in-situ adsorptive coatings are
likely to compare favorably to pump-and-treat. Both ap-
proaches incur initial capital costs for well installation,
pumps, piping, instrument control, and water treatment
systems. Application of in-situ coatings would require
additional capital costs for reagents, storage tanks, and related
control systems, but water treatment would be required only
during the emplacement of the reactive coating—allowing
for use of less expensive water treatment alternatives (e.g.,
leasing). More significantly, the long-term operation re-
quirements of pump-and-treat would incur significanty
larger operations and maintenance costs, relative to the
semipassive in-situ coatings approach. Finally, at sites where
pump-and-treat systems are already in place, emplacement
of in-situ adsorptive coatings could potentially be applied to
eliminate the need for (and the associated cost of) long-term
operation of the pump-and-treat system.

Additional Research Needs

The clearest research need is for field-scale testing of in-situ
HFO emplacement and resulting metal stabilization to
determine the effectiveness in large-scale heterogeneous
media. Such testing should focus on measuring the distribu-
tion and chemical stability of the substrate and calibrating
computational chemical transport models to measured
substrate emplacement and metal attenuation. Analysis
should focus on measuring technical effectiveness and
eventually estimating the practical application costs using
standard matrics (e.g., per m?® water treated, to facilitate
comparison across technologies). Finally, parallel work
should evaluate the feasibility of in-situ emplacement of
various other adsorptive substrates and their effectiveness
at stabilizing metals. Two potential substrates include gibbsite
[AOH);] and hausmanite [MnOOH]—both of which are
commonly occurring oxide minerals known to be strong
metal sorbents (28, 32).
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The retention of radionuclides by interaction with mineral
phases has significant consequences for the planning

of their short- and long-term disposal to geological systems.
An understanding of binding mechanisms is important in
determining the ultimate fate of radionuclides following release
into natural systems and will give increased confidence
in predictive models. X-ray absorption spectroscopy (XAS)
has been used to study the local environment of uranium
taken up from aqueous solution by the surfaces of goethite,
lepidocrocite, muscovite, and mackinawite. On both iron
hydroxides uranium uptake occurs by surface complexation
and ceases when the surface is saturated. The muscovite
surface does not become saturated and uptake increases
linearly suggesting formation of a uranium phase on the
surface. Uranium uptake on mackinawite also suggests a
replacement or precipitation process. XAS indicates

that bidentate inner-sphere surface complexes are formed
on the iron hydroxides by coordination of two surface
oxygens from an iron octahedron in the equatorial plane
of the complex. Uranium uptake on muscovite may occur
through surface precipitation, the first layer of uranium
atoms binding through equatorial coordination of two adjacent
surface oxygens from a silicate tetrahedron, with the
axial oxygens of the uranyl unit aligned across the hexagonal
“cavities” created by the rings of tetrahedra. At low
concentrations, uptake on mackinawite occurs at locally
oxidized regions on the surface via a similar mechanism to
that on iron hydroxides. At the highest concentrations,
equatorial oxygen bond distances around 2.0—2.1 A are
observed, inconsistent with the presence of urany! species.
The average number of axial oxygens also decreases
with increasing concentration, and these results suggest
partial reduction of uranium. The nature of these different
surface reactions plays an important role in assessing
the geochemical behavior of uranium in natural systems,
particularly under reducing conditions.
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Introduction

The uptake of uranium on soil and sediment components
has been extensively studied (1—11). Many of these studies
have been concerned with the binding mechanisms of the
uranyl jon (UOz**) under oxic conditions.

Morris et al. {7) used Raman spectroscopy to identify
distinct binding sites on a smectite clay. At low and
intermediate loadings of uranium, uptake occurs at pH-
dependent amphoteric edge sites, and, at higher loadings,
binding occurs at fixed charge {exchange) surface sites.
Further studies on clay minerals have shown that as surface
coverage increases, the number of equatorial oxygens around
the uranyl unit increases, as does the U-O bond distance
(6). This suggests that initial uptake to the most energetically
favorable sites allows a close approach of the uranyl unit and
an inner-sphere reaction with the surface. After this, uptake
isontoless favorable sites, so that the U-O distance increases
with uptake. At high surface coverage, the binding complex
appears to be similar to that in the aqueous phase, implying
unselective and weak binding.

Uranium binding by iron oxide minerals also appears to
be by inner-sphere surface complex formation involving two
oxygens of the FeO; octahedron (8). Surface complexation
modeling of uranyl species in carbonate-free solution at pH
> 5 suggests that mono-, bi-, and tridentate uranyl~hydroxy
complexes are responsible for uptake on ferric hydroxides
(2. Uranium uptake on calcite is a complex combination of
processes depending on pH and on CO: and U concentra-
tions; under some conditions uranium is weakly adsorbed
as amonolayer, while under others formation of a precipitate
on the calcite surface is observed (12). Sulfide minerals also
take up uranium (5, 13, 14), and reduction of trace metals
in solution by sulfide minerals has been observed (9, 15).

Uptake studies which rely on bulk measurements (sorp-
tion isotherms, distribution coefficlents) are essential to
understand the behavior of uranium under different pH,
temperature, and concentration conditions. However, to give
increased confidence, they need to be combined with direct
observation of species coordination at the mineral/water
interface. X-ray absorption spectroscopy (XAS) is the most
effective way of analyzing the local environment of uranium
species bound to a fine particle mineral phase and has the
ability to distinguish between various adsorption and surface
precipitation processes (16). For these reasons, this study
concentrates on the XAS analysis of uranium taken up on
several mineral phases and compares the different coordi-
nation behavior observed. The current work supports and
extends previously reported experiments on iron oxides/
hydroxides under a variety of conditions (1, 2, §) and reports,
for comparison, new studies involving muscovite and
mackinawite.

Experimental Section

In this work, powdered samples of the mineral phases were
reacted with solutions of the uranyl ion (as nitrate) at
increasing concentrations, and the uranium uptake meas-
ured. The form in which the uranium was taken up by each
mineral was then Investigated using X-ray absorption

spectroscopy.
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Mineral Preparation. Goethite and lepidocrocite were
synthesized according to Schwertmann and Cornell (17), and
the purity and homogeneity were confirmed by powder X-ray
diffraction (XRD). Goethite and lepidocrocite prepared by
this method typically have surface areas of 20 and 70—80 m?
g}, respectively. A natural muscovite sample was ground
with acetone in a planetary ball mill. The surface area (BET
isotherm method) of the powdered material was 39.8 m2g !,
Mackinawite (tetragonal FeS,-,) was obtained by precipita-
tion from an aqueous Fe(Il) solution by addition of aqueous
Na;S at controlled pH, as described by Lennie et al. (18) and
Lennie and Vaughan (19). This procedure was carried out
using deaerated defonized water under an oxygen-free
nitrogen atmosphere. The freeze-dried precipitate was stored
under nitrogen. The sample was amorphous when examined
by X-ray powder diffraction; however, extended absorption
fine structure spectroscopy (EXAFS) analysis of the Fe K-edge
gave coordination numbers and interatomic distances (four
S atoms at 2.20 A and four Fe atoms at 2.5—2.6 A) consistent
withmackinawite as described by Lennie et al. (18} and Lennie
and Vaughan (19). The material is prone to oxidation, making
surface area measurements difficult.

Batch Experiments. In the batch uptake experiments, a
solid/solution ratio of 0.1 g/10 mL was used for the goethite
and mackinawite, while 0.3 g/30 mL was used for the
lepidocrocite and muscovite. With the exception of macki-
nawite (see below), the samples of solid material were rewet
overnight in defonized water (10 or 30 mL as appropriate)
in 50 mL capped polyethylene centrifuge tubes. Uranyl nitrate
inaqueous solution was added to give initial uranium solution
concentrations of 0.025, 0.05, 0.1, 0.2, 0.5, and 1.0 mM. Spike
volumes did not exceed 100 L, to avoid significantly affecting
the solid/solution ratio. In all cases, three identical samples
were prepared for each concentration. The uranium solution
was kept in contact with the solid material for 24 h and
agitated. Final pH values were 3.6—4.8 for lepidocrocite; 3.7
(high [Uka) — 7.0 (low [Ulsam) for goethite; and 4.6 (high
[Ulsoid — 8.1 (low [Ulsoi) for muscovite. The implications of
these variations In pH are discussed later. After centrifuging
(6000 rpm; 30 min), the supernatants were removed and
filtered (0.45 pm), and a known aliquot was diluted ap-
propriately with 2% (v/v) HNO; (Aristar) for analysis by
inductively coupled plasma mass spectrometry (ICPMS). The
remaining slurry of solid material was sealed in the centrifuge
tube and frozen in liquid nitrogen to minimize further
reaction before X-ray absorption analysis.

The mackinawite samples were treated similarly, except
all manipulations were carried out in a glovebag under an
oxygen-free nitrogen atmosphere and using degassed dejon-
ized water. Initial solution concentrations ranged from 0.5
to 5.0 mM. The remaining slurry was carefully inserted into
polyethylene tubing {ca. 5 mm diameter), sealed, and frozen
inliquid nitrogen. Atall concentrations of urantum in solution
the pH equilibrated between pH 6.7 and 7.0, suggesting that
addition of the uranium did not significantly affect the pH
of the systemn.

X-ray Absorption Spectroscopy. The local environment
of the uranium taken up by the solid minerals was investigated
by both X-ray absorption near edge structure (XANES) and
extended X-ray absorption fine structure (EXAFS) spec-
troscopies. The general principles of XAS and its applications
to mineral systems have been comprehensively reviewed
elsewhere (20, 21).

Uranium L(ITI)-edge X-ray absorption spectra were col-
lected on Station 9.2 at the CLRC Daresbury Synchrotron
Radiation Source, operating at 2 GeV with a typical beam
current of 150 mA. A double crystal Si (220) monochromator
was used and detuned to 50% of maximum intensity to
minimize high energy harmonic contamination. A frozen
slurry sample, prepared as described above, was mounted
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FIGURE 1. Uptake of uranium from solution as a function of initial
uranium solution concentration: (a) on lepidocrocite; (W) on
goethite; (O) on muscovite; and () on mackinawite.

in an aluminum sample holder and kept at liquid nitrogen
temperature. The monochromator was calibrated using a
crystalline UO; standard sample (edge position 17 169 eV).
Fluorescence spectra were collected over an energy range of
~16900 eV to ~18 050 eV using a 13-element Ge detector.
The signal from each element was collected and examined
separately before being added to the total. A minimum of
four scans per sample were collected, and the data summed
toimprove data quality. An aqueous solution of uranyl nitrate
(50 mM) and solid samples of U305 and UQ; (diluted with
boron nitride) were also analyzed. Background subtracted
spectra were analyzed in EXCURV97 (22) using full curved
wave theory, including multiple scattering from the uranyl
group where necessary (23— 25). Phase shifts were derived in
the programs from ab initio calculations using Hedin-
Lundqyvist potentials and von Barth ground states (26). Fourier
transforms of the EXAFS spectra were used to obtain an
approximate radial distribution function around the central
uranium atom (the absorber atom); the peaks of the Fourier
transform can be related to “shells” of surrounding back-
scattering atoms characterized by atom type, number of
atoms in the shell, the absorber-scatterer distance, and a
Debye—Waller factor, 20® (a measure of both the thermal
motion between the absorber and scatterer and of the static
disorder or range of absorber-scatterer distances, which may
be viewed as an index of uncertainty in an individual shell).
The data were fitted for each sample by defining a theoretical
model and comparing the calculated EXAFS spectrum with
the experimental data. Shells of backscatterers were added
around the uranium and by refining an energy correction &
(the Fermi energy), the absorber-scatterer distance, and the
Debye—Waller factor for each shell, a least squares residual
(the R-factor (27)) was minimized. For each shell of scatterers
around the uranium, the number of atoms in the shell was
chosen to give the best fit but not refined. Additional shells
of scatterers beyond the first were only included in the final
fit if they made an improvement in the R-factor (atJeast 4%).
Multiple scattering was included in the theoretical model,
where necessary, by defining the geometry of the model and
calculating all the multiple scattering pathways during
refinement, using small atom theory (28 to minimize
computation time.

Results and Discussion

Batch Experiments. The uptake of uranium as a function of
initial solution concentration is shown for each of the
minerals in Figure 1, although it is difficult to interpret these
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FIGURE 2. k'-weighted EXAFS and Fourier transforms for U on (a} lepidocrocite (from 0.5 mM U solution); (b) goethite {from 6.2 mM U
solution); and (c) muscovite (from 0.4 mM U solution). Solid lines represent experimental data and dashed lines the best fit

in detail due to the variability in pH. However, at the pH
conditions employed uranyl hydroxy solution species are
dominant in all systems (1, 29). Uptake on lepidocrocite and
goethite follow very similar patterns, flattening off at higher
concentrations. Uranfum solution concentration has been
shown to have a significant effect on sorption energetics (6,
7, 30), and these results indicate saturation of the available
surface sites in support of previous work (3, 31). Uptake of
uranium on muscovite and mackinawite is very different,
increasing linearly with concentration and exceeding 99% at
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each concentration. In effect, uranium is guantitatively
removed from solution at all concentrations. In the case of
muscovite, the surface loadings greatly exceed the cation
exchange capacity of 18.8 + 3.4 cmol/kg. This behavior
suggests formation of a new phase at the surface (32). The
continued uptake of uranium with increasing concentration
on both muscovite and mackinawite may be due to the
formation of a new uranium-containing phase on the surface.
This hypothesis is examined in more detail in the following
sections.




TABLE 1. Parameters Obtained from EXAFS Data Fitting of U
L{iil)-Edge Spectra for Lepidocrocite, Goethite, and
uscovite®

sample shell atom
Gnitiatsolnconcn) no. type N rlAd) 222(A% R
U on lepidocrocite 1 O 20 181 0003 259
(0.5 mM) 2 O 40 240 0015
3 Fe 1.0 345 0017
U on goethite 1 O 20 180 0006 389
(0.2 mM) 2 O 50 240 0024
3 Fe 10 347 0.015
U on muscovite 1 O 20 180 0.003 401
(0.4 mM) 2 O 40 235 0028
3 Si 10 275 0011
4 Si 20 366 0010

5 U 10 386 0.010

* N is the coordination number (+1), r is the interatomic distance
(£0.02 A), 26%is the Debye—Waller factor, and Ris the overall goodness
of fit.

Analysis of EXAFS Spectra. For lepidocrocite, goethite,
and muscovite all the XAS spectra were very similar, regardless
of uranium concentration. The results for one representative
sample of each of these are therefore discussed in detail. The
EXAFS spectra and corresponding Fourler transforms for
these samples are shown in Figure 2a—c. Corresponding
parameters obtained from analysis of the spectra are sum-
marized in Table 1.

Uon Fe Hydroxides. For both lepidocracite and goethite
(Figure 2a,b), the best fit was achieved with two axial uranyl
oxygens at ~1.80 A and five oxygen atoms at ~2.40 A. These
distances suggest uptake of the uranyl ion, coordinated in
the equatorial plane by 4—6 ligands. In each case the fit is
improved by a third shell containing at least one Fe atom at
~3.50 A. This is also consistent with results of Waite et al.
(8. whose study of uranyl ion uptake on ferrihydrite surfaces
also suggested that the equatorial oxygens could be separated
into two groups, with3 0 at 2.35 Aand 20 at 2.52 A. In the
present study, the resolution of the data was such that no
improvement in fit was found on fitting with the equatorial
oxygens as two shells. Uranyl carbonato complexes have been
proposed on iron oxide surfaces from XAS analysis (33), but
attempts to fit our data with carbonate ligands gave no
improvement in fit.

Our EXAFS data suggest one environment for the equato-
rial oxygens. However, as Waite et al. (8) proposed there may
be more than one type of equatorial U—O environment, with
the U-0 distances to the surface O atoms being longer than
those to the water ligands. If this is the case, then for the
U—-Fe distance obtained experimentally in our work, the
distance between U and surface O would have to be ~2.50
A, close to that found by Waite et al. (§). If the equatorial
oxygens atoms are at two distinct distances, then given the
experimental average equatorial U—O distance of ~2.40 A,
the remaining three equatorial O atoms would be at 2.33 A
which is very similar to the distance observed by Waite et al.
(8.

U on Muscovite. In common with the results for U on the
iron hydroxides, the best fit to the EXAFS data for U on
muscovite (Figure 2c) also shows two uranyl oxygens at 1.80
A and at least four equatorial oxygen ligands at a shorter
distance of 2.35 A. Fitting the equatorial oxygens at two
different distances did not improve the fit, but the high
Debye—Waller factor (Table 1) may signify slight differences
in U-O distances in the second shell. An improved fit is
obtained when silicon atoms are fitted in third and fourth
shells, with a best model fit obtained with one silicon at 2.75
A and two at 3.66 A. However, a U-Si distance of 2.75 A is

Q0

Os
&u

FIGURE 3. Proposed binding mechanism for wrany! species on
muscovite surface (distances, in A, are experimentally derived).
Solid lines depict discrete bonds between uranium and oxygen
atoms. Dashed lines indicate "through-space” distances in mus-
covite tetrahedra! plane. Dotted lines indicate “through-space” U—Si
distances. Si—0 bonds in individual tetrahedra have been omitted
for clarity.

short, giving a U-0-Si angle of less than 90°, which would
suggest a significant amount of distortion of the surface on
binding. Replacement of Si with O at this distance did not
improve the fit significantly and multiple backscattering
analysis also showed no improvement infit. The peak at 3.66
A can be fitted with two St atoms, although Inclusion of
multiple backscattering further improves the fit. The feature
at 3.86 A can be fitted with four Si atoms, although a U atom
at this distance gives a slightly better fit. A uranium atom at
this distance could be due to formation of a uranium-
(hydr)oxide precipitate which is consistent with the uptake
curve (Figure 1), although it may reflect the presence of a
neighboring uranyl complex on the muscovite surface.

An idealized model for coordination of a single uranyl fon
on the muscovite surface is illustrated in Figure 3. Two
equatorial coordination positions are filled by two corner
oxygens of an [SiO,]*- tetrahedron. This tetrahedron forms
partofone of the hexagonal rings of silicate tetrahedra which
make up the tetrahedral layer in the muscovite structure, so
the Si atoms of two adjacent tetrahedra are observed at a
distance of 3.66 A. In this model, the axial oxygen atoms of
the uranyl unit are aligned across the hexagonal cavitles at
the centers of the rings of tetrahedra. In the absence of
distortion, the model-derived U- - -Si; distance is 2.57 A
compared with 2.75 A from experiment, and the U- - -St,
distance is 4.03 A compared to 3.66 A from experiment. The
experimental and calculated distances differ by up to 0.4 A,
but the calculations assume that the geometry of the
tetrahedron remains undistorted on uranium coordina-
tion to the surface, and also that the bonding and non-
bonding equatorial oxygens are all at equal distances from
the uranium center. The discrepancies between calculation
and experiment suggest that the system is significantly
distorted.

Other EXAFS studies of uranium sorption on phyllosili-
cates have been interpreted in terms of surface complex
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FIGURE 4. EXAFS spectra for U on mackinawite and for U0 in
aqueous solution. For mackinawite samples original solution
concentrations (mM) are given, with mass of U sorbed {1g) per g
of sorbent in parentheses. Solid lines represent experimental data
and dashed lines the best fit

formation. Chisholm-Brause et al. (6) suggested that there
are three distinct environments for oxygen atoms in the
equatorial plane of the uranyl species sorbed on to the surface
of montmorillonite. As surface coverage increases, there is
an increase in both the number of equatorial oxygen atoms
and the U-0 distance. This implies that energetically more
favorable surface sites are filled first. Thereafter, less favorable
sites are filled as coverage increases, resulting inlonger U-O
distances but higher equatorial coordination numbers.
Similarly, Dent et al. (30) have also shown that the EXAFS
spectra of uranyl species sorbed onto montmorillonite at pH
5, closely resemble those of hydrolyzed species in solution;
in other words, the uranyl structure is largely retained on
sorption. Unlike muscovite, the interlayer of montmorillonite
can expand to ~8 A, allowing a hydrated uranyl complex to
enter between the layers and presenting additiona! sites for
uranium uptake.

In the present study, the best fit is obtained with 4 + 1
oxygen atoms in the equatorial plane. However, the com-
paratively high Debye—Waller factor for this shell may reflect
some disorder, such as would arise given a mixture of four-
and five-coordinate species. First and second shell distances
in the present study agree well with those found by other
workers (6, 30); however, third and fourth shell data for U—Si
distances are not available for comparison.

U on Mackinawite. The varfation in uranium uptake on
mackinawite with initial concentration in solution (Figure 1)
suggests formation of a new phase on the surface (32). The
EXAFS spectra (Figure 4) and their Fourier transforms (Figure
5) for four samples of increasing uranium concentration are
displayed along with those for the uranyl ion in aqueous
solution. It is clear that there are substantial differences
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FIGURE 5. Fourier transfonms for U on mackinawite and for U0,**
in aqueous solution. For mackinawite samples original solution
concentrations (mM) are given, with mass of U sorbed (ug) per g
of sorbent in parentheses. Solid lines represent experimental data
and dashed lines the best fit.

TABLE 2. Parameters Obtained from EXAFS Data Fitting of U
L(1l))-Edge Spectra for Mackinawite®

initial Usolnconcn  shell  atom

{concnonmineral) mo. type N r(A) 207(A3) R
0.2 mM 1 O 2 181 0005 537
(4500 ppm) 2 O 4 240 0009
3 Fe 2 383 0013
0.4 mM 1 O 2 182 0006 570
(9100 ppm) 2 O 4 238 o0omn
3 Fe 2 39 0016
1.0mM 1 O 2 181 0012 450
(24 000 ppm) 2 0 2 21 0022
3 0 4 236 0012
4 Fe 2 397 0015
5.0mM 1 O 2 183 0014 534
(113000 ppm) 2 O 1 207 0.003
3 0 5 231 0020
4 Fe 2 397 0.008

* N is the coordination number {(£1), r is the interatomic distance
(10.02 A), 2¢? Is the Debye-Waller factor (A7), and R is the overall
goodness of fit.

between the Fourier transforms for different concentrations.
The parameters (Table 2) indicate that at the two lower
concentratfons, the best fit is given by two axial oxygen and
four equatorial oxygen atoms, with an additional Fe shell as
in the inner-sphere surface complexes proposed for the
hydrous iron oxide system. At higher concentrations, the
best fits are obtained by splitting the second shell into two
separate subshells containing oxygen atoms at 2.07—-2.14 and
2.31-2.36 A. The ~2.1 A distances are too short for



55 )
UO2{NO»)2 aq. solution {50 mM)

5.0

454 U + Goethite (3800 ppm)

4.0

3.5 1

3.0
U+ FeS (4500 ppm)

2.5

Normalised Signal

U+ FeS (9100 ppm)

2.0

15- U+ FeS (24000 ppm)

U+ FeS (113000 ppm)

1.0

0.5 4

00 % 20 40 6 8 100 20
Energy (eV)

FIGURE 6. Uranium L{I)-edge XANES spectra. Mass of U sorbed
(1g) per g of sorbent in parentheses.

equatorially bound oxygens, so binding cannot be explained
solely in terms of a simple uranyl complex at higher
concentrations. In addition, the Fourier transforms (Figure
5) show that the intensities of the first and second shell peaks
vary greatly over the concentration range. The amplitude of
a peak in the Fourier transform is a function of N and the
Debye—Waller factor, so decreasing the coordination number
and/or increasing the Debye—Waller factor will result in a
lower amplitude. In addition, significant increases in the
Debye—Waller factor of first shell data are observed with
increased loading, which will also affect amplitude. However,
larger Debye—Waller factors do suggest disorder which is
consistent with the presence of mixed uranium species. This
suggests partial reduction of uranium, leading to an increased
average coordination number and a range of U—O distances
between 2.07 and 2.36 A, as found in the data fitting at higher
concentrations (Table 2). Fitting the spectra with only one
oxygen atom in the first shell gave higher R-factors, suggesting
that there is a significant uranyl contribution even at higher
surface concentrations.

The binding mechanisms in this system are obviously
more complex than those of uranium on the iron hydroxide
and silicate surfaces. At low surface concentrations, sorption
apparently occurs in a similar way to that described for the
iron hydroxide surfaces. Although mackinawite is a sulfide
mineral, oxidized regions of the surface may be present, and
the uranyl ion may form surface complexes in these areas
(34). Once these sites are saturated, uptake may continue by
coupled reduction of uranium and surface oxidation. As
solution concentrations increase, a greater proportion of the
uranium would be reduced, so the average number of axial
oxygens would decrease and U~Q distances around 2 A,
characteristic of oxide phases containing at least some U(IV)
centers, e.g. U30s (35) would be observed. We may then expect
a uranium atom to provide the best fit in the fourth shell at
higher concentrations (Table 2), although iron gives a slightly
lower R-factor in both cases. Thus, at high U loadings the
precipitation of a discrete uranium oxide phase containing
both U(VI) and U{IV) centers, e.g. U305 or U0y may occur.
This is consistent with the findings of Wersin et al. (9 who
reported uptake of uranyl on pyrite and galena surfaces

associated with precipitation of a uranium oxide of mixed
oxidation state.

The suggestion of phase formation is supported by the
XANES data. Figure 6 shows the U L{III}-edge XANES spectra
of the mackinawite samples along with spectra for UyOs,
UQ,, uranyl on goethite, and aqueous uranyl nitrate. At low
uranium loadings, the mackinawite XANES strongly re-
sembles that of U on goethite, but as the U concentrations
on the mackinawite surface increase, the XANES changes.
The peak at 3—5 eV becomes less pronounced, while the
region from 8 to 20 eV becomes more smoothly curved. At
the highest surface concentration, the XANES most closely
resembles that of UsOs, consistent with the EXAFS data.
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The reduction of Cr{VI) to Cr(lll) decreases the toxicity
and mobility of chromium contaminants in soils and water.
In addition, the formation of a highly insoluble Cr(ll) product
would decrease the likelihood of future Cr(lll) re-oxidation.
Amorphous iron sulfide minerals like mackinawite (FeSs-
have the potential to reduce large quantities of Cr(VI) and in
the process form very stable [Cr, Fe}(OH); solids. In this
study, we examine the effectiveness of amorphous FeS as
a reductant of Cr(Vl) by identifying the solution and solid-
phase products of the reaction between FeS suspensions
and chromate. Iron sulfide suspensions at pH 5.0, 7.0,

and 8.0 were reacted with a range of Cr(Vl} solutions from
50 to 5000 #M in a N; atmosphere glovebox for 3 d.
Solutions were analyzed using ICP—AES, IC, and colorimetric
methods; solids were analyzed using XRD, TEM, DS, and
XANES spectroscopy. Iron sulfide removed all of the
added Cr(VI) from solution for the reaction conditions studied
and reduced between 85% and 100% of the Cr(Vl) to Cr-
{IN). Chromate reduction occurred dominantly at the FeS
surface and resulted in [Crgzs,Feg2s]{(OH)s; while less
extensive, reduction of Cr(VI) by Fe(ll) (aq) was noted

and produced a solid with the opposite Cr:Fe ratio,
[Crozs,Fe1s)(OH)s.

Introduction

The widespread use of chromium in industrial applications
such as tanning, metallurgy, and plating has lead to its
introduction into soils and waters. The reduction of Cr(VI)
to Cr(IIT) and the formation of insoluble chromium precipi-
tates are essential steps in the remediation of chromium-
contaminated sites (I). Once chromium enters the envi-
ronment, its most stable oxidation states are Cr(III) and Cr{VI).
While trivalent chromium is relatively innocuous and im-
mobile, Cr(VI) moves readily through soils and aquatic
environments and is a strong oxidizing agent capable of being
absorbed through the skin (2). Hexavalent chromium is an
frritant of plant and animal tissues and is a carcinogen (3.
Because of these toxic effects, the U.S. EPA Drinking Water
Regulations limit total chromium in drinking water to less
than or equal to 0.1 mg/L (4).

Predicted speciation of chromjum based on redox po-
tentials and pH often differs appreciably from the measured
species (5, 6). For Cr(VI) reduction to occur, a suitable redox
couple having a compatible electron symmetry to allow
electron exchange must be present. Several effective Cr(VI)
reducing agents are commonly found in soils, including

* Corresponding author e-mail:Fendorf@uidaho.edu.
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ferrous iron (7), sulfide (6), and organic complexes (8—11).
Additionally, direct enzymatic reduction of chromate has been
demonstrated for a number of soil microorganisms (12, 13).
Bartlett and Kimball (14) found that soils high in organic
matter reduced Cr(VI) to Cr(Ill) rapidly over a pH range of
4.4-7.6. However, later work by James and Bartlett (15)
showed that Cr(Ill) may form soluble chelated complexes
with organic reductants. This greatly increases the chance
for Cr(I1l) to eventually oxidize again and become remobilized.

Aqueous ferrous iron and sulfide have been demonstrated
to eflectively reduce Cr(VI) (1, 6, 7). The reduction of Cr(VI)
to Cr(III) by ferrous iron is very rapid and is described by the
following general reaction:

Cr(VI)(ag) + 3Fe(ll)(aq) — Cr(Ill) (aq) + 3Fe(IlID(aq) (1)

At pH values greater than 4, brown precipitates were observed
by Eary and Rai (6) and were hypothesized to form via the
following reaction

XCr(IIT) + (1-x)Fe(l]) + 3H,0 ~
(Cr,Fe,_) (OH),(s) + 3H* (2)

where x can vary from 0 to 1. The precipitate formed was
thought to be CrozsFepz5(OH)s, but was not conclusively
identified.

Several other studies have shown the effectiveness of Fe(Il)
in chromium reduction. Under reduced conditions, Fe(Il) is
a major reductant of Cr(VI) in forested wetland soils (16) and
in the sand and gravel of a suboxic aquifer (17). In fact, the
rate of chromate reduction by Fe(Il) is very rapid and proceeds
even in the presence of dissolved O; at pH < 8.0 (18). Eary
and Rai (19) found that ferrous iron-bearing minerals such
as hematite and biotite reduced hexavalent chromium as the
minerals underwent dissolution. The rate of reduction was
limited by the rate of Fe(ll) release from the minerals,
indicating that Cr(VI) was not reduced at the solid—water
interface.

Iron sulfides can be a ubiquitous component of reduced
soil and sediments. Some iron sulfide minerals, e.g.. pyrite,
are also found under oxidized conditions. Because Fe(Il)
and sulfide have both demonstrated the ability to reduce
Cr(VI), the combination of these species in FeS should make
it an effective reductant of Cr(VI). Our experiments were
designed to test this premise. We characterized the solution
and solid-phase products of reactions between iron sulfide
suspensions and Cr(VI) to determine the fate of chromium,
iron, and sulfur. By knowing how these elements partition
themselves throughout the solid and solution phases, the
extent of actual reduction and potential re-oxidation of Cr
can be more accurately predicted.

Materials and Methods

The redox activity of the reagents used in the following
procedure required that great care be taken to minimize
oxygen exposure. Accordingly, all reagents were prepared
using distilled and de-fonized water that had been thoroughly
purged (~15 min/L) with 99.99% pure nitrogen gas. The
synthesis of the reagents and all subsequent handling of the
samples used during the experiment were conducted in a
nitrogen-purged Labconco controlled atmosphere glovebox.
Ambient O;(g) inside the glovebox was measured using gas
chromatography (GC) and ranged between 50 and 80 ppm
throughout the experiment.

A stock FeS suspension with a density of 10.0 g/L FeS was
prepared for all experiments. The suspension was made by
mixing equal volumes of 1.0 MFeCl; and 1.0 M Na.S solution
at a constant rate of 0.50 L/min into a 2.0-L reaction vessel.
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TABLE 1. Solution Species and Proportion of Cr(VI) in Solids from Reaction of FeS with Cr{VI)*

of [Cr{VOVICT).
sample sulfite®

blank 2.075

50 2.84 (+ 1.05)
100 2.83 (+ 0.69)
500 3.90(+ 1.84)
5000 2.27 (£ 2.05)
blank 3.510

50 3.13 (:0.93)
100 4.02 (+ 0.66)
500 9.58 (+ 9.14)
5000 uM 5.62 (+ 4.01)
blank 0.00

50 1.77 {(x 0.56)
100 1.44 (£ 0.21)
500 1.20 (+ 0.15)
5000 1.26 (+ 0.49)

sulfate?

15.178
8.32 (+1.21)
8.85 (+ 2.47)
6.95 (+ 1.04)
4.50 (0.92)

28.587

32.08 (+ 0.87)
24.12 (+ 2.25)
20.66 (+ 2.88)
14.38 (+ 2.18)

11.92

12.20 (+ 0.21)
10.46 (& 1.15)
10.15 (+ 0.93)
18.33 (+ 1.56)

thiosutfate? Fe(lr)ad [cr{vnl / ICr)<
pH 5.0
15.430 770.1 0
13.85 (+ 2.65) 1460 12
25.30 (+ 3.95) 1010 6.8
46.39 (+ 8.26) 1780 29
0.11 (+ 0.14) 1040 0
pH10
51.803 49.8 0
46.41 (+ 0.57) 30.1 16
47.66 (+ 1.50) 50.3 26
40.89 (+ 12.25) 39.7 0
240.2 (+ 39.86) 30.0 1]
pHLO
3.35 0.00 ]
0.61 (+ 0.08) 0.00 4]
0.51 (+ 0.03) 0.00 0
1.38 (£ 0.19) 0.00 (1]
513 (£ 1.13) 0.00 0

#Trace amounts of polythionates were also found but are not reported. > Solution species, M. © Solid-phase ratlo. “Fe(il) = [Fel(aq).

Both reagents were in a 0.10 M NaCl matrix. Rapid mixing
of the reagents produced very fine, highly reactive iron sulfide
particles. After the particles settled to the bottom of the
reaction vessel, the supernatant was removed and the
precipitate was washed with 0.1 M NaCl solution. This
procedure was repeated until Fe(ll) concentrations in the
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supernatant were below 10.0 uM.

A Siemens powder X-ray diffractometer (XRD) used to
analyze the precipitate indicated that the solid was dominantly
amorphous. Slight ordering of the sample produced broad
diffraction peaks characteristic of mackinawite (FeS;-J (20),
ametastable, tetragonal iron sulfide mineral that commonly
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occurs in reduced environments (21). Oxidation of FeS by
exposure to air for 24 h formed lepidocrocite (y-FeOOH).

Iron Sulfide Reactions with Cr(VI). The iron sulfide
suspension was reacted with four concentrations of Cr(VI):
50, 100, 500, and 5000 #4M. The Cr(VI) stock solution was
100.0 mM K.CrO,, and all reactions were carried outina 0.1
MNaCl matrix. The total volume of the samples was 100 mL
with an iron sulfide suspension density of 0.5 g/L. Samples
were prepared at pH values of 5.0, 7.0, and 8.0 to determine
the effect of pH on the reaction for each of the Cr(VI)
concentrations. All experiments were performed intriplicate
with one control (100 mL of 0.5 g/L FeS suspension without
the addition of Cr) at each pH. The samples were reacted in
125-mL Nalgene plastic bottles with screw-on plastic lids.
After Cr(VI) was added to the FeS suspensions and the pH
was adjusted, the reaction vessels were capped and placed
on a reciprocating shaker inside of the glovebox for 72 h. A
preliminary study, as well as kinetics research of Cr{VI)
reduction by Fe(Il) (18, 19), indicated that Cr was completely
removed from solution within 1 h. To ensure that the
reactions reached a steady state, they were continued for 3
d with pH adjustments daily; only minimal changes in pH
were noted after the first day of reaction. After the 3-d reaction
period, the samples were filtered through 0.22-4um membrane
filters. The resulting solutions and precipitates were saved
in N;-purged containers and stored in the glovebox until
analysis.

Solution Analysis. Colorimetric methods were used to
analyze solution samples for Cr(VI) (22, Fe(IT) (23}, and sulfide

(S?) (24) using a Bausch and Lomb Spectronic 501 spec-
trometer. TotalS, Fe, and Crin solution were measured using
a Thermo Jarrell Ash IRIS inductively coupled plasma (ICP)
spectrometer. Speciation of sulfur products in solution was
accomplished using fon chromatography (IC). A Dionex
Advanced Gradient Pump (AGP) with a CDM-3 conductivity
detector and an Jon Pac AS11 analytical column were used
for all IC experiments. A gradient elution using 5.0 and 100
mM NaOH eluents was found to separate and detect $2-,
82047, SCN-, SO#*~, and SO~ standards within 25 min. We
started our gradient method with 5.0 mM NaOH for the first
3 min. The sample (in a 10.0-uL sample loop) was injected
into the column 2 min after the start of the run. After the first
3 min, 100 mM NaOH was slowly added into the eluent until
the final proportions of the two eluents at the end of the run
was 60% 5.0 mM and 40% 100 mM NaOH.

A method for preserving reactive sulfur species for IC
analysis was adapted from Moses et al. (25). Two 5.0-mL
aliquots were taken from each sample and filtered through
0.22-um membrane filters. Immediately after filtration, 0.1
gof Na Amberlite cation exchange resin (100 mesh) was added
to ensure the complete removal of Fe(Il) from the samples,
thus preserving thiosulfate. Sulfite oxidation was inhibited
by the addition of 50.0 uL of 37% aqueous formaldehyde to
one of the aliquots (aliquot 1). The other aliquot (aliquot 2)
preserved polythionate for analysis by adding 1.0 mL of 0.1
MKCN. The reaction of polythionate (S,0¢*~, n= 4—6) ions
with cyanide (CN-) produces n — 3 thiocyanate (SCN-) ions.
Thiocyanate is more resistant to degradation than poly-
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thionates and is easily measured usingIC. Thiosulfateisalso
produced from this reaction and can be easily measured using
IC as well. Concentrations of SO, SO+#-, and 5;04? are
determined in aliquot 1. Analysis of aliquot 2 allows the
concentrations of polythionate to be calculated. During IC
analysis, large chloride peaks from the salt matrix of our
samples had identical retention times as those observed for
sulfide standards, making detection of sulfide in our samples
using IC impossible. For this reason, sulfide was analyzed
colorimetrically with a separate 8.0-mL aliquot. No sulfide
was detected in any of the reacted samples. Using ICP data
for total sulfur, a comparison was made to the totals obtained
from IC analysis to ensure that the majority of sulfur in our
samples was speciated.

Solid-Phase Analysis. X-ray absorption near edge spec-
troscopy (XANES) was conducted at the Stanford Synchrotron
Radiation Laboratory (SSRL) on beam line 4-1 using aSi (111)
monochromator. Data were collected through the K-edge
regions of §, Fe, and Cr. Sulfur and iron speciation in solids
was done by comparing first derivatives of the sample spectra
to first derivative spectra of standard compounds (26—29).
Chromium was also speciated using XANES spectroscopy. A
series of Cr(III):Cr(VI) standards were made by adding Cr,0,
and Na;CrO, powders at Cr molar ratios of 0:1, 1:3, 1:1, 3:1,
and 1:0. The powders were then ground and mixed using a
corundum mortar and pestle. An estimate of the percentage
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of Cr(VI) in the solid can be calculated by dividing the height
of the Cr(VI) pre-edge peak by the total atomic absorption
(Figure 1); the height of the Cr(VI) pre-edge peak is propor-
tional to the concentration of Cr(VI), while the height of the
total jump is proportional to the total amount of chromium.
Good agreement (r? > 0.988) was found between the known
and calculated amounts of Cr(VI) in standards (inset, Figure
1), which was then used to calculate the Cr(V]) to Cr(Ill) ratio
in the solids.

To explore the solid-phase products and alterations evident
at the highest Cr(VI) concentrations, transmission electron
microscopy (TEM) imaging and energy dispersive spectro-
scopy (EDS) analysis of the solid products was performed.
TEM imaging was done at the National Center for Electron
Microscopy (NCEM), at the Lawrence Berkeley National
Laboratory using a TopCon 002B high-resolution TEM. The
combination of the TEM and EDS techniques allows both the
exploration of a sample’s morphology (using TEM) as well as
the identification of elemental composition.

Results and Discussion

Iron sulfide is extremely effective at removing chromate from
solution through the pH range of 5.0—8.0 and through arange
of initial Cr(VI) concentrations from 50 to 5000 zM. Under
the conditions of this experiment, FeS removed all of the
added hexavalent chromium from solution, and all of the



Cr:Fe=3:1

Cr

FIGURE 4. High-resolution TEM image of FeS reacted with 5000 2M Cr(V1} at pH 7.0. The darker, unreacted FeS particles can be seen beneath
a "rind-like" Fe-Cr-S product. The relative proportion of Cr to Fe in the reaction product was determined by EDS spectroscopy (inset), which
indicates a ratio of 31 in the solid. Smaller portions of the solid showed an opposite CrFe ratio of 1:3 thought to be formed by solution

reaction between Fe(ll) and chromate.

chromium (trivalent or hexavalent) was partitioned into the
solid phase.

Total iron in solution after the reaction period was
extremely low or below detection limits at pH 7.0 and pH 8.0.
However, significant amounts of Fe(Il) were measured in
solution at pH 5.0, ranging from 0.97 to 1.90 mM (Table 1).
Iron sulfide suspensions at pH 5.0 and pH 7.0 before the
addition of Cr(VI) had Fe(Il) concentrations of 0.77 and 0.050
mM, respectively. This increase in Fe(ll) at low pH can be
explained by an increase in solubility of FeS, which increases
drastically at low pH. Morse et al. (30) report a K of 2.86
x 107 for the dissolution of mackinawite by the following
reaction:

H* + FeS — Fe?* + HS™ 3)

Our 0.5 g/L suspensions underwent complete mineral dis-
solution at pH < 4.0. Although the levels are low, O; inside
the glovebox would also contribute to the oxidative dissolution
of FeS.

Thiosulfate is the dominant S phase in solution resulting

from FeS reacting with Cr(VI), withsmaller amounts of sulfate
produced (Table 1); trace amounts of sulfite and polythionates
were also observed. Total S in solution was generally highest
at pH 7.0 and lowest at pH 8.0 for samples with initial Cr(VI)
concentrations between 0 and 500 uM (Table 1). The pH 7.0
sulfur data most likely reflect the resistance of thiosulfate
decomposition in solutions at neutral pH (25). The small
amount of S remaining in solution at pH 8.0 is likely a
consequence of a decrease in the Cr(VI) reduction rate by
sulfide at high pH (6). At pH 5.0, solution S increases with

initial Cr(VI) through the 50—500 uM range but decreases at
5000 uM Cr(VI) (see Table 1). A possible explanation for this
result is that the oxidized S products have a low affinity for
the FeS surface but have a high affinity for the surface of
ferric (and chromic) oxyhydroxides formed from the oxidation
of FeS. Furthermore, the oxidized solid product [Cr,
Fe;-(OH)3:nH,0] appears to form in amounts significant
enough to affect S sorption at the highest initial Cr(VI)
concentration. The oxidized surface seems to have little
affinity for S products at pH 7.0 and pH 8.0, which is in
agreement with expected anion adsorption trends.

Solid-Phase Products. XANES spectroscopy was con-
ducted to determine the solid-phase speciation of Cr, Fe, and
S. Of particular significance were the levels of Cr(VI) in the
solids that might be relecased back to solution. XANES
spectroscopy was performed on samples reacted at pH 5.0,
pH 7.0, and pH 8.0 with initial Cr(VI) concentrations of 50,
100, 500, and 5000 uM. As initial Cr(VI) concentrations
increase, a greater percentage of the total chromium is
reduced. This may result because of an increase in oxidative
dissolution of the FeS particles associated with higher initial
chromate concentrations. The dissolution of the FeS would
release highly reactive Fe(IT) and S*~ fons intosolution. Sulfide
has been shown directly reduce Cr(VI) {6) and to catalyze the
reduction of Cr(VI) by ferrous iron (I); these two processes
may account for the increased reduction of chromium at
high initial Cr(VI) concentrations.

Qualitative sulfur speciation of solid products formed
under conditions similar to those found in reduced soils
(neutral to low pH, with low metal concentrations) was done
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by comparing the first derivative XANES spectra of sulfur
standards to the unknowns. This technique allows subtleties
in the data caused by changes in oxidation state or local
structural environment to be amplified and easier compari-
sons between standards and unknowns (26). Figure 2 shows
that the primary sulfur species found in the solids at pH 5.0
and pH 7.0 are thiosulfate and sulfate, the same species
observed in solution. The positions of the inflection points
in the data matched peaks produced by Na;SO, and Na,S,03
standards.

A similar technique was used for solid-phase iron analysis.
Figure 3 shows first derivative spectra of several common Fe
minerals. By comparing the derivative spectra for reacted
samples with standards, the Fe oxidation state was deter-
mined. A close match between the derivative spectra of
y-FeOOH and reacted FeS was observed, in agreement with
XRD data that indicated y-FeOOH to be the dominant
crystalline phase in FeS oxidized by oxygen rather than
chromate.

In an effort to identify the Fe-Cr solid product, TEM
imaging with EDS analysis was performed on FeS reacted
with 5000 xM Cr(VI) at pH 7.0 (Figure 4); this pH was chosen
based on the solution data results, which indicated that S
oxyanions were not sorbed appreciably. EDS spectroscopy
was performed over several locations on the particle surface
including edge regions without substrate FeS. Through most
of the sample, a 3:1 ratio of Cr to Fe was observed. This ratio
is indicative of Cr(VI) reacting with the FeS solid and supports
the XANES data; increasing amounts of Cr(VI) are reduced
as the solubility of FeS decreases with increased pH. If the
reduction of Cr(VI) was dominated by reactions between Fe(IT)
and HS™ ions in solution, the opposite result would be
expected due to the greater dissolution of FeS with decreasing
pH.

The solution- and solid-phase data as well as the observa-
tion that the reaction consistently raised the pH of the
solutions allow a possible overall reaction to be hypothesized:

3Cr0,>"+ 2FeS + 9H,0 — 4[Crg ;5. Fey 5] (OH), + Fe?* +
S,0,” + 60H™ (4)

Interestingly, small “pockets” of the opposite ratio (3:1 Fe to
Cr) were also observed. We believe this to be the product
formed by the reaction between Cr(VI} and aqueous Fe(tl):

3Fe?* + HCrO,™ + 8H,0 — 4[Crg,5,Fe, 751 (OH), + 5H+( 5

While the proposed dominant product of Cr(VI) reduction by
FeS, [Cro1s.Fep2s)(OH)s-nH0 (eq 4), seems conclusive, the
complete sulfur reaction mechanism is complicated and
unresolved. The S;032~ and SO~ products found in solution
indicate a complex reaction mechanism involving several
sulfur intermediates.

The large concentrations of Cr(VI) that can be reduced by
FeS over the period of a few hours lead us to believe that the
dissolution of Fe(I) does not have to occur before chromium
can be reduced. It appears that reduction is taking place at
the solid—solution interface, making these materials far more
efficient reductants than iron-bearing oxide minerals such
as biotite. Regardless of whether the reaction occurs at the
FeS surface or in solution with a dissolution product, systems
containing FeS appear to be very effective reductants of Cr(VI).
Only small amounts of Cr(VI) were detected in solid products
at the end of the reaction period, and no chromium remained
in solution. In addition to the reduction of chromium, the
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formation of [Cryzs,Feo2s] (OH)snH;O solids should greatly
decrease the chance of chromium reoxidation.
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Field tracer test for denitrification in a pyrite-bearing schist aquifer
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Abstract—A small-scale artificial tracer test performed on a schist aquifer in Brittany has helped clarify
mechanisms and kinetics of in situ autotrophic denitrification. NO; was injected as a pulse simultaneously
with a conservative tracer -Br™. During the test, which lasted 210 h, 73% of the injected Br~ was recov-
ered, as against only 47% of the NO;. The 26% difference in the recovery of the two injected species is
interpreted as being the result of denitrification, in part due to the direct oxidation of pjyritc present in the
solid aquifer according to the reaction: 5FeS;+ 14NO3 +4H* — TN,y +10S03 ™+ 5Fe’* +2H,0, and in
part due to subsequent iron oxidation according to the reaction: NOj+5Fe** +6H*—
1/2N,+ 5Fe’* +3H,0. Despite the potential increase in SO, and Fe resulting from denitrification
through pyrite oxidation, the concentrations of these elements in the groundwater remain moderate due
to the precipitation of minerals such as jarosite and/or natroalunite. Tracer transfer takes place in a het-
erogeneous medium which, according to the breakthrough curves, can be simplified to a dual-porosity
aquifer comprising a high-permeability (fractures or large fissures) medium of low porosity from which
only minor denitrification of circulating NO-bearing water was observed and a low-permeability (small
fissures) medium of high porosity which induces a higher denitrification rate in the circulating NO;s-bear-
ing water. The kinetics of the denitrification reaction are high compared with results obtained for other
environments and can be described by a first-order model with a half life of 7.9 days for the low-porosity
medium and only 2.1 days for the high-porosity medium. 1998 Elsevier Science Ltd. All rights reserved

INTRODUCTION

Nitrate contamination in agricultural regions results
largely from the use of chemical fertilizers and animal
manure; when surface application exceeds plant
requirements, the highly soluble and mobile NO; is
leached into the underlying groundwater. Nitrate pol-
lution, which is on the increase, poses a serious threat
to drinking water supplies and currently represents
one of the major problems related to groundwater
quality in Europe and America where the maximum
admissible concentration of NO; permitted in drink-
ing water is 0.80 mmoll™!' (50mg NO;I'') and
0.72 mmol I"! (45 mg NO; I'"), respectively.

The only way of removing NO; from ground-
water 50 as to improve water quality is by denitrifi-
cation (Edmunds and Walton, 1983, Trudell er al.,
1986; Mariotti er al,, 1988), i.e. the transformation
of NO; into gaseous N, or N,O, which involves
several steps (NO3;=NO;=NO = N,O = N,).
Several electron donors for denitrification are pre-
sent both in groundwater and in the solid aquifer,
for example, CHy,, Fe?*, H,, H,S and dissolved or-
ganic C in the groundwater and organic C, Fe-sili-
cate and sulphide minerals in the solid phase
(Postma, 1990; Hiscock ez al., 1991; Korom, 1992).

*Corresponding author.

The reactions are generally biologically mediated by
either autotrophic or heterotrophic bacteria that de-
rive their respective energy requirements from the
oxidation of inorganic and organic material.
However, even though the reactions may be ther-
modynamically favoured, kinetic limitations are to
be expected.

Recent work has been directed towards develop-
ing numerical models to help understand and
predict contaminant transport in  aquifers.
Denitrification is a relatively common process
which has been considered in several NO;-transport
models (Frind et al., 1990; Kinzelbach er al., 1991;
Postma et al., 1991; Engesgaard and Kipp, 1992).
Denitrification kinetics is @ priori one of the model-
ling parameters, despite the fact that when ground-
water flowrates are sufficiently low, equilibrium can
be expected (Postma et al., 1991). However, flow-
rates increase when groundwater moves through
fractures and the denitrification rate can no longer
be neglected. Several factors, such as water pH,
temperature, electron-donor availability and metal
concentration, influence the denitrification rate
(Knowles, 1982; Bradley and Chapelle, 1993).
Several orders of magnitude are reported in the lit-
erature for in situ denitrification rates, varying from
less than 1 ymol I"' d~! (and probably far lower) to
0.22 mmol 1" d~' (Korom, 1992).
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Artificial tracer testing is a common method for
determining transport parameters of a compound,
namely a pollutant, and its interaction with the
solid matrix. The purpose of this paper is to discuss
denitrification and NOjs-transport parameters in an
aquifer within an agricultural catchment where
denitrification has been demonstrated (Pauwels,
1994). It concerns more specifically the denitrifica-
tion kinetics and is based on the results obtained
from an artificial tracer test.

LOCATION AND DESCRIPTION OF THE SITE

The Coét-Dan drainage basin, approximately
70 km SW of Rennes in Brittany, France (Fig. 1), is
underlain by fissured and fractured Brioverian schist
(530 May), with local facies variations dominated by
silt, clay or sandstone (Pellerin and Van Vliet-
Lanoe, 1994). Intensive agricultural activity in the
catchment is dominated by corn and wheat farming,
temporary pastures for dairy production and a high
level of indoor pig-stock breeding. This activity has
caused high concentrations of NO; in the surface
waters, which have been monitored since 1972 by
CEMAGREF (Centre nationale du Machinisme
Agricole, du Génie Rural, des Eaux et Foréts) to in-
vestigate the effects of modern agriculture on sur-
face-water resources (Cann, 1990); since 1989, mean
annual concentrations at the basin outlet have com-
monly exceeded 1 mmol NO; I™* (Cann, 1996).

The investigation of groundwater quality in the
basin is more recent (Pauwels er al., 1996). Results
have shown that, in general, the hydrogeological
configuration of the basin is based on the presence
of two aquifer compartments; an upper compart-
ment of sedimentary cover with interstitial porosity
that has a captive role and a lower compartment
made up of schist with fissure and fracture porosity
that has a transmissive role (Martelat and
Lachassagne, 1995). The chemical composition of
the groundwater in the first few metres below the
water table, where schist and sandstone are highly
weathered, reveals high NO, contamination with
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Fig. 1. Location of the test site in the Cogt-Dan basin,
Brittany, France, showing piezometric heads determined

with respect to ground level at DNSI (data in italics are
the drawdown levels measured during pumping).

concentrations as much as 3.2mmol NO;I™. At
deeper levels, where the water moves through frac-
tures in the solid rock, NO; concentrations decrease
to below the detection limit. Part of this decrease is
interpreted as being due to denitrification, i.e. the
biological transformation of NOj; into gaseous N,
or N,O. Pauwels (1994) demonstrated the occur-
rence of two denitrifying processes, heterotrophic
and autotrophic. With the heterotrophic process,
the oxidation of organic matter, catalysed by het-
erotrophic bacteria. contributes to the production
of CO; as follows:

CH,0+ 4/5NO7 +4/SH* —2/5N,
+CO; + 7/5H,0 n

where CH,O is a simplified formula for organic
matter.

As pyrite is present in the aquifer rock, the deni-
trification reaction. mediated by the autotrophic
bacteria Thiobacillus denitrificans (Kolle et al.,
1985), also occurs by the oxidation of S compounds:

5FeS;+ 14NOj +4H * — 7N, + 1002~
+ 5Fe™ +2H,0 2

Pumping tests and monitoring of piezometric
levels at the test site close to the outlet of the basin,
revealed that although hydraulic connection
between the two aquifer compartments is rather
poor, the vertical flow component cannot be neg-
lected. During the high-water period, ascending
flow contributes to the recharge of the shallow
aquifer and the river, whereas at low water the flux
is inverted and shallow groundwater penetrates into
the underlying aquifer.

Variations in NO; concentration with time have
been observed in the deeper part of the aquifer
(Pauwels, 1996), with concentrations ranging from
the detection limit to more than 0.15 mmol NO; I,
Variations in denitrification products (SO, and
CO,;) have also been observed, suggesting rapid
transfer of contaminated waters and a high denitri-
fication rate (Pauwels, 1996). A small-scale tracer
experiment was performed between two wells (F1
and DNSI; Figs 1 and 2) so as to further our
understanding of the NO;-transfer process and the
denitrification rate.

The mineralogy of the schist was determined
from DNSI drill cuttings and through examination
of cores from nearby shallow wells. The schist con-
tains mainly quartz, muscovite and chlorite and, to
a lesser extent, K-feldspar and plagioclase. Pyrite is
present as the main accessory mineral below 7m
depth and, as determined from F1 cuttings, varies
between 0.3and 5% of the dry rock weight.
Secondary solid phases include illite, smectite and
Fe(Il) hydroxides. Two secondary SO, minerals
were also identified by X-ray diffraction on samples
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Fig. 2. Cross section illustrating the injection and pumping wells during the tracer test.

from several depths: jarosite (KFe;(SO4),(OH)g)
and natroalunite (NaAl;(SO,),(OH)s).

METHODOLOGY

The test site near the basin outlet includes 6 cased wells
(4 to 97 m deep) drilled along a profile of about 20 m near
the Coét-Dan niver, with screened intervals giving access
to various parts of the aquifer. The tracer test was carried
out between two wells, an “upstream™ well (F1) for pulse
injection and a “downstream™ well (DNS1) for pumping
(Fig. 1). Fl is slowted between 32 and 82 m depth. and
DNSI1, 152 m farther N, is slotted between 1 and 97 m
depth (Fig. 2).

Pumping in DNSI began on 30 August 1995 with a
flowrate of 1.4m’h™'. As a result of pumping. the
dynamic level of DNSI decreased by 35 m due to import-
ant losses in hydraulic head (quadratic terms); true draw-
down was determined at 10 m. After 2 days of pumping, a
first test was run by injecting only the conservative tracer
Br~ (3 kg of NaBr7) into Fl. Two days later, pumping
was suspended for 10 h and water samples were taken at
selected levels using a down-hole sampler comprising 3 dis-
tinct chambers separated by packers that allows precise
sampling of the water from a chosen level of the aquifer
by aspiration from the surface (Foucher er al., 1995).

In order to study denitrification, a tracer mixture of Br~
(3 kg of NaBr™) and NO; (5 kg of NaNO;) was prepared
in a 50-1 container before being injected on 12 September
1995 through a tube leading to the bottom of well F1
(Fig. 2). The water column in F1 was continuously mixed
by recirculation {extraction near the water surface, reinjec-
tion at the bottom) so as to obtain a homogenous concen-
tration of the tracer throughout.

Because the injection well F1 is only slotted below 32 m
depth, the tracer test concerned the unweathered zone of
the aquifer. Nevertheless, pumping in DNSI enhances ver-
tical flux which allows mixing between a shallow ground-
water component and the produced deep groundwater.

Sampling and measurements

Before starting the test, water samples were collected
from the different wells at the site, including those con-
cerned by the present experiment (FI and DNSI1). During
the test, which continued until 21 September 1995, samples
were collected at the DNS! well head (after flowrate
measurement) by an operator during the day and by an
automatic sampler at night; samples were also taken in F1
so as to monitor the loss of tracers from the well. The
samples were filtered after determining pH and E,,.

Alkalinity was measured on site by titration with HCl
and the equivalent point determined according to Gran
(1952). The soluuons were also analysed immediately after
recovery for Fe’* using the “Merck Spectroquant Fe"
spectrometric measuring method.

Anion (Br~, NO;, NO,, Cl and SO,) concentrations
were determined in the Iaboratory by capillary electro-
phoresis (CIA Waters), with precision ranging from 5%
for concentrations over 0.03 mmol I"!, to 10% for concen-
trations between 0.01 and 0.03 mmol1~'. NH, was deter-
mined colorimetrically with a precision of 5% and a
detection limit of 0.005 mmol I"'. Only the waters collected
in the wells before tracer injection were analysed for cat-
ions (Na, K, Ca and Mg [HPLC, Dionex; precision greater
than 5%])) and for dissolved organic C (by pyrolysis at
680°C and CO; infrared detection [TOC 5000 Shimadzu}).

Five samples for bacteriological determination were also
collected in sterile plastic containers before and during the
test and stored at 4°C before analysis in the GRAM com-
pany laboratories.

RESULTS
Analytical results
The chemical composition of the waters from F1,

DNSI and the other neighbouring wells before tra-
cer injection is shown in Table 1 and the evolution

Table 1. Chemical composition of the samples from the injection (F1), pumpmg (DNSI) and neighbouring (DNSZ,
DNS3, DNS4, DNS6) wells before tracer injection. Conccntrallons are expressed in mmol I”', except alkalinity which is

in meqI™*
Stotted  Sampling
Well depth(m) - date pH T(¢°C) Alk Na K Ca Mg Cl NO; SO, Fe DOC
F1 32-81 29-08-95 667 125 1.02 0.80 0033 036 038 067 <0002 024 0.059 0.042
DNSI 1-97 01-09-95 636 141 069 nd. nd nd. nd 077 002 024 0038 nd.
DNS4 1-4 29-08-95 647 211 195 130 011 090 120 156 254 004 0064 077
DNS6 1-5 29-08-95 517 169 0.051 127 0077 051 114 16! 150 0.18 0.002 nd.
DNS2 1421 28-08-95 668 129 10 086 0.05 044 038 079 0011 032 0.082 0058
DNS3  7-15 28-08-95 6.06 133 044 094 0.046 031 031 097 <0.002 036 0.032 0058
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of the chemical composition of the groundwaters in
the injection and pumping wells is illustrated by
Figs 3-6. Before the mixed NO;-Br~ tracer test
started, the NO; concentration in F1 was below the
detection limit (Table 1). In DNSI, as this well also
taps water rich in NOj;’s from the upper part of the
aquifer, NO;'s were detected in the water at concen-
trations of around 0.025mmol 1™ after 2 days of
pumping (when the first samples were taken), fol-
lowing which the waters showed a rapid decrease in
NO; concentration to below the detection limit
{Fig. 3), where it remained during the following
10 days of pumping before NO; injection.

The Br~ concentration versus depth in DNSI
(Fig. 4), recorded during the first step of the present
test on 3 September 1995 when pumping had been
suspended and Br™ concentrations were 60% of the
maximum concentration of the breakthrough curve,
indicates that Br reached the pumping well mainly
through the aquifer below 50 m depth. This result
also indicated that the NO;’s would be transferred
between the injection and pumping wells exclusively
in the lower part of the aquifer where natural NO;
concentrations are below the limit of detection as a
result of denitrification.

Monitoring the tracer concentrations in F1 after
the mixed Br~NO; tracer injection showed that half
of the injected compounds had left the well less
than 5} h after injection [Fig. 5(a)). The amount of
tracer left in well F1 was less than 20% after 1 day,
less than 10% after 2days and only 2% after
5 days (17 September 1995). During this time, the
NO;/Br ratio in the Fl groundwater remained
stable [Fig. 5(b)] and it can therefore be concluded
that no denitrification took place in the injection
well before the departure of the NOj into the reser-
voir.

The Cl concentration in the pumped DNSI
waters [Fig. 6(a)] increased steadily during the test.
Although this can be explained by the observed
variations in Cl with time and space in the lower
compartment of the aquifer, the curve on Fig. 6(a)
could also indicate an increasing contribution of
shallow groundwater; heavy rains that fell during
the testing may have recharged the upper part of
the aquifer and hence increased the contribution of
this level in the pumped DNSI1 waters. If such were
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Fig. 3. Evolution of NO; concentration in the pumping
well DNSI before NO; injection in F1.
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Fig. 4. Bromide concentrations as a function of depth in
the pumping well DNS1 two days after the first injection
of NaBrin F1.

the case, one would expect the NO; concentration
in the upper compartment of the aquifer (measured
at 1.5 mmol I™*; Table 1) to have contributed to the
NO; concentration measured in the pumped waters.
However, as NO;3 concentration in DNSI water
was below the detection limit at the end of the test,
we conclude that contribution of shallow ground-
water to the deeper groundwater pumped by DNSI
could not have been significant, unless denitrifica-
tion occurred during the transfer of the shallow
groundwater to the pumping well. Even were one to
accept this explanation. the denitrification of the
shallow groundwater would be unrelated to the re-
duction of the NOj's injected into Fi for the pur-
pose of the test because this occurs only below a
depth of 50 m.

The samples collected for biological determi-
nation showed that denitrifying bacteria, both het-
erotrophic (which reduce NO3 to NO3 alone or to
gaseous species) and autotrophic (Thiobacillus deni-
trificans), were present in the waters before NO;
injection, despite the lack of NO; in the samples
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Fig. 5. (a) Evolution of the mixed tracer concentrations in

the injection well F1 as a function of time. {b) Evolution

of the NO,/Br ratio in the injection well Fl as a function
of time.
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(Table 2). This presence indicates that if denitrifica-
tion occurred after NO; injection, the possible lag
period for biodegradation cannot be due to the lack
of micro-organisms. The data on Table 2 only
reflect the presence or lack of denitrifying bacteria
and not a quantification of them; considering that
most may be related to the aquifer matrix (Korom,
1992).

The evolution of tracer concentrations in the
pumping well [Fig. 6(b) and (c)] indicates that
breakthrough, and hence transfer between the two
wells, is very rapid. NO; and Br appeared in the

pumped water only 5} h after injection in F1. Other
chemical variations were also observed during the
test (Fig. 6), some of which must be due to inter-
action between the reactive tracer (NO;) and the
rock reservoir: for example, with appearance of the
NOj; in DNSI, E;, increased (NO; being an oxidant)
and total alkalinity and Fe concentration decreased,
whereas SO4 concentration remained fairly stable
throughout the test. NO, and NH, were almost
absent during the test, suggesting that if NO; re-
duction does occur, the dominant products are gas-
eous species such as N, or N,O.

Table 2. Quantity of denitrifying bacteria recorded in samples during the artificial tracer test on 12 and 13 September

1995
Denitrifying bacteria Sampled 12-9-95 Sampled 13-9-95
Thiobacillus ferroxidans (nbjml) <0.5 0.6
Thiobacillus denitrificans (nb/ml) 200000 25000
Heterotrophic bacteria able to reduce NO; to gaseous N (nb/mi) 13000 600
Heterotrophic bacteria able to reduce NO; to N; (nb/ml) 13000 25000
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Evidence for denitrification

Assuming a conservative behaviour for Br and
similar transport mechanisms for NO; and Br, the
comparison between Br and NOj; concentrations
makes it possible to estimate the quantity of NO;
removed by denitrification. If no NO; loss occurs in
the system, then the [NO;)/[Br] ratio would remain
constant throughout the duration of the test. The
ratio would be equal to that measured in the
injected water {1.69 in present case [Fig. 5(b)}} and
NO; concentration would be expressed by:

[NOsL.. = [Br] x 1.69

where [NOs]cons. is the NO; concentration deter-
mined if it were a conservative tracer and [Br] is the
Br concentration in each sample.

The difference between this value and that
measured during pumping would correspond to the
missing NO;, i.e. the quantity of NO; reduced.

The test results clearly show that significant
amounts of NO, disappeared during the short cir-
culation between the injection and pumping wells
[Fig. 7(a)]. The amount of reduced NO; increased
sharply during the first few hours of pumping then
stabilized about 20 h after injection at between 0.03
and 005mmol1™'. After 100h, the absolute
amount of NO; reduced in each litre of pumped
water decreased due to continued dilution of the
tracer pulse, as shown on the Br breakthrough
curve [Fig. 6(c)]. Nevertheless, the relative amount
of reduced NO; can be expressed by:
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_ [N 0; ]meas.
(Brlpes. x 1.69

which increased during the course of the test
[Fig. 7(b)].

Breakthrough curve modelling

Interpretation of the results of pumping tests car-
ried out on well DNS1 (Martelat and Lachassagne,
1995) showed that, as a first approximation, the fis-
sured schist of the Coét-Dan site can be regarded as
a homogeneous porous aquifer. It therefore seemed
appropriate to use the CATTI two-dimensional dis-
persion model (Sauty er al., 1989), which is based
on the concept of a porous homogeneous and iso-
tropic aquifer with infinite lateral extension, for the
hydrodynamic interpretation of the tracer-test
results.

Pumping in DNSI created a cone of depression
about 10 m deep for a pumping rate of 1.4m* h™".
As the injection well F1 is situated only 15.2m
from DNSI., it is assumed that the tracer propa-
gated under the predominant influence of the
hydraulic gradient imposed by DNSI. Radial con-
vergent flow conditions were assumed during mod-
elling. The observed input function [injected tracer
mass in F1 as a function of time, Fig. 5(a)] was
used for the modelling, making use of a convolution
procedure. The aquifer thickness was fixed at S50 m
(the length of the slotted casing in F1) which also
corresponds to the observations of tracer break-
through in DNSI shown in Fig. 4; changing this
value would only influence the calculated porosity.
The pumping rate can be taken as being approxi-
mately constant throughout the tracer test with a
mean value of 3.9x 10~ m*s™".

Calibration of the breakthrough curve of the con-
servative tracer Br~ using an equivalent unimodal
porous-aquifer model was not satisfactory because
the peak and tail of the tracer breakthrough cannot
be correctly fitted simultaneously: for example, fit-
ting the peak of the breakthrough curve induces an
underestimate of the tail with respect to the actual
data. We therefore turned to a different conceptual
model to represent the fissured aquifer by consider-
ing an equivalent dual-porosity aquifer to calibrate
the breakthrough curve (Fig. 8). Figure 9 illustrates
the schematic model, which can be justified by geo-
logical observations at the test site where there is
evidence for two generations of fissures in the
Paleozoic schists (Legendre, personal communi-
cation). In the high-permeability medium, transport
takes place along the large fissures (or open frac-
tures), the volume of which is small compared to
the total volume of the aquifer which means that
equivalent porosities are low and that transport is
relatively rapid; transport paths are probably fairly
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Fig. 8. Tracer breakthrough curves for Br~ and NOj in
DNS1 and analytical curves modelled with CATTL

direct and hydrodynamic dispersion low. However,
this high-permeability medium overlaps with a low-
permeability medium in which the major part of the
total fissure volume is represented by a network of
smaller fissures and where equivalent porosity and
kinematic dispersion are expected to be higher. The
transport is therefore slowed down by interchanges
between the two media. It is considered that the
first tracer-bearing waters to reach DNS! derive
mainly from the rapid transport through the large
fissures, whereas the later the sample is collected the
greater the time spent by the tracers in the low-per-
meability medium.

The evolution of the overall tracer transport
during the test is represented on the breakthrough
curve (Fig. 8) by a superposition of transport
through the low- and high-permeability media. For
the low-permeability medium, the porosity of an
equivalent porous medium (reflecting the volume of

Tracer breakthrough
Lok High-permeability ¢
-~

-

- medium
/——:’T: L. porosity: low
Pt dispersion: low

Low-permeability ¢
medi;

o~ L~ por::'lty: high
/7/ dispersion: high
<SP

Fig. 9. Schematic representation of the conceptual model
used for calibrating the tracer breakthrough curves.

fissures relative to the total rock volume) and the
longitudinal dispersivity are respectively about 8
and 2 times higher than for the high-permeability
medium. When the tracer transport occurred mainly
through the high-permeability medium similar
amounts of Br~ and NOj were recovered, respect-
ively, 28 and 25% of the total injected mass. When
time is spent by the tracers in the low-permeability
medium the NO; loss increases; recovery of the
remaining tracer is only 22% of the total injected
mass for NO; compared to 45% for Br. We can
thus state that:

— According to the global recovery of NO;
(47%) and Br (73%), 26% of the injected NOj is
missing, probably due to a denitrification process.

— The main loss of NO; seems to take place in
the low-permeability medium.

Heterotrophic or autotrophic denitrification?

The chemical composition of the groundwater
pumped from DNSI should reflect the process by
which injected NO; is reduced, i.e. autotrophic or
heterotrophic denitrification. As the dissolved or-
ganic C content in the injection well fluid is rela-
tively low (0.04 mmol1™"), and since no organic
matter was detected in the rock matrix, only a very
small quantity of NO; should be reduced by hetero-
trophic denitrification. With 0.04 mmol I™! of or-
ganic C, it is possible to reduce 0.03 mmol 1~ of
NOj according to equation 1. The water analysed
at the DNSI1 well head corresponds to a mixing in
the well between the partly denitrified injected pulse
of tracer, diluted during its transport from injection
to pumping well, and a large amount of water from
the vicinity of the pumping well. Therefore, the in
situ concentrations of tracer and of reduced NO;
along the flow path will be much higher than those
observed or calculated from the breakthrough
curves, which means that the main denitrification
process cannot be a heterotrophic reaction.
Consequently, an autotrophic reaction is considered
to play the important role.

Simple calculations were carried out to evaluate
whether sufficient pyrite is present in the matrix of
the aquifer section concerned by the present test to
account for the 26% loss of injected NO,, i.e. that
denitrification is not electron-donor limited. The
mean content of pyrite in Fl below a depth of 50 m
is 2.8%o of the dry weight of the rock. According to
reaction (2), the reduction of 1 kg of injected NO;
(26% of the total injected mass) would require
685 g of pyrite. Assuming a density of 2.3 gcem™
for the schist, this amount of pyrite would be con-
tained in 0.1 m> of schist. Hence, a comparatively
small amount of pyrite relative to pyrite availability
(which does not seem to be a limiting factor here) is

‘involved in the denitrification of the present test.
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The results of the tracer experiment were then
used to evaluate the rate of denitrification. Field
estimates of heterotrophic denitrification rates are
generally reported as zero-order reactions (Korom,
1992), whereas field studies in the Fuhrberg aquifer
near Hanover revealed that autotrophic denitrifica-
tion has a first-order kinetic rate constant (Frind et
al., 1990). In the present case, reaction rates
(whether zero-order or second-order) cannot be
tested by a simple graphical method because of con-
tinuous dilution of the tracer pulse during its trans-
fer through the aquifer, but a first order can be
graphically represented even in the case of dilution.
The NO; concentrations were therefore plotted as
In(C/Cy) vs time, where C is the NO, concentration
at time ¢ and C, the concentration measured if NO,
reduction does not occur: a first-order model rep-
resented by such a diagram would give a straight
line. In the present case, two fairly linear segments
cdn be observed [Fig. 10(a)]; before 14 September
1995 (first 40 h), the gradient is low compared to
that between 14 and 17 September (40-120 h), indi-
cating that the denitrification rate increased with
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Fig. 10. Plot of the logarithm of NO3 concentration over
expected NO3 concentration assuming no denitrification
versus time. The solid lines are the regressions.
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time. From 17 September onwards, no correlation
is observed with time. The rate coefficient, %,
deduced from the plot for before 14 September is
approximately 0.00365h™' (correlation  coeffi-
cient = 0.82) [Fig. 10(b)], which is equivalent to a
half life, 1,2, of 7.9days. Between 14 and 17
September, the denitrification rate increased, with
an apparent k of approximately 0.01352h™' (corre-
lation coefficient = 0.94) [Fig. 10(c)] and a t;; of
2.1 days. As departure of the tracer from the injec-
tion well is not immediate, the transfer time of the
tracers between the two wells is slightly overesti-
mated and denitrification is in reality probably even
more rapid than calculated. After 16 September,
data on the plot are scattered, which may partly be
due to an increase in analytical uncertainties related
to the lower concentrations of both Br and NO;.

DISCUSSION

Relationship between denitrification kinetics and fluid
path

An evolution in the kinetic rate with time has
been demonstrated by the half life ranging from 7.9
to 2.1 days, which could be explained by several
processes. One of these is microbial metabolic lag,
which is defined as the delay that would occur
before a change in the metabolic state of the mi-
crobial components in response to the injection of
NO; (Bartford er al.,, 1982). Since microbial meta-
bolic lag may result in significantly less degradation
of the substrate than might be otherwise expected
(Wood and Dawson, 1992) and not necessarily in a
lack of degradation, it could explain the evolution
in the kinetic rate. In porous media, lag times of
days to weeks have already been observed for the
degradation of certain compounds (Bouwer and
McCarty, 1983; Truex et al.,, 1992). In the present
case, the chemical composition of the groundwaters
a few months before the test revealed the presence
of NOj; in the medium. However, contact between
bacteria and NO; is not necessarily sufficient to
suppress lag time because lag associated with a loss
of the microbial component’s ability to degrade a
substrate has been observed even when a compound
has been depleted for times as little as a few min-
utes (Pickett et al., 1979, 1980). Based on these con-
siderations and even though rapid denitrification
processes were actually observed (depletion of
NOj’s demonstrated in the first Br-bearing
samples), we cannot definitively dismiss the fact
that microbial metabolic lag may occur. Two differ-
ent denitrification kinetics could also be related to
fluid transport rather than to metabolic lag. By
comparing Figs 8 and 10, the lower kinetic rate cor-
responds to the part of the breakthrough curve
(Fig. 8) which could be explained by the rapid
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transport preferentially through the high-per-
meability medium, whereas from 14 September, the
produced fluids contain mainly tracers which would
have diffused to the lower-permeability medium and
been denitrified to a greater extent. The test has
therefore shown that denitrification during trans-
port occurs preferentially through the interchanges
of NO; between the high-permeability (larger fis-
sures) and the low-permeability media. Moreover,
these results may also indicate that denitrification
occurs without any, or with very little, microbial
metabolic lag, since a first-order kinetic law can be
applied to the early produced waters.

Denitrification kinetics

Autotrophic denitrification kinetics observed in
other studies are lower than in the present case
where half lives of 7.9 and 2.1 days were obtained
relative to the high and low permeability of the
medium respectively. In the Fuhrberg field near
Hanover, the half life for microbial denitrification
with pyrite was found to be in the range of | to
2.3a (Frind et al., 1990). At the Beuxes site,
France, Le Bideau and Dudoignon (1996) also
recorded microbial denitrification with pyrite and
they estimated the denitrification rate to be in the
range of 0.014 to 0.028 mmol NO;I™' d™', values
that are higher than those of the Fuhrberg field, but
lower than those estimated in the present study.
For the Beuxes site, Le Bideau and Dudoignon
(1996) estimated their values from a fluid containing
1.6 mmol I™* of NO; which had been completely
depleted in NO; during its circulation through the
aquifer. So as to be able to compare the two data
sets, the present estimated kinetic rates were
expressed as the amount of NO; reduced per day in
a 1.6mmoll™' NO; fluid. So that NO; concen-
tration decreases to 0.0016 mmol 1™}, transport
exclusively through the large fissures of the high-
permeability medium, where the denitrification rate
is lower, should last 79 days (denitrification of
0.02 mmol NO;I™' d"), whereas if tracer-bearing
water remains mainly in the low-permeability med-
ium, denitrification will induce the same concen-
tration decrease in only 21 days (denitrification of
0.076 mmol NO; 1™ d™'). When modelling NO; re-
duction at the Rabis aquifer in Denmark, Postma
et al. (1991) used a chemical-equilibrium model
because the denitrification rate was high compared
to the water transport rate. According to *H dating,
the vertical-transport rate of water was only
0.75ma™". The kinetics of autotrophic denitrifica-
tion estimated during the present test are thus com-
paratively high; in fact they are amongst the highest
recorded in the literature to date. As mentioned
above, the denitrification rate depends on several
parameters and these results confirm the necessity

of experimentally evaluating the denitrification rates
for a specific aquifer before modelling NO; transfer
or reactions; data must not be extrapolated from
one aquifer to another.

During a tracer test, denitrification kinetics may
be disturbed with respect to natural conditions due
to the injection of other tracers with NO,;. The
effects of some tracers on microbial processes can
be important, particularly through the inhibition of
microbial activity; for example, CI~ has been found
to be an inhibitor of nitrification (Roseberg er al..
1986). The effect of Br on denitrification was evalu-
ated by Groffman er al. (1995) who conducted ex-
periments using 1.25mmol ™' Br solution. The
authors did not observe any effect on the denitrifi-
cation rate, whereas CI™ at the same concentration
caused a decrease in denitrifying activity. In the pre-
sent study, the Br concentrations in the F1 water
just after tracer injection reached 21.3 mmoll™',
which is much higher than in Groffman’s exper-
iments, although these fluids are rapidly diluted and
the breakithrough peak in  DNSI attained
0.22mmol I=!. As the tracer propagates through a
fissured medium, the concentration is not hom-
ogenous and may therefore be far higher locally. In
view of the higher concentration. an effect of the Br
concentration on denitrification kinetics cannot be
completely dismissed. Furthermore, the conditions
of the present test are different to those of
Groffman et al. (1995) considering that denitrifica-
tion is autotrophic in the former and heterotrophic
in the latter. Nevertheless, if Br affects microbial
processes, its presence could inhibit activity, result-
ing in the denitrification kinetics for the present test
being underestimated with respect to the actual
denitrification rate occurring naturally in the aqui-
fer.

Precipitation of secondary sulphate minerals

According to equation 2, autotrophic denitrifica-
tion should induce an increase in SO, concen-
tration: a reduction of 0.05mmoll™" of NO;
should increase SO, concentration by
0.036 mmol I"', which" is theoretically observable
for a background concentration of around
0.24mmol 1!, In other environments, the release
of SO, involves high concentrations (>1-2m-
molI™!) (Frind et al.,, 1990; Postma et al., 1991;
Le Bideau and Dudoignon, 1996) although in
some cases the produced SO, is reduced back to
sulphide with organic C serving as the electron
donor (Frind et al., 1990). Such a reaction has not
been observed in the Coét-Dan aquifer and no sul-
phide was detected during the present test. The
removal of SO, could occur through mineral pre-
cipitation. Moreover, an iron decrease observed a
few hours after NO; injection, albeit that the oxi-
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dation of pyrite liberates Fe, indicates that Fe is
also removed from solution by precipitation.

Study of the rock matrix revealed the presence of
two SO, minerals, natroalunite and jarosite, which
are assumed to be responsible for SO4 removal in
the present case. Equilibrium calculations using
EQ3 software (Wolery et al., 1990) were performed
to test the validity of this assumption. The chemical
composition of the water sample used for the calcu-
iations (Table 3) corresponds to the concentration
of some elements in DNSI water a few moments
after the maximum tracer concentration; the com-
position was also partly derived from that of the F1
water before injection since a complete analysis of
DNSI water before and during the test is not avail-
able. Sodium concentration was calculated from the
Na concentration in F1, and Br and NO; concen-
trations in DNSI| since tracers were added as
NaNO; and NaBr™. Although original Al data were
not available, Al concentrations in the waters were
determined a few months after the test; therefore
two data were retained for the calculations:
3.3-10"* mol I"!, which was the concentration in F1
and 1.74-107" mol I”! which was the concentration
in DNS2. Calculations performed with EQ3 show
that water is undersaturated with respect to jarosite.
However, in a recent experimental study, Baron
and Palmer (1996) report a solubility product of
Jarosite significantly lower than in previous studies,
which indicates that this mineral is more stable and
can occur at higher pH than was generally assumed.
Applying the data of Baron and Palmer (1996) at
12.2°C leads to a saturation index (log(I.A.P.)/K))
of —0.1, which indicates that the water is close to
saturation with respect to jarosite. To calculate the
saturation state with respect 1o natroalunite, it was
necessary to have the solubility product (K;) of
natroalunite. Since jarosite and alunite belong to a
group of isostructural minerals described by the
general formula AB3(S0,4),(OH)s, the Gibbs free
energy of natroalunite was calculated from those of
jarosite, Na—jarosite and alunite and those of
Na;O, K;0, ALO; and Fe;O; according to the

Table 3. Chemical composition of water used for thermo-
dynamic calculations

pH 6.3
Eh (mV) + 360
Alkalinity (meq1™") 0.68
Na (mmol ') 120
K (mmol r‘z 0.033
Ca (mmol I” ? 0.36
Mg (mmol1™) 0.38
Cl1 (mmol I") 0.67
NO; (mmol 1™") 0.26
SO, (mmol I'") 0.24
Br (mmol I"") 0.15
Fe (umol ") 14.3
Al (umol I"") 0.033
0.174

H. Pauwels et al.

method developed for the enthalpy of formation
(Vieillard, 1994). The calculated saturation index
for npatroalunite (-1.51 with Al concentra-
tion = 1.74-107 mol I"") indicates that the water is
undersaturated with respect to this mineral.
However, the published Gibbs free energies of Na-
Jarosite and alunite may not be sufficiently precise
to derive that of natroalunite without error.
Moreover, during transfer between the two wells
(F1 and DNSI1) the water probably underwent sev-
eral mixings that would have modified its chemical
composition, the last one being mixing in the pump-
ing well. In other words, the chemical composition
of the water pumped by DNSI is probably not
representative of that of the water in all the parts of
the aquifer. For this reason, oversaturation of the
groundwater with respect to natroalunite could be
attained in some micro-environments and could
induce precipitation, although this process is not
expected from the chemical composition of the
pumped waters.

The chemical evolution between the water
injected in F1 and the water pumped from DNSI
shows that the injection of NO; and subsequent
denitrification induces chemical reactions in the
aquifer, which include mineral oxidation (pyrite) as
well as precipitation (Fe, SO4). Both autotrophic
and heterotrophic  denitrification  theoretically
involves an increase in total alkalinity. According
to equation 2, the reduction of 0.05 mmoll™' of
NO3 to gaseous N> should increase total alkalinity
by 0.0l14meql™, whereas the test showed a
decrease of about 0.07 meq I™! (Fig. &(f)). Similarly,
iron  concentration should increase by
0.018 mmol 17, whereas the test showed an iron de-
pletion {Fig. 6(g)]. As the dissolution—precipitation
reaction of jarosite is written as:

KFe;(SO4),(OH )¢+ 6H ¥ & K * + 3Fe’*
+ 250%™ + 6H,0 3)

the precipitation of jarosite implies oxidation of
Fe?* to Fe**. In this case, NO3 is the only avail-
able electron donor and hence Fe participates in the
denitrification, the reaction of which can be written
as:

NOj + SFe** + 6H ¥ —1/2N; + 5Fe** + 3H,0

)

By combining equations 2)-4, the foilowing

equation is obtained:

3FeS,+9NO; +K * 4 3H,0 —9/2N,
+ 450%" + KFe3(S04),(0OH ), &)

which indicates that all Fe produced during denitri-
fication is involved in jarosite precipitation. This
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reaction does not, however, explain Fe depletion,
alkalinity decrease or SO, stability.

Sulphate could be involved in the precipitation of
another mineral, natroalunite, for which the dissol-
ution—precipitation is written as:

NaAL(SO4),(OH )¢+ 6H20 < Na* +34KOH);
+280% +6H* (6)

The alkalinity decrease noted during the present
test was probably the result of a combination of
several processes. For example:

(a) Alkalinity decrease may be partly due to an
analytical artefact if oxidation of Fe?*occurred
before or during alkalinity titration and was fol-
lowed by Fe** precipitation according to the reac-
tion below:

Fe** +1/40, + 20H ~ + 1/2H,0 —Fe(OH ),
M

As Fe concentration is of the order of
12.5 umol I}, such a reaction would cause an alka-
linity decrease of only 0.025meq)~' rather than
0.07 meq I”', suggesting that at least one other pro-
cess is involved.

(b) A more rapid transfer of the injected anions
(Br and NO3) than of Na injected at the same time
could also contribute to the alkalinity decrease if
the cation deficit were compensated by an increase
of protons. Cation retardation with respect to anion
transport is a well-known process (Leblanc e al.,
1991). The Na might also exchange for surface-
bound Ca?*, inducing calcite precipitation and then
alkalinity decrease. Nevertheless, these processes
cannot be assessed here as Na concentrations are
not available.

(c) The decreased Fe concentration in the pump-
ing well is not explained by equation 5 and is prob-
ably due to mineral precipitation, possibly jarosite.
Such a reaction would take up the excess SO4 pro-
duced by the reaction in equation 5. By combining
equations 3) and (4, we obtain the following reac-
tion that could explain the Fe depletion:

NOj7 + SFe?* + 5/3K * + 10/350%"
+ 7TH20 —5/3KFe3(SO;4),(OH ),
+4H* +1/2N; 8
According to equation 8, a consumption of
7.2 yumol I"! of Fe?* produces an alkalinity decrease
of 0.006 meq !™'. Although probably a contributing

factor, this is insufficient to account for the whole
of the observed decrease.

CONCLUSIONS

A small-scale tracer test using NO; has improved
our knowledge of denitrification processes in the

m

schist aquifer of the Coét-Dan drainage basin. High
denitrification rates have been demonstrated which
vary depending on the medium permeability; first-
order denitrification rates in the high-permeability
medium (large fissures) have an estimated half life
of around 7.9 days whereas those in the low-per-
meability medium have an estimated half life of
2.1 days, i.e. the faster the flow the slower the deni-
trification rate. These rates are higher than those
previously determined for other environments,
showing that each environment has its specific rates
that depend on several parameters. Great care must
therefore be taken in extrapolating denitrification
rates from one data set to another for a different
environment.

Two denitrification processes have previously
been demonstrated in aquifers, a heterotrophic pro-
cess with oxidation of organic matter. and an auto-
trophic process due to oxidation of pyrite.
Interpretation of the present tracer test results has
demonstrated another process, the reduction of
NO; through oxidation of Fe**.

Several processes may be responsible for denitrifi-
cation in an aquifer due to the presence of several
electron donors. In the present case, denitrification
is accompanied by the precipitation of SO,;- and
Fe-bearing minerals, probably jarosite. which pre-
vents the accumulation of Fe’* and SO~ in the
groundwaters. The lack of high SO, and Fe concen-
trations is very beneficial to water quality.

The high denitrification rates estimated here
could be used in modelling NO; transfer and deni-
trification in the Coét-Dan drainage basin in order
to evaluate the evolution of NO; contamination in
the aquifer. The high denitrification rate also means
that it is possible to envisage using the denitrifying
properties of the aquifer matrix to decontaminate
surface waters through forced underground circula-
tion.
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The kinetics for the reduction of sulfate alone and for concurrent uranium [U(VI)] and sulfate reduction,
by mixed and pure cultures of sulfate-reducing bacteria (SRB) at 21 = 3°C were studied. The mixed cultore
contained the SRB Desulfovibrio vulgaris along with a Clostridium sp. determined via 16S ribosomal DNA
analysis. The pure culture was Desulfovibrio desulfuricans (ATCC 7757). A zero-order model best fit the data for
the reduction of sulfate from 0.1 to 10 mM. A lag time occurred below cell concentrations of 0.1 mg (dry weight)
of cells/ml. For the mixed culture, average values for the maximum specific reaction rate, V., ranged from
2.4 + 0.2 pmol of sulfate/mg (dry weight) of SRB - h™") at 0.25 mM sulfate to 5.0 = 1.1 pmol of sulfate/mg
(dry weight) of SRB - h™! at 10 mM sulfate (average cell concentration, 0.52 mg [dry weightl/ml). For the pure
culture, V. was 1.6 = 0.2 pmol of sulfate/mg (dry weight) of SRB - k" at 1 mM sulfate (0.29 mg [dry weight]
of cells/ml). When both electron acceptors were present, sulfate reduction remained zero order for both
cultures, while urapium reduction was first order, with rate constants of 0.071 = 0.003 mg (dry weight) of
cells/m! - min~" for the mixed culture and 0.137 = 0.016 mg (dry weight) of cells/m] - min~? (U, = 1 mM) for
the D. desulfuricans culture. Both cultures exhibited a faster rate of uranium reduction in the presence of
sulfate and no lag time until the onset of U reduction in contrast to U alone. This kinetics information can be

used to design an SRB-dominated biotreatment scheme for the removal of U(VI) from an agueous source.

Sulfate-reducing bacteria (SRB) are important in the mobil-
ity of sulfur in the environment (32, 36). Both higher plants
and animals depend upon microbially produced reduced sulfur
for acquisition in their own metabolism. SRB use sulfate as an
oxidizing agent for the dissimilation of an organic substance
(herein, lactate). Several species of SRB have been described
for their ability to reduce inorganic aqueous ions in solution.
SRB have been shown to metabolize iron [Fe(I11)], chromium
[Cr(V1)], uranium [U(VI)], manganese [Mn(IV)], and techne-
tium {Tc(VII)], among others (20, 21, 22, 23, 26, 39). Models
for the SRB reduction of these metals and radionuclides can be
used to develop and design treatment systems employing SRB
for bioremediation. For example, bioreduction of soluble
hexavalent uranivm [U(VI)] to insoluble tetravalent uranium
[U(IV)] can be utilized to remove soluble uranium from
groundwaters, mine waters, or secondary waste streams.

In addition to SRB, a number of bacterial species have been
described as capable of reducing U(VI) to U(1V), including
Geobacter metallireducens (25) (previously reported as (GS-15
[11]), Shewanella putrefaciens (25), and Shewanella alga strain
BrY (previously reported as BrY, or Shewanella halotolerans
strain BrY [3]). A kinetic study for the reduction of U(VI) has
been described for the iron-reducing S. alga strain BrY (40)
but not for SRB. Before a biotreatment scheme can be de-
signed and implemented, studies must go beyond the identifi-
cation of novel processes, to quantifying the kinetics of such a
process. Because of the metabolic diversity of the SRB, it is
important to identify the species involved in the processes
studied. Since sulfate reduction rates depend vpon the species
used and experimental conditions, it is important to character-
ize sulfate reduction for the mixed culture used in previous
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uranium reduction experiments (38) that were performed un-
der repeatable, uniform conditions.

The goals of this study were to characterize the mixed SRB
culture previously isolated (38) and to develop models to de-
scribe sulfate reduction alone and sulfate reduction with con-
current vranium reduction. Utilizing a mixed cell culture was
viewed as an advantage in that in an operational biotreatment
scheme, purity of culture in treating large volumes of water will
be difficult to maintain. Understanding U(VI) reduction by
SRB in a consortium is more likely to be relevant for an
operational condition. The nature of the mixed SRB culture
was examined via 16S ribosomal DNA (rDNA) analysis. Mod-
els for separate sulfate reduction and concurrent sulfate and
uranjum reduction were fit to data generated by both a mixed
and a pure culture of SRB. Sulfate and cell concentrations
were varied during these experiments, which were conducted
at room temperature, 21 = 3°C. This is at the upper end of
temperatures expected in natural waters that could be treated.
Sulfate concentration is expected to be a variable in the treat-
ment of pranium-contaminated waters, and cell concentration
is an operational variable for treatment design. These kinetic
determinations were made under conditions of insignificant
growth (in the absence of nutrients other than a lactate carbon
source; the sulfate concentrations present could facilitate
growth, but experimental time courses were too short), and
under anaerobic batch conditions, to isolate the enzymatic
reductive processes of both electron acceptors from those of
cellular growth processes. Quantification with modeling of the
sulfate reduction rate alone and the uranium reduction rate in
the presence of sulfate is important for the design of a treat-
ment system employing SRB to remove metals and radionu-
clides, likely to be operational under dynamic, nonstatic con-
ditions.

MATERIALS AND METHODS

Bacterinl cultures. The mixed culture of SRB was obtained as previously
described (38). All chemicals utilized for these studies were reagent grade or
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better and were used without further purification. Continuous cultivation of SRB
cells in a chemostat was carried out on an insulated magnetic stirrer in an
anaerobic chamber (Bactron 11, Sheldon Manufacturing, Cornelius, Oreg.) fed
with anaerobic mixed gas (AMG) containing 90% N,, 5% H,, and 5% CO,. The
growth medium used was a modified Postgate C medium (36) containing potas-
sium phosphate (mono) at 0.5 g/liter, ammonium chloride at 1.0 g/iter, sodium
sulfate at 2.0 gfliter, calcium chloride at 0.06 g/liter, magnesium chloride at 0.06
gliter, iron sulfate at 0.005 g/liter, sodium citrate at 0.3 g/liter, yeast extract at 0.1
g/liter, and sodium lactate (60% syrup) at 15 ml/iter. Cell concenirations ranged
from 0.1 to 0.15 mg (dry weight)/ml of growth medium from the 250- or 500-m]
square polycarbonate chemostats with a hydraulic residence time of 8 to 12 h.
The average temperature during growth in the chemostat on the chamber stage
was 21 + 3°C. The Desulfovibrio desulfuricans (ATCC 7757) culture was grown in
continuous fashion with an 8-h hydraulic residence time as described for the
mixed culture above. Refrigerated stocks of both cultures were transferred to
freshly prepared media approximately every 2 weeks.

To facilitate comparison of the mixed cell culture vsed in these studies with
data by other investigators, the biomass equivalents were determined. By using a
Petroff-Hausser counting chamber, the average cell count was 1.5 % 10” cells/mi
from a growth chemostat, for an average of 3 mg of cells (wet weight)/ml and
0.148 mg of cells (dry weight)/ml as determined by a standard dry weight analysis
(10). The values reported for dry weights of SRB cells per milliliter reflect the
cell concentration per milliliter of medium used for the actual batch experimen-
tal conditions, not those of growth.

Molecnlar characterization. For molecular characterization of the mixed cell
culture used in this and a previous study (38), the methods of Hugenholtz et al.
were followed (12). Bead beating for cellular disruption and DNA extraction was
followed by PCR with the primers 8F universal forward and 1492R universal
reverse (18). Tag polymerase-amplified PCR products were directly inserted into
a PCR4-TOPO vector, followed by reaction with One Shot Competent Cells in
a TOPO TA Cloning Kit (lnvitrogen, Carlsbad, Calif.). Restriction fragment
length polymorphism (RFLP) analysis was carried out on a mini-prepped, T3-T7
primer-amplified PCR (lovitrogen) clone colony DNA product, using the restric-
tion enzymes HinP1 and Mspl (New England Biolabs, Beverly, Mass.). After bead
beating, all steps were performed using a 96-well format.

After determination of nonidentical banding patterns of PCR-amplified pos-
itive clones on an RFLP gel, the amplified DNA fragments were sent to the
Forsythe Dental Center in Boston, Mass., for sequence analysis. Purified DNA
from PCR was sequenced using an ABI prism cycle-sequencing kit (dRhodamine
Terminator Cycle Sequencing kit with AmpliTaqg DNA polymerase FS; Perkin-
Elmer). The manufacturer’s protocol was followed. Sequencing was performed
using an ABI 377 DNA seq er. DNA seq es were identified by using the
BLAST (basic Jocal alignment search tool) server of the National Center for
Biotechnology Information over the World Wide Web (1). The 16S rRNA gene

q €S were m. lly aligned with other sequences by using the Ribosomal
Database Project (27; http:/fwww.cme.msu.edw/RDP/) and the ARB database
(bttp://pop.mikro.biologie.tu-muenchen.de/pub/ARB/) taxonomic listings. Per-
cent identity was calculated by using the Lane mask (17) with no right correction.

Kinetics studies. As described elsewhere, a method was developed to examine
the etgzmalic reduction kinetic of U(V1) to U(1V) by SRB using the radiopu-
clide U as a tracer (38). For sulfate reduction experiments, this method, in
combination with the methods of Ingvorsen and colleagues (13, 14) was applied
by substituting Na,**SO, as the radionuclide tracer. Briefly, a selected amount of
the SRB cell mass (0.2 to 1.3 mg [dry weight)/m) per experiment) was obtained
from a growth chemostat, washed in a sulfate-free sodium bicarbonate (2.5
gfliter) buffer, and then suspended anacrobically in a sterile medium (10 mM
lactate-20 mM sodium bicarbonate) with a small magnetic stir bar, in sterile
30-ml polycarbonate septum flasks sealed with Teflon-lined buty! rubber stop-
pers (38). The headspace in these sealed reaction vessels contained ~10 ml of
the anaerobic chamber's AMG. The turbid culture was in contact with the
buffered carbon source/electron donor for <15 min prior to the addition of
sulfate. Sulfate was added from a 10 mM stock solution spiked with Na,>*SO,, as
a tracer, typically 25 pl of a 45,000-dpm/ml stock Na,**SO, solution (purchased
from Isotope Products Laboratory, Burbank, Calif.). The Na,SO, electron ac-
ceptor was mixed with the Na,>*SO, spike in a syringe and fed to the cells by
injection through the septum. For experiments with both electron acceptors,
U(VI) was added as uranyl acetate, UO,(CH,COO), - 2H,0, from a 10 mM
stock solution spiked with Z3U(V1), typically 200 ul of a 23,670-dpm/m] stock
B3Y(V1) solution (purchased from Isotope Products Laboratory). The U(VI)
electron acceptor was mixed with the Z3U(VI) spike in a syringe and fed to the
cells by the same method as the sulfate. The injection of electron acceptors set
the time at # = 0 and marked the start of the kinetic experiment. The initial pH
of these kinetics experiments was 7.2 * 0.2,

The anaerobic polycarbonate flasks were stirred on insulated magnetic stir
motors at ambient room conditions (21 =+ 3°C). Samples (1 1/2 ml) were removed
by syringe at times of interest. The removed aliquot of the solution was then
placed in a 1.5-ml polystyrene microcentrifuge tube containing zinc acetate to
give a final concentration of 6 mM (100 pl of a 0.1 M solution), capped tightly,
and spun at 16,000 X g for 3 min. The zinc acetate immediately preserves
produced **S sulfides (14), forming a precipitating Zn**S. Zn is not known to
complex with sulfate in solution, and this was experimentally validated. Almost
1.5 m! (cell suspension less pellet volume [~50 ul}) of supernatant solution was
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collected by pipette and added to 20-ml plastic scintillation vials containing 10 m]
of Ultima Gold scintillation cocktail (Packard Instrument, Meriden, Conn.). The
cell pellet was suspended in 0.5 ml of deionized water and transferred to a
scintillation vial, and 1 m] of deionized water was added for volume equalization.

The mass balance of uranium and/or sulfate was checked at least three limes
per experiment. The soluble and the precipitated isotope in one of duplicate
samples were separated and prepared as described, and the other sample was
blended directly with scintillation cocktail. Over the course of an experiment,
some sulfides accumulated in the anaerobic headspace of the reaction vessel, a
portion of which contain **S. To account for this mass, any remaining cells in
media at the end of an experiment were removed via syringe. Six milliliters of 2%
(wiivol) zinc acetate was then added through the septum to precipitate the
gaseous sulfides, which were then removed in 2-ml aliquots, blended with scin-
tillation cocktail, and counted. This additional sulfide activity was added to the
total activity, and balanced the mass between the beginning and the end of the
experiment. Vials were analyzed on either a model 1600TR or a model 2500TR
Packard Tri-Carb Liquid Scintillation Analyzer for 10 minjvial. Separation of
activity was easily accomplished by taking advantage of the B emission of *°S at
167 keV and the o emission of Z°U at 4.824 and 4.783 MeV. This allows for
tracking of the uranium and sulfate reduction in the pellet and superpatant
samples. Typical counting errors were 5% or less. Sulfide determinations were
made using a method developed by Updegraff and Wren (41) with 0.01 M silver
nitrate as a titrant.

A test was conducted to determine how much sulfate adsorbs to the walls of
the experimental reaction vessel, i.e., the Teflon-coated butyl rubber-sealed
30-ml polycarbonate septum flask. Using Na,?*SO, as a tracer for sodium sulfate
sorption, we found that 4.7% of the sulfate adsorbs to the walls of the vessel over
4 h. Using the same method, sulfate sorption to the walls of 100-m] glass serum
bottles was found to be 9.5%. Spear et al. (38) found that 15% of the initial U
concentration sorbed to the walls of traditional glass serum bottles, and that was
reduced to 4% in polycarbonate. Because of these adsorptive effects, glass vessels
were not used in these studies.

Control experiments were performed by the same method with the addition of
10 mM sodium molybdate, a sulfate analog {36) for the enzyme cytochrome c,,
one of the enzymes responsible for the reduction of both sulfate and uranium
(21) prior to the addition of Na,SO, or uranyl acetate. In the presence of the
sodium molybdate, no sulfate or uranium reduction by the SRB was observed.
Data analysis and kinetic modeling were conducted with the data from the
scintillation method on Microsoft EXCEL spreadsheets.

RESULTS

16S rRNA sequence. Cells from the isolated mixed culture
initially appeared to be all of vibrio shape, all stained gram
negative, and exhibited an active production of sulfide. With
time (months), small gram-positive rods were observed and
spores were periodically present. At any one time the gram-
positive species represented 0 to 10% of the total cells present.
For these reasons molecular characterization was needed to
define the culture. The decision to sequence 500 bp of the 16S
rRNA gene fragments from clones of this mixed culture was
made because of differences in banding patterns on RFLP gels.
Two hundred twenty clones were subjected to RFLP analysis,
and there appeared to be two distinct banding patterns, with
one pattern far more prevalent than the other, by a ratio of
10:1. The most prevalent pattern was found to be 99% identi-
cal to that of a Desulfovibrio vulgaris strain (PT-2; accession
number M98496 as described by Kane et al. [16]). The other
pattern was found to be similar to that of a unique, low-G+C,
gram-positive, anaerobic genus (94% identical to Clostridium
butyricum over 500 bp considered; accession number M59085
as described by C. R. Woese, D. Yang, and L. Mandelco
[unpublished data]). Sequences were manually aligned with
similar sequences using the BLAST server. RFLP analysis per-
formed on the culture 1 year earlier yielded the same patterns,
indicating no change in culture constituents. The SRB culture
was initially isolated by picking one colony from an agar deep
tube method (36) at a high dilution; with time, the culture
came to be contaminated by the spore-forming Clostridium sp.
This was viewed as an advantage because such a contaminant
would likely come to be present in a bioremediation treatment
scheme. This mixed cell culture was stable over a period of 5
years and showed little variability.
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TABLE 1. Maximum specific reaction rate coefficients for the
mixed cell culture reducing sulfate

ko (kM Vimas (nmol

Initial sulfate Initial cell concn SO, % /mg $0,>"/mg

concn (mM) (mg [dry wt}/mi) [dry wt} of [dry wt] of

SRB/m! - min~!) SRB-h™Y)

0.1 0.07 = 0.01° 316 19+04

0.1 0.10 + 0.02° 51+1 31x01

025 0.57 = 0.01 403 2402

10 0.56 + 0.01 331 20x01

10 0.46 = 0.01 83+ 19 5011
100 0.47 = 0.01 ND* ND

“ For 0.1 mM sulfate, the cell concentration is lower because at higher cell
concentrations the reduction of the sulfate is t0o rapid to determine experimen-
tally.

5 ND, not determined because of insignificant sulfate reduction.

Sulfate reduction kinetics. The reduction of sulfate concen-
trations ranging from 0.1 to 100 mM was examined for the
mixed cell culture. Cell concentrations were similar for all
sulfate concentrations except 0.1 mM, where the cell concen-
tration was approximately 1/10 of that in the other sulfate
reduction experiments (Table 1). For an initial sulfate concen-
tration (S,) of 100 mM, there was no measurable reduction
over 3 h. For an S;, of 10 mM, 45% of the sulfate was reduced
in 3 h by a similar cell concentration. There was 100% removal
of sulfate when S, was 1.0, 0.25, or 0.1 mM, as shown in Fig. 1.

Modeling of sulfate reduction. A zero-order model, with
respect to sulfate concentration, best fit the experimental data
where

S =80—koX(t — 1) 1

and § is the model predicted millimolar concentration of sul-
fate, S, is the initial millimolar concentration of sulfate, k, is
the maximum specific reaction rate coefficient expressed as the
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millimolar concentration of SO, per milligram (dry weight)
of cells per milliliter per minute, X is the bacterial cell concen-
tration in milligrams (dry weight) per milliliter, ¢ is time in
minutes, and ¢, is the lag time until the onset of sulfate reduc-
tion. A 30-min lag time was observed only with a low bacterial
cell concentration (0.07 mg [dry weight] of cells/m! or lower)
and an S, of 0.1 mM sulfate, as shown in Fig. 2. For an S, of
0.1 mM and an X, of 0.1 mg (dry weight) of cells/ml, there was
no lag time. Reduction of sulfate alone proceeded without a
lag for initial sulfate concentrations of 1 to 10 mM. The zero-
order model is a simplification of Michaelis-Menten and
Monod type kinetics at high substrate concentrations. Param-
eter equivalence between models can be given by

Mo
—}'; an (2)

i
i

ko

where k&, is defined, p,, is the Monod maximum specific
growth rate constant in units of 1 h™?, ¥ represents cell yield,
expressed as mass of cells in milligrams per milligram of sub-
strate used, and V_,, is the Michaelis-Menten maximum sub-
strate utilization rate constant, expressed as the millimolar
concentration of SO,2~ per milligram (dry weight) of cells per
milliliter per minute. Zero-order model fits to sulfate reduc-
tion data are shown in Fig. 1, 2, and 3; correlation coefficients,
7, were =0.92.

Figure 4 shows the reduction of 1 mM sulfate by both the
mixed and pure cell cultures. The maximum specific rate co-
efficients are estimated to be the same when normalized to cell
mass, where 33 + 1 pM SO,% /mg (dry weight) of SRB/m! -
min~ !, with an 72 of 0.99 for the mixed culture, and 26 * 2 pM
$0,>"/mg (dry weight) of SRB/ml - min~, with an 72 of 0.96
(Vomax = 1.6 pmotl of $O,2~/mg [dry weight] - h™") for the pure
culture, were calculated. The data indicate that D. desulfuri-
cans (ATCC 7757) behaves much like Desulfobacter postgatei at
21 * 3°C (13).

1.00
0.90 1 - © ——  Mixed Cell Culture,
1.0, 0.25 & 0.1 mM
% 0.80 1—A-- Sulfate Reduction ———
E 070 -
g
E 0.60 4 -- R -
2 0.50 T - —_
g
g 0.40 . - _ -
8
g 030 ]
=
v .20 -
0.10 - -
0.00 4 v L 2 r
90 120 150 180
Time (Minutes)

FIG. 1. Time course of sulfate reduction by the mixed cell culture fit with a zero-order model. Mode) lines are based on the coefficients of Table 1. Each sct of data
points represents an average of at least two experiments with the same mixed cell culture. @, S, = 1.0 mM and X, = 0.53 mg (dry weight) of cells/ml; &, Sp = 0.25
mM and X, = 0.57 mg (dry weight) of cells/ml; %, S, = 0.1 mM and X, = 0.1 mg (dry weight) of cells/ml. Error bars, standard errors.
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FIG. 2. Reduction of 0.1 mM sulfate by low mixed-cell concentrations. 4, 0.1 mg (dry weight) of cells/ml (no lag time); A, 0.07 mg (dry weight) of cells/ml (30-min
lag time); %, 0.06 mg (dry weight) of cells/ml (o sulfate reduction). Zero-order model lines are fit through the 0.1- and 0.07-mg (dry weight)/m! data points, represcnting
maodel values given in Table 1. Each data set represents averages from two experiments. Error bars, standard errors.

Uranium and sulfate reduction. Time courses for the reduc-
tion of soluble U(VT) to insoluble U(I'V) and for the reduction
of soluble sulfate to sulfide for a typical experiment are shown
in Fig. 5. Rate constants were determined only for the removal
of the U(VI) and sulfate. Uranium reduction was more rapid
in the presence of sulfate than in its absence for both the mixed
and pure cell cultures. Figure 6 shows data for the reduction of

10.00

U(VI) alone (38) and for uranium reduction with sulfate {at
electron equivalent amounts of U(VI) and sulfate} for the
mixed cell culture. Because the reduction of sulfate to sulfide
is an 8-electron transfer and the reduction of U(VI) to U(IV)
is a 2-electron transfer, the sulfate concentration used was
equivalent to 25% of the uranium concentration. A 90-minute
lag time for the reduction of U(V1) only was decreased to 5 +

9.00 %?

8.00 -

7.00
6.00 -

5004——

H—e—

4.00 +—-

30049—- -

Sulfate Concentration (mM)

200 4+—--

1.00 +

0.00

e o

0 90

Time

b d T

120 150
(Minutes)

v

180 210

FIG. 3. Model simulations of variable sulfate concentration with approximatcly equal cell concentrations. %, Sp = 10 mM and X, = 0.49 mg (dry weight) of cells/m};
®, 5o = 1.0 mM and X; = 0.53 mg (dry weight) of cells/ml; A, §5 = 0.25 mM and X, = 0.57 mg (dry weight) of cells/ml. Error bars, standard errors.
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FIG. 4. Reduction of 1 mM sulfate by the mixed cell culture and by the pure

culture of D. desulfuricans. €, 323.0 mg (wet weight) of cell mass, which is equivalent

to 0.53 mg (dry weight)ml of medium used in the batch experiment, for the mixed cell culture; A, 298.0 mg (wet weight) of cell mass, which is equivalent to 0.30 mg
(dry weight)/m! of medium used in the batch experiment for the pure culture of D, desidfuricans (ATCC 7757). Zero-order modcl lines are fit to the plotted data. Error

bars, standard errors.

5 min for U(VI) in the presence of sulfate for an initial U(VI)
concentration (Uy) of 1 mM, an S, of 0.25 mM, and an X, of
~(.5 mg (dry weight) of cells/ml.

Modeling of uranium and sulfate reduction. Under all ex-
perimental conditions tested, sulfate reduction was best fit by a
zero-order model (equation 1), and uranium reduction was
best fit by a first-order model. The first-order model fit to the
U(VI) reduction data was

U= Upe ™ 3)

where U is the model predicted millimolar concentration of
uranium, U, is the initial millimolar concentration of uranium,
k, is the first-order rate constant, expressed as milligrams (dry
weight) of cells per milliliter per minute, and X and ¢ are as
defined above. A linearized form of equation 3 was fit to the
data to determine the rate constant k,,

InU = InU, - k Xt )

with units and terms as defined above. The model fits using
average coefficients, and the data are shown in Fig. 7A for the
mixed cell culture and in Fig. 7B for D. desulfuricans (ATCC
7757). In all cases the models fit the data with coefficients of
determination, 72, of 0.96 or higher. Figure 8 shows the respec-
tive model fits for uranium reduction in the presence of a
sulfate concentration that might be found in freshwater. Figure
9 shows the uranium reduction kinetics in the presence of a
higher, 10 mM sulfate concentration relevant for high-sulfate
natural waters containing uranium.

DISCUSSION

Various aspects of the SRB reduction of U(VI) to U(IV)
have been studied. Lovley and Phillips (21) found that D.
desulfuricans was capable of uranium reduction. They later

demonstrated that cytochrome c; was an essential component
of uranium reduction by D. desulfuricans (22). Ganesh et al. (9)
considered the SRB reduction of U(V1) in organic complexes.
Tebo and Obraztsova (39) identified an SRB capable of growth
with U(VI) as an electron acceptor. Spear et al. (38) estab-
lished the rate constants for uranium reduction by a mixed
SRB culture and by D. desulfuricans. In all cases U(IV) was
precipitated from solution as the mineral uraninite, UO,.
Three studies have considered the reduction of U in the pres-
ence of the native sulfate electron acceptor, and that was for a
pure culture of D. desulfuricans (21, 30, 31, 40a). These studies
however, have not modeled the kinetics involved across a
range of solution conditions. A few reports have described the
kinetics for the enzymatic reduction of sulfate alone under
various conditions (8, 13, 14, 21, 28, 29, 33, 34, 37). Ingvorsen
and Jgrgensen (14) provided kinetics information for four SRB
pure cultures at 20°C; Ingvorsen et al. (13) provided the kinet-
ics for both batch and chemostat cultures at 30°C; and Sonne-
Hansen et al. (37) provided the kinetics for sulfate reduction by
two species of thermophilic SRB at 70°C.

Sulfate reduction. For Desulfovibrio vulgans (Hildenbor-
ough), Ingvorsen and Jgrgensen (14), found a V,,,,,, of 1.1 pmol
of SO,2~/mg (dry weight) - h~. For D. postgatei, Ingvorsen et
al. obtained a V,,,, of 4.2 pmol of $0,%/mg (dry weight) - h~!
(13). The Desulfovibrio sp. identified in the mixed cell culture
for this report has a ¥, range of 2 to 5 umo! of SO,2 /mg
(dry weight) - h~! (Table 1), similar to the ¥, for D. posigatei
and for D. vulgaris (Hildenborough) at 21 * 3°C (13, 14).
Vester and Ingvorsen report that 4.1 X 10~ mol of $0,%7/
cell - day~! could be reduced by a pure culture of Desulfobul-
bus propionicus by using a direct cell count method, and a value
of 243 X 107! using a T-MPN (tracer most-probable-num-
ber) method to calculate cell number (42). The range in this
study was 0.73 X 107 to 1.2 X 10~ mol of SO,> /cell -
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FIG. 5. Time course of 1 mM uranium and sulfate reduction by the mixed cell culture dominated by a Deswlfovibrio sp. Insoluble U(1V) (as uraninite [38]) was
collected in pellet fractions of sample aliquots, and insoluble 23S was collected as insoluble sulfides after reacting with zinc acetate in sample aliquots. Solid circics at
time zero and 180 min represent total activity of uranium, 22U [U(VT) plus U(IV)), for mass balance accountability; starbursts at the same time points show total activity
for 3S (**SO2 plus un-ionized sulfides [>52~]) for mass balance. Data are for one experiment with 0.51 mg (dry weight) of cells/ml.

day™?, consistent with those of Vester and Ingvorsen and oth-
ers (13, 15).

A lag time until the onset of U(VI) reduction was previously
observed for the mixed cell culture used here (38). This lag
time was dependent upon cell concentration and ranged from
30 min at a cell concentration of 1.27 mg (dry weight) of
cells/ml to 3 h at a low cell concentration of 0.18 mg (dry
weight) of cells/ml. A lag time was also present for the pure
culture of D. desulfuricans (ATCC 7757) that was approxi-
mately 30 min less than that of the mixed cell culture for the
same cell concentration. Figure 2 shows a similar lag time for
sulfate at low cell concentrations. Thus, for the mixed cell
culture, a reproducible and predictable lag time until the onset
of reduction for both the native electron acceptor and U(VI) is
possible. The D. desulfuricans (ATCC 7757) culture was not
tested at these low cell concentrations for the possibility of a
lag time for sulfate reduction.

Ingvorsen et al. (13) observed a sulfate concentration-based
threshold, whereby when sulfate concentration decreased low
enough in their batch experimental system with both batch-
and chemostat-grown cells, no reduction was evident. Figure 2
shows a cell concentration-based threshold, which could be
analogous to the sulfate concentration threshold, by which the
physiological state of the cells determines the amount of sul-
fate reduction possible (13).

Concurrent yranium and sulfate reduction. The design of a
uranium removal biotreatment system employing SRB re-
quires a knowledge of the individual and concurrent rates of

U(VI) and sulfate reduction. Bioreactor systems can be de-
signed for sequential growth and U(VI) reduction or for con-
current growth and U(VI) reduction, depending upon the sys-
tem layout and the SRB employed. Rate information is needed
to design a growth reactor that integrates into its design the
potential for the competitive effects of concurrent U(VI) and
S0,2~ reduction in a combined growth and U(VI) reduction
system.

The fact that sulfate reduction and uranium reduction were
best fit by different models suggests that the rate-limiting step
for sulfate and U(VI) reduction is not the same. Sulfate re-
duction has been hypothesized to occur within the cytoplasmic
membrane (35), while uranium reduction has been hypothe-
sized to occur in the periplasmic space (outside of the cyto-
plasmic membrane) (24). Since these two reductions physically
take place in different locations, a difference in the rate-limit-
ing step is feasible even though cytochrome c; has been iden-
tified as a critical component for both. In addition, the pathway
for sulfate reduction involves multiple cytoplasmic enzymes
(e.g., adenylyl sulfate reductase [19, 35]) which are probably
not used for uranium reduction. One of the enzymatic com-
ponents that is not common between the two pathways may be
rate-limiting for sulfate. Thus, the observation of different
rates of sulfate and uranium reduction by the same organism is
reasonable. Though the data were not modeled, experimenta-
tion performed on a pure culture of D. vulgaris (Hildenbor-
ough) (ATCC 29579) showed that cytochrome c3 was the en-
zyme responsible for U reduction via a first-order process
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FIG. 6. Time course of uranium and sulfate reduction by the Desulfovibrio sp.-dominated mixed culture, with a U, of 1.0 mM and an S, of 0.25 mM. A, U(VID)
reduction in the absence of sulfate, with a U, of 1.0 mM and an X, of 0.46 mg (dry weight) of cell/ml (38); ¢, U(VI) reduction (Uy = 1.0 mM) in the presence of 0.25
mM sulfate; B, X, = 048 mg (dry weight) of cells/ml. Each data set is an average from three experiments with the mixed cell culture. Error bars, standard errors.

nearly identical to that described for the mixed cell culture
here (24).

Since the mixed cell culture contains two species, it was not
possible to distinguish the contribution of each to the reduc-
tion of uranium. The mixed cell culture described here, how-
ever, does contain a Clostridium sp., and Clostridium is another
bacterial genus described as being capable of uranium reduc-
tion (5, 6, 7). However, the fraction of biomass associated with
the Clostridium sp. was no more than 10%. This was observed
both by Gram staining of the culture and visualization and by
the presence of a 10-to-1 Desulfovibrio sp.-to-Clostridium sp.
banding pattern on a 100-clone RFLP gel. As a genus, Clos-
tridium does not dissimilatorily reduce sulfate to sulfide; thus,
the sulfate reduction described for the mixed culture is ex-
pected to be due to the presence of the Desulfovibrio sp. (4). By
considering the reduction of both electron acceptors by the
pure culture of D. desulfuricans (Fig. 7B) under the same
experimental conditions as the mixed cell culture (Fig. 7A), a
contrast can be made. The rate constant for uranium reduction
by the D. desulfuricans culture was two to three times higher
than that for the mixed cell culture (Table 2), while the rate of
sulfate reduction rate was about the same. If both genera were
reducing U(VI), the mixed cell culture’s kinetics would likely
be high, higher than that of the pure culture. In addition, the
dry weight of D. desulfuricans cells present in the pure culture
was 58% of that used for the mixed culture, because experi-
ments were carried out by wet weight cell mass comparisons
that were nearly identical (the difference comes from water
content and other factors contributing to mass {10]).

Both the mixed and pure cell cultures exhibited lag times of
=90 min for U(VI) reduction in the absence of sulfate (Fig. 7);
in the presence of sulfate these were reduced to near zero. For
both cultures, the presence of sulfate aided the reduction of
uranium, bringing it to a first-order rate of reduction from a
Monod non-growth-based rate with a long lag time (38). How-
ever, once the lag phase was over, the amount of time required

to remove 90% of the uranium was about the same. From the
kinetics coefficients determined for these two cultures, it ap-
pears that the Clostridium sp. of the mixed cell culture is not
contributing significantly to U(VI) reduction. The rate con-
stants for sulfate reduction were unchanged in the presence
and absence of uranium for both cultures.

Further analysis indicates that as the sulfate concentration
increases in the medium from 0.25 to 10 mM, the rate of
sulfate reduction by the mixed culture doubles. Over the same
sulfate concentrations, the mixed culture shows an optimum
rate of uranium reduction occurring at a sulfate concentration
of 1 mM. The pure culture experiments were done at 1 mM
sulfate and uranium concentrations based on the optimum
seen for U(VI) removal by the mixed culture.

Lovley and Phillips (21) examined uranium reduction in the
presence of sulfate by D. desulfuricans (ATCC 29577) in glass
serum bottles at 35°C. L-Cysteine was added as a reductant to
a bicarbonate-buffered medium for experiments exploring
U(VI) reduction in the presence of sulfate, because it yielded
higher rates of sulfate reduction. This was not done in our
studies. Their results show that for the pure D. desulfuricans
(ATCC 29577) culture, the presence of sulfate had no signif-
icant effect on U(VI) reduction. Our data, for both the mixed
and pure D. desulfuricans (ATCC 7757) cultures, indicate oth-
erwise, as shown in Fig. 7. The presence of an electron equiv-
alent amount of sulfate, 0.25 mM sulfate, up to 10 mM sulfate
(40 times the electron equivalents) removed the lag time for
U(VI) reduction and enhanced the overall rate of U(VI) re-
duction. Lovley and Phillips (21) also suggest that U(VI) re-
duction did not influence the rate of sulfate reduction by D.
desulfuricans (ATCC 29577). This was also observed for both
the mixed and pure cultures in this study (Tables 1 and 2).
Lovley and Phillips showed that D. desulfuricans (ATCC
29577) could reduce an initial 0.35 mM U(V1) concentration
down to 0.09 mM with concurrent reduction of 2.0 mM sulfate
down to 1.1 mM in 4 h, with an initial biomass concentration of
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FIG. 7. (A) Time course of concurrent uranium and sulfate reduction for a Ug of 1.0 mM and an S, of 1.0 mM by the mixed celi culture. A, sulfate concentration;
©, U(VI) concentration. Lines represent zero-order and first-order models fit to sulfate and vranium reduction data, respectively. Data points are average values from

two

separate experiments. Average Xo = 0.51 mg (dry weight) of cells/ml. %, reduction of 1 mM U(VI) alone by 0.50 mg (dry weight) of cells/m! by the same mixed

cell culture (38). Error bars, standard errors. (B) Time course of concurrent uranium and sulfate reduction for a Up of 1.0 mM and an S, of 1.0 mM by the pure culture
D. desulfuricans (ATCC T757). Symbols are as described for pancl A. Data points are average values from two separate experiments. Average X, = 0.29 mg (dry weight)
of celis/ml. *, reduction of 1 mM U(VI) alone by 0.32 mg (dry weight) of cells/m! (38). A model for this reduction is reported elsewhere (38). Error bars, standard

€TITOTS.

approximately 0.2 to 1.0 mg (dry weight) of cells/ml (0.5 mg of
protein/mg [dry weight] conversion assumed per Bailey and
Ollis [2]) at 35°C (18). A decrease in the reaction temperature
from 35 to 20°C would produce at least a 50% decrease in the
reaction rate (2). Thus, at a temperature comparable to that
used in this study, U(VI) and sulfate reduction by D. desulfu-
ricans (ATCC 29577) would be expected to take 6 to 8 h. If the

experiment is conducted in glass serum bottles, a 15% sorptive
effect of uranium and a 10% sorptive effect for sulfate may be
present, though the overall reduction trend is the same. Both
cultures utilized in this study showed a higher rate of reduction
as described; this, however, may be a function of the cell
concentrations used.

For the concurrent reduction of sulfate and uranium by
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FIG. 8. Zero- and first-order models applied to the enzymatic reduction of 0.25 mM sulfate and 1 mM uranium by the mixed cell culture, respectively. Each sct
of data points is an average from three experiments with the same mixed cell culture. Models are fit to plotted data with values given in Table 2. X, = 0.48 mg (dry

weight) of cells/ml. Error bars, standard errors.

SRB, two reductive processes for U(VI) are possible: enzy-
matic reduction as described above and chemical reduction by
SRB-produced sulfides. Originally, this was thought to be the
dominant mechanism, as it is thermodynamically feasible (30,
31). Lovley and Phillips (21) found that the enzymatic reduc-
tion was significantly faster than the nonenzymatic, sulfide
reduction of U(VI), even in the presence of catalytic SRB cell

surfaces, as the temperature optimum for U(VI) reduction is
consistent with enzymatic reduction. Based on Lovley and Phil-
lips’ conclusions, we did not test for any sulfide effects in the
combined reduction experiments. Considering the relatively
short time courses of our experiments, the temperature of our
experiments, and the kinetics coefficients described in Table 2,
the sulfides produced may have had a role in the fact that the
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FIG. 9. Zero- and first-order models applied to the enzymatic reduction of 10 mM sulfate and 1 mM uranium by the mixed cell culture, respectively. The average
X, for the three cxperiments with the same mixed cell culture represented is 0.46 mg (dry weight) of cells/ml. Error bars, standard errors.
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TABLE 2. Zero- and first-order model kinetics coefficients determined for both the mixed and pure cell cultures
Initial cell concn .. L. . ko (1M SO2/
Initial sulfate Initial uranivm e * k, (mg [dry w1] of
Culture me E?S.,‘."];’ conen (mM) concn (mM) o Sg‘gn[ﬂd;? ::i]n") SRB/ml) - min~?)
Mixed cell 0.47 = 0.01 0.25 1.0 204 0.041 = 0.004
0.50 + 0.01 10 1.0 36+7 0.071 = 0.003
0.46 + 0.01 10 1.0 41+ 6 0.039 = 0.009
D. desulfuricans (ATCC 7757) 0.29 + 0.004 1.0 1.0 26x2 0.137 = 0.016

lag time seen with reduction of U(VI) only was minimized
when sulfate was also present for reduction. This effect, how-
ever, is likely to be minor.

Conclusion. For the mixed cell culture, a reproducible and
predictable lag time until the onset of reduction for both the
native electron acceptor, sulfate and U(VI) is possible. A cell
concentration-based threshold until the onset of sulfate reduc-
tion can begin was reproducibly found for the mixed cell cul-
ture, resulting in a described lag time. This culture exhibited a
similar lag time in reducing U(VI) alone, though at a higher
cell concentration. Zero- and first-order models best fit the
data for the concurrent removal of sulfate and uranium, re-
spectively, suggesting that the rate-limiting step for each elec-
tron acceptor’s reduction is not the same. These studies were
performed at room temperature for both cultures, the upper-
end temperature of natural waters. For a bio-based treatment
system this is important, as U(VI)-containing waters are nat-
urally cool. For the cultures tested herein, reduction of aque-
ous U(VI) was enhanced by the presence of aqueous sulfate.
The presence of sulfate both minimizes the lag time and in-
creases the overall rate.
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Abstract—The interaction of aqueous U(V]) with galena and pyrite surfaces under anoxic conditions
has been studied by solution analysis and by spectroscopic methods. The solution data indicate that
uranyl uptake is strongly dependent on pH: maximum uptake (>98%) occurs above a pH range of
between 4.8 and 5.5, depending on experimental conditions. Increasing the sorbate/sorbent ratio results

. "\ in a relative decrease in uptake of uranyl and in slower sorption kinetics. -
- G Auger ¢lectron spectroscopy (AES) analysis indicates an inhomogencous distribution of sorbed uranium
4 N~ ;) atthe surface. In the case of galena. formation of small precipitates (~40 nm wide needles) of 2 uranium
\d Qv‘ ? oxide compound are found. Pyrite shows a patchy distribution of uranium, mainly associated with oxidized
surface species of sulfur and iron. X-ray photoelectron spectroscopy (XPS) yields insight into possible
redax processes indicating, for both sulfides. the concomitant formation of polysulfides and a uranium
oxide compound with a mixed oxidation state at a U(V1)/U(1V) ratio of ~2. Furthermore, in the case
of pyrite, at pH above 6 increased oxidation of sulfur and iron and higher relative amounts of unreduced
surface-uranyl are observed. Fourier Transformed Infrared (FTIR) analysis of surface-bound uranyl shows
a significant shift of the asymmetric streiching frequency to lower wavenumbers which is consistent with
the formation of a U;Og-type compound and thus, independently, confirms the partial reduction of

uranyl at the sulfide surface.

The combination of AES, XPS, and FTIR provides a powerful approach for identifying mechanisms
that govern the interaction of redox sensitive compounds in aqueous systems. Our overall results indicate
N that sulfide minerals are efficient scavengers of soluble uranyl. Comparing our results with recent field

observations, we suggest that thermodynamically metastable U305 controls uranium concentratiops in
many anoxic groundwaters. :

INTRODUCTION ot thermodynamic factors (ANDERSON, 1987; KLINKHAM-
MER and PALMER, 1991). In fact, in a study by ANDERSON
et al. (1989). no reduction of U(VI) was observed in anoxic,
H.S-bearing bottomwaters. whereas reduction to U(1V) was
shown to occur in the underlying sediment at similar redox
conditions. Supportive evidence for the inert properties of
uranyi in H,S-bearing homogeneous solutions is given by
KOCHENOV et al. (1977); however. these authors.also found
that the addition of mineral particles (e.g.. phosphate min-
erals) 10 the solutions resulted in reduction of uranyl. Certain
bacteria have also been found to be highly efficient reducers
of U(VI) (LOVELY and PHILLIPS, 1992: LOVLEY et al., 1991).
In inorganic systems. sulfide minerals are expected to be
cfficient reducing agents judging from the structure of a
number of ore deposits. Observations of uranium deposits
formed in a groundwater environment. e.g.. a sandstone-type
deposits (LANGMUIR and CHATAM, 1980), reveal association
of U(IV) minerals with sulfide minerals (mainly pyrite). Ex-
perimental studies have also shown sulfide minerals to have
— the capacity to reduce trace metals such as Au(lll). Pd(ll).\ £
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Abstract—The interaction of aqueous U(VI]) with galena and pyrite surfaces under anoxic conditions
t has been studied by solution analysis and by spectroscopic methods. The solution data indicate that
uranyl uptake is strongly dependent on pH; maximum uptake (>98%) occurs above a pH range of
between 4.8 and 5.5, depending on experimental conditions. Increasing the sorbate/sorbent ratio results
in a relative decrease in uptake of uranyl and in slower sorption kinetics.

Auger electron spectroscopy (AES) analysis indicates an inhomogeneous distribution of sorbed uranium
at the surface. In the case of galena, formation of small precipitates (~40 nm wide needles) of a uranium !
oxide compound are found. Pyrite shows a patchy distribution of uranium, mainly associated with oxidized
surface species of sulfur and iron. X-ray photoelectron spectroscopy (XPS) yields insight into possible
redox processes indicating, for both sulfides, the concomitant formation of polysulfides and a uranium
oxide compound with a mixed oxidation state at a U(VI)/U(1V) ratio of ~2. Furthermore, in the case
of pyrite, at pH above 6 increased oxidation of sulfur and iron and higher relative amounts of unreduced
surface-uranyl are observed. Fourier Transformed Infrared (FTIR) analysis of surface-bound uranyl shows
a significant shift of the asymmetric stretching frequency to lower wavenumbers which is consistent with
the formation of a U;0s-type compound and thus, independently, confirms the partial reduction of
uranyl at the sulfide surface.

The combination of AES, XPS, and FTIR provides a powerful approach for identifying mechanisms
that govern the interaction of redox sensitive compounds in aqueous systems. Our overall results indicate
that sulfide minerals are efficient scavengers of soluble uranyl. Comparing our results with recent field
observations, we suggest that thermodynamically metastable U;O; controls uranium concentrations in

many anoxic groundwaters.

INTRODUCTION

THE MOBILITY OF URANYL, U(V]), in groundwater plays an
important role in (1) ore deposit formation and (2) assessment

. . . H,S-bearing bottomwaters, whereas reduction to U(1V) was 3

of radioactive waste disposal. It has been shown that the mo- 2 g . ) . A av) %

- . .. . R shown to occur in the underlying sediment at similar redox -
bility of uranium critically depends on immobilization pro- conditions. Supportive evidence for the inert properties of -
cesses such as sorption to solid particles and reduction of - Sup prope Laln

U(VI) to U(IV) (e.g.. MORSE and CHOPPIN, 1991). Also,
sorption onto ferric oxides and clays, which is prevalent in
oxic groundwater, has been investigated in detail (Ho and
DOERN, 1985: HO and MILLER, 1986; HS! and LANGMUIR,
1985: AMES et al,, 1983; GIBLIN et al., 1981: Koss, 1988:
PAYNE and WAITE, 1991).

Immobilization of U(V1]) by reduction to U(1V), although
considered one of the dominant processes in low-temperature
ore deposit formation (WARREN and GRANGER. 1973;
BROOKINS, 1976), has received relatively littie attention in
the literature. Field observations from marine systems indi-
cate that reduction of U(V1) is primarily controlled by kinetic.
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not thermodynamic factors (ANDERSON, 1987; KLINKHAM.
MER and PALMER, 1991). In fact, in a study by ANDERSON
et al. (1989), no reduction of U(VI1) was observed in anoxic,

uranyl in H,S-bearing homogeneous solutions is given by
KOCHENOV et al. (1977); however, these authors also found
that the addition of mineral particles (e.g., phosphate min-
erals) to the solutions resulted in reduction of uranyl. Certain
bacteria have also been found to be highly efficient reducers
of U(VI) (LOVELY and PHILLIPS, 1992; LOVLEY et al., 1991).
In inorganic systems, sulfide minerals are expected to be
efficient reducing agents judging from the structure of a
number of ore deposits. Observations of uranium deposits
formed in a groundwater environment, e.g.. a sandstone-type
depasits {LANGMUIR and CHATAM, 1980}, reveal association
of U(1V) minerals with sulfide minerals (mainly pyrite). Ex-
perimental studies have also shown sulfide minerals to have
the capacity 1o reduce trace metals such as Au(lll), Pd(Il),
Ag(l). and Cr(V1) (BANCROFT and HYLAND, 1990: BUCKLEY
et al.. 1989: HISKEY et al.. 1987: PERRY et al.. 1984). How-
ever. for uranyl, no such experimental work is available.
This has lead us to investigate the interaction of uranyl
with two sulfide surfaces (galena and pyrite) under conditions
relevant to anoxic groundwaters. From equilibrium calcu-
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lations (neglecting surface effects), such an interaction should
involve reduction of uranyl to crystalline UO, and oxidation
of sulfide to sulfate (LISITSIN, 1962; LANGMUIR, 1978). From
field observations, however, naturally occurring uraninite
formed in low-temperature environments commonly has
compositions within the UO,-U;O; solid solution series,
usually ranging from U,Os to U;Os (LANGMUIR, 1978).

It is well known that the kinetics of redox reactions oc-
curring at mineral/water interfaces often critically depend on
the reactivity of surface sites (cf., e.g.. WEHRLI, 1991). There-
fore. in addition to solution analysis, spectroscopic analysis
of the mineral surface is becoming a prerequisite for studying
complex sorption processes. For example, spectroscopic ev-
idence is vital for uneguivocal distinction between adsorption
and surface precipitation (SPOSITO, 1986; CHARLET and
MANCEAU, 1992) as the principal sorption process. Thus, the
term sorption, as used in this study, does not imply any
mechanistic interpretation.

Recently, much progress has been made in applying spec-
troscopic methods to geochemical systems at interfaces (e.g.,
BROWN, 1990; HOCHELLA, 1990, and references therein). The
usefulness of X-ray photoelectron spectroscopy (XPS) for
studying metal sorption including redox reactions has been
shown for oxide, clay, and sulfide systems (e.g., BANCROFT
and HYLAND, 1990; DILLARD et al., 1981). Valuable infor-
mation on the spatial distribution of sorbed metals can be
obtained by application of Auger electron spectroscopy (AES)
coupled with scanning electron microscopy (SEM) (e.g.,
HOCHELLA, 1988). The use of high resolution AES allows
distinction between uniform sorption and cluster formation
at the surface down to a scale of a few hundred angstroms.
In this study, we have used both XPS and AES to gain insight
into redox chemistry and distribution of sorbed species and
surface alterations. Furthermore, we have used Fourier
Transformed Infrared (FTIR) spectroscopy to investigate the
effect of sorption on the U-O bond. We have interpreted the
results of these spectroscopic techniques in the light of mon-
itoring pH, redox conditions, and dissolved metal concen-
trations.

EXPERIMENTAL METHODS
Materials

Galena (Joplin, Missouri, USA) and pyrite (unknown locality in
Peru) were obtained from the Stanford mineral collection. In addition,
the following solids were used as standard materials: specular hematite
(Minas Gerais, Brazil). synthetic hematite prepared by the method
of MATIEVIC and SCHEINER (1978). uraninite (Miiwchell County,
North Carolina, USA), uranyl nitrate from Baker Corp.. and X-ray
amorphous UQ,; prepared by heating uranyl nitrate 10 480°C for
12 h (WHEELER et al., 1964).

Powders and larger fragments of galena and pynite were prepared
in a glove bag which was thoroughly purged with argon (five cycles
of evacuation and refilling) to minimize oxygen concentrations. The
minerals were cleaved with a hammer and chisel to obtain fresh sur-
faces. Powders were prepared by grinding in an agate mortar. In most
cases the powder was sieved through a 45 um copper sieve. The
prepared solids were stored in glass viais filled with argon, sealed with
a rubber septum. held in place with a brass ring. Storage time pnor
to exposure to uranyl solutions ranged from hours to a maximum
of 2 days.

Characterization of the staning matenal included X-ray diffraction,
SEM. AES. XPS, and FTIR. In addition, Krypton BET analysis was
performed for the crushed powder. The surface area of the crushed

powder was found 1o be 0.6 + 0.1 and 0.7 + 0.1 m?/g for galena ang
pyrite, respectively. X-ray diffraction of the powders indicated googd
crystallinity with no secondary phases. Surface analysis by XPS of
galena indicated an essentially pure material with no evidence of
surface oxidation products. In the case of pyrite, no oxidation products
were detected, but, occasionally, minor impurities of Si. Hg, Cu, ang
Ag were detected and estimated to be below 1| mol%.

Other starting materials included standardized uranyl nitrate sg.
lutions at 1000 ppm U at pH = 3.4, as well as NaOH, HNO;, and
HCI0, standard solutions all from Baker Corp. For all experiments,
double deionized water was used. Nitrogen and argon gases were
99.9% pure.

Sorption Experiments

All sorption experiments were performed at room temperature (20
+ 2°C) under nitrogen or argon atmospheres. The equilibration time
was 6 to 9 days except for experiments where the kinetics of uptake
were studied. The pH was varied in some cases by addition of NaOH
or HNO; 1o test the effect of pH, and in the majority of the experi-
ments pH was maintained between 5 and 6. The possible effect of
laboratory light was checked by running some experiments in the
dark. No differences between these experiments and experiments run
in laboratory light were observed. Since pyrite shows much higher
reactivity for molecular oxygen compared to galena (e.g.. BRION,
1980; TOSSELL and VAUGHAN, 1987), we used a slightly different
procedure for each system as follows.

Galena

Ali experiments were performed under an argon atmosphere. Ura-
ny! nitrate solutions were prepared by diluting standard solutions
with water and then adjusting the pH to the desired value with 0.)
M (M = mol/dm?) NaOH and 0.1 M HNO,. All reagents had pre-
viously been purged with argon. The resulting solution was added
with a syringe (previously purged with Ar) to the galena solid (single
crystal or powder) in a glass vial capped with a rubber septum. In
the case of solid suspensions (10 to 40 g/L) the vials were put onto
a lab shaker for equilibration. At the end of the experiment. further
treatment was performed in a glove bag purged with argon to ensure
anoxic conditions. Afier removing the rubber septum, the pH of the
solution was measured, then an aliquot was passed through a 0.2 um
disposable filter into a vacuum flask containing one drop of concen-
trated HNO; for uranium and lead analysis. The remaining material
was collected on a 0.2 um nylon filter, rinsed with Ar-purged H,0,
and dried under low vacuum in a desiccator. In the case of single
crystals, samples were either blow dried or dipped into water before
drying and prior to analysis. No difference between these two drying
methods was observed.

Pyrite

All experiments were performed in a glove box (Labconco #50600).
To remove oxygen, the glove box was purged for 2-3 days with ni-
trogen which was passed through two wash bottles filled with a reduced
vanadeous chioride solution {**Jones reductor™) followed by a basic
solution to trap acidic vapors. The entering gas stream did not produce
a color change in either the methylene blue test strip or a saphranine-
O solution at pH 9. At this pH, the theoretical Po, is around 1072
atm. The desiccator containing the pyrite starting material (single
crystals and powder) was introduced via the prep chamber into the
main chamber of the giove box which was then swept with nitrogen
for one additional day prior to the start of an experiment. All solutions
were boiled and transferred 1o the glove box. The uranyl nitrate so-
lutions were prepared in the glove box under a continuous stream
of the entering gas in the same manner as the galena samples. Pyrite
powder was washed under slightly acidic conditions (pH = 4 adjusted
with HCIO,), filtered in a vacuum flask, and rinsed with H.O in order
to remove impurities at the surface. This washing procedure was
repeated three times. Thereafter, the uranyl nitrate solution was added.
either as described for galena. in which case the vials remained sealed.
or the vials were opened and continually monitored with a pH elec-
trode. while a continuous stream of N, was passed over the solution.
In the case of powder suspensions, stirring was ensured by a small
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rotator (sealed vials) or by a magnetic stirrer (open vials). The filtering
and drying procedure was the same as for the galena samples, except
that it was performed in the glove box.

Solution Analysis
pH measurement

The pH was monitored using an Orion Ross combination glass
electrode (part no. 8103). The electrode was calibrated with standard
puffer solutions (4 and 7) before and after each experiment. The pH
of the solutions were measured before addition of the solid and after
the reaction period.

Uranium analysis

Dissolved uranium (that which passed through a 0.2 um pore-size
filter) was analyzed by liggid scintillation counting using a Packard
Model (model no. 2500) instrument. The filtrate (2-4 mL) was mixed
with 15 mL of EcoLite #882475 (ICN Biomedicals, Inc.) solution.
Standard solutions which were prepared from uranyl nitrate (1000
ppm U) stock solutions (Baker Corp.) were used for calibration.
Counting times were 2-4 h per sample. The sensitivity limit was
found to be approximately 2--3 uM U. The amount of sorbed uranium
was determined by the difference between total added U and the
measured concentration in solution.

Atomic absorption analysis

Total dissolved metal (lead and iron) in the suspensions was oc-
casionally analyzed by atomic absorption using a Perkin-Elmer model
403 spectrometer configured in the graphite furnace mode.

Auger Electron Spectroscopy (AES) and Scanning Electron
Microscopy (SEM)

AES is a surface sensitive spectroscopic technique for measuring
atomic composition with high lateral resolution. The applications of
this method for geochemical purposes has been extensively reviewed
in HOCHELLA (1988). In this study AES and SEM analyses were
performed using a Perkin Elmer 670 Nanoprobe. The same electron
beam used to excite the Auger electrons of the sample is used to
generate SEM images via a secondary electron detector attachement.
Beam conditions used were between 3 and 5 kV accelerating voltage,
and 5 to 20 nA beam current. The spatial resolution of AES with
this instrument under these conditions ranges from 500 to 1000 A,
and the depth of analysis is about 10 A. Galena and pyrite standards
for AES reference spectra were analyzed before and after immersion
in pure deoxygenated water. In order to identify Auger electron lines
for uranium unambiguously (cf. BASTASZ and FELTER, 1982), stan-
dards including uraninite and uranyl sorbed onto a single hematite
crystal were also analyzed. Samples analyzed by AES and SEM were
in contact with air for less than 2 min prior to transfer to the ultra-
high vacuum of the instrument.

X-Ray Photoelectron Spectroscopy (XPS)

XPS, like AES, is a surface sensitive spectroscopic technique.
However, its strength lies in the determination of chemical states at
a surface rather than lateral resolution. The applications of this method
for geochemical purposes have been extensively reviewed in Ho-
CHELLA (1988) and BANCROFT and HYLAND (1990). XPS analysis
was done using a VG ESCALAB MkIl. Experimental conditions were
vacuums in the range of 5 X 1077 to 10~* Torr, nonmonochromatic
Al X-rays (about 200 watts), and pass energies between 20 and 50
eV. Semiquantitative chemical analysis was carried out by determin-
ing experimental photoionization cross-sections for the Pb4f, S2p,
and Fe2p lines of galena and pyrite standards. For U4/, a theoretical
photoionization cross-section (o) (SCOFIELD, 1976) was used. From
these cross-sections the effective intensity ratios were calculated. For
example, the elemental ratio of U/Pb in the near-surface is

— = M Y i
Pb lm/ UU4[ ( )
where | designates peak intensities.
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Using the approximation of HOCHELLA and CARIM (1988), under
the assumption of a uniform layer, the thickness of sorbed material
(x) on the surface can be estimated:

luy
| - vy , 2)
lvy | Iny
ng/ Tpoas,

x=-x-cosf-In

where 8 is the angle between the sample normal and the direction of
the detector and A is the attenuation length (SEAH and DENCH, 1979).

The absolute electron binding energies were determined using the
gold dot method outlined by STipP and HOCHELLA (1991). Curve
fitting was performed with a least-squares Gaussian-Lorentzian fitting
routine after the background was subtracted using a Shirley-type al-
gorithm. Also, in the case of U4f;,, lines, interfering X-ray satellites
associated with U4/, lines were subtracted.

Fourier Transformed Infrared (FTIR) Spectroscopy

In addition to XPS and AES we employed diffuse reflectance FTIR
spectroscopy, which is a nonvacuum technique. Depending on the
nature of the absorber, this technique can show high sensitivity for
surface compounds/compiexes on powdered samples. Galena and
pyrite have no infrared active vibrations in the mid-infrared region.
This property makes it favorable to conduct IR spectroscopic studies
of IR active species sorbed on the surfaces of these minerals. Con-
sequently, if an absorption band is observed in the spectra of galena
or pyrite it must originate from a sorbed species, from oxidation
products, or from some other type of surface contamination. The
free uranyl ion has three fundamental vibrational modes: symmetric
stretching (v,), bending (), and asymmetric stretching (v5). In a linear
and symmetric ion only »; and v; modes are infrared active. All three
modes will be infrared active if uranyl is coordinated in such a way
that it does not have a center of symmetry. In any case, v, and »,
will give rise to relatively weak bands. We will therefore discuss the
more intense asymmetric stretching vibration, »;. To be able to qual-
itatively interpret the spectra of uranyl sorbed on galena and pyrite
we have made comparisons with the spectra of selected model com-
pounds.

All IR spectra were recorded using a Mattson Cygnus 100 FTIR
spectrometer equipped with a diffuse reflectance unit (Harrick Sci-
entific Corp.). The diffusely reflected radiation was registered with a
wide range mercury cadmium telluride detector. The sample com-
partment was purged with air which was previously dried and CO,-
scrubbed. KBr (IR quality, Fluka Comp.) was used as a non-absorbing
matrix and background. The diffuse reflectance spectra were obtained
from 20 mg of the sample mixed with 0.5 g KBr powder. All spectra
were recorded by averaging 128 scans at a resolution of 4 cm™.

RESULTS

We studied the sorption of uranyl to galena and pyrite
powder suspensions and single crystals at room temperature,
under anoxic conditions by (1) correlating the solution pH
with dissolved metal concentrations (U, Pb, Fe) and (2) an-
alyzing the solid surface by three independent spectroscopic
methods; AES/SEM, XPS, and FTIR. A summary of the
experimental conditions and methods applied to the pre-
sented experimental data is given in Table 1.

Metal Uptake from Solution
Galena

High uptake of uranium above pH = 4.7 is observed for
the galena suspensions. This pH-dependent sorption is shown
for total uranium (U,) of 0.2 mM in Fig. 1 which indicates
constant high uptake up to pH 8. Monitoring the pH of initial
solutions (before addition of the solid) and final solutions
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Table 1 Table.2
Overview of rep ive uranyl sorpti p with galena and pyrite

substrates. Equilibration times = 6-8 days (except no. 6 and 7), pH corresponds to
value (t 0.1) measured after equilibration, U, is total U added, p: powder, c: single
crystals.

run type U, pH XPS FTIR SEM/ Comments

a0. mM AES

gaisna

1 p 400 44 + + - no. 1-3 have same surface areas
2 p 100 350 + + -

3 p 024 52 + + -

4 p 050 52 - + -

5 p 050 50 - - - pretreated surface (oxidized)

6 p 020 5.1 + - . samples taken at diff. equilib. times
7 p 020 52 + . - pretreated surf., diff. equilib. times
8 ¢ 250 50 + . -

9 ¢ 020 65 + - -

10 ¢ 004 55 + - -

11 ¢ 002 53 + - - -

12 ¢ 002 53 + - -

i3 ¢ 020 5.0 - - +

pyrite

20 p 020 51 + - -

2t p 024 52 - - -

22 p 024 63 + + -

23 p 020 + + - PH stat used

24 ¢ 020 S.1 + - +

25 ¢ 020 58 + - +

26 ¢ 020 63 + - -

(after reaction with the solid) usually shows little change
(within 0.2 pH units) for a large range of U, (0.1-1 mM),
However, in experiments which were characterized by high
solid/solution ratio and unbuffered initial conditions (pH
== 5.5), an increase of 2 10 3 pH units was noted.

We further investigated the effect of uranyl concentration
on the sorption process and ran experiments at different U,.
Blank runs (without adding the solid) at high concentrations
of U, (1 and 4 mM) were also performed to reassure the
absence of precipitation from homogeneous solution (see also
KOCHENOV et al., 1977). As shown in Table 2, the amount
of uptake shows a gradual increase from 90% uranium for
the highest concentration of uranyl added (4 mM) up to 99%
uranium for U, = 0.2 mM. Using the crystallographic site
density on (001)-type faces (5.6 sites/nm?) and the surface
area of our samples the amount of uranium sorbed (U,o)

100

—
80 1
FeS2
h-4
2 &0 1
H
]
=]
& 4 1
20 -
o L L L
6 7 8 9

pH

FIG. 1. Sorption isotherm of uranyl sorbed as a function of pH;
U, = 0.2 mM, surface area = 50 m?> dm~>. Squares: galena sorbent;
circles: pyrite sorbent.

Influence of uranyl concentration on galena sorption
data. Equilibration time = 7 days, surface area = 50m?
dm3, U (total added U), Ugy (U on surface ), S,
(crystallographic surface sites); see also XPS and IR
data. Subscript “diss” refers to total concentration in

solution.

un U, Usiss U,  Uson/Si  Pby,
no. yM_ wM % - M

1 4000 400 9.0 87 68.8
2 1000 12 98.8 24 33

3 244 2 99.2 0.6 0.6

with respect to total surface sulfur sites (S,) can be estimated.
For the reacted suspensions this computation indicates (1) a
high U,on/S; ratio (0.6-10) at the surface and (2) a gradual
decrease in the percent uranyl removed from solution with
an increase of this ratio.

Uptake of uranium from solution follows relatively slow
kinetics and suggests a two-step process. i.e., a relatively fast
initial uptake within the first hour of reaction and a subse-
quent slower uptake which proceeds for days (Fig. 2). More-
over, the rate of uptake is dependent on the amount of ura-
nium added with higher concentrations showing slower up-
take kinetics.

The evolution of dissolved lead follows trends parallel to
the sorption of uranium. A gradual increase in the lead con-
centration with time is noted upon addition of urany! (Table
3). Furthermore, the released lead concentrations are pro-
portional to the added uranyl concentrations. as shown from
the experimental series in Table 2. In one set of experiments
(#5; Tabie 3) an oxidized galena surface, which was prepared
by heating galena powder for 24 h at 100°C, was exposed to
the same conditions as a paralle] experiment using unoxidized
material (#4, Table 3). The kinetic behavior of both experi-
ments exhibits similar trends in terms of uranium uptake.
The oxidized sample shows one to two orders of magnitude
higher concentrations of released lead. Also, the data suggest
an increase of released lead with time.

Pyrite

Like galena, uranium uptake by pyrite is pH dependent
(Fig. 1). In this case maximum uptake occurs above pH = 5.5.

100 Y ® .
a X
® A

80 b -
- )
2 «¥TC i
[
]
- 40 -
BQ 4

2 -

0 100 200 300

time (h)

FIG. 2. Kinetics of uranyl sorption on galena. pH = 5.2 + 0.3,
surface area = 10 m? dm™3, Circles: U, = 0.2 mM: triangles: U, = 0.5

mM. Compare samples a, b. ¢ with corresponding XPS data in
Fig. 7.
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Table 3

Influence of kinetics on U sorption on galena for
two different surfaces: no. 4 nop-oxidized
surface, no. 5 previously oxidized surface in air at
100 *C. Orherwise same conditions for both
experiments: surface area = [0m?2 dm, pH = 5.0

% 0.2, U, = 500 pM.

run time Uges Pog,,

7o, houss pM

4 1.5 392 8.7
40 378 24.6
2000 39.2 56.9

control* 2000 - 17.7

5 1.5 3 214
25 364 202
2000 T 304

control® 2000 - 195

* refers to control experiment where only water at

pH = 5 was added.

Preliminary experiments indicated that maximum uptake
depends on the U,,/S, ratio and the sorption edge is shified
to lower pH (down to pH = 5.0) for lower ratios. It appears
that above pH 6 there is a slight decrease in the percent ura-
nium removed from solution (Fig. 1), although there is in-
sufficient data to establish a definite trend. In our experiments.
pH was not controlled, except for one set of experiments
where pH was kept relatively constant with a pH stat (Table
4). At pH values higher than 6 a significant drop in pH during
reaction with uranyl is noted in contrast to the galena system.
Also, the dissolved iron concentration is lowered by addition
of uranyl compared to pure pyrite suspensions in the absence
of added uranium.

Due to the different experimental procedure (see Expen-
mental Section) compared to galena. no short time kinetic
data are available. However. our results indicate that uranium
uptake at the pyrite surface is completed within two days for
U, between 0.1-0.5 mM.

AES/SEM

The combination of AES and SEM analysis used in this
study provides information on the spatial distribution (down
10 a lateral resolution of 500 A) for elements within approx-
imately the top 10 A of the surface. n particular. we focused
on the spatial distribution of sorbed uranium and on possible
reaction products resulting from the interaction of uranium
with the sulfide surface.” Auger reference spectra aken for
sulfide standards before and after immersion in pure deox-
vgenated water showed no noteable differences.

Tabled

Representative pyrite sorption data.
Equilibeation time 6 10 8 days, surface area =
40 - 50 m2 dm-3.

mun  pH U, BoUon  Fegy,
no. i

20 5.1 200 346 35
21 52 236 98.8 2

22 6.3 236 97.2 L}
23+ 58 200 91.2 LS

* pH stat used

Galena

Figure 3a depicts a SEM micrograph of a galena crystal
surface after reaction in a uranyl solution (0.2 mM) at pH
3.0. AES analysis was performed both on the flat (001) plane
(area | in Fig. 3a) and on the rough surface containing smail
galena crystallites (area 2). The Auger spectra for the same
regions (Fig. 4a) display a significant difference of chemical
composition between the two areas. Whereas the flat surface
exhibits very little uranium (<1/10 monalayer based on uni-
form coverage). the rough surface shows a significant enrich-
ment of uranium and oxygen. and a decrease in carbon. Tead,
and sulfur. The flat surface showed very similar Auger spectra
10 thoSe obtained for the galena standards.

FiG. 3. SEM image of freshiy cleaved galena single crystal exposed
to (1.2 mM uranyl nitrate solutions at pH = 4.8 for § days. (a) rec-
tangular boxes (arca 1 and 2) indicate arcas of AES analysis given in
Fig. 4a. {b) High magniticalion of area 2 shows aggregation of galena
panticies. Note occurrence of small necdle-shaped panicles visible on
galena substrate: AES analyses of small panticie located just to the
left of the center of the image and of adjacent flat substrate are given
in Fig. 4b.
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F1G. 4. Differentiated Auger spectra of galena sample exposed to
uranyl nitrate solution. (a) areas | and 2 respectively illustrated in
Fig. 3a. (b) small needle-shaped particle and adjacent flat surface
illustrated in Fig. 3b.

The rough surface was examined in more detail. This area
shows an aggregation of relatively small, irregularly shaped
particles (Fig. 3b). However, relatively flat surfaces are also
present. As illustrated in this figure, very small needle-like
particles (500 A in width) occur both on the flat surfaces and
on the irregular edges. Using high-resolution AES, it was pos-
sible to determine the elemental composition of the small
particles and the adjacent flat surfaces (Fig. 4b). Again, a
significant difference is observed in the resulting Auger spec-
tra. The Auger spectra obtained with a beam on a small par-
ticle shows major uranium and oxygen lines, in addition to
lead and sulfur lines. The substrate shows little to no uranium,
very weak oxygen, and major lead and sulfur. Analysis of
other needle-like particles and adjacent substrate yields similar
results. The lead and sulfur signals in the particle spectrum
are most likely due to the forward scattering of the electron
beam onto the substrate from these exceptionally narrow
needles. These particles probably only contain uranium and
oxygen and their formation is presumably favored in regions
of high surface area. Moreover, these precipitates appear to
have formed along crystallographically preferred directions
since, in many cases, they are found to be oriented in a paraliel
arrangement.

Pyrite

We present the SEM and AES analysis of two pyrite sur-
faces exposed to 0.2 mM uranyl nitrate solutions at pH 5.2
and 5.6 (runs no. 24 and 25, Tabie 1). SEM analysis of freshly
broken pyrite crystal samples reveal, as expected, poor cleav-
age and concoidal fracture (in contrast to galena). AES anal-
ysis of uranium for both samples shows a more uniform dis-
tribution of uranium relative to galena and no evidence for
small U-rich particles. However, distinct spatial heterogene-
ities of uranium are still found. In fact, both samples show
discrete patches of oxidized reaction products within a matrix
of FeS,, the latter which does not show an AES spectrum
significantly different from unreacted pyrite. The formation
of these oxidized zones is found to be far more extensive for
the higher pH sample. The oxidized zones are identified by
the increased relative intensity of the oxygen lines compared
to reference pyrite surfaces. Two chemically distinct oxidized
zones are found (Figs. 5 and 6), one characterized by low
sulfur, high iron and oxygen (area 1) and the other by rela-
tively high sulfur, iron, and oxygen (area 2). The former sug-
gests a Fe(Ill) oxide-rich area and the latter an oxidized S-
rich area. Uranium is consistently associated with these ox-
idized areas whereas it occurs at much lower levels in the
unoxidized areas (area 3). The sample equilibrated at lower
pH does not show such vanability in chemical composition
and reveals a high, more uniform, uptake of uranium (data
not shown). Nevertheless, occasional distinct zones of very
low sulfur, high iron and oxygen suggest the presence of Fe(1Il)
oxide containing similar amounts of uranium as the S-rich
zones.

In summary, AES/SEM analysis suggests a pH-dependent
redox process where a U-O compound is correlated with areas
of surface oxidation.

XPS

In contrast to AES, XPS data reflects the average surface
composition over a relatively large area (2-5 mm? as used in
this study), but this technique yields more information on

FIG. 5. SEM image of freshly cleaved pyrite single crystal exposed
to 0.2 mM urany! nitrate solution at pH = 6.5 for 6 days. Areas 1,
2. and 3 are analyzed by AES as shown in Fig. 6.

1
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FiG. 6. Differentiated Auger spectra of pyrite sample exposed to
uranyl nitrate solution. Labels 1, 2, and 3 correspond 1o specira of
areas illustrated in Fig. 5.

chemical states of near-surface elements. XPS analysis fo-
cused on redox processes involving uranyl and sulfide. In the
case of galena, semiquantitative XPS analysis of surface ura-
nium is compared 1o sorbed uranium concentrations derived
from solution analysis.

Analysis of standards and photopeak energy calibration

Table 5 shows binding energies of the main uranium pho-
topeak, U4f;,;, for U(VI) and U(IV) compounds used as
standards in this study and from data found in the literature.
Our analysis of the U(VI) materials (sorbed uranyl on he-
matite, UQ;, and UO5(NO;),) show similar U4f;,, binding
energies (+0.3 eV) whereas a shift of 1.2-1.5 eV to lower
binding energies is observed for U(IV) oxide. This agrees with
previous XPS studies of uranium oxide compounds (CHAD-
WICK, 1973; ALLEN et al., 1974; SUNDER et al., 1981; VEAL
and LaM, 1982). This shift has been established to be char-
acteristic of the oxidation state for a given uranium oxide
(Table 5). Changes in coordination of uranium, as shown for
various UO; oxides (ALLEN and HOLMES, 1987) have no
discernable effect on U4f;,, peak energies.

Interestingly, for all analyzed U(VI) compounds, a slight
shift (0.2-0.4 eV) of the U4f;,, photopeak to lower binding
energy and line broadening is observed upon continued ex-
posure to the uitra-high vacuum (UHYV) of the spectrometer
(i.e., over several hours). This change is most significant for
low surface concentrations of uranium on Fe,05. Similar ob-
servations for UQ; exposed to UHV were made by ALLEN
and HOLMES (1987) and interpreted as a gradual reduction
of U(VI]). Therefore, for calibration purposes and to be con-
sistent throughout our study, we analyzed all samples within
I h of UHV exposure at similar base pressures (see Expen-
mental Section).

Shake-up lines for both U(I1V) and U(VI) on the high bind-
ing energy side of the main peaks have been identified by

ALLEN ét al. (1987) who studied oxidation of crystalline UO,.
In our samples, however, perhaps in part due to relatively
weak uranium signal intensities, no shake-up features are
observed.

XPS analysis of all galena single crystals and powder ref-
erence samples do not exhibit any noteable differences in
their spectra. The analyzed standards include samples which
were either directly measured after cleavage, stored in air for
several hours, or immersed in deoxygenated water. In all cases
there is no indication of polysulfide or 5-O compounds at
the surface. However, for the preoxidized surfaces before im-
mersion (see run no. 7, Tables 1 and 6), a minor peak at
~168 eV on the high binding energy side of the S2p line is
revealed which is characteristic of surface-bound sulfate (e.g.,
BALTRUS and PROCTOR, 1990). For pyrite standards, the XPS
data also indicate the absence of surface oxidation for powder
and single crystal samples prepared under controlled atmo-
sphere conditions (see Experimental Section) before and after
immersion in water. This is reflected in the Fe2p and the S2p
lines which do not indicate any contribution from oxidized
compounds. However, for samples exposed to air, the S2p
line indicates surface oxidation by the presence of a S-O
compound.

Galena

The intensity of the U4f line for reacted galena samples is
compared to the concentrations of sorbed uranium (Table
6). To normalize the XPS data for each sample, we calculated
the U4//Pb4f line intensity ratio. Figure 7 illustrates the in-
crease of the relative intensity of U4/ with increasing equil-
ibration time. This corresponds to the same experiments de-
picted in Fig. 2. The increase agrees with the increase of sur-
face uranium determined by solution analysis within 15%.
This demonstrates the usefulness of XPS as a semiquantitative
analytical too] for measurement of sorbed uranjum. Fur-
thermore, if uniform coverage is assumed, we have estimated
the equivalent number of monolayers sorbed using Eqn. 2.
The result is between | and 2, and is in agreement with results
from solution analysis.

The line shapes of U4/ are not affected by an increase in
equilibration time (Fig. 7 and Table 6) or by increase in pH.
However, the concentration of added uranium does have a

Table 5
XPS absolute binding energies for U4f,, line
determined for various uranium oxide compounds.

sample Uaf,, reference
(V)
U0, powder 3808x0. this
U0, crystal 380.8+0.1 )
U0, (amorph) 3824202
uranyl on Fe,0, 3822x025 "
uo, 380.1 1
U,0q 3808 1
U304 381.1 1
U0, 3819 1
Uo, 380.7 2
U;04 3811 2
uo, 3819 2

1: Allen et al. (1974), 2: Chadwick (1973)
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Table 6

XPS data for galena samples; t refers to equilibration time of experiment, FWHM
refers to full width at half maximum for Uédf,, line. The elemental ratio is
calculated according to Eq. 1 (text).

P. Wersin et al.

sample/ equilibration U, Udf,, FWHM UPb  S/Pb

runno. time {mM) (eV) (eV) %(atom) %(atom)
powders

I t="7 days 4 3819 23 246 08

2 t=7 days 1 3820 29 1.04 1.0

3 t=7 days 0.2 3815 28 047 1.1

6 t=2min. 0.2 3814 24 0.03 1.0
t=1 hours " 3816 25 0.04 1.0
t=2 days " 3815 25 0.15 0.9
t=9 days " 3814 24 0.21 0.9

7 t= 7 days, ox. surf. B2 381.5 2.5 0.17 09

8 t=1day 35 3821 25 0.31 0.9

9 t=7days 02 3816 2.7 1.83 0.7

10 1=7 days 0.04 3814 31 0.05 09

11 t=7 days 0.02 3812 3.1 0.02 1.2

12 1= 7 days 0.02 3815 29 009 10

significant effect on the U4/ binding energies and peak shape.
At high concentration of added uranyl (=1 mM), the lines
observed correspond to the ones found for uranyl-type com-
pounds (Table 5). In other words, these lines are identical to
the one found for uranyl sorbed on hematite. At low con-
centrations of added uranyl (<0.5 mM), lines are found to
be broadened and separated by 0.5-0.9 eV to lower binding
energies, to a position between those for pure U(IV) and U(V])
compounds. In fact, these lines can be adequately fit with
two lines corresponding to tetravalent and hexavalent states,
respectively (Fig. 8). This systematic change in U4fline shape
relative to the one noted at high U, is observed for both pow-
der suspensions and for single crystals (Table 6). It is also
interesting to note that the same U4/ line positions and shapes
are seen for powders where the surface of galena was previ-
ously oxidized by heating at 100°C under air and subse-
quently exposed to the same experimental conditions (com-
pare exp. #6 and #7, Table 6).

Analysis of the S2p line of the galena surface indicates a
slight broadening 10 higher binding energies upon increasing
reaction time with uranium (Fig. 9). This shift is characteristic
of polysulfide formation. The S2p line for this compound is
centered between 161.5 and 163.5 eV (HYLAND and BAN-
CROFT, 1989; BUCKLEY and WOODS, 1984; BRION, 1980).
However, none of our S2p spectra taken from reacted solids
indicates the presence of S-O species (sulfate) which have a
characteristic peak at about 168 eV.

uat

intensity

Binding Energy (eV)

FIG. 7. U4f spectra of galena powders exposed to uranyl nitrate

sojutions. Samples a, b, ¢ correspond to experiments depicted in Fig.
2.

uaf,,,

Intensity

378 380 382 384 386
Binding Energy (eV)

FIG. 8. Typical smoothed U4£;,; spectrum of galena sample exposed
to 0.2 mM uranyl nitrate solution. Spectral envelope represents the
measured spectrum (background subtracted and smoothed) and the
sum of the two component curves; peak components are for U(IV)
(lower binding energy) and U(VI) (higher binding energy), respec-
tively.

The S/Pb intensity ratio shows a certain variation for ref-
erence samples (0.9-1.1) and for reacted galena (0.7-1.2, Ta-
ble 6). This ratio, which may be affected by heterogeneously
distributed impurities on these surface (see Experimental
Section), shows no clear-cut effect with regard to sorbed ura-
nium except in the case of very high concentrations. Thus,
comparison of experiments #1, #2, and #3 which were per-
formed at the same conditions with regard to surface area
suggests a decrease of the S/Pb intensity ratio at highest ura-
nium loadings (Table 6). This suggests a slight depletion of
sulfur at the surface for very high uranium loadings. Fur-
thermore, at these surface loadings we observed broadening
of the Pb4/ lines towards higher binding energies. These lines
can be fit with two peaks shifted by 0.9 eV (data not shown).
This indicates two different environments for surface lead.
The high binding energy line is consistent with that of a lead
hydroxide (BUCKLEY and WOODS, 1984).

Pyrite

In contrast to galena, XPS data for pyrite indicates a sig-
nificant effect of pH on the reaction products at the sulfide
surface (Table 7). In the pH range of 5.1-5.3, the U4/ lines

S2p

Intensity

1
168

1 i
160 164
Binding Energy (eV)

FIG. 9. S2p spectra of unreacted galena sample (lower curve) and
galena sample reacted with urany! nitrate solutions (upper curve).
Spectra are not background subtracted.
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are found 1o be very similar to those observed for galena in
the same U, concentration range (0.2 mM), thus indicating
the formation of a mixed U(IV)-U(VI) oxide. The corre-
sponding S2p line shows a very slight broadening towards
higher binding energies which is compatible with polysulfide
formation observed in the pyrite system (e.g.. HYLAND and
BANCROFT. 1989; MYCROFT et al., 1990). The Fe2p lines. *
however, show no noticeable difference compared to the un-
reacted samples and therefore no indication of Fe(11]) at the
surface.

At higher pH (>5.5), the U4/, S2p. and Fe2p lines show
considerable broadening towards higher binding energies

_(Table 7, Fig. 10), a feature which increases with increasing

pH. A significant Fe(lll) co i ibi the Fe2p
spectrum at pl t the lower pH
samp ysis of the correspording S2p line indicates sig-

nificantly increased amounts of polysulfide at the surface

compared to the lower pH sample (Fig. 10b). The slight

broadening of the U4f line 10 higher binding energies (Fig.

10c) is interpreted in terms of a higher U(VI) component as

discussed previously. Moreover, in one experiment (exp. #22)

with relatively high concentrations of uranium (0.5 mM) at

a pH of 7.5, we observed a great degree of broadening of the
S2p lines, which can be attributed to relatively high amounts

of polysulfide and elemental sulfur, and extremely broad U4/
lines (Table 7). These broad U4/ lines, which were not ob-

served in any other experiment or standard, are presumably

caused by (1) contribution of U(1V) and U(V]) components
and (2) charge shifting due to extensive coverage of insulating
oxidized products.

FTIR

IR spectra of uranium and sulfide model compounds

The uranyl ion in aqueous solution, coordinated to water
molecules, di an asymmetric stretchi cy of
~950 m-'M. Fre-
quencies around this value are also found when uranyl is
coordinated to other hard type ligands. When the uranyl ion
is coordinat oxide mineral surfaces. a decrease in the »;
frequency has been observed (HO and MILLER, 1986: this
study). This downward shilt of »y shows that the uranyl moiety
is distorted upon coordination to the surface. Thisisin agree-
ment with solution chemical data which suggests that uranyl
is coordinated as an inner-sphere complex (Hst and LANG-

Table 7
XPS data for pyrite samples; equilibration time 6-8 days

sample/ pH pH U, U‘l‘m FWHM UfFe  S/Fe

run no. initial final mM eV %(atom) %(atom)
powders

20 50 51 020 38L5 25 221 19

23 58 58 020 3818 33 2.51 1.7

2 8.1 63 024 3820* 4.7° 3.32° 24
crystals

24 5.2 52 020 3815 22 2 pX )

25 56 52 " 3818 24 1.83 14

26 6.5 55 " - 3818 1.4 0.57 14

* line shape influcnced by presence of oxidized products (see text)

1 A
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F1G. 10. Narrow scan XPS spectra of pyrite samples exposed to
urany! nitrate solutions. Lower spectrum corresponds to pH = 5.0-
5.1. higher spectrum corresponds t0 pH = 6.5-5.5 (#24 and #26,
Table 6). (a) U4f spectra (not charge shifted); (b) S2p spectra (not
char;e shlﬂed). high amount of polysulfide for upper spectrum. (c)

=shouiders at'~7ll eV and ~724 eV eormspm:d to

;!e. -

MUIR, 1985). If it were coordinated as an outer-sphere com-
plex, we would expect a »; frequency close to the one found
in water, ~950 em™"'.

Coordination by very soft ligands, i.e., those with high
electron donating capacity to uranyl, results in a lowering of
the », frequency (BULLOCK, 1967). Values below 900 cm™'
are commonly fo found. Changes in the oxidation state of U(VT)
strongly affect the IR spectroscopic features of the U-O entity.
The compounds U,0; and anmmmal
oxidation states of uranium, show absorption bands between
~700 and ~900 cm " (SIEGEL and HOEKSTRA, 1971). For
e U,0; has a broad intense band centered around

%3} has been pointed out previously, no isolated
groups exist in these types of compounds (HOEKSTRA

and SIEGEL. 1961). Consequently. their IR spectra cannot be
discussed in terms of pure »,, »,, »; vibrational modes. Instead
the bands in this region are thought to originate from U-O-
U-O-U chains (HOEKSTRA, 1982). Note that although the
position of these bands are rather variable, they always occur
at lower frequency than v, of uranyl adsorbed on oxide min-
erals (Table 8). Uranium oxides where uranium has 3 formal

oxidation state lower than in U;O4 do not show an ds
in the region dr above (HOEKSTRA, 1982).
The IR spectraof t ena and pyrite standard powders

included the starting material for all experimental runs pre-
sented below (Tables 9 and 10), immersed and not immersed
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in deoxygenated water. For all standards, the complete ab-
sence of IR active vibrations in the mid-infrared region was
noted which indicates the absence of S-O species at the sur-
face.

Galena

The IR spectra obtained for galena powders are summa-
rized in Table 9. The IR bands reported occur consistently
at lower wavenumbers than the »; mode of uranyl sorbed on
hematite (Tables 8 and 9). Furthermore, the results in Table
9 and Fig. 11 show that the position of the bands depends
on the amount of urap%igm sorbed to the suifide surface. At
high surface concenttitions, the observed band is shifted by
~30 cm™! with respect to uranyl coordinated to the hematite
surface. At the lowest surface concentration, this band is
shifted as much as 90 cm™'. This shift, which is indicative of
a considerable change in the uranium-oxygen bonding, is
compatible with a partial reduction of U(V1) at the lead sulfide
surface, as outlined above. Although the absorption maxi-
mum is shifted to slightly higher wavenumbers, the IR spec-
trum of the low surface concentration sample is similar to
the spectrum of U;Os. It is therefore tentatively suggested
that this surface phase has a composition similar to U;Os.

Pyrite

The absorption band in the IR spectrum of the uranium
species sorbed on pyrite displays an even more pronounced
shift than was found for the galena samples, compared to the
v, frequency of unreduced uranyl on hematite (Tables 8 and
9). Interestingly, in addition to the main band, a shoulder at
lower wavenumber is observed (Fig. 12). This might suggest
reduction to a lower formal oxidation state on pyrite. Figure
12 also illustrates that an increase in pH results in two distinct
band or groups of bands, one centered around 800 cm™,
thus corresponding to a mixed U(VI)}-U(IV) compound, and
the other centered around 915 cm™', which is in the range
of unreduced uranyl.

DISCUSSION
Redox Process

Under the assumption of a homogeneous distribution of
uranium, both solution and XPS data independently yield
estimates of 1-2 monolayers of uranium coverage in the pH
range of maximum uptake. However, AES/SEM resuits show
that the coverage is actually quite inhomogeneous. In the
case of galena, small discrete uranium oxide needle-like par-

Table 8
FTIR urany! stretching frequency data for some standards

sample exp. conditions v3 (cm-) ref.
U(V1) on Fe,04 U, =0.5 mM 925 this
“ U =01mM 919 this
U(V]) on Fe,04 not specified 910 1
U(V]) in water H,0 (C104) 958-974 2
U0y solid 750 3

References- 1: Ho and Miller (1986) 2: Siegel and Hoekstra (1971) 3:
Hoekstra (1982)

Table 9
FTIR uranyl stretching frequency data for galena and pyrite
samples
sample exp. conditions U, Vi
un no mM cm!
Pbs
4 40 min., cf. Tables 1, 3 0.5 872
8 days, " 0.5 856
1 cf. Tables 1,2, 6 4 893
v 1 870
3 " 02 839
EeS,
23 cf. Tables 1,4,7 0.2 800
22 " 0.2 805, 913

ticles (~50 nm wide) are observed on ‘rough’ surfaces,
whereas the majority of the flat PbS (001) cleavage surfaces

- contains little or no evidence of uranium (i.c., below detection

limits). In the case of pyrite, AES/SEM results give no evi-
dence for the formation of small U-rich particies, but they
also indicate an inhomogeneous distribution of uranium with
enrichment occurring in the oxidized zones of the pyrite sur-
face.

IR data indicate that the asymmetric stretching frequency
of aqueous uranyl, »,, is significantly lowered (by 120-160
cm™!) upon interaction with sulfide surfaces. Based on this
data alone, this could be due to possible U-S bonding which
could account for a significant lowering of the »; frequency
of unreduced uranyl ions, given the soft character of the sul-
fide ligand. This, however, would involve a nearly uniform
distribution of urany]l on the galena surface for these relatively
high concentrations of surface uranium. This can be ruled
out on the basis of the AES/SEM results. Instead, the IR data
support the XPS results which indicate partial reduction of
U(VI) to U(IV) resulting from the formation of a mixed
U(VI)-UV) oxide compound. In fact, overall results of all
the analytical methods applied indicate a similar sorption
process for both sulfides in that (1) both minerals show similar
scavenging capacity for aqueous uranyl, and (2) XPS and IR
data reveal similar results for both galena and pyrite. In both
cases, the core level electrons of uranium and the vibrational
frequencies of the uranyl bond observed are consistent with
a mixed U(VI)-U(IV) oxide compound (Table 10). However,
spectroscopic results also indicate that, in the case of pyrite,
at higher pH conditions (pH > 6.3), an additional U(VI)
component is observed from the analysis of the IR and XPS

Table 10
Comparison between XPS and FTIR data for uranium
oxide compounds. Sulfide samples taken for U, = 0.2 mM.

sample Udfy, A7) ref.
eV cm!

U02+x 3808 - this. 1

U on Fe, 04 3822 919.-925 this

U,04 381.1 700-800 1,2,3

U on PbS 3814 840 this

U on FeS, 381.5 805 this

I: Allen et al. (1974); 2: Chadwick (1973); 3: Siegel and
Hoekstra (1971)
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Wavenumber

FiG. 1. FTIR spectn given as relative intensities in diffuse reflectance mode showing » vibration of uranyl. Upper
spectrum: Uranyl sorbed on hematite. Middle specirum: Uranyl sorbed on galena for U, = 4 mM (#1). Lower spectrum:

Uranyl sorbed on gaiena for U, = 0.2 mM (#3).

spectra. This result is discussed in the section “Effects of pH
in the pyrite system™ below.

Table 10 illustrates that this mixed U(VI)-U(1V) oxide is
compatible with-a U;O¢-type compound. From the XPS/IR
data we cannot unambiguously determine the exact stoichi-
ometry of this uranium oxide. However, from curve fitting
computations of the U4/, line (Fig. 8) an estimate for the
U(VI)/U(IV) ratio can be made. This ratio ranges from 2 to
1.5 which is similar to a U304 stoichiometry (ratio of 2). We
also have performed équilibrium calculations with the
HYDRAQL code (PAPELIS et al., 1988) using the NEA Data-

base for uranium (GRENTHE et al., 1992) to test saturation
conditions of our reacted suspensions with respect to crys-
talline U504, In doing these calculations, we bave assumed
that equilibrium has been reached within 6-9 days resulting
in a total concentration of uranium in the range of | to 3
uM in solution (cf. Fig. 1). We make the further assumptiol

that the E, is fixed by the U(V1)/U(1V) couple in the pH
range of interest (pH 5.5-8). Our resuits indicate supersat-
uration with respect to U;O; by 2-3 orders of magnitude.
Further, the possible effect of particle size on solubility has
been checked by using the relationship between particle size

FeSy

pHS.5

pH 6.5

) B | L D | V1 7 T ¢
W S0 W

L] ‘l T l L) " ¥ l T ‘ Ly
M 7 M 8 @ 1M

Wavenumber

F1G. 12. FTIR spectra given as relative intensities in diffuse reflectance mode of pyrite samples afier exposure to0 0.2
mM uranyl nitrate solutions. Upper spectrum: pH = 5.5; lower spectrum: pH = 6.5.
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and solubility, as given by SCHINDLER (1967). On the basis
of an estimated particle size of 100 nm (as observed frpm
AES/SEM analysis) and an estimated interfacial energy for
U105 of ~200 mJ/m? (SOEHNEL, 1982), an increase of about
one order of magnitude in solubility with respect to crystalline
U, is obtained. These results suggest that our system is not
in equilibrium with crystalline U;0;. This can be explained
either by the fact that sorption equilibrium has not been
reached during the equilibration time of 6-9 days or by ,}he
presence of a metastable, poorly crystalline U(VI)/UQ_V)
phase whose precipitation is kinetically favored over U3Qg.

Broadening of the S2p photolines relative to those ni‘ca-
sured on the unrw surfaces indicates oxidation of both
sulfide surfaces which is concurrent with uranyl uptake.
However, a significant difference between pyrite and galena
is noted with regard to pH. The pyrite system clearly shows
a pH effect on the redox process where increasing pH leads
to enhanced oxidation. For galena, this effect is not observed.

Kinetic Considerations

The sorption kinetics observed for the galena system, as
derived from solution analysis combined with XPS infor-
mation on the corresponding solid phase, yields insight into
processes governing the formation of a uranium oxide pre-
cipitate. The U4/ spectra from the galena, after exposure to
a uranyl nitrate solution for 1 min, 60 min, 50 h, and 9 days
show identical line shapes in spite of increasing percent in
uptake. This indicates that a uranium oxide species in a mixed
oxidation state is formed regardless of equilibration time.

- Consequently, the slow sorption kinetics observed (see above)

are not noticeably affected by the reduction of uranyl.

On the other hand sorption kinetics are significantly af-
fected by the U,.»/S, ratio, where higher ratios yield slower
relative rates for the percent uranium sorbed. Slower kinetics
have been observed for metal sorption to oxide surfaces at
higher sorbate/sorbent ratios before (e.g., DZOMBAK and
MOREL, 1986; EARY and RAl, 1989). DZOMBAK and MOREL
(1986) explained this decrease by the dominance of precip-
itation over adsorption in the sorption process. From this

combined kinetic information we deduce that the observed’

slow sorption process is critically dependent on the sorbate/

sorbent ratio. Our data suggest that adsorption and reduction’

of U(V]) are fast relative to precipitation.

It is interesting to note that oxidation of the PbS surface -

prior to uranyl exposure in one set of experiments (exp. #5,
see Results Section) does not have any significant effect on
the sorption kinetics of uranyl (compare with exp. #4). This
strongly suggests that the rapid dissolution of the oxidized
surface layer does not affect the sorption process which pro-
ceeds at a much lower rate. In effect, the uranyl dominantly
“sees” the freshly generated nonoxidized sulfide surface.
These kinetic effects, which have been discussed for sorbed
uranium concentrations corresponding to U,./S; ratios
ranging from 1-2, are altered at even higher ratios. In these

cases reduction is clearly inhibited during the sorption process’

by the precipitation of U(VI) at the surface.

Effect of Uranyl Concentration in the Galena System

The effect of uranyl concentration in the galena system is
manifested by all analytical techniques. An increase from 0.2

mM to 4 mM uranyl results in a decrease of the sorption
from 99-90% U at constant sorbent surface area. Further-
more, this increase of U, at the surface yields a gradual in-
crease of the U(VI) component, as evidenced by XPS and
IR results. In other words, higher surface loading leads to
higher amounts of unreduced uranyl.

Simuitaneously, the PbS surface is significantly affected by
higher uranium loadings, as indicated by the dissolution of
P(II) from the surface. The enhanced release of Pb(II) at
higher U, is accompanied by a change of the structural en-
vironment of surface Pb(II) which is shown from the broad-
ening of the Pb4/ line and appearance of a second peak shifted
by 1.0 eV to higher binding energies. In addition, the Pb/S
ratio increases from 1 to 1.2. Both results suggest formation
of a S-deficient Pb-O-rich surface layer. In fact, the position
of the second peak of the Pb4f line (data not shown) is in
agreement with the peak measured for Pb({OH), (BUCKLEY
and WoobDs, 1984). Thus, our data suggest the formation of
a hydrous lead oxide phase at high loadings of uranium.
However, the increased Pb(Il) concentrations in solution are
far too low (~ 1000 times) to show equilibrium with a pure
Pb(OH), solid phase. The possibility exists that, for high U,,
a coprecipitation reaction of uranyl and Pb(II) resulting in a
relatively insoluble (Pb-UQ,), (OH), surface compound could
occur.

Analysis of the S2p line indicates polysulfide formation
for all concentrations of sorbed uranium. The increase in U,
has no significant effect on the line shapes. Furthermore, the
occurrence of S-O compounds is not supported by XPS or
by IR analysis. Previous XPS results on galena oxidation in
aqueous solution (BUCKLEY and WOODS, 1984; BRION, 1980)
show agreement with this finding. However, recent work of
Bancroft and coworkers (BANCROFT and HYLAND, 1990;
MYCROFT et al., 1990) involving, e.g., Au(IIl) reduction on
sulfide surfaces, has emphasized the high solubility of sulfates
forming on surfaces. In our system, oxidation of galena to
soluble sulfate would involve the release of Pb?* and the pro-
duction of protons. This is illustrated for neutral solutions
where the dominant hydrolyzed urany! species is a 3:5 com-
plex (GRENTHE et al., 1992), by the following overall redox
reaction:

(UO,);(OH) + PbS(s)
= U;O04(s) + SOZ™ + Pb** + 3H,0 + H*.

Our results do show an enhanced release of Pb?* relative to
PbS reacted only with water, but they do not show a decrease
of pH except for very high U, (as discussed below). To the
contrary, in the case of unbuffered initial conditions, i.e., pH
5.5 and high solid/solution ratio, we noticed an increase in
PH (see Results Section). This suggests a sink for protons
during the redox process. A possibility for this lies in the
formation of soluble polysuifides. According to CHEN and
GuPpTa (1973) and others, the dominant polysulfide in the
neutral pH range is Si™. Hence, this can be illustrated by

3[(UO,);(OH)#] + 4PbS(s) + 3H*
= 3U,04(s) + S5~ + 4Pb** + 9H,0.

In summary, our results for galena indicate oxidation of -
surface S2” to polysulfide upon interaction with uranyl. In




addition. we suggest that direct oxidation to sulfate is of minor
importance compared to soluble polysulfide formation. At
very high U,,/S; ratios (>5), further sorption of uranyl may
result in a coprecipitation reaction which can be schematically
written as

)

(UOy)5(OH)$ + 3Pb** + TH,0 = 3[(UO;. POXOH)] + TH*. ‘

The resuiting release of protons is in fact observed at very
high U,.

Effect of pH in the Pyrite System

.
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The effect of pH on the sorption process is noted for the
pyrite system in contrast tothegalenasystem In the pyrite
system, at lower pH
at the surface to the ones ena.
Thus, the redox process invoives reduction of uranyl giving
rise to 3 mixed U(VI-U(IVY-axide and the axidation of sulfide
to polysulfide. The effect of iron in the redox process in this
lower pH range cannot be unequivocally evaluated from our
data. XPS results show no evidence of Fe(ll)-oxidation.at the -
nw»surfacc. However, Auger spot analysis of a single crystal
surfice does suggest the occurrence of some minor Fe(lll)
(see Results Section). On the other hand, small amounts of
oxidized iron on the initially fractured surface prior to ex-
posure to uranyl could have caused this effect.

. At higher pH, i.e., pH > 6.0, a considerable drop in pH
upon addition of uranyl is noted and a significant change in
3 the reaction products is observed. XPS and AES both point
] 10 an increase in reaction products at the surface of FeS;. Jp
1 fact, increased formation of both polysulfide and Fe(IH) oxide
is indica and Su| ! ition, XPS
3 and FTIR indicat€ a higher U(V1) component compared to
1 lower pH sampiés. -

3 Oxidation of FeS; in neutral to alkaline solution has been
shown to be a rather complicated process that can involve
many elementary reactions depending on a number of vari-
ables (e.g., surface area, pH, concentration of oxidant;
H NORDSTROM, 1982). The identification of the final reaction
products occurring at the solid surface limits the possibilities
for rate-determining redox reactions. Thus, from observed
sulfate formation in solution, implications for the oxidation
of the FeS; surface have been made. From our surface anal-
ysis. however, the near-surface shows a significant amount
of polysulfide composition. This observation is compatible
with the decreased solubility of polysulfides at higher pH
(CHEN and GUPTA, 1973). Since in this work we have not
measured sulfate in solution, no quantitative statement of

.
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pite the uncertainty in the oxidation products of sulfur, ye
the abserved increase of Fe(Ill) at the su pynte with 4
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solubility of Fe(111) oxides with increasing pH. ect
bseTved in a BUMBEr of pyriic oxida

n ol 0 a pyrite oxidation studies (e.g.,
NICHOLSON et al., 1990; BALTRUS and PROCTOR, 1990). The
(\ .k&c:manon of a Fe(lll) oxide at the pyrite surface has also

n shown to strongly affect oxidation rates. In agreement
with the pyrite oxidation model of SINGER and STUMM
{1970a.b), NICHOLSON et al. (1990) observed a significant
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in oxidation rates upon formation of a Fe(IIl) oxide

' also have a significant effect on the redox process resulting
'\in a decrease of reduction of uranyl.

As mentioned above. in the higher pH region, surface ura-

"nium has a higher U(VI)U(IV) ratio compared to lower pH

samples. AES analysis shows that a significant fraction of
uranium is associated with oxidized zones which suggest the
presence of Fe(Ill) oxide precipitates, since they are charac-
terized high iron and oxygen and very low sulfur. IR data
reveal two separate vibrational frequencies for samples ex-
posed to relatively high uranyl concentrations, one corre-
sponding to the uranyl-type species and the other to a UsOy-
like phase. This.combined set of spectroscop:c data sum
thatunmduced uranyl is co lll)

omde surface. This is supported a number of
studies which show a ferric oxide
surfaces. In fact, the uranyl m favonble struc-

tural environment for bmdmg to Fe-OH surface sites (e.g.,
"Ho and MILLER, 1986). On the basis of these considerations,

we suggest that at circumneutral conditions, the interaction
of uranyl with pyrite is strongly influenced. by a.coprecipi-
tation. reaction .of -ferric oxide and uranyl. This, in turn, de-
creases the 1 reducing capacity of the pyrite substrate. Support
for this reasoning is given by field observations which show
intimate association of ferric oxides with uranyl minerals
(WABER, 1991).

Geochemical Implications

Our results show that suifide minerals are efficient scav-
engers of soluble uranyl. In fact, sulfide_surfaces act as re-
ductants resulting in precipitation of msoluble reduced ura-
nium oxide. The extent of this immobilization process in
groundwaters is affected by a number of factors (e.g., presence
of ligands), many of which have not been investigated in this
study. Nevertheless, some implications for groundwaters can
be drawn from our results.

(1) We have not observed com _0f soluble
U(VI) to U(IV) at the sulfide surface, but rather partial re-
duction and precipitation ol an intermediate U{VIFU(IV)
oxide which is Thermodynamically metastable with regard to
crystalline UO, (LANGMUIR, 1978). Similar behavior is ob-
served for many other precipitates formed in [SW-temperature
environments. Thus, iron sulfides. iron oxides. and aluminum
oxides show stable intermediate phases a conversion
ta the thermodynamically stable endoroduct. The importance
of these precursors in modeling of solute transport has been
recently discussed by STEEFEL and VAN CAPPELLEN (1990).
As evidenced from high resolution SEM, the uramum oxide

, the relative importance of oxidized sulfur species can bemade. g€ particles on galena are cxcecdmgx small even in gg case of

high concentrations of uranium present in the system. In a
groundwater system the possible occurrence of such uranium

phases would therefore be difficult to detect by conventional
analytical techniques. A recent field study involving the ura-
nium mobility in the Pogos de Caldas area, Brazil (WABER,
1991) supports the formation of a U0y compound and its
control on uranium solubility.

(2) Pyrite, by far the most common sulfide mineral, shows
a stron . 1 i ing
uranyl. This arises from Fe(IIl) oxide precipitation at the
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layer. In our systemn, the precipitation of a Fe(Ill) oxide could ) r\bw\
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pyrite sugface under peutral-to-alkaline-eondisions: this oxide

is also_anwmmnﬂw this study
and previous However, the sorption of unreduced ura-

nyl, as opposed to reduced uranyl, has consequences in terms

of uranium mobility. Thus, in pH, carbonate,
or E), in a grou und
uranyl to a muc mduced U precipitate
becau! Yo i . ed to
Uvh. Forexample, adeume mpH ofa ywndwaw'would
lead to releas€ © t would not strongly

affect U,O. Furthermor€, the reduction of uranyl at a pyrite-
containing redox front is expected to depend on the ratio of
Fe(111) oxide/pyrite in terms of exposed surface area. Evidence
from field data to support this hypothesis is lacking.

CONCLUSION

The mobility of uranyl is significantly affected by its in-
teraction with sulfide surfaces. The immobilization of soluble
uranium arises from the adsorption of uranyi, reduction of
sorbed uranyl, and precipitation of a mixed U(VI)-U(IV) ox-
ide. The identification of the individual processes important
under natural water conditions is aided by appropriate spec-
troscopic methods. The use of XPS yields insight into the
redox process by its ability to identify the surface reaction
products which are U(VI), U(IV), and polysulfide. FTIR data
support this result by indicating a change of the uranyl en-
vironment consistent with the U,0, structure. AES/SEM
analysis gives direct evidence of a precipitation process by
revealing discrete uranium oxide precipitates on the galena
surface in contrast to a more homogeneous, but patchy pre-
cipitates of uranium on the surface of pyrite.

The reduction of U(VI) is affected at high U, concentra-
tions. Under these conditions, significant amounts of unre-

duced uranyl precipitate on the sulfide surface. Contrary to

the galena data, the pyrite data indicate a strong influence of
pH on the redox process. At pH > 6, pyrite oxidation leads
10 precipitation of Fe(1ll) which in turn results in decreased
reduction of sorbed U(V]).

Relating our results to U-bearing groundwaters. we suggest
that reduction of soluble uranyl at the redox front gives rise
to a poorly crystalline U,O, phase which exerts control on
uranium concentrations under anoxic conditions. This hy-
pothesis is supported by recent field data of the Pogos de
Caldas site investigation (Waber, 1991).
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