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Abstract- Because of their high solubility and reduced interaction with aquifer minerals, radionuclide 

anions (I, 103", SeO 3"2, SeO4 "2, and TcO4 ") are typically identified as potentially significant contributors to 

dose in high-level nuclear waste performance assessments. Adsorption of radionuclide anions on a 

number of mineral surfaces has been studied using a thermodynamically consistent model that couples the 

diffuse layer theory of surface complexation with an aqueous activity coefficient model based on the 

B-dot equation for aqueous speciation calculations. The adsorbents include iron-containing minerals 

(ferrihydrite, goethite, and hematite), silica, 7-alumina, 8-MnO 2, metal sulfides (cinnabar and chalcocite), 

and aluminosilicate minerals (kaolinite, montmorillonite, and bentonite). Binding constants for sorption 

of selected radionuclides on minerals have been determined. For aluminosilicate minerals, the diffuse 

layer model uses the surface species --SiOH and -AIOH, in proportion to the stoichiometric formula of 

the mineral. Comparison between the experimental data and the calculated results shows that the model 

accurately represents radionuclide adsorption data over wide ranges of pH, solid-mass to solution-volume 

ratio (m/V), and radionuclide concentration (CrN). Using binding constants determined from this study, 

radionuclide adsorption has been predicted over extended ranges of system parameters such as pH, m/V, 

and CRN. The surface complexes formed are largely related to the predicted aqueous speciation and the 

surface site distribution, especially when stepwise protonation of the anion occurs under varying pH 

conditions.
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1. INTRODUCTION 

In the geologic disposal of high-level nuclear waste (HLW), migration of radionuclides through 

the geosphere dissolved in groundwater is one of the principal measures of repository performance.  

Radionuclide sorption onto minerals is one type of process that may contribute to the delay of 

radionuclide arrival or reduce groundwater concentrations at a receptor group location, and is of particular 

interest in performance assessment (PA) calculations. Radionuclide sorption is strongly dependent on the 

physicochemical conditions along the groundwater flow path. Understanding radionuclide sorption 

behavior on various minerals is necessary for rationalizing parameter selection in PA and predicting the 

behavior of radionuclides in natural environments.  

A number of studies have provided data on radionuclide sorption over a wide range of chemical 

conditions (e.g. Balistrieri and Chao, 1987, 1990; Balsley et al., 1996; Couture and Seitz, 1983; Ghosh et 

al., 1994; Goldberg and Glaubig, 1988; Ikeda et al., 1994; Kang et al., 1996; Palmer and Meyer, 1981; 

Parida et al., 1997; Saeki et al., 1990; Shade et al., 1984; Kent et al., 1986; Davis and Kent, 1990; 

Dzombak and Morel, 1990; Payne and Waite, 1991; Venkataramani and Gupta, 1991; Bradbury and 

Baeyens, 1993; Turner, 1995; Turner et al., 1996; Turner and Sassman, 1996, Pabalan et al., 1998; Turner 

et al., 1998). These studies provide a strong basis for developing a uniform approach to developing 

detailed geochemical sorption models to support PA calculations.  

Recently, we have interpreted sorption data for radionuclides, selected for their significance in 

high-level nuclear waste (HLW) disposal, using a thermodynamically consistent model that couples the 

diffuse layer theory for surface complexation with an aqueous activity coefficient model based on the 

"B-dot" method of Helgeson (1969) for aqueous speciation calculations (Wang et al., submitted). A 

model has been developed based on the work of Turner and Sassman (1996) on defining the acid-base 

behavior of minerals. In this paper, we report the application of this model to study the sorption of 

radionuclides typically present in groundwater as anions. Negatively charged anions typically interact 

weakly with silicate and oxide minerals; this limited sorption makes many anionic contaminants more 

mobile and of particular concern in transport analyses.
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Iodine, technetium, and selenium are potentially significant contributors to dose in HLW. In 

oxidizing natural waters, these radionuclides exist as anionic species such as F, 103", SeO 3"2, SeO4 "2, and 

TcO4 that can form highly soluble salts that are poorly retarded by geological barriers. Recent PA 

calculations of the proposed HLW repository at Yucca Mountain, Nevada identify 79Se, 99Tc, and 1291 as 

critical radionuclides for repository performance. For a regulatory timeframe of 104 y, 99Tc and 1291 are 

the major contributors to dose (U.S. Department of Energy, 1998; Nuclear Regulatory Commission, 

1999a,b). The sorption behavior of these radionuclides is dependent on geochemical conditions such as 

pH. In addition, the redox conditions of the groundwater system are important; for example, Tc exists in 

a heptavalent (7+) state under nonreducing conditions as the pertechnetate (TcO 4-) anion. Under reducing 

conditions, however, Tc is present in a tetravalent (4+) state, with a lower solubility and stronger sorption 

characteristics (Lieser and Bauscher, 1988; Pabalan et al., inpress). Similar redox dependency has been 

discussed for selenium sorption (Davis et al., 1993).  

Due to its significance as a toxic metal in agricultural and industrial processes, a relatively large 

amount of sorption data has been reported for selenium, while only limited data are available for iodine 

and technetium. The available literature data constitute a sound database for the application of detailed 

models to evaluate the sorption behavior of anionic species in radioactive wastewaters.  

The objectives of this work are: 

(1) to evaluate published data on the sorption behavior of anionic radionuclide species using a 

thermodynamic model based on the diffuse layer theory and aqueous speciation computations; 

(2) to develop consistent model parameters which can either be used to support PA radionuclide transport 

parameters, or in hydrogeochemical surface complexation calculations to account for radionuclide 

sorption; and 

(3) to predict the effect of system chemistry on the sorption of anionic species.  

It is also of interest to compare the results obtained from this study with those obtained for 

radionuclide cation adsorption (Wang et al., submitted), to draw general conclusions with regard to the 

differences and similarities in sorption behavior for different radionuclides.
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2. MODELING OF RADIONUCLIDE ANION ADSORPTION USING SURFACE 

COMPLEXATION MODELING 

2.1. General Description 

For consistency of approach, the surface complexation model (SCM) used in the study of 

radionuclide cation sorption (Wang et al., submitted) has been applied here. The model couples a 

diffuse-layer theory for surface complexation with an aqueous activity coefficient model based on the 

"B-dot" method of Helgeson (1969) for aqueous speciation calculations (Wang et al., submitted).  

Optimal values for surface complex binding constants were determined from published experimental 

sorption data using the general non-linear least squares optimization program, FITEQL version 2.0 

(Westall, 1982a,b), revised to incorporate the B-dot equation for aqueous activity coefficients (Wang et 

al., submitted). As appropriate, the acid-base behavior of minerals has been based on the work of Turner 

and Sassman (1996). Acidity constants for additional minerals not considered by Turner and Sassman 

(1996) (e.g. cinnabar and chalcocite) have been determined using the diffuse-layer model (DLM) with 

published potentiometric titration data. The aqueous speciation equilibrium constants used in the 

chemical model were taken from the DataO.com.V8.R6 file of the EQ3/6 thermodynamic database 

(Wolery, 1992a,b), and are listed in Table 1. Details of the model have been presented in Part I of this 

study in a separate paper (Wang et al., submitted).  

Sorption modeling involves adjusting the binding constants for one or more postulated surface 

reactions to minimize the differences between experimental and calculated values of the sorbed amount of 

radionuclide at each pH, under defined physical and chemical conditions such as ionic strength (1), total 

radionuclide concentration (CRN), solid-mass to solution-volume ratio (m/V), and mineral specific surface 

area (A.,p). Although spectroscopic techniques such as Extended X-Ray Absorption Fine Structure 

(EXAFS) potentially can be used to identify surface species, data are not available on I, Tc, and Se and 

the selection of surface species is based primarily on the analysis of aqueous speciation and the results of 

the sorption data regression.
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2.2. Evaluation of Radionuclide Sorption Data for Modeling 

Selected from a variety of published sources, sorption data for F, 103, Se03 2, Se0 4-2, and TcO 4 " 

that cover a wide range of chemical conditions were used in the modeling. These data were measured 

under specified conditions of pH, I, CRN, m/V, and As,,p. While it is difficult to assess the uncertainties of 

the reported sorption data, the guidelines described by Dzombak and Morel (1990) for error estimates are 

used in the present study in the parameter regression.  

Frequently only one data set is available at a single set of experimental conditions for a given 

radioelement-mineral system, but there are cases where two or more sources are available for a specific 

system. For example, sorption data for selenite on goethite have been reported by Balistrieri and Chao 

(1987), Zhang and Sparks (1990), and Parida et al. (1997). In these cases, each data set has been treated 

separately to determine the optimal binding constants. Generally, binding constants determined from 

multiple data sets are in reasonably good agreement in this study. However, among the three data sources 

for the sorption of selenite on goethite, the data of Parida et al. (1997) show considerably lower sorption 

under conditions comparable to those of Balistrieri and Chao (1987) and of Zhang and Sparks (1990).  

The Parida et al. (1997) data were not considered in the determination of the binding constants for the 

selenium-goethite system.  

Several sets of data for iodine sorption on minerals such as hematite (Couture and Seitz, 1983), 

cinnabar (Balsley et al., 1996; Ikada et al., 1994), and chalcocite (Balsley et al., 1996) are among those 

selected for this study. Couture and Seitz (1983) also measured sorption for iodine on kaolinite, but 

sorption was too low (e.g. <5% for the sorption of I) and the measurements contained too few points to 

constrain modeling parameters. Moreover, observed sorption of iodine on silicate minerals has been 

suggested (e.g. Couture and Seitz, 1983) to be actually due to the sorption by iron oxide or other 

impurities. For this reason, these sorption data for iodine on kaolinite were not analyzed in this study.  

Sorption data were also reported for F on TiO2 by Hakem et al. (1996), but the initial iodide concentration 

was not reported, making it impossible to use these data for developing a geochemical sorption model.
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Sorption data for technetium are relatively few compared with those for the other radionuclides.  

Two data sets found for sorption of TcO4 (Shade et al., 1984; Kang et al., 1996) contain only a few data 

points each. Palmer and Meyer (1981) measured pertechnetate sorption on a number of synthetic 

inorganic materials, including A120 3, as well as on some naturally occurring minerals, under various ionic 

strength conditions. The sorption data were presented in terms of a distribution coefficient (Kd) vs. pH.  

However, the original paper did not indicate the solid concentration (m/V) used in their experiments, 

which makes it impossible to convert Kd to the amount of sorbed pertechnetate which would then be used 

in the modeling. Therefore, the data of Palmer and Meter (1981) were not analyzed in this study.  

2.3. Determination of Acidity Constants for Metal Sulfide Minerals 

Metal sulfides have been recognized as important adsorbents in nature. Although iron sulfides 

are the most abundant metal sulfides in the earth's crust, their relatively high solubility compared to other 

metal sulfides, and the formation of a series of metastable iron sulfide species (Anderko and Shuler, 

1997), have made it difficult to characterize and identify the chemical species at their surfaces. The 

surface charge development at metal sulfide surfaces can be ascribed to multiple functional groups, such 

as the thiol group (-SH) and the metal hydroxide group (--Me-OH). The extreme insolubility of cinnabar 

(HgS) and chalcocite (Cu2S) make them good model surfaces for iron sulfides. The study of adsorption 

of radionuclides on these metal sulfides may provide valuable information for the characterization and 

identification of surface species that may form on iron sulfides.  

SCM approaches have been generally used in the literature to model adsorption on hydrous oxide 

minerals (Davis and Kent, 1990; Dzombak and Morel, 1990). For modeling sorption of radionuclides on 

cinnabar and chalcocite, surface acidity constants for these two sulfides are needed. Using the 

potentiometric titration data of Balsley et al. (1996), DLM surface acidity constants for these two sulfides 

were determined using FITEQL (Figure 1). Cinnabar and chalcocite exhibit negative surface charge in 

the pH ranges of the potentiometric measurements (pH < 9) (Balsley et al., 1996). Thus, only the 

deprotonation constants, K, were obtained. The values of these constants, together with their standard
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deviations, are given in Table 2. It should be noted that in addition to thiol groups, hydroxyl groups may 

also exist at the hydroxylated surface sites and contribute to the surface charge. However, hydroxylated 

Cu(I) and Hg(II) only deprotonate in solution at very alkaline pH (Baes and Mesmer, 1976). The 

deprotonation of thiol groups may outweigh that of the hydroxylated sites under common groundwater 

pH conditions. The deprotonation constants obtained from our DLM approach perhaps reflect primarily 

the deprotonation of thiol groups on the metal sulfide surfaces. Deprotonation constants for cinnabar and 

chalcocite, together with aqueous reaction equilibrium constants, were used to determine binding 

constants for iodide on these two metal sulfides.  

3. RESULTS AND DISCUSSION 

3.1. Representation of Experimental Data 

The binding constants determined in this study for I, Se, and Tc are given in Tables 2-4. Listed in 

these tables are also surface complexation reactions corresponding to the equilibrium binding constants, 

and the intrinsic surface acidity constants used in the model. Standard deviations (oa) calculated by 

FITEQL for binding constants are also given.  

In the case of multiple data sets, binding constants were first determined for each individual data 

sets. The best estimates were then determined by a weighted average of the optimum log K determined 

from each individual data set, as discussed by Dzombak and Morel (1990). The standard deviation of the 

averaged log K was assigned to be equal to the largest o-from the individual data regressions. While 

binding constants determined from multiple data sets are in reasonably good agreement with each other in 

most cases in this study, there are cases where inconsistency exists among data sets from different 

authors. For example, binding constants determined from the data of Balistrieri and Chao [log 

K(-XOH 2-HSeO 3°)= 18.83 (u=0.298) and log K(--XOH-HSeO 3-)= 12.99 (a=0.068)] give excellent 

representation of experimental results at various selenite and solid concentrations. The same binding 

constants predict sorption that is about 10-15% lower than the experimental data of Zhang and Sparks
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(1990). When determined using the Zhang and Sparks (1990) data, these binding constants are 

significantly higher [log K(=XOH2-HSeO3
0)=19.99 (a=0.392) and log K(=XOH-HSeO3)=14.35 

(Y=0.152)]. The difference in log K values determined from the two data sets may arise from sources of 

error in the two measurements due to the different experimental techniques. Binding constants 

determined from the Balistrieri and Chao data are given in Table 3.  

Figures 2-14 compare the experimental and calculated sorption results for F, 103, SeO 3z, SeO 4
2 , 

and TcO4 ". All of the lines in these figures were calculated based on the binding constants obtained from 

the present study as listed in Tables 2-4. The agreement between the experimental and calculated 

sorption results is good in general.  

The strength of the present DLM for predicting the effect of changing system chemistry on 

anionic radionuclide sorption behavior has been demonstrated in Figs. 2, 5-7, 9 and 10, where a set of 

binding constants can accurately represent sorption results under varying geochemical conditions (I, m/V, 

and CRN).  

3.2. pH 

The trend of sorption with changing pH for anion adsorption is clearly shown, i.e., anion sorption 

decreases with increasing pH. This trend is consistent with that of the formation of protonated surface 

site, --XOH 2+ (Wang et al., submitted) at low pH, and increasing deprotonation with increasing pH. It is 

also consistent with anion sorption behavior analyzed in Dzombak and Morel (1990). This indicates that 

in addition to the chemical bonding, electrostatic interactions between the anions and the protonated 

mineral surface play an important role in the adsorption process.  

3.3. Effects of Aqueous Speciation on Adsorption 

Assuming a single surface complex typically results in a poor model fit to the observed data.  

Inclusion of multiple surface complexes in the model can usually give the best fit of the anion sorption
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data. The complexes formed on the mineral surfaces are expected to be different at different pH values 

due to changes in aqueous speciation. This effect is most significant for the sorption of SeO3
2 which has 

large association constants for the formation of HSeO 3 (log KI1=7.3) and H2SeO 3 (log K&2=9.9). The 

result of the speciation analysis in aqueous selenite solution is shown in Fig. 15. Protonation of SeO 4-2 to 

form HSeO 4 (log K,1=1.9) may also affect the sorption of selenate in acidic solutions (pH<3).  

Protonation of pertechnetate, iodide, and iodate is negligible [e.g. log K0(HTcO 4) _ -9 and log K0(HI0 3) = 

0.5], and the primary aqueous species are F, 103-, and TcO4 in their corresponding solutions.  

Surface complexation reactions that involve different numbers of protons can be included in the 

model to adjust the pH dependencies of the predicted sorption curves and improve the model results. This 

is especially the case when stepwise protonation occurs under varying pH conditions, e.g., in the case of 

selenite. The appropriate selection of surface complexes is crucial to the success of the model in 

representing sorption results. Including multiple surface complexes (>3) can improve the quality of the 

prediction when sorption results are presented over a wide pH range extending to highly acidic (pH-1) 

and alkaline (pH-13) conditions. This is demonstrated for the sorption of selenate on y-A120 3 (Fig. 8) 

and selenite on kaolinite and montmorillonite (Figs. 11 and 12), where 3, 4 and 6 surface complexes have 

been included, respectively. Direct information (EXAFS) is not available on surface complexes for the 

radionuclide-mineral systems studied here, and the exact form of the surface reaction is postulated to 

obtain the best fit to the data. Combined analysis of sorption behavior, aqueous speciation, and surface 

site distribution can assist in the selection of surface complexes. For example, the increase of SeO3"2 

sorption with pH in acidic solutions (pH<5) on kaolinite and montmorillonite (Figs. 11 and 12) 

(Goldberg and Glaubig, 1988) follows the trend for the formation of HSeO3 in this pH range, as shown in 

the speciation diagram for Se(IV) (Fig. 15). Analysis of mineral surface site distribution (Wang et al., 

submitted) suggests that aluminosilicate surface sites are protonated in the same pH range to form a 

positively charged site, =XOH 2÷. Thus, surface complexes of the type =XOH2-HSeO3° have been 

included in the model, and the sorption data have been well represented at the low pH range.
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Contribution to the total amount of adsorption from the formation of each surface complex was localized 

in a relatively small pH range.  

A positive correlation is obtained between the calculated binding constants for the sorption of 

radionuclide cations and the hydrolysis constants; larger hydrolysis constants result in an increase in the 

estimated binding constants (Wang et al., submitted). A similar trend is also noted in the radionuclide 

anion sorption. Figure 16 shows an increase in binding constants with increasing first protonation 

constants of the adsorbing divalent anions, A2 (where A=SeO4 and SeO3 in this study). This suggests that 

anions prone to protonation would also associate with surface sites to form surface complexes. It is not 

surprising that the logarithms of binding constants decrease (become less positive or more negative) with 

increasing negative charge on the postulated surface complexes. Such a trend is also noted by Dzombak 

and Morel (1990) for selenite and selenate and other divalent anions. Binding constants obtained from 

this study are consistent with the trend obtained by Dzombak and Morel (1990), also using DLM, for the 

divalent anion, as shown in Fig. 16 for surface complexes of the types --XOH-A-2 and -XOH-HA'. Due 

to the limited number of data available for the radionuclide univalent anions (103, F, and TcO 4 ) and 

negligible protonation associated with these anions, it difficult to perform the correlation on these anions.  

3.4. Radionuclide Concentration 

The effect of Cmv on sorption is shown in Fig. 7(a) for SeO 3"2 sorption on goethite and in Fig. 9 

for the sorption of selenite on y-A120 3. When the calculated total surface site concentration, TxOH, is of 

the same order of magnitude as the radionuclide concentration, CRN has a large observable effect on the 

adsorption. For example, for the adsorption of selenite on goethite (Fig. 7(a)) (Balistrieri and Chao, 

1987), the TxOH value is 5.64x10-6 mole sites/L, as calculated based on A.,.=49 m2/g, m/V=0.03 g/L and 

the assumed value of site density, N, (2.3 lx 1018 sites/m 2) (Turner and Sassman, 1996). The CRN values 

for the three sets of sorption data are 6.5x10 7 M, 2.83x106 M, and 5.34x10 6 M. Increased Cmv results in 

reduced adsorption of selenite on goethite. Alternatively, if the total surface site concentration TxoH is far
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in excess of CRN, the effect of CRN on the sorption is negligible. This is shown in Fig. 9 for the sorption of 

selenite on 'y-A120 3 (Ghosh et al., 1994) where the TxoH value is 5.98x10 3 while the CRv values are from 

5.7x10-6 to 1.33x10-4 M. The sorption curves for the four data sets are identical.  

Effects of CpR on sorption behavior can also be predicted using parameters determined in this 

study. For example, using parameters in Table 3, the sorption of Se(IV) as SeO 3
2 on goethite is 

calculated as a function of the total selenite concentration at various pH values and is shown in Fig. 17.  

This figure shows a reduction in adsorption with increasing radionuclide concentration, i.e., the same 

trend that has been predicted for radionuclide cation adsorption (Wang et al., submitted). In contrast to 

radionuclide cations for which the adsorption is more affected by Clv at higher pH, the effect of CRN on 

the anion adsorption is more significant at lower pH.  

Decreased adsorption with increasing CRv is attributed to a reduction in the number of open 

sorption sites to levels insufficient for sorbing radionuclides as these sites are filled. When the total 

concentration of available sorption sites is far in excess of the radionuclide concentration, this effect is 

negligible. Part of this insensitivity is due to the assumption of a single site type in contrast to the strong 

site/weak site approach of Dzombak and Morel (1990).  

In HLW repository systems, concentrations for cationic radionuclides may be dilute (U.S.  

Department of Energy, 1998; Nuclear Regulatory Commission, 1999a,b). Depending on the number of 

sorption sites available along the flowpath, CR may have little effect on the radionuclide adsorption in 

these systems. Anionic radionuclides, however, have a much higher solubility (U.S. Department of 

Energy, 1998; Nuclear Regulatory Commission, 1999a,b), and may be comparable to TxOH, and the 

effects of available sorption sites may be more significant.  

3.5. Solid-Mass to Solution Volume Ratio 

For a specific mineral, the amount (percent) of adsorbed radionuclide increases as m/V becomes 

larger. This is demonstrated in Figs. 5 and 6 (selenate and selenite on ferrihydrite), Fig. 7(b) (selenite on 

goethite), and Fig. 10 (selenite on 8-MnO 2). This trend is reasonable because the value of m/V is directly
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proportional to the total available sorption sites. The greater the number of available sites, the more 

effective the solid will be in adsorbing the trace concentration of radionuclides.  

Using the parameters determined in this study, the present DLM predicts a sorption edge as a 

function of m/V (Fig. 18). As pH increases, the sorption edge shifts to higher m/V values for the sorption 

of anionic species. It has been predicted that this sorption edge shifts to lower m/Vvalues for the sorption 

of cationic species, such as NpO 2+ (Wang et al., submitted). Pabalan et al. (1998) have noted that when 

the sorption data are normalized to m/V and presented in terms of a distribution coefficient, Kd, sorption 

becomes relatively insensitive to the change in solid concentration. This was also seen in our study for 

modeling sorption of radionuclide cations (Wang et al., submitted). In the present study, the Kd values for 

the sorption of selenite on goethite are predicted to be insensitive to the change in m/V above neutral pH, 

but an increase of Kd with m/V becomes obvious at each lower pH where it appears to approach a stable 

value, as shown in Fig. 19. As m/V increases, the total concentration of available sorption sites, TxoH, 

increases. When m/V is small and the TxOH values are of the same order of magnitude as the total 

radionuclide concentration (6.5x10-7 M for the case shown in Fig. 19), the greater m/V(or TxoH) makes 

the solid more effective in adsorbing the radionuclide, resulting in increased Kd. As m/V increases and 

TxOH becomes far in excess of the radionuclide concentration (e.g., TxoH>lO"5 mole sites/L), the increased 

m/V has little influence on the sorption. A similar "threshold" effect has also been noted for cation 

sorption by Pabalan et al. (1993). The greater sensitivity of the anion adsorption at lower pH to changing 

m/V is consistent with the result obtained for the effect of CRN on the anion sorption, as described in the 

previous section. The predicted insensitivity of the cation [e.g., Np(V)] sorption to m/V in our recent 

study (Fig. 18 in Wang et al., submitted) is due to the extremely small concentration of radionuclide 

(5.5x10 1 4 M) compared to the total concentration of available sorption sites, which ranges from 10-8 to 

10-4 mole sites/L, and is far beyond the threshold value of the m/V. For PA, even though m/V values are 

not known with precision in a radionuclide repository system, the concept of a threshold value may be 

useful to constrain sorption in applying SCM approaches to field transport calculations. In the saturated 

zone, values of m/V are expected to be large in rock-dominated systems to yield TxOH values that are far
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greater than the trace amount of radionuclides. The rn/Vmay have little effect on Kd values in such 

systems. In the unsaturated zone, however, wetting may be incomplete, reducing contact with the aquifer 

minerals (e.g., reducing TxoH). Under these conditions, m/V may be more pronounced.  

3.6. Valence States 

For the radionuclides present in nuclear waste such as Np, Tc, Pu, and U, it has been found 

(Meyer et al., 1985) that the formation of lower valence states could significantly increase the 

retardation/adsorption of the nuclide by the host rock. Shown in Fig. 20 is the sorption of Se on 

ferrihydrite (Balistrieri and Chao, 1990). It is seen that the lower valence states [Se(IV)] adsorb more 

strongly than the higher valence states [Se(VI)] (Davis et al., 1993). Similar behavior is also observed for 

the sorption of Se(IV) and Se(VI) on y-A120 3 (Figs. 8 and 9) (Ghosh et al., 1994). More importantly, 

reducing conditions for Tc can result in changing of speciation from TcO 4 to TcO÷2 (anionic to cationic 

form) which can have a significant enhancing effect on Tc-sorption (Lieser and Bauscher, 1988; Pabalan, 

et al., in press). Moderately reducing conditions have been observed in saturated zone groundwaters near 

Yucca Mountain (Ogard and Kerrisk, 1984; U.S. Department of Energy, 1999), but no data are available 

on Tc(IV) sorption to allow model calculation.  

3.7. Dependence of Binding Constants on Surface Acidity Constants and Aqueous Thermodynamic 

Data 

As described in a previous paper (Wang et al., submitted), DLM parameters obtained in this work 

are dependent on the data used in constructing the geochemical equilibrium model for the optimization 

runs. If acidity constants or aqueous thermodynamic parameters are modified, the radionuclide binding 

constants must be reevaluated. For example, in the analysis of the results for selenite adsorption on 

anatase (TiO2) (Gruebel et al., 1995), it was found that the use of DLM intrinsic acidity constants for 

anatase (log K+=5.37 and log K_=-5.92), as determined by Turner and Sassman (1996), could not obtain a 

satisfactory fit to the experimental results. Instead, when intrinsic acidity constants for rutile (TiO 2)
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(logK+=4.23 and logK_=-7.49) were used in the model, the fit was excellent for data measured at two 

different selenite concentrations. The pH corresponding to the zero point of charge, pHzpc, for anatase is 

6.1 (Sprycha, 1984), while the relationship 

pHzpc = (log K+ - log K.)12 (1) 

predicts a much lower value of pHzpc (-5.6) based on Turner and Sassman's values for anatase. Sprycha 

(1984) obtained log K, and log K_ values in the vicinity of 3.1 and -8.9, respectively; and Gruebel et al.  

(1995) determined these values to be 3.6 and -7.6. It is clear that the intrinsic acidity constants for anatase 

are largely uncertain, and it is reasonable to use an average of values reported by different authors before 

the uncertainty is resolved. The results of the modeling for the sorption of SeO3"2 on anatase are shown in 

Fig. 21. Radionuclide binding constants determined from this study will be recalculated when the 

existing acidity constants are modified by incorporating new potentiometric titration data. Likewise, any 

significant changes in the aqueous thermodynamic data will require a re-calculation of the necessary 

parameters.  

4. IMPLICATION OF THE MODELING RESULTS FOR PERFORMANCE ASSESSMENT 

Anionic radionuclides are potentially important contributors to dose in HLW PA calculations.  

Anion sorption may reduce radionuclide concentrations and delay arrival times at the point of exposure.  

Because anion sorption behavior is strongly dependent on geochemical conditions along groundwater 

flow paths, detailed process-level models can provide a level of understanding that is necessary to support 

transport simulations in PA.  

The success of the DLM in predicting the experimental sorption results suggests that it may be 

possible to use the simple conceptual models developed in this study to extrapolate to a variety of 

chemical conditions from a relatively limited data set. This is in contrast to typical empirical approaches, 

where the lack of a strong theoretical basis frequently makes extrapolation beyond experimental 

conditions uncertain. The DLM may be used to support Kd selection for HLW PA under site-specific 

hydrochemical conditions (e.g., Turner and Pabalan, 1999). Where detailed information is not available,
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it may also be possible to use the modeling approach outlined here to provide bounding constraints on 

radionuclide anion sorption. While this is not an explicit incorporation of geochemistry in the transport 

calculations, it does provide a step toward a more sound theoretical basis for sorption modeling in HLW 

performance assessment.  
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FIGURE CAPTIONS 

Figure 1. Potentiometric titration of (a) cinnabar and (b) chalcocite. The lines are calculated using 

parameters listed in Table 2 and experimental data are from Balsley et al. (1996) (mlV=50g/L, A,,,=1.99 

m2/g for cinnabar and Ap=1. 11 m2/g for chalcocite, I=0.00 1 M NaCI).
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Figure 2. Sorption of Ion cinnabar. Experimental data are from Balsley et al. (1996) (A, ASP=1.99 m2/g, 

m/V=1.Og/L, [I]=lxl0-5 M, and ionic strength = 0.01 M NaCI) and Ikada et al. (1994) (0, A.,V=1.99 m2/g, 

m/V=10 g/L, [I-]=Ix10- 6 M, ionic strength = 0.0003 M). SCM fits to the data of Balsley et al. (1996) 

(dashed line) and Ikada et al. (1994) (solid line) are calculated using the parameters listed in Table 2.  

Surface complexes included in the model are =HgSH-I and -HgSH 2-I°.  

Figure 3. Sorption of ron chalcocite. Experimental data are from Balsley et al. (1996) (A.T= 1.11 m2/g; 

[I-]total=Ix 10-5 M; m/V=1.0 g/L; I=0.01 M NaC1) and the solid line is calculated using parameters listed in 

Table 2. Surface complexes included in the model are -CuSH-I and -CuSH 2-I0. Dashed lines represent 

contributions from the formation of various surface complexes to the total amount of adsorption.  

Figure 4. Sorption ofIO3 on hematite. Experimental data are from Couture and Seitz (1983) (Apv=10 

m2/g; [103"]total=1.2x10-3 M; m/V=58.31 g/L; I=0.1 12 M) and the lines are calculated using parameters 

listed in Table 2. Surface complexes included in the model are =-FeOH-IO 3- and -FeOH 2-IO3
0. Dashed 

lines represent contributions from the formation of various surface complexes to the total amount of 

adsorption.  

Figure 5. Sorption of selenate on ferrihydrite. The lines are calculated using parameters listed in Tables 

1 and 3. Experimental data are from Balistrieri and Chao (1990) (Asp=600 m2/g; [Se(VI)]totai=6.7x10-7 M; 

I=0.1 M KC1): 0, m/V=0.0264 g/L; A, mlV=0.264 g/L. Surface complexes included in the model are 

-FeO-HSeO 4
2 and (=FeOH 2)2-SeO 4°.  

Figure 6. Sorption of selenite on ferrihydrite. The lines are calculated using parameters listed in Tables 

I and 3. Experimental data are from Balistrieri and Chao (1990) (A.,P=600 m2/g; [Se(IV)]total=6.8x10-7 M;
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I=0.1 M KCl): 0, m/V=O.0264 g/L; A, m/V=0.264 g/L. Surface complexes included in the model are 

(-FeOH2)2-SeO 3
0 and (-=FeO) 2-SeO3.  

Figure 7. Sorption of selenite on goethite. The lines are calculated using parameters listed in Tables 1 

and 3. Surface complexes included in the model are -FeOH 2-HSeO3
0 and -FeOH-HSeO 3-. Experimental 

data are from Balistrieri and Chao (1987) (A,,p=49 m2/g; I=0.1 M KC1). (a) m/V=0.03 g/L; 1', [SeO3 2]totai= 

6.5x1 0-7 M (solid line); 0, [SeO3"2]total = 2.83xl 0-6 M (dash-dot line); A, [Se03 2]total = 5.34x10-6 M 

(dashed line). (b) [Se03-2]total = 6.5xi0 7 M; 0, m/V=O.03 g/L (solid line); 0, m/V=0.006 g/L (dashed line); 

A, m/V=O.003 g/L (dotted line).  

Figure 8. Sorption of selenate on y-A120 3. The lines are calculated using parameters listed in Tables 1 

and 3. Experimental data are from Ghosh et al. (1994) (A.TP=250 m2/g; m/V=1.0 g/L; [Se04-2]tota[ = 

1.42xl 04 M; I=0.1 M NaCl). Surface complexes included in the model are (-AIO)2-SeO 4"4, 

-A1OH 2-SeO 4 , and -A1OHz-H 2 SeO4+. Dashed lines represent contributions from the formation of 

various surface complexes to the total amount of adsorption.  

Figure 9. Sorption of selenite on y'-A120 3. The lines are calculated using parameters listed in Tables 1 

and 3. Experimental data are from Ghosh et al. (1994) (A4=250 m2/g; m/V=6.24 g/L; I=0.1 M NaCI). 0, 

[SeO3"2]total=5.x10 6 M; ", [SeO3 2]tota= 2.74x10- M; 0, [SeO3-2 ]total= 5.2x10-5 M; A, [Se03"2]totaI= 

1.33x10-4 M. Surface complexes included in the model are (=AIO) 2-SeO3"4 and =AIO-HseO3"2. Dashed 

lines represent contributions from the formation of various surface complexes to the total amount of 

adsorption.
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Figure 10. Sorption of selenite on 8-MnO 2. The lines are calculated using parameters listed in Tables 1 

and 3. Surface complexes included in the model are =MnOH 2-SeO 3- and -MnO-HSeO 3"2. Experimental 

data are from: (i) Balistrieri and Chao (1990) (A.,P=290 m2/g, [SeO 3"2]total = 6.5x10"7 M, 1=0.1 M KC1). 10, 

m/V=0.03 g/L (solid line); A, m/V=0.3 g/L (dotted line); (ii) Saeki et al. (1995) (A.P=10.2 m2/g, 

[Se03-2]total = 1.0x0-6 M, I=0.1 M NaCl). 0, m/V=3.33 g/L (dashed line).  

Figure 11. Sorption of selenite on kaolinite. The lines are calculated using parameters listed in Tables 1 

and 3. Experimental data are from Goldberg and Glaubig (1988) (A,,=20.5 m2/g; m/V=40 g/L; 

[Se0 3
2]total=.9xl 0 M; 1=0.1 M NaCI). Surface complexes included in the model are -AIOH2-HSeO 3°, 

-SiOH 2-HSeO3°, -SiO-HSeO3" 2, and -A1O-SeO 3"3. Dashed lines represent contributions from the 

formation of various surface complexes to the total amount of adsorption.  

Figure 12. Sorption of selenite on montmorillonite. The lines are calculated using parameters listed in 

Tables 1 and 3. Experimental data are from Goldberg and Glaubig (1988) (A.P=18.6 m2/g; m/V=40 g/L; 

[Se03-2]total= 1.9x 10- 5 M; I=0.1 M NaCI). Surface complexes included in the model are -AIOH 2-HSeO 3
0, 

=SiOH2-HSeO3°, =AIO-HSeO32, -SiO-HSeO3
2, =AIO-SeO3

3, and (=-A1) 2 -SeO3 4. Dashed lines 

represent contributions from the formation of various surface complexes to the total amount of 

adsorption.  

Figure 13. Sorption of pertechnetate on Mg/Al layered double hydroxide (Mg2AI20 9). The line is 

calculated using parameters listed in Table 4. Surface complexes included in the model are -=AIOH-TcO 4 

and =AlOH2-TcO4. Experimental data are from Kang et al. (1996) (Asp=70 m2/g; m/V=0.59 g/L; 

[TcO4"]total=1.4x10- 5 M; I=0.01 M). Dashed lines represent contributions from various surface complexes 

to the total amount of adsorption.
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Figure 14. Sorption of pertechnetate on bentonite. The lines are calculated using parameters listed in 

Table 4. Surface complexes included in the model are =AIO-TcO 4"2 and -SiO-TcO 4-2. Experimental data 

are from Shade et al. (1984) (A.VP= 10 m2/g; m/V=0.0682 g/L; [TcO4"]total=4.2xl0"14 M; I=0.0 1 M). Dashed 

lines represent contributions from various surface complexes to the total amount of adsorption.  

Figure 15. Distribution of Se(IV). Lines are calculated based on thermodynamic data given in Table 1.  

Figure 16. Plot of the binding constants, log K, vs. first protonation constants, log Ku,, for divalent 

anions. Open symbols are from this study, solid symbols are taken from Dzombak and Morel (1990).  

Figure 17. Sorption of Se(IV) on goethite as a function of total selenite concentration at various pH 

(A~p=49 m2/g; m/V=0.03 g/L, 1=0.1 M KC1). All lines are calculated using parameters in Table 3.  

Figure 18. Sorption of selenite on ferrihydrite as a function of W/V at various pH (A.,p=600 m2/g; 

[SeO3-2]tota'=6.8x1 0-7 M; 1=0.1 M KCI). All lines are calculated using parameters in Table 3.  

Figure 19. Plot of Kd vs. m/V for the sorption of selenite on goethite (A.S,=49 m2/g; ([Se03"2]total=6.5x 10-7 

M; I=0.1 M KCI). The lines are calculated based on parameters in Table 3.  

Figure 20. Sorption of Se(IV) and Se(VI) on ferrihydrite. Experimental data are from Balistrieri and 

Chao (1990) (A.-P=600 m2/g; m/V=0.0264 g/L; [Se]totar=6.7x10- 7 M; I=0.1 M KC1). The lines are 

calculated using parameters given in Table 3.  

Figure 21. Sorption of selenite on anatase (TiO 2). The lines are calculated using parameters listed in 

Table 1 and 3. Experimental data are from Gruebel et al. (1995) (A4,=8.6 m2/g; m/V=10 g/L; 1=0.01 M
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NaC1): 0, [SeO 3-2 ]totai = 1.25xl 04 M (solid line); A, [SeO3-2]tota, =2.5x10-5 M (dashed line). Surface 

complexes included in the model are =TiO-HSeO 3"2 and -TiOH-HSeO3.
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Table 1. Aqueous Reactions Associated with Iodate, Se(VI), and Se(IV) 
and Their Equilibrium Constants at 25°Ca 

Aqueous Reactions log K 

103- + H+ = H10 3
0  0.49 

SeO4-2 + H+ = HSeO4" 1.91 

SeO 3-
2 + H+ = HSeO3- 7.29 

SeO 3"
2 + 2H+ = H2SeO 3

0  9.86 

aEquilibrium constants were based on thermodynamic data from 

Data0.com.V8.R6 file of the EQ3/6 database (Wolery, 1992a, 1992b).



Table 2. Summary of Parameters Used for the Determination of Binding Constants for the Sorption of I and 103" on Various Mineralsa 

Radionuclide/Solid AP, m2/g m/V, g/L CN, M I, M log K, log K. log KIb log K2b ref.  

IO3"/Hematite (a-Fe 20 3) 10 58.31 1.2x10"3  0.112c 7.35d -9.17d 2.00 (0.04) 8.43 (0.09) Courture and Seitz, 1983 
IF/Cinnabar (HgS) 1.99 1.0 l.Oxl05- 0.01 (NaCI) n.c.0  -7.27 (0.06)' 6.86 (0.06) 9.05 (0.11) Balsley et al., 1996 
I'/Chalcocite (Cu2S) 1.11 1.0 1.0xl0"5  0.01 (NaCI) n.c.' -6.95 (0.03)r 7.58 (0.05) 11.73 (0.14) Balsley et al., 1996 

aA site density of 2.31 sites/nm2 (from Dzombak and Morel, 1990) was assigned to all minerals.  

bBinding constants K, and K2 correspond to the following surface reactions: 

-XPH° + A-z = =-XPH-Az (K1) 
=-XPH0 + A- '+ H+= •-XPH 2-AXý' (K2) 

where A` = Ir or 103"; P=O for hematite and P=S for cinnabar and chalcocite. Values in the parenthesis are the standard deviations of the binding constants.  
00.1 M NaC10 4 + 0.011 M NaHCO3 + 0.0012 M K10 3.  
d Acidity constants from Turner and Sassman (1996).  
'Not considered.  
fLog K_ values determined in this study. The value in the parenthesis is the standard deviation of log K..



Table 3. Summary of Parameters Used for the Determination of Binding Constants for the Sorption of Se on Various Mineralsa 

Radionuclide/Solid Asm 2/g m/VgIL CXR, M I, M log KVb log K. log K,' log K2' log K3' log KV log K5' log K6' log K7' ref.  

SeO4-2/Ferrihydrite 600 0.0264,0.264 6.7x10-7  0.1 (KCI) 7.29 -8.93 0.65 (0.04) - 19.46 (0.10) - Balistrieri & Chao, 1990 

SeO3-2/Ferrihydrite 600 0.0264,0.264 6.8x10-7  0.1 (KCI) 7.29 -8.93 26.06 (1.17) -6.96 (0.64) Balistrieri &Chao, 1990 

SeO 3"2/Goethite 49 0.03 2.83x106 0.1 (KCI) 7.35 -9.17 12.99 (0.07) 18.83 (0.30) - - Balistrieri & Chao, 1987 

SeO 4-
2/Y-AI20 3  250 1.0 1.42x104 0.1 (NaCl) 6.85 -9.05 6.70 (0.15) - 16.72 (1.00) -9.32 (0.09) Ghosh etal., 1994 

SeO 3"2/y-AI20 3  250 6.24 2.74x10"5  0.1 (NaCI) 6.85 -9.05 4.74 (0.10) - - - -3.70 (0.09) Ghosh etal., 1994 

SeO3 2/8-MnO 2  290 0.03,0.3 6.5x10 7  0.1 (KCI) - -3.27 12.20 (0.05) 16.89 (0.66) - - - Balistrieri & Chao, 1990 

SeO 3"2/Anatase 8.6 10 1.25x10 4,2.5x10 5 0.01 (NaCI) 4 .2 3d -7.49d 7.44 (0.04) 11.78 (0.47) - Gruebel etal., 1995 

SeO32/Kaolinite' 20.5 40 1.9x10 5  0.1 (NaCI) 8.33 -9.73 - - 16.84 (0.08) -3.80 (0.50) - Goldberg & Glaubig, 1988 
- -7.20 2.37 (0.17) - 12.54 (0.08) -

SeO32/Montmorillonite' 18.6 40 1. 9x10 5  0.1 (NaCI) 8.33 -9.73 2.65 (0.12) - 16.51 (0.07) -4.35 (0.09) -8.80 (0.05) Goldberg & Glaubig, 1988 
- -7.20 1.50 (0.30) - 12.20 (0.09) -

'A site density of 2.31 sites/nm 2 (from Dzombak and Morel, 1990) was assigned to all minerals.  

b Acidity constants from Turner and Sassman (1996).  

'Binding constants K, through K7 correspond to the following surface reactions: 
--XOH0 + A' = --XOH-A' (Ki) 

=-XOH + A- + WT= mXOH2 -A-"'l (K2) 
-XOH0 + A: + 2I-= -XOH 2-HANz+ 2  

(K3) 
--XOH° + A-z + 3HI= =-XOH 2-H2AN3  

(K 4) 

=-XOH0 + A-'= =-XO-A~z' + H+ (Ks) 
2(-XOH6 ) + A-z + 2H+ = (-XOH 2)2-A -+2  (K6) 
2(-XOH°) + Az = (-XO) 2-Az 2 + 2H+ (K7) 

where A` = SeO; 2 or SeO4"2. Values in the parenthesis are the standard deviations of the binding constants.  
d Acidity constants for rutile (Turner and Sassman, 1996) are used. See text in section 4.7.  
d Log K values in the first line for the aluminosilicate minerals are for aluminol-radionuclide surface complexes, those in the second line are for silanol-radionuclide surface complexes.



Table 4. Summary of Parameters Used for the Determination of Binding Constants for the Sorption of TcO 4- on Mineralsa 

Solid Asp,m 2/g mnV,g/L CN, M 1, M log K.b log K.b log KI' log K2c log K3' ref.  

Mg6A1209d 70 0.59 1.4x10"5  0.01 6.85 -9.05 5.97 (0.61) 15.33 (0.23) - Kang etal., 1996 
Bentonite' 10 0.0682 4.2xI0' 4  0.01 8.33 -9.73 - -1.70 (0.08) Shade et al., 1984 

- -7.20 -3.50 (0.35) 

'A site density of 2.31 sites/nm2 (from Dzombak and Morel, 1990) was assigned to all minerals.  
b Acidity constants from Turner and Sassman (1996).  
'Binding constants K, through K3 correspond to the following surface reactions: 

=XOH° + TcO4 XOH-TcO4  (Kl) 
-=XOH0 + TcO; + HW = -=XOH2-TcO 4

0  (K2) 
--XOH° + TcO 4 = =-XO-TcO 4"2 

+ W (K3) 
Values in the parenthesis are the standard deviations of the binding constants.  

C 0.1 M NaC1O 4 + 0.011 M NaHCO3 + 0.0012 M KIO 3.  d Mg/Al Layered double hydroxide.  
'Log K values in the first line for bentonite are for aluminol-radionuclide surface species, those in the second line are for silanol-radionuclide surface species.


